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Editorial on the Research Topic 


Cleaning litter by developing and applying innovative methods in European seas





Introduction

In recent years, the issue of marine pollution due to plastic litter has gained significant attention, leading the European Union to allocate fund for a project within the Horizon 2020 framework known as “Cleaning Litter by developing and Applying Innovative Methods in European seas” (CLAIM; Grant Agreement number: 774586, under Topic BG-07-2017, which focuses on “Blue green innovation for clean coasts and seas”). Over the duration of 54 months from November 2017 to April 2022, CLAIM brought together a consortium of 21 partners from 13 European Union countries, together with Tunisia and Lebanon. The Hellenic Centre for Marine Research (Institute of Oceanography) served as the coordinating entity.

The primary objective of the CLAIM project was to explore and devise innovative, cost-effective and energy-efficient methods to mitigate plastic waste in the Mediterranean and Baltic Seas. Additionally, the project aimed to develop strategies to capture and degrade microplastics before they enter the sea, with a particular focus on river estuaries and wastewater treatment plants (WWTPs).

CLAIM used several enabling technologies to achieve its objectives, including a floating boom/barrier system (CLEAN TRASH1, with Technology Readiness Level (TRL 9) that operates in river mouths and waterways, a small-scale thermal treatment device (pyrolizer) for use in vessels and ports (TRL 7), a low-cost, automated, self-cleaning filtering system (Waste & Water EcoPlex Microplastic Remover® (ECOPLEX)- TRL 8) to trap microplastics in WWTPs, a photocatalytic nanocoating device (Photocatalytic Reactor)2 to further degrade microplastics using sunlight (TRL 6), and a seawater sampling device and passive flow-through filtering system (CLAIM Ferrybox3 (FB) system) to provide information about marine microlitter distribution while operating on board ships of opportunity (TRL 9).

To better govern the complexity of marine litter, CLAIM adopted a multidisciplinary approach, and created, among others, plastics concentration maps and new distribution and assessment models to improve our understanding and insights into the spatial dispersion of macro- and microplastics, as well as scenarios to determine the efficiency of CLAIM’s technologies. By forecasting potential environmental impacts, we are able to take certain mitigation measures. The project has also produced policy briefs with recommendations for the EU on the most promising policies to achieve its marine litter objectives, among others based on extensive key informant interviews with various stakeholders (Frantzi et al., 2021), including start-ups and emerging sustainable business models in industries related to marine plastics cleanup and processing (Dijkstra et al., 2020; Dijkstra et al., 2021; Dijkstra et al., 2022).

To determine the best way of implementing CLAIM technologies for reducing macro- and microplastics, a MCDA (multiple-criteria decision analysis) framework was proposed. An international survey of existing marine litter cleanup technologies resulted in an integrated assessment and prioritization of plastic cleanup technologies, including some of the CLAIM technologies, based on a cost-effectiveness and multi-criteria analysis (Brouwer et al., 2023). The project also assessed risks of innovation and business models to understand the implications of designing a business model for the CLAIM devices specifically, the exploitation of the CLAIM research and development results, and to provide insights on the uptake and upscaling of the new technologies. Additionally, different consumer profiles were developed based on a large-scale European survey of public perceptions of and attitudes to marine plastics pollution, and willingness to pay to implement measures to prevent and remove plastic pollution from European seas (Khedr et al., 2023; Van Oosterhout et al., 2023). Besides the articles included in this Research Topic, a wide variety of additional papers were published in other high-impact journals.





Integration and impact of the results and findings

This work describes the outcomes of the scientific research conducted within the CLAIM project, focusing on the Mediterranean and Baltic Seas. The articles included in the Research Topic provide an in-depth presentation of the research work in these regions.

In the Eastern Mediterranean Sea, over the period 2014-2020, 84 samples were collected from open waters, coastal waters, and enclosed gulfs to investigate the distribution patterns and sources of microplastic pollution. The study by Adamopoulou et al. revealed a high degree of variability in microplastic concentrations, with sea surface slicks found to be a crucial factor in their distribution. The majority of microplastics were fragmented and 2mm or smaller in size, with polyethylene, polypropylene, and polystyrene being the most abundant types of polymers. The proximity to coastal population centers influenced the properties, size, and polymer types of microplastics. The results suggested that local oceanographic conditions significantly affect microplastics concentrations, posing risks to sensitive habitats. The study provides insights into a better interpretation of floating microplastics data from systematic monitoring activities.

To track the pathways and fate of plastics from major land-based sources in the Mediterranean, Tsiaras et al. used a hydrodynamic/particle drift model, considering different size classes/types of micro- and macroplastics. The model incorporated processes such as advection, stokes drift, mixing, sinking, wind drag, and beaching, as well as biofouling-induced sinking as a possible mechanism of microplastics removal from the surface. The results of an 8-year simulation identified potential accumulation patterns of micro and macroplastics in the surface layer, water column, seafloor and beaches. The near-surface distribution of micro- and macroplastics were closely related to their sources  (i.e., rivers and WWTPs for the micro- and rivers and coastal cities for the macroplastics), with microplastics being more abundant near metropolitan cities and heavily populated areas, while macroplastics were more abundant near important riverine inputs and highly populated coastal areas. The study’s sensitivity experiments showed that vertical mixing had the most effect on smaller size particles, biofouling/sinking decreased the abundance of microplastics in the surface layer, and wind/wave drift had a stronger effect on larger size classes that are more prone to direct drift and beaching. The distribution of macroplastics on beaches follows the predominant wind/wave direction, showing higher concentrations in some areas along the Algerian and Eastern Levantine coasts.

Ben Ismail et al. investigated microplastic pollution in the Gulf of Gabes in the Southern Mediterranean Sea, an area of high ecological value but poorly studied. The researchers found high levels of microplastics in surface water samples, with seasonal variability, but low frequencies of plastic ingestion by marine species. The study expands our understanding of the pollution levels of microplastics in the Gulf of Gabes, and the results confirm the ubiquitous nature of microplastics in the marine environment, highlighting the need for further and long-term investigations. With the severe anthropogenic pressure existing in the area, future work is recommended to define plastic pollution levels in the area and its reliable threat to marine ecosystems, which are essential to set effective management measures to face this emerging global threat.

The study conducted by Tsiaras et al. aimed to investigate the properties and abundance of microplastics in sea surface water samples collected from four coastal areas in the Mediterranean Sea, namely Saronikos Gulf, Ligurian Sea, Gulf of Lion and Gabes Gulf. Two sampling campaigns were conducted throughout 2018-2019 and used coupled hydrodynamic/particle drift model simulations with basin-scale Mediterranean and high-resolution nested models to better understand the variability of microplastics in the four areas.

The model simulations considered different size classes of microplastics and took into account biofouling-induced sinking as a possible mechanism of microplastics removal from the surface. The model simulations provided insights into the key processes controlling the microplastics distribution in the marine environment, including the impact of waves drift and advection of microplastics from non-local sources. Additionally, it was found that smaller size classes of microplastics were more likely to sink near source inputs in coastal areas, while larger (floating) microplastics were able to travel longer distances in the open sea.

The study found that the Mediterranean Sea is a hotspot for the contamination of microplastics, which is consistent with previous studies. The Gabes Gulf showed the highest mean microplastics abundance, followed by the Ligurian Sea, Saronikos Gulf and Gulf of Lion. The variability in microplastics abundance and size distribution were reasonably well-reproduced by the model simulations in the four different areas, except for an overestimation of small-sized microplastics in Saronikos Gulf. It was also found that the contribution of microplastics inflowing from remote areas was particularly high in Gabes Gulf, suggesting that most microplastics originate from offshore areas and are mainly (floating) larger size classes, as suggested by the quite small contribution of size <1mm particles.

Overall, the modeling tools proposed provide useful insight to gain a better understanding of microplastics dynamics in the marine environment and assess the current status of plastic pollution on a basin and regional scale. The study’s findings can be used to develop environmental management action for the mitigation of plastic pollution in the Mediterranean Sea.

The pollution of micro- and macro-plastics is increasingly becoming a threat to marine biodiversity, ecosystem functioning, and human well-being. To explore this issue in marine protected areas (MPAs), numerical models have been developed that take into account the sources of plastics and simulate their dispersal characteristics (Hatzonikolakis et al.). In the latter study, a Lagrangian plastic drift model was used to predict plastic accumulation zones in protected areas of the Mediterranean Sea. The model considered various sizes and types of plastic litter originating from major land-based sources, such as coastal cities and rivers. The results showed that the size of plastic litters plays a crucial role in their dispersion and ultimate destination, with larger litter traveling longer distances. The study revealed that most of the Mediterranean countries studied (13 out of 15) had at least one national MPA with over 55% of macroplastics originating from sources beyond their borders. This finding suggests that local efforts to reduce plastic pollution in protected areas would be insufficient, particularly for macroplastics management. Therefore, transboundary collaboration among Mediterranean countries is critical for the successful implementation of management plans against plastic pollution in their territorial waters and specifically in MPAs.

Mishra et al. presented a sea surface microplastics monitoring in the eastern Baltic Sea from 2016 to 2020 using a Manta trawl at 16 sampling stations, and investigated the statistical pattern of the microplastics. The study found that the concentrations varied from 0.01 to 2.45 counts/m3 with a mean of 0.49 counts/m3. The share of fragments and fibers in the samples was approximately equal. Higher mean values were observed in the Baltic Proper and the Gulf of Finland, while lower values were found in the Gulf of Riga and Väinameri Archipelago Sea. The difference in values between the sub-basins can be explained by the degree of human pressure in the catchment areas. Microplastics concentrations were higher in autumn than in summer due to the seasonality of biofouling and sinking rate of particles. The wind speed had a weak negative correlation with microplastics concentration in the central Gulf of Finland and a positive correlation in the shallow area near the Pärnu river mouth. Upwellings and downwellings, wind mixing, and (sub)mesoscale processes affected the variability of microplastics concentrations. The authors concluded that further studies are needed to improve the understanding of microplastics pathways and fluxes.

The increasing concern over marine plastic pollution’s impact on marine ecosystems and wildlife underscores the importance of understanding the sources, sinks, and pathways of land-based plastic pollution for effective marine conservation. In Murawski et al. study, a three-dimensional model was developed to simulate the transport and accumulation of microplastics in the Baltic Sea. The model accounted for wave- and current-induced transport, biofouling, sinking, and sedimentation processes. Using a multi-year simulation of microplastic pollution from 2014-2019, the model was tested and compared with observations. The simulation considered three types of microplastics: small-sized tire wear particles, medium-sized and large-sized particles from WWTPs. The results showed that the model successfully reproduced the seasonal and spatial patterns of observed microplastic pollution but encountered difficulty simulating very high concentrations associated with flooding and sub-mesoscale transport. The study concludes that the model can be a useful tool for assessing microplastic transport and accumulation patterns in the Baltic Sea, and further improvements in resolution and synoptic source information are needed to capture the variability of microplastic concentrations accurately.

Frishfelds et al. used a two-way nested three-dimensional model to track the transport of microplastics from rivers and lakes to coastal waters and the open sea, with a model resolution of 90 m to resolve inland waters. The model was verified with observations in the Gulf of Riga and a backtracking algorithm was developed to determine the most likely source of pollutants. It was found that the concentration of microplastics decreased as the drift time from the Daugava estuary increased, and that river retention of microplastics improved the correlation with experimental data in the Gulf of Riga. The study emphasizes the importance of Lagrangian drift assessments as a large portion of microplastics are released in sewer overflow events in wastewater treatment plants with a considerable concentration of microfilms.

Data uncertainties in marine microplastic measurements have been a big issue when using different microplastic datasets for model validation. They were examined in She et al. study, including sampling and analysis errors, mesh sizes, and consistency in multiple observation datasets. There were analyzed 27 datasets on surface marine microplastics with particle size >100 µm in the Baltic Sea. Results showed spatiotemporal sampling errors of 25% for microlitter concentration, 36% for microplastic fiber concentrations, and 40-56% for microplastic particle concentration. It is discussed the impact of surface currents and wave-induced Stokes drift on sample volume estimation and datasets identified with significant differences in microplastics due to analysis methods and sampling techniques. Consistency within individual datasets and between different datasets was also examined.

Plastic degradation processes were studied prior to the assembly of the cleaning devices, as plastic products pose a significant threat to the environment and biota despite their low cost, durability, and resistance to degradation (Hamd et al.). In the review, the use of advanced oxidation processes (AOPs) is discussed, specifically photocatalysis and Fenton processes are effective in breaking down microplastics, with TiO2 and ZnO nanoparticles being commonly used as photocatalysts. Characterization of microplastics can be done through various techniques, including gel permeation chromatography (GPC), nuclear magnetic resonance (NMR), scanning electron microscopy (SEM) and Fourier transformation infrared (FTIR) spectroscopy. Photocatalytic reactors have been studied at a pilot plant scale, and the use of compound parabolic collector (CPC) technology turned out to be most suited for scaling beyond.

Furthermore, a study by Piazza et al. utilized the photo-Fenton process to remove microplastics from water, achieving high degradation efficiency of polypropylene and polyvinyl chloride microplastics, and evaluated potential risks to the ecosystem. Ecotoxicological experiments on aquatic organisms showed no toxic effect from the degradation by-products, indicating the process is a viable method for removing microplastics from water sources. This process has promising implications for large-scale WWTPs to sustainably remove microplastics before they are discharged into the environment.

The CLAIM project resulted in the development of two systems, the ECOPLEX filtering system for WWTPs and the CLEAN TRASH system in river estuaries, to address the issue of marine pollution mainly caused by plastic litter. As discussed in Gkanasos et al., the ECOPLEX filtering system reduces the number of large microplastics of various types before entering the photodegradation system, with an efficiency rate of 96.67% in lab tests. Meanwhile, the CLEAN TRASH system uses floating barriers to prevent macroplastics from entering the sea, and it was found to be 90% efficient at blocking macroplastics. Numerical models showed that the implementation of these systems in all rivers and WWTPs in Athens, Greece, for a period of two years, could reduce the concentration of plastics in the sea by reducing macroplastics by 13-43.5% and microplastics by 87%. In certain areas with high importance for marine life conservation, tourism, and aquaculture activities, the reduction was even more significant. However, the efficiency of these systems in real conditions could be limited by weather conditions, river water outflow, and bulky litter carried away, requiring constant online monitoring to maintain their effectiveness. Further development and testing are needed to improve the efficiency rates and address any design failures that may arise during long-term application. Overall, the CLAIM project’s devices show significant potential to contribute to a plastic-free sea.

The management of marine litter cleanup and disposal is becoming increasingly important due to heightened public scrutiny, government regulation, and stakeholder initiatives. As Christensen et al. discuss, limited financial and economic resources necessitate a scientific framework that integrates multiple perspectives to optimize decision-making and consider the effects of investments. This framework must account for physics, environmental engineering, science, and economics and incorporate input from marine litter transport modelling, ecosystem functioning, and cleanup technology effectiveness. To address these challenges, the authors propose a spatial cost-benefit optimization framework that prioritizes limited cleanup efforts within a regional spatial network of marine litter sources. Using real data for litter transport and cleanup technology, they illustrate this framework in case studies of the Baltic and Mediterranean Seas. The framework allows for systematic extensions, with different objective functions and solutions based on cost minimization and benefit maximization. The study demonstrates that including litter transport simulation is essential to maximize ecosystem benefits in marine litter cleanup.

Van Oosterhout et al. examined public perceptions of marine plastic litter (MPL) across eight European countries and sea regions. They identified and classified relevant components of public perceptions of MPL, including observation, perceived consequences and concern, and knowledge and responsibility. The results show high levels of concern about MPL throughout the EU, and the general public held companies and themselves as consumers most responsible for cleaning up MPL. The study also found that this sense of self-responsibility to reduce MPL varied considerably within and across countries. Based on these findings, the study suggests that decision-makers should tailor national strategies to educate the public and increase awareness to minimize plastic consumption and littering.

The EU Marine Strategy Framework Directive requires the quantification of non-market benefits of marine litter reduction in monetary terms for cost-benefit analysis. However, the available evidence is insufficient to derive country-wide policy implications for the evaluations required by the Directive, as Stoever et al. discuss. Only seven out of 22 reviewed studies provide information for eight EU Member States, and quantitative evidence on the societal benefits of micro litter is lacking. Benefit estimates from non-EU countries can inform specific benefits for a subgroup of users, but to comprehensively assess the societal benefits of reducing marine litter, future research should consider the values non-users attach to such reductions, account for interdependencies between individual indicators of marine litter reduction and explore co-benefits for other descriptors.

Nguyen and Brouwer explore the impact of marine litter on a fishery economy and propose a dynamic optimization model to demonstrate how it causes inefficiencies in this sector. The study finds that neglecting the marine litter externality leads to increased fish harvest and further ocean deterioration. To address this issue, they suggest a “fishing-for-litter” market, where marine litter can be traded, and fishermen are incentivized to recover and repurpose plastic waste. This approach can effectively tackle the global marine litter problem while promoting a more sustainable and efficient fishery sector. The authors acknowledge that the specific utility function employed in the study might have constrained the obtained results. They propose the exploration of alternative models in subsequent research endeavors, which could potentially encompass the incorporation of the costs incurred from damage caused by marine litter on catch rates.

Cunha et al. employed a Delphi method to identify the most important factors to consider when evaluating new technologies for reducing and processing marine litter. Plastic pollution in the oceans is a global issue, and the use of appropriate technologies is essential to reverse the current trend. The study provides guidelines for future work in the field by proposing a comprehensive list of statements that characterize various aspects, including environmental, economic, socio-economic, political, and technical operations. Respondents from 22 countries, including administrations, marinas, ports, associations, companies, universities, and research centers, participated in the survey. The results revealed that environmental issues are the most important for all types of stakeholders, and technical operation is highly valuable for companies, universities, and research centers. The study concludes by acknowledging that the results depend on the thresholds used for statistical analysis, and the need for more research in this emerging field.

In their systematic review, Santos et al. analyzed 20 studies that utilized multicriteria decision analysis (MCDA) to address plastic waste management. The primary objective of MCDA was to identify the most appropriate end-of-life disposal option for plastic waste, including recycling, incineration, or landfilling, in order to prevent the contamination of marine environments. The authors observed that different MCDA methods were used, with the Analytical Hierarchy Process (AHP) being the most frequently employed. The criteria weighting was primarily done by consulting experts or decision-makers, with little involvement from affected communities or other stakeholders.

Overall, the authors found MCDA to be an effective approach for evaluating alternatives that encompassed environmental, socioeconomic, and operational factors. They also highlighted its transparency and potential for stakeholder engagement. Nonetheless, the authors noted that MCDA can be constrained by the availability of data and resources for implementation, as well as the changing perspectives of experts and stakeholders. In most instances, the authors were able to determine a winning alternative, which occasionally involved a combination of various strategies.





Conclusions

The CLAIM project has been a ground-breaking multidisciplinary initiative, bringing together expertise from different fields and countries, developing and demonstrating a range of cutting-edge tools and technologies aimed at enhancing our understanding of the dispersion of plastics in the marine environment, and help us more effectively retain plastic waste at its main entry sources (river estuaries and wastewater treatment plants), thus minimizing the amount of plastic pollution that makes its way into our oceans.

One of the most important achievements of the project was the development of technologies that are now available for immediate installation and replicability all over the world. These technologies have the potential to significantly improve our ability to manage plastic waste, not just in the Mediterranean and Baltic Seas, but in oceans and waterways worldwide.

The CLAIM project has also highlighted the critical need for transboundary cooperation in addressing plastic pollution in MPAs. The research has shown that plastic pollution in a country’s MPAs may originate from sources beyond its national jurisdiction. Therefore, effective management of plastic pollution within Mediterranean MPAs requires collaboration not just among EU Member States, as specified by the Marine Strategy Framework Directive 2008/56/EC, but also beyond EU borders. By leveraging the tools and technologies developed by the CLAIM project and working together across borders, we can begin to make meaningful progress in tackling this urgent environmental issue.

Ecosystem services are crucial for sustaining human well-being and our society heavily relies on the functioning of healthy ecosystems. Understanding the value of these services is crucial for making informed decisions about resource management and ensuring that the benefits provided by nature are not lost. To achieve this, various methods and technologies have been developed to mitigate potential environmental impacts, including forecasting models and scenario analysis. These tools help to identify potential threats and take appropriate actions to preserve ecosystem functioning and services.

Through the development and application of innovative methods and technologies, we have focused on managing the growing problem of macro and microplastics in the marine environment. By demonstrating the effectiveness of these technologies and sharing the results of simulation models, we aim to foster the protection of ecosystems and promote conservation efforts sustainably for future generations.

Committed to disseminate information about these efforts to a wide range of stakeholders, including young children, mature stakeholders, and decision-makers, and engaging with these groups, we hope to inspire a sense of responsibility and promote conservation efforts at all levels of society. Our ultimate objective is to influence policy-making processes and advocate for sustainable practices, working towards a future where ecosystem services are cherished and safeguarded for generations to come. In line with our commitment to maintain a strong connection between CLAIM and society for the preservation of healthy ecosystems, we have established a spin-off company called MINDS (Marine INnovations, Depollution & Services) that aims to effectively utilize the research results and expertise generated within the CLAIM project. Its focus is on developing and implementing comprehensive solutions for the protection of aquatic ecosystems, including both marine and inland waters, with a particular emphasis on combating pollution, especially plastics (macro & micro).
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Footnotes

1CLAIM’s Litter Entrapping Autonomous Network Tactical Recovery Accumulation System Hellas

2https://doi.org/10.1016/j.jhazmat.2020.124299; https://www.mdpi.com/2073-4344/9/10/819#; https://doi.org/10.1007/s10311-019-00859-z

3The Ferrybox is a system of integrated hydrological and biogeochemical sensors installed on ships of opportunity (like ferries on fixed routes between Piraeus - Heraklion, Tunis-Marseilles, Tunis-Genoa and Tallinn – Helsinki) that measure parameters while the boat is underway. In these existing Ferrybox facilities, CLAIM added a seawater sampling device and passive flow-through filtering system to assist the collection of data on the distribution of microplastics and understand their impact on marine ecosystems.
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The benefits of marine litter reduction to society, which are mostly non-market ones, need to be valued and quantified in monetary terms to be included in cost benefit analyses required by the EU Marine Strategy Framework Directive. This article investigates the extent to which these benefits can be derived from existing studies. We review the available empirical evidence and analyze its key characteristics based on descriptive statistics. Comparing the availability of estimates with the requirements for the EU Member States, we find a striking mismatch between the data available and the information required, which cannot be alleviated by benefit transfer. This finding is valid for both, ex-ante and ex-post, evaluation attempts. We conclude that the evidence available at present is too patchy to derive country-wide policy implications to the extent necessary to comprehensively conduct the evaluations required by the Directive.
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INTRODUCTION

Marine litter, defined as any persistent, manufactured or processed solid material discarded, disposed of or abandoned in the marine and coastal environment, is a serious threat to the marine environment and human-well-being (e.g., Cheshire et al., 2009). This has led to a number of initiatives on various levels, most prominently on the level of the European Union (EU). In 2008, the EU adopted the Marine Strategy Framework Directive (MSFD)1. The MSFD requires EU Member States to develop and implement marine strategies containing so-called programmes of measures to protect and preserve the marine environment. Marine litter is one of the eleven descriptors listed in Annex I of the MSFD. For marine litter, the good environmental status (GES) that needs to be achieved or maintained by 2020 has been defined as “properties and quantities of marine litter [that] do not cause harm to the coastal and marine environment”2. This definition includes both micro and macro litter3. However, the European Commission acknowledges that there are no agreed-upon baselines or thresholds for either macro or micro litter, which makes monitoring the progress toward GES difficult4.

In addition to that, measures to achieve the GES need to be assessed by examining their cost-effectiveness and by carrying out cost-benefit analyses (CBA)5. This information is a pre-requisite for the ex-ante decision whether to implement policies for marine litter reduction. Additionally, results of valuation studies can be used for an ex-post evaluation of measures already in place. While the costs of measures might be relatively easy to determine, for example in terms of forgone revenues, quantifying the associated benefits is more challenging. Challenges arise for example as the change in the marine biosphere (less marine litter) leads to changes in the ecosystems' provision of goods and services, which, in turn, affect humans. Further, the benefits, which are mostly non-market, need to be valued and quantified in monetary terms to conduct a CBA6. Furthermore, the results of any environmental valuation are context-dependent. As original research on the monetary benefits of specific measures is often time-consuming and costly, benefit transfer approaches can be used instead (Bateman et al., 2002). Benefit transfer consists of an analysis of information provided by a single valuation study or a group of studies from the existing literature to value similar goods and services in another context. There is, however, a large literature discussing the validity of environmental benefits transfer [such as Kaul et al. (2013)]. Various sources of errors exist that might affect the accuracy of transfers. Among these is the generalization error that occurs when there is little correspondence between the study site and the policy site e.g., in terms of geographical proximity.

In this paper, we investigate the extent to which the benefits of marine litter reduction can be derived from existing valuation studies to inform policy-decision making. The valuation studies examine how people's preferences are affected when there is a marginal change in the provision of a particular ecosystem good or service. They focus on the maximum a household would be willing to pay for an improvement in environmental conditions7. Importantly, exercises in environmental valuation do neither aim at valuing entire ecosystems nor do they produce measures of total economic value. Rather, they attempt to estimate the value of a change in the provision of its goods and services, incorporating as many components of value as possible (Bateman et al., 2011).

In our investigation, we proceed in two steps. First, we review the current literature that addresses the societal benefits of reducing marine litter, limiting the scope of articles to those that provide quantitative assessments using environmental valuation techniques. This implies that values can be assigned to ecosystem services only insofar as they fulfill human needs or bring about satisfaction for humans and thus contribute directly or indirectly to human well-being. All studies in the sample use non-market valuation techniques to estimate benefits either using stated or revealed preference approaches8. We compare these studies, which all focus on marine litter and include plastic litter, in terms of their key characteristics. A particular focus of our analysis is on the willingness to pay (WTP) estimates.

Second, we combine the empirical evidence on the benefits of measures with the programmes of measures by the EU Member States. Using information on the European Commission's assessment of programmes of measures9, we highlight the focus of the Member States in terms of marine litter, in particular plastic litter, reduction. Based on this, we discuss the extent to which results of the valuation studies are able to inform policy.

The remainder of the paper is structured as follows: the next section provides a literature review of the valuation studies describing their similarities and differences. This is followed by a discussion of the valuation studies' results focusing on the benefits of marine litter reduction. The subsequent section combines the empirical evidence with the Member State's programmes of measures to discuss ex-ante and ex-post evaluation options. The final section concludes.



EMPIRICAL EVIDENCE

A list of potentially relevant studies was collected from the following computerized bibliographic databases (a) EconLit; (b) Web of Science Core; (c) Google Scholar; (d) National Ocean Economics Program; (e) Environmental Valuation Reference Inventory, and (f) Beneficial Use Values Database, since these databases provided the most relevant results during an initial explorative search phase10. We complemented the database search by examining the bibliographies of the relevant studies to find additional literature relevant to the review.

Using the search terms “beach litter”, “marine litter”, “willingness to pay”, and “beach cleanliness” yielded over 30,000 studies, reports and other types of publications. After removing duplicates, we further narrowed down the results based on titles only. Of this reduced sample, we started a content-related evaluation based on the documents' abstracts. In the subsequent step, we excluded studies without any relevance to benefits of marine macro or micro litter removal or to improvement in the marine environment due to their removal from further analysis. The remaining studies were then assessed for eligibility on full texts, restricting our sample to studies that contain WTP estimates for marine litter control/removal. We, therefore, excluded studies that do not report WTP values from the review for a lack of comparability with the rest of the available studies [such studies are Morgan (1999), Ballance et al. (2000), Alves et al. (2014), and Krelling et al. (2017)]. We also excluded studies that investigate respondents' WTP for the removal of marine litter types other than the typical land and sea-based litter (plastics, butts, bottles, cans, bags, etc.). For example, we excluded the study by Zhai and Suzuki (2008), which investigates the benefits of removing garbage oil on the sea surface and sand beach from the review for being not comparable to other studies. We arrived at a sample of 22 publications included in the review (Table 1). See Figure A.1 in the Appendix for a detailed PRISMA statement.


Table 1. Main characteristics of studies included in the review.
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The earliest study in our sample dates back to 1997 (Smith et al., 1997) and uses data sampled in 1992 in the USA. Subsequently, four studies were conducted around the start of the millennium and published11 between 1999 and 2008. Starting in 2012, the number of studies per year began to increase, with four studies having been published in 2013 and seven in 2018 alone. Since the specific year of publication may cluster to a certain effect randomly, looking at the year when the studies' data were collected adds some information about the robustness of this finding. Indeed, the survey year is more evenly distributed between the years with at least one study conducted per year since 2009 (except for 2012). This supports the observation that the empirical evidence has been gathered and published predominantly during the past decade (2009–2020).

Looking at the geographical coverage (Figure 1), the majority of studies focuses on sites in Europe (9) and Asia (7). Fewer studies are available for North America and the Carribean (5) South America (1) and Australia (1). The European studies cover sites in ten different countries and were published between 2002 and 2020. The Asian studies consist of a group of four studies in Turkey and a second group of more recent studies conducted in East and South East Asia, namely in South Korea, Pakistan, and China. Somewhat surprisingly, only two studies provide data for sites in the US. Overall, while many of the earlier studies focus on countries in Europe and Turkey, there is a broader coverage of countries and continents in recent years.
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FIGURE 1. Geographical Coverage: Number of studies, by continent. Many studies include several sites, but all of them are located on the same continent. The only exception is Blakemore et al. (2002), which includes study sites in both Europe (Malta, Romania) and Asia (Turkey). It was therefore assigned to both continents. All study sites in Turkey are located on the Asian continent and have been included accordingly.


Turning to the location of litter that studies have considered, most studies focus solely on beach litter (12) or cover litter on beaches plus its surroundings (4). Three studies consider litter at the coast or in an archipelago area and explicitly include litter from boats. The remaining two studies focus on litter in the ocean (Choi and Lee, 2018) or in a river (Hanley et al., 2006)12.

The studies in the sample also vary by the type of (plastic) litter they cover. Most of the studies focus on macro litter (16). Four of these studies explicitly mention macro plastics, for the others (12) we inferred from the study's description that the litter considered most likely includes macro plastics. The number of studies addressing micro litter is much lower. This is as expected as studies on the negative effect of micro litter are much more recent. Two studies capture both micro and macro litter, including macro and micro plastics, and one study investigates solely micro plastics (Choi and Lee, 2018). In the remaining three studies, the type of litter is not further specified.



WILLINGNESS TO PAY FOR MARINE LITTER REDUCTION

Studies reviewed differ in terms of the method used to elicit WTP (Table 1). The majority of studies used either a choice experiment (CE) or a contingent valuation (CV) design to elicit people's WTP for the removal of marine litter (12 and 11, respectively). Two of them use a combination of the two methods (Loomis and Santiago, 2013; Shen et al., 2019). Only one study in our sample applies the travel cost (TC) approach (Leggett et al., 2018).

The TC approach captures direct utility values based on revealed preferences, while the CV and the CE are able to cover use values as well as non-use values and are based on stated preferences (see Appendix A.3 in the Appendix for an overview of the different approaches in the marine context). Each of the valuation methods in our sample has characteristic advantages and disadvantages and may only be appropriate for valuing specific ecosystem goods and services13.

Turning to the number of WTP estimates, these vary between one and 54 per study with a median of six estimates per study. Figure 2 displays the total number of WTP estimates in our sample by valuation method. While the number of studies using either a CE or a CV design is almost the same, the total number of estimates for CV is much larger than for CE (123 and 85, respectively). This difference is mostly caused by one CV study providing 54 WTP estimates (Blakemore et al., 2002).


[image: Figure 2]
FIGURE 2. Total number of WTP estimates, by method.


The studies' sampling strategies vary (for details see Table A.2 in the Appendix) with eight studies conducting on-site sampling, i.e., at beaches or nearby, and eleven studies using off-site sampling methods, i.e., approaching respondents at home (9) or at airports (2). The remaining three studies do not state where they collected their data. The earliest studies in our sample that collected their data online were the ones that took place in Sweden in 2009 (Östberg et al., 2012, 2013).

When classifying studies according to the type of respondent, 13 studies include only users in their sample. Few of these distinguish between visitors and residents in their analysis. The remaining nine studies include users as well as non-users. This group consists of the five online studies and five offline studies. The decision to include or exclude non-users reflects the geographical focus of a study's research question. The majority of studies focuses on beach recreation for specific locations and hence focuses on users. Studies that include non-users are typically much broader in geographical scope. The study sites of Östberg et al. (2013) or Abate et al. (2020), for example, cover hundreds of kilometers of the coast or a whole archipelago area.

Comparing the estimated WTPs, nine studies provide WTP estimates per person and trip (Figure 3) and twelve studies provide WTP estimates per person and year (Figure 4). To compare WTP estimates in terms of magnitude, we converted the reported WTP estimates to 2015 USD using official exchange rates and the deflator from the World Bank's World Development Indicators (World Bank, 2020). One study is omitted from this comparison: Schuhmann et al. (2016) report WTP as the price per room for a specific choice scenario. As information on the status quo is missing, we were unable to convert the price per room either into a WTP per person and trip or into a WTP per person and year14.
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FIGURE 3. Willingness to pay per person and trip by study (in 2015 USD). Bars show the range (min to max value) of estimated WTPs from each study, the diamonds represent the median WTP values. The number of coefficients in each study is reported next to the authors' names. An asterisk (*) denotes that a study includes users and non-users.
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FIGURE 4. Willingness to pay per person and year by study (in 2015 USD). Bars show the range (min to max value) of estimated WTPs from each study, the diamonds represent the median WTP values. The number of coefficients in each study is reported next to the authors' names. An asterisk (*) denotes that a study includes users and non-users.


The studies in the first set (Figure 3) report WTP estimates between 0 and 110 USD per person and trip, with a median value of 0.57 USD. All but one study provide estimates of a similar magnitude (between 0 and 10 USD per trip). The exception is Loomis and Santiago (2013), where the reported estimates are 105 and 110 USD per trip. In addition to the relatively small variation between the different studies' WTP estimates, the range of estimates for the individual studies, i.e., the width of the gray rectangle in Figure 3, is smaller than 6 USD for all studies.

Although the studies in the first set differ with respect to the location/country, sample size, their publication date and, importantly, in the methods they apply (CV, CE, TC), they also have some common features: Firstly, they focus on litter on the beach [only Ünal and Williams (1999) additionally include litter in the sea]. Secondly, all of the studies in this group are concerned with macro litter, plastics are mentioned in only two of them explicitly and none mentions micro plastics. Thirdly, all but one study in this group focus on users [only Talpur et al. (2018) interview users and non-users in Karachi/Pakistan] and all collect their data offline. Summarizing, we can conclude that users prefer cleaner sites with a reduction of macro plastics on (or near) the beach. The WTP per trip seems rather independent of the location/country and method applied.

The twelve studies in the second set (Figure 4) report WTP per person and year. The estimates range between a minimum of −18.50 USD and a maximum of 568.54 USD per person and year, with a median value of 34.67 USD15. For all but one study, the median estimates lie between 1 and 70 USD per person and year [for Abate et al. (2020) the median WTP estimate is 307.42 USD]. Furthermore, the estimates vary a lot more within the individual studies (ranges between 0 and almost 500 USD) than in the first set of studies.

With respect to the method, this second set consists almost equally of CV and CE studies (five and seven, respectively), and includes studies published over the whole period and across all continents covered, with all but one (Enriquez-Acevedo et al., 2018) located in OECD countries. Respondents have been surveyed either at home or on the beach. The study areas covered are often larger than single beaches, e.g., archipelago areas, and the litter considered is located in the ocean, a river or in the marine environment in addition to being on the beach. Accordingly, the type of plastic litter covered by the studies in this set is also diverse: Two studies mention micro and macro plastics, two only macro and one only micro plastics16.

Comparing the two sets of studies, in the first set only one study elicits WTP for users and non-users (marked with an asterisk in Figure 3). In the second set, only four studies restrict their sample to users. The two sets of studies also differ in another characteristic, namely in the type of payment vehicles they employ. The first set includes a mix of different options. In five studies, the payment vehicle cannot be classified, as the authors either asked the respondents for their preferred mode of payment (Blakemore et al., 2002, Blakemore and Williams, 2008, and Birdir et al., 2013) or do not specify it (Ünal and Williams, 1999, Leggett et al., 2018). Note that Talpur et al. (2018) use both, additional travel costs and entry fees. The remaining studies in this set use either (entrance) fees (Beharry-Borg and Scarpa, 2010, Talpur et al., 2018, and Shen et al., 2019); additional travel costs (Loomis and Santiago, 2013, Talpur et al., 2018) or lodging prices (Schuhmann et al., 2016 is excluded from Figure 4). In contrast, the studies of the second set mostly use taxes as payment vehicle (7; for details, see Table A.2 in the Appendix). One study (Brouwer et al., 2017) uses different vehicles at different sites; a local tax in Greece and Bulgaria and an entrance fee in the Netherlands.



ASSESSMENT OF EX-ANTE AND EX-POST EVALUATION OPTIONS

In this section, we assess the availability of information on the benefits of marine litter reduction for policymaking. We first compare the stated foci of the MFSD Member States' programmes of measures with the availability of WTP estimates in these countries. We then assess the extent to which the existing valuation studies are able to inform policy in terms of the four MSFD indicators for marine litter. Finally, we discuss the applicability of the valuation studies for an ex-ante and ex-post evaluation of measures separately. We particularly address the question on the extent of information that was available prior to the implementation of measures and assess the ex-post evaluation options for measures already implemented.

In 2018, the European Commission assessed the Member States' programmes17 in a report to the European Parliament and the Council (European Commission, 2018a). The report and the accompanying Staff Working Document (European Commission, 2018b) was updated in 2019 (European Commission, 2019) to cover countries that reported their national programmes after the cut-off date and could not be assessed in time for the initial report. Based on the information reported by the Member States, the assessment rates the programmes of measures in three categories: if they fully address, partially address or do not address the needs required to meet the MSFD targets and achieve GES, including its timeline. Table A.4 in the Appendix summarizes the results of the Staff Working Document (European Commission, 2019) for marine litter (descriptor 10). While all 23 Member States fully address macro litter, only ten fully address micro litter. Four Member States address micro litter indirectly and nine Member States do not address micro litter at all. Figure 5 summarizes these findings in panel A.
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FIGURE 5. Foci of MSFD Member States' measures and availability of WTP estimates. Detailed information on the EU's assessment with respect to marine litter by country is provided in Table A.4 in the Appendix; Malta is made visible by enlargement (in rectangular box).


We use the results of the Commission's assessment and compare them with the results of our literature review, i.e., the extent to which (quantitative) information about the benefits of measures to reduce marine litter is available for the individual countries. We find that seven studies provide WTP estimates for eight of the 23 Member States (Bulgaria, Greece, Ireland, Malta, the Netherlands, Romania, Sweden, and UK). Two studies focus on litter on beaches and can be linked to indicator 10.1.118. Two studies are related to indicator 10.1.219 covering coastal waters or the marine environment more generally. Further evidence is provided by two studies that focus on the coast or an archipelago area; one addresses litter from a river. Regarding the type of litter, it is apparent that the current valuation literature mostly relates to the indicator on macro litter (10.1.1); micro litter (indicator 10.1.3) is addressed by only one study. Figure 5 summarizes these findings in panel B.

Combining information of both panels of Figure 5, of the eight countries for which benefit estimates are available, four fully address macro and micro litter in their programme of measures (Ireland, the Netherlands, Romania, and Sweden), while the other four fully address macro litter but do not address micro litter (Bulgaria, Greece, Malta, and the UK). As a first result, we can conclude that there is little agreement between the stated foci of the MSFD Member States' programmes of measures and the available WTP estimates in terms of the type of litter. Further, in terms of an ex-ante evaluation, information was available before 201620 for only five countries, covering areas in Ireland (Hynes et al., 2013), Malta and Romania (Blakemore et al., 2002), Sweden (Östberg et al., 2012, 2013), and the UK (Hanley et al., 2006). The information available was, therefore, insufficient for a broader ex-ante evaluation of measures in terms of their benefits to society for all countries.

Investigating the relevance of the valuation studies for an ex-post evaluation of implemented measures, we find that for Ireland, the Netherlands, Romania and Sweden the scope of the valuation studies is narrower than the Commission's assessment, which covers macro and micro litter. Bulgaria, Greece, Malta and the UK are the only countries for which the valuation studies and the Commission's assessment coincide enabling an ex-post evaluation; all four countries focus on macro litter (see Figure 5) and provide WTP estimates for macro litter. Blakemore et al. (2002) estimate beach visitors' WTP to maintain or improve the beach of St. George's Bay, Malta. Litter is identified as the second important dislike of visitors next to noise and a lack of sand. The policy intervention is not further specified. The payment vehicle was not predefined, instead respondents were asked to state their preferred method of payment. The average WTP for different groups of respondents ranges between £ 0.99 and £ 2.02 per visit. Brouwer et al. (2017) estimate beach users' WTP for cleaner beaches for the two city beaches of Burgas and Varna in Bulgaria and two beaches in the larger Attica region of Greece (Alimos, adjacent to Athens, and Mavro Lithari, located further south of Athens). The average WTP per year for the complete removal of macro plastic litter washed ashore by the sea is € 0.67 for Greece (€ 8.25 for Bulgaria). The WTP for removal of cigarette butts left behind by beach visitors is € 0.42 (€ 7.06). Results of the study by Hanley et al. (2006) are not directly applicable. They value the improvements to the ecology of the River Wear, in County Durham, England; and the River Clyde, in Central Scotland. The improvements includes absence of litter/debris in the river. The average WTP for such an improvement ranges between £ 12.07 and £ 42.38 per year in terms of higher water rates payments by households to the local sewerage operator. The study by Latinopoulos et al. (2018) evaluates the effectiveness of a public information campaign on reducing plastic waste in the local coastal/marine environment of the Island of Syros (Greece). The average WTP of residents is highest for biodiversity conservation (€ 55 per year). Annual WTP values for preserving recreational activities, landscape quality and commercial fisheries are much lower and similar in magnitude (€ 32.5, € 29.0, and € 23.6, respectively).

Examining these valuation studies in more detail, we find that it is difficult to infer country-level values from them due to their limits in scope. They are specified to the requirements of the individual study site but not easily transferable to an ex-post evaluation of measures. Still, these figures can be used to approximate the welfare effect of partial changes. Taking the example of Brouwer et al. (2017) and using a simple back of the envelope calculation for Greece and Bulgaria, the total WTP for the removal of cigarette butts and macro litter on the beach would add up to around € 33 million based on 30 million beach visitors21 per year for Greece and € 122 based on 8 million beach visitors22 for Bulgaria. The total welfare effect of beach clean-up, however, is likely to be much larger as other benefits of marine litter removal are left out from this calculation. This includes, first, other types of beach litter that will be removed when beaches are cleaned (e.g., cans, food wrappers, and grocery bags). Second, if there is less litter on the beach, this is likely to also reduce the amount of marine litter on the coast, the water column and on the sea floor, litter ingested by marine animals, and micro litter. Third, the calculation only includes beach users and does not take into account the preferences of non-users for marine litter reduction.

Further, results of the valuation studies can be used for benefit transfer to countries for which information is lacking. The transferability of estimates is limited, however, by the correspondence between the study site and the policy site. This includes correspondence in terms of geographical proximity and the socio-economic characteristics of the population (in particular the income levels) but also correspondence in terms of the hypothetical market scenario (level of pollution, type of pollution, payment vehicle, etc.). If the number of studies is large enough, transfer errors can be reduced by applying meta-regression analysis to find common trends in the data. So far, however, the number of studies providing WTP estimates is too low to conduct a meta-regression.



CONCLUSIONS

Faced with the decision how to reduce marine litter, policy makers need to compare the costs and the benefits of individual measures. For the benefits, they need to know the value society attaches to the reduction, i.e., to a cleaner marine environment. Crucially, when weighing their options, only when knowing the benefits decision-makers can determine which policy would yield the largest social welfare and as such could be their preferred choice.

In this paper, we have compared the availability of estimates for the benefits of marine (plastic) litter reduction with the requirements of the MSFD for the EU Member States. While the empirical evidence has increased and become more diverse with respect to countries and sites, the overall evidence is scarce. Of the 22 papers reviewed, only seven studies provide information for eight EU Member States. For the other 15 EU Member States country-specific evidence is not available. Further, especially for micro litter, quantitative evidence on the societal benefits is basically absent. This is despite the attention this type of litter has received in the public debate. However, this disregard is partly reflected in the countries' national programmes of measures. An assessment of the European Commission finds that while all 23 Member States target macro litter, only ten fully address micro litter, four others do so indirectly and nine not at all.

If correspondence between study and policy sites can be assured, benefit estimates from non-EU countries may be transferred to inform EU Member States. Studies that present WTPs per trip (Figure 3) may be particularly suitable, as their results turn out to be relatively independent of the location they focus on and the method they employ. They are also more homogenous in the key characteristics we analyzed than the studies that provide WTP estimates per year (Figure 4). The downside of this relative homogeneity is that they can inform only on descriptor 10.1.1 (litter washed ashore and/or deposited on coastlines) and only be used to proxy specific benefits for the subgroup of users.

Ideally, all descriptors should be considered jointly to account for the interdependencies of marine ecosystems. However, focusing on one descriptor of the MFSD constitutes a first step toward charting the evidence available to inform policy on the benefits of reducing marine litter to society. The empirical evidence, so far, is too patchy to derive country-wide policy implications to the extent necessary to comprehensively conduct the CBAs required by the MFSD. This finding turns out to be valid for both ex-ante as well as ex-post evaluation attempts.

As countries have committed to implementing and evaluating measures to reduce marine litter, the demand for quantitative evidence on the societal benefits is expected to further increase in the future. There are at least three aspects that should be considered in future research to assess these more comprehensively. Firstly, the values non-users attach to reductions of marine litter are understudied, but potentially form an essential part of society's value for it. Secondly, the studies do not account for interdependencies between individual indicators of marine litter reduction. However, measures may affect one or more indicators simultaneously. Thirdly, measures to reduce marine litter are likely to generate co-benefits for other descriptors, such as biological diversity (descriptor 1), sea-floor integrity (descriptor 6), and contaminants in seafood (descriptor 9).
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FOOTNOTES

1Directive 2008/56/EC of the European Parliament and of the Council of 17 June 2008 establishing a framework for community action in the field of marine environmental policy. Marine Strategy Framework Directive. Available online at: http://data.europa.eu/eli/dir/2008/56/oj

2Annex 1 of Directive 2008/56/EC.

3Commission Decision 2010/477/EU identifies four indicators for marine litter: (10.1.1) trends in the amount of litter washed ashore and/or deposited on coastlines, including analysis of its composition, spatial distribution and, where possible, source, (10.1.2) trends in the amount of litter in the water column (including floating at the surface) and deposited on the sea-floor, including analysis of its composition, spatial distribution and, where possible, source (10.1.3) trends in the amount, distribution and, where possible, composition of micro particles (in particular micro plastics), (10.2.1) trends in the amount and composition of litter ingested by marine animals (e.g., stomach analysis).

4Report from the Commission to the European Parliament and the Council assessing Member States' monitoring programmes under the Marine Strategy Framework Directive (2008/56/EC), European Commission, 2017.

5For a detailed review of the economic requirements of the MSFD see COWI (2010).

6See Bertram and Rehdanz (2013) and Bertram et al. (2014) for a discussion related to the MSFD.

7We would like to highlight the difference between prices and values: Prices, which are mostly included in financial analyses, reflect only the part of an asset's value that is realized in markets. For most environmental goods and services there are either no functioning markets or no markets at all, and thus either prices that do not reflect their value or no prices at all. Environmental valuation offers a way to make explicit in monetary terms the benefit flows generated by natural capital stocks and the impacts of human decisions on these benefit flows. Please note that values are assigned to ecosystem services only insofar as they contribute directly or indirectly to human well-being. Environmental valuation is thus always based on an anthropocentric point of view.

8For an overview on the theory of the individual methods see Freeman et al. (2014). See TEEB (2010) for a discussion of their applicability, advantages, disadvantages, and limitations.

9Report from the Commission to the European Parliament and of the Council assessing Member States' programmes of measures under the Marine Strategy Framework Directive, COM/2018/562 final.

10The search and selection was carried out between 16th and 20th December 2019 and checked for updates in early March 2020.

11Apart from the conference paper by Ünal and Williams (1999), all other studies in the review have been published as journal articles (Table A.2 in the Appendix).

12One study (Enriquez-Acevedo et al., 2018) does not provide information on either the location or the type of litter considered.

13For example, stated preference studies use hypothetical surveys to elicit potential future changes. This might lead to the so-called hypothetical bias implying a difference between stated and revealed WTP values. However, the empirical evidence is mixed. For, a general discussion of the different methods' applicability, advantages, disadvantages and limitations is beyond the scope of this article. It can be found e.g., in TEEB (2010).

14For completeness: When rates per night are multiplied by the average length of trip in the sample (nine nights) to calculate WTP values per trip, the resulting WTPs/WTAs range from −2061 to 2321 USD per trip with a median value of −858 USD.

15Note that the levels are not directly comparable between the sets, as the first set expresses its WTPs per trip and the second one per year.

16Most of the remaining studies are likely to include plastic litter (6) based on the studies' descriptions; for one study it cannot be inferred.

17The MSFD requires its Member States to report their programmes of measures for achieving GES [Article 13(9) of Directive 2008/56/EC].

18Trends in the amount of litter washed ashore and/or deposited on coastlines, including analysis of its composition, spatial distribution and, where possible, source.

19Trends in the amount of litter in the water column (including floating at the surface) and deposited on the sea-floor, including analysis of its composition, spatial distribution, and where possible, source.

20Member States had to set up and implement programmes of measures to achieve GES in their marine waters by early 2016 (Art. 13 MSFD).

21The Number of Arrivals in Tourist Accommodation was 28.7 Million in 2018, Excluding Day-Visitors. Available online at: https://www.statista.com/statistics/413222/number-of-arrivals-spent-in-short-stay-accommodation-in-greece/ (accessed July 15, 2020).

22The Number of Arrivals in Tourist Accommodation was 7.8 Million in 2018, Excluding Day-Visitors. Available online at: https://www.statista.com/statistics/413211/number-of-arrivals-spent-in-short-stay-accommodation-in-bulgaria/ (accessed July 15, 2020).
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Microplastic pollution is a pervasive anthropogenic phenomenon at the ocean surface. Numerous studies have been performed worldwide; nevertheless, the distribution patterns, morphological properties, and sources of origin in the Eastern Mediterranean Sea are still poorly explored. The purpose of this study is to investigate the distribution patterns of surface floating microplastics (MPs) in the Ionian, Aegean, and Levantine Seas in relation to their sources and sea surface circulation. In total, eighty-four samples were collected using manta nets from 2014 to 2020, covering open waters, coastal waters, and enclosed gulfs (Corfu and Saronikos). MPs concentration measurements revealed high variability ranging from 0.012 to 1.62 items m–2 and did not present maximum concentrations close to MPs hotspot areas. The presence of sea surface slicks, as recorded visually during our samplings, seems to play a key role on the distribution pattern of MPs, and highest concentrations were recorded in samples affected by these formations. The dominant MPs shape type identified were fragments (50–60%), whilst filaments (1–23%), films (3–26%), and foams (0–34%) varied among the studied areas. The majority of MPs in open waters had sizes ≤2 mm peaking between 0.6 and 1.4 mm. Spectroscopic analysis of MPs revealed the presence of 11 polymer types in both open sea and gulfs; the most abundant type was polyethylene (PE), followed by polypropylene (PP), and polystyrene (PS). The relative abundance of polymer types was more diverse in Saronikos Gulf, compared to the open sea due to the proximity to major urban and industrial sources. Our findings suggest that the vicinity to coastal population centers determined the properties, size and polymer types of MPs and highlight that MPs concentrations are affected significantly by local oceanographic conditions, such as surface slicks.

Keywords: plastics, marine litter, seasurface, windrows, surface slicks, sources, OpenSpecy, FT-IR


INTRODUCTION

During the last decades, dispersion of plastics in the oceans has become a global pollution problem that poses a great threat to the marine ecosystem. The extensive production of short use-cycle plastic products leads to considerable waste generation, and subsequent leakages to the environment. It is estimated that over 269,000 tons of plastic debris float on the surface of the oceans (Eriksen et al., 2014). Despite being durable and long-lasting materials, plastics deposited in the environment are subject to weathering processes, such as UV-photooxidation and hydrolysis, causing degradation, and eventually fragmentation to smaller particles, called microplastics (MPs) (Thompson et al., 2004; Ioakeimidis et al., 2016).

Microplastics are defined as plastic pieces smaller than 5 mm, classified as primary and secondary. Primary MPs are small plastic particles consisting of raw industrial plastic pellets and processed particles added intentionally in health-care and cleaning products (cosmetics, detergents, etc.). Secondary MPs are particles derived either from larger plastics’ fragmentation or from materials’ wearing off during use (GESAMP, 2016; Veiga et al., 2016). MPs formation takes place at beaches and land, and reach the sea through rivers, road run off, city storm water, and wastewater treatment plants (Moore et al., 2011; Cheung et al., 2016; Kalogerakis et al., 2017). MPs could be found both in populated and remote places, and they are ubiquitous in the marine environment, from the ocean surface to the deep sea sediments (Van Cauwenberghe et al., 2013; Bergmann et al., 2015; Lusher et al., 2015; Courtene-Jones et al., 2017; Morgana et al., 2018). At sea, MPs are redistributed under the influence of physical factors and despite the well-known accumulation in the oceanic gyres, concentrations of MPs along the surface ocean exhibit increased variation in space and time. In addition, environmental fate, vertical transport, and biological effects, may be affected by microbial colonization on MPs and biofilm formation (Kaiser et al., 2017; Kooi et al., 2017). Biofilm may lead to an increase in the density of MPs and a decrease in their buoyancy with a strong impact on both sedimentation potential and upward transport (Rummel et al., 2017; Nguyen et al., 2020). Furthermore, despite that the understanding of MPs trophic transfer in marine ecosystems is increasing, several aspects remain unknown, primarily including the role of the microbial biofilm living on MPs surface (the so-called “plastisphere;” Zettler et al., 2013) on trophic transfer and its effects on marine organisms’ health. MPs are known to absorb harmful contaminants (Karapanagioti et al., 2011; Koelmans et al., 2016; Torres et al., 2021) whilst records on the ingestion of MPs by marine biota are increasing exponentially (Galloway, 2015; Wright et al., 2017; Digka et al., 2018). More recently, the role of MPs has also been investigated in relation to the carbon cycle (Galgani et al., 2018, 2020; Romera-Castillo et al., 2018; Taipale et al., 2019). Our understanding of the factors affecting the MPs variation at sea and their harmful effects in organisms, is still limited. Consequently, there is insufficient capacity for designing and implementing successful mitigation and regulatory policies (Thompson, 2015; Galgani et al., 2021).

In the Mediterranean Sea, the estimated average plastic concentration from both model and field data is comparable to the oceanic gyres (Lebreton et al., 2012; Eriksen et al., 2014; Cózar et al., 2015). This observation potentially results from several factors including the high population concentration (∼150 million), the increased tourism activity in the Mediterranean area (1/3 of the world’s tourism), the expanded shipping activity (15% of the global shipping; UNEP/MAP, 2017), in combination with the enclosed character of the basin. The distribution of floating MPs in the Mediterranean Sea, has been mainly investigated in the northwestern and central part of the basin (Collignon et al., 2012, 2014; Fossi et al., 2012, 2016; De Lucia et al., 2014; Cózar et al., 2015; Pedrotti et al., 2016; Suaria et al., 2016; Zeri et al., 2018). Even though there are some studies in the open and coastal waters in the eastern Mediterranean Sea (Cózar et al., 2015; Gündoğdu and Çevik, 2017; Güven et al., 2017; van der Hal al., 2017), there is still lack of information for the floating MPs distribution. In the present work, we aim to fill in the gap on the magnitude of MP pollution in the Eastern Mediterranean Sea, by providing data on concentrations and properties of floating MPs at the sea surface of the Ionian, Aegean, and Levantine Seas in addition to two enclosed gulfs, Corfu and Saronikos. We further discuss the factors affecting the observed distribution patterns and properties considering the vicinity to MPs sources and oceanographic variables.



MATERIALS AND METHODS


Study Area

The investigated study area covered parts of the Eastern Mediterranean Sea: the Aegean Sea, the Eastern part of the Ionian Sea and parts in the Levantine Sea within the Greek territory. In addition, two gulfs were studied: Corfu Gulf in the Ionian Sea and Saronikos Gulf in the Aegean Sea (Figure 1). Surface waters originating from the Levantine and Cilician basins enter the eastern Aegean Sea from the eastern Cretan Straits and Rhodes passage and travel northward along the eastern coasts, until they meet lighter waters of Black Sea origin in the North Aegean. These relatively light surface waters are progressively mixed with saline ones following a cyclonic circulation along the eastern coasts of the Greek peninsula. Sea surface circulation in the Ionian Sea shows considerable seasonal and interannual variability with reversals of surface circulation from cyclonic to anticyclonic and vice versa. Within this pattern exist several cyclonic and anticyclonic mesoscale and/or sub-mesoscale features (Poulain et al., 2012).


[image: image]

FIGURE 1. Map of sampling positions in the Ionian, Aegean, and Levantine Seas for each of the seven campaigns from April 2014 to February 2020. In red circles the two enclosed gulfs sampled (A). Sampling positions in Corfu Gulf (B) and Saronikos Gulf (C). Black arrows denote surface currents.


Corfu Gulf is situated in the North Ionian Sea and is a secluded elongated bay formed between the coast of Corfu and the Greek mainland. The gulf is burdened by dense and frequent movement of vessels and ships, including recreational and fishing boats; the town of Corfu (28,185 inhabitants) which is an international touristic destination and the port of Igoumenitsa (25,814 inhabitants) on the mainland. Kalamas River (length 115 km; water flux 74 m–3 s–1) drains mountainous and agricultural land and outflows in the gulf by the port of Igoumenitsa. The Saronikos Gulf is situated in the central Aegean Sea and is the marine gateway of the Athens greater metropolitan area (∼3.8 million inhabitants), including the port of Piraeus and increased navigation activities. Several point and non-point pollution sources are concentrated in the inner part of the gulf. A small urban river, Kifissos River (length 25 km), ends up close to the port of Piraeus; the river does not have a stable flow and is subject to flooding events, depending mainly on the annual precipitation. Approximately 70% of its catchment is currently a built-up urban area characterized by mixed land uses, such as operating and abandoned factories, small and medium enterprises, warehouses, illegal areas for fly tipping of solid waste etc. Another important pollution source is the outflow of the treated sewage of Athens/Piraeus (∼800,000 km–3 per day). Several other point sources are spread along the coasts and include marinas, touristic facilities, fish farms, and the treated effluents of smaller towns and settlements.



Sampling of Microplastics

A total of eighty-four samples of sea surface water were collected for MPs investigation during 11 sampling campaigns from 2014 to 2020 (Figure 1). In most cases sampling sites were visited once. Only for two cases, two samplings were conducted in autumn and spring at same locations. In particular, the North Ionian Sea and Corfu Gulf were visited in October 2014 and in April 2015 and the inner Saronikos Gulf in March 2019 and October 2019. Five of the samplings were conducted with research vessels (R/V Filia and R/V Aegeao); two with sailboats; one with a fishing boat and one of the samplings in the inner Saronikos Gulf with an inflatable boat. The start and end sampling positions were obtained either from the vessel’s or from a portable Global Positioning System (GPS). Details on samples position and wind conditions are given in Supplementary Table 1. Sea surface MPs were collected using manta nets. Manta net dimensions were: W60 × H24 cm rectangular frame opening; net 3 m length and mesh size of 330 μm with the exception of the Greenpeace campaign which were: W84 × H15 cm rectangular frame opening; net 4 m length mesh size 335 μm. For samplings conducted after 2017 the manta net was equipped with a flow meter (HydroBios). In all cases the manta net was towed from the side of the vessel and beyond the vessel’s wake. The duration of the manta net tows varied from 15 to 30 min, depending on the size of the net used, assuring collection of a representative sample. The vessel speed was always kept <2 knots. At the end of each tow, the net was washed in order to gather all particles in the cod end. In order to avoid sample contamination on board, immediately after sampling, the cod net was transferred into a glass jar and kept frozen until analysis in the laboratory.


Wind Correction

Sampling of MPs with manta net trawls is subject to limitations related to the sea state during the time of sampling. Wave-induced turbulent mixing causes the downward flux of plastic particles deeper than the height of the manta net frame. For this reason, it is recommended that net tows are carried out under light wind conditions <10 knots (<3 B) (GESAMP., 2019). Wind speed was recorded by a portable anemometer or by ship’s instruments and was <10 knots during most of our samplings, except nine tows conducted with sailing boats under wind force up to 14 knots (Supplementary Table 1). For these cases, we have applied a correction factor on the MPs field data following the model described by Kukulka et al. (2012) and Reisser et al. (2015). Wind stress (τ) and water friction velocities (uw∗) were calculated from measured wind velocity onboard, while the significant wave height (Hs) was based on typical wave heights experienced at corresponding Beaufort numbers (for 3 B: Hs 0.6–1 m; for 4 B: Hs 1–2 m) and further refined using photographs of the sea state during our samplings. The use of photographs was considered helpful as sometimes wave propagation may lag wind or vice versa.



Microplastics Separation and Counting

Analysis was conducted in line with the GESAMP. (2019) guidelines. After thawing, the samples were sieved through a stack of metallic sieves (1 mm and 300 μm), to facilitate the separation of organic material, especially in organic rich samples. In case of presence of large natural organic items (seaweed, branches, and leaves) these were thoroughly washed with deionized water above the stack of sieves to collect all MPs adhered onto them. Then the two fractions were dried at 40°C. MPs were visually identified under a stereomicroscope. For samples holding a significant amount of natural organic matter (gels), a step of H2O2 digestion at 60°C was performed, until the digestion was complete, and no natural organic material was visible. The digests were filtered through Glass Microfibre Filters GF/C filters and then examined under a stereomicroscope for MPs presence. The counting of MPs, identification of shape type (fragment, filament, film, foam, and pellet) and size was performed using the OLYMPUS SZX10, SZX stereomicroscopes, equipped with a digital camera (Luminera; Nikon, and DSL3) and the INFINITY ANALYZE software. Image analysis was used in order to measure the longest dimension (mm) of MPs. To avoid lab contamination the filtering equipment was placed in a plastic hood (Sigma-Aldrich Pyramid) while for the 2019–2020 samples all processing was conducted under a laminar flow bench (HN14). Furthermore, fiber free (tyvek) lab coats were used and airborne contamination was estimated by using blank filters at all stages of the analyses. Particles present in samples with features similar to those collected on the blanks were excluded from the MPs analysis. MPs concentration was expressed per m2 and per m3 when a flowmeter was used.



FT-IR Analysis

For the characterization of the MPs polymer type, ATR-FTIR spectroscopy was used [Agilent Cary 630; Perkin Elmer Spectrum Two with (UATR) accessory with a 9-bounce diamond top-plate]. Spectral range was 4,000–650 cm–1 with a resolution of 4 cm–1 and 32 scans s–1. The threshold for spectra similarity was set to 80%. Polymer identification was based on a combination of instruments’ built-in and in-house libraries. ATR-FTIR analysis was done in 12% of the total particles counted. Cross-reference of spectra retrieved from the ATR-FTIR instrument was performed with the open source database Open Specy (www.openspecy.org; Cowger et al., 2021). The Open Specy tool includes 636 spectra of 276 materials from three libraries of pure polymers, and materials relevant to microparticles and fibers found in the environment (Primpke et al., 2018; Chabuka and Kalivas, 2020; Suja Sukumaran, Thermo Fisher Scientific).



Statistical Analysis

Differences in MPs concentrations were examined by the Mann–Whitney U test and the non-parametric Kruskal–Wallis test post hoc pairwise, since data did not meet the assumptions of normality as shown by the Shapiro–Wilk test and homogeneity of variance as shown by the Levene’s test. Level of significance was set to <0.05. All statistical analyses were performed using IBM SPSS statistics 25.



RESULTS

A total of 23,800 microparticles were counted. Mesoplastics (>5 mm) caught in the manta net corresponded to ∼5% of total particles and were not included in the present analysis. In the subset of 2,971 items, subjected to FTIR analysis 2.7% were identified as natural materials, and 0.7% were suspect to laboratory contamination (e.g., filter material). These percentages are considered low, and so all microparticles counted were considered as MPs.


Distribution of MPs

Results on MPs concentrations per sampling area are presented in Figure 2A and Supplementary Table 1. Concentrations showed increased variability ranging from 0.012 to 1.62 items m–2 (average ± SD: 0.26 ± 0.36; 1.18 ± 1.27 items m–3; median: 0.12; 0.72 items m–3), while most of the data (80%) fall below 0.3 items m–2. The statistical analysis showed a significant variation between the sampling areas (overall P = 0.007). Data from the Levantine Sea were very limited, so this area was not included in this analysis. Furthermore, the post hoc pairwise analysis revealed that the difference occurs only for the Corfu Gulf and the Saronikos Gulf (P = 0.010) data sets. It is understood that MPs distribution follows overall similar patterns, with some differentiations in the two enclosed gulfs (Figure 2A). In order to map the spatial distribution of MPs in the studied areas, we grouped the MPs concentrations in five classes as depicted in Figure 2B. Areas visited more than once (N. Ionian Sea, Corfu Gulf, Saronikos Gulf), show increased spatiotemporal variability of MPs, while the highest concentrations were recorded in the N. Ionian Sea and the Corfu Gulf. Few elevated concentrations were recorded in between the islands of the Aegean Sea and in the Levantine Sea. The lowest concentrations of MPs in our dataset appeared systematically along the west–east transect in the central Aegean Sea. To investigate any potential relationship between MPs concentrations and surface currents velocities, we retrieved surface current velocity data from Copernicus - Marine environment monitoring service, during the same dates of our samplings and at the closest position (Lat, Lon). The comparison of MPs concentrations in our samples with corresponding current velocities did not show any systematic pattern and no relationship could be established (Supplementary Figure 1). This can be attributed to several reasons such as (i) the fact that velocity data correspond to average daily values integrated over the grid and not to exact conditions at the time and place of the samplings, and (ii) other factors, besides surface currents, affecting the transport of plastics on the sea surface, i.e., wave action, beaching, and the shape of the particles.
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FIGURE 2. Dot-plot diagram of microplastics (MPs) concentrations (items m–2) in the five sampled areas. Concentrations of samples collected inside and outside the slicks are separated by the horizontal line at 0.8 items m–2 (A). Map showing floating MPs concentration classes for all sampling positions (B). Colors in figures correspond to 5 MPs concentration classes (items m–2) as follows: 1: white < 0.1; 2: 0.1 ≤ blue < 0.3; 3: 0.3 ≤ green < 0.5; 4: 0.5 ≤ orange < 0.8; and 5: red ≥ 0.8 items m–2.


At three of the investigated areas, two repetitive samplings were conducted: in the N. Ionian Sea and Corfu Gulf in October 2014 and April 2015 and in the inner Saronikos Gulf in March 2019 and October 2019. In all cases, MPs concentrations where found higher during the first sampling occasions (October 2014, March 2019), which coincided with rain events either during the same day or 10 days before samplings took place1 (Table 1). These differences are statistically significant for the N. Ionian Sea and Corfu Gulf data (Mann–Whitney U test, P = 0.009), while the test was not possible for the inner Saronikos Gulf data due to the limited number of samples. In the two gulfs (Saronikos Gulf and Corfu Gulf) where the sampling transects were conducted in very short distances from land and from the mouth of the rivers (<2 km), the differences observed could be an indication of direct MPs inputs from land during rain events. For the sampling transects, however, in the N. Ionian Sea with distances from land farther offshore (>2.5 km), land runoff of MPs might not be the only factor which affects the seasonal variation observed. In the N. Ionian Sea as well as in the Corfu Gulf, during October 2014, formations of long stripes with mirror-like appearance of the sea surface water (slicks) were visible and occasionally accumulation of flotsam was apparent (windrows; Figures 3A,B). In many cases, the manta net trawls coincided and/or crossed the slicks and this information was recorded. Data obtained inside and outside the slicks are indicated (Figure 2A). Elevated concentrations of MPs were consistently found inside the slicks (>0.8 items m–2), almost one order of magnitude higher than outside the slicks (P = 0.005); all samples were collected under calm conditions. The appearance of slicks on the sea surface is a clear indication of the action of specific sub-mesoscale physical structures such as Langmuir circulation and river fronts related to wind-wave forcing or alongshore currents (van Sebille et al., 2020). Although, we do not know the exact mechanism causing the slicks formation and whether it is related to the storm event of the preceding days and/or the river outflow for the case of Corfu Gulf, our data show that slicks have a strong influence on MPs concentrations. Additionally, MPs concentrations > 0.8 items m–2 were recorded in two sampling locations, one in Corfu Gulf close to the Kalamas river mouth in April 2015 and associated with windrow formation in (Figure 3C) and a second sample collected in the Saronikos Gulf in November 2015 (Figure 2A). The latter was collected at the western part of the gulf away from pollution point sources and coincided with the presence of an oil slick. Although our samplings were not designed in relation to the slicks, these results highlight that information on local oceanographic conditions during samplings is needed for the interpretation of MPs distribution on the sea surface.


TABLE 1. Microplastics (MPs) concentrations (items m–2) in the areas with repetitive samplings and rain (mm) during 10 days before samplings.
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FIGURE 3. Slick appearance of the sea surface on 9/10/2014 in the N. Ionian Sea (sample 10-1M) with apparent floating macroplastics (A); on 14/10 2014 in Corfu Gulf (sample 10-13M) (B); on 25/4 2015 in Corfu Gulf with apparent formation of windrow (sample 4-15M) (C); gelatinous zooplankton in sample 10-1M (D); fish eggs in sample 10-7M (E).




Microplastics Properties

All counted MPs were classified in five different shape types (fragments, filaments, films, foams, and pellets) as shown in Figure 4. Fragments had the highest percentage contribution exceeding 60% in all regions except Saronikos Gulf where they contributed by 50%. Filaments contribution was highest in the Aegean Sea (23%) while in the other areas fluctuated between 1 and 7%. Films had the highest share (26%) in the Levantine Sea followed by 7% in the Saronikos Gulf and 3.4% in the Aegean Sea. About one third (34%) of the MPs found in the Saronikos Gulf were foams, while in other areas foams were almost not recorded. Pellets were found only in the Saronikos Gulf by 1.3% (Figure 4). Data shows that fragments were the most common shape type caught by manta nets while filaments and films varied largely. In the enclosed Saronikos Gulf the variety in the shape types of MPs was highest.


[image: image]

FIGURE 4. Relative abundance of MPs shape types at the studied areas.


Measurements of the longest dimension of MPs by image analysis were conducted in a subset of particles (4,125 corresponding to the 17.3% of the total). Average length of MPs was 1.71 ± 1.07 mm. The frequency diagrams of Figures 5A,B show the size distribution of the MPs collected in the three areas (Ionian, Aegean, and Levantine; denoted as “open waters”) separately from those collected in the inner Saronikos Gulf, close to input sources. About 70% of MPs from open waters have lengths ≤2 mm, peaking between 0.8 and 1.4 mm. In the Saronikos Gulf the contribution of ≤2 mm MPs, is only 56%, and the histogram shape suggests that MPs are more or less evenly distributed within the measured size range. It should be noted that these data are operationally defined by the manta net mesh size 330 μm, and in particular for small sized particles <1 mm which may pass the net opening based on their shortest dimension.
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FIGURE 5. Histograms of the relative frequency of the MPs length (mm) for MPs collected in the Ionian, Aegean and Levantine Sea (Open Sea) (A) and in the inner Saronikos Gulf (B).


Spectroscopic analysis with ATR-FTIR revealed that the majority of particles were made of synthetic polymers. Nevertheless, it was not possible to identify (ND) about 288 particles, either because their material was not included in our databases or because of their small size, as particles within the size range 300–500 μm fall within the limits of detection of ATR-FTIR instruments. In all these cases however, it was possible to obtain a spectrum. These ND spectra were further analyzed against the Open Specy database, in order to check whether comparison with vast types of materials could possibly refine our results. Out of the 288 ND spectra re-analyzed, 68 had spectral similarity (>76%) to natural materials, and 220 to synthetic polymers (142 with spectral similarity >80% and 78 in between 76 and 80%). The natural materials identified had the following characterizations in the Open Specy databases: leaf plant, algae fucus serratus, cellulose, chitin, animal fur, fiber linen, and broodcomb. Apart from elucidating the nature of the ND particles, the OpenSpecy databases were used also for cross-referencing of our polymer spectra. We chose to check all spectra characterized as general polymer types (e.g., thermoplastic polymers-TPE) and materials (e.g., adhesive tape, bag), as well as a subset of well defined polymers [e.g., High Density PolyEthylene (HDPE), PolyVinyl chloride (PVC)]; in total 61 spectra. Results from this exercise are given in Table 2 (Supplementary Table 2 in detail). Overall, there was a 100% agreement between our instruments’ and OpenSpecy libraries for well defined polymers HDPE, LDPE, Ethylene-Vinyl-Acetate (EVA), PP, PS while a more specific polymer characterization was achieved for the spectra of general polymer types and materials. Polyvinyl-alcohol (PVA) was the only polymer that presented dissimilarities between the two ways of characterization. In almost all cases spectra characterized as PVA by the instrument’s library matched with natural materials when compared to the OpenSpecy libraries (Supplementary Table 2). Final polymer characterization of the MPs was conducted by refining our results based on the Open Specy re-analysis (excluding re-analysis results on PVA, which were considered as such). The percentage contribution of the different polymer types is presented for the open waters and the enclosed gulfs separately (Figure 6). In total, eleven different polymer types were identified, seven of them were common for all the areas (open waters, Corfu Gulf, and Saronikos Gulf) namely; Polyethylene (PE; including high and low density), Polypropylene (PP), Nylon-Polyamide (Nylon-PA), Polystyrene (PS, including expanded polystyrene EPS), Polyurethane (PU), Polyvinyl-chloride (PVC), and PVA. For the latter, the high degree of uncertainty, based on spectra re-analysis, should be noted. The other non-common polymers found are Antifouling paints (AF-paints), Ethylene Propylenediene monomer (EPDM), EVA, Polyester-tetraphthalate (PET/Polyester), wax materials. The relative contribution of the various polymer types in open waters and Corfu Gulf appear similar to each other in contrast to the Saronikos Gulf. There is a clear dominance of PE and PP particles in open waters (79%) and Corfu Gulf (91%). In Saronikos Gulf, PE and PP hold a lower share (47%) and an elevated contribution of PS (18%) and AF-paints (20%) is observed (Figure 6). Saronikos Gulf is the only area were AF-paints as well as EPDM (2%), a polymer with industrial and building insulation uses, were found.


TABLE 2. Cross-referencing of spectra identified by our instruments’ and in-house libraries against the OpenSpecy libraries.

[image: Table 2]
[image: image]

FIGURE 6. Relative abundance of polymer types of MPs collected in the Ionian, Aegean and Levantine Sea (Open Sea), Corfu Gulf and inner Saronikos Gulf.




DISCUSSION

The Mediterranean Sea is characterized as a hot spot area for plastic pollution and floating plastic concentrations are found comparable to those of the oceanic gyres (Eriksen et al., 2014; Cózar et al., 2015). Despite this statement, increased variability in MPs has been recorded with concentrations differing 2–3 orders of magnitude from place to place and at different time instances (Suaria et al., 2016; Fossi et al., 2017; van der Hal et al., 2017; Baini et al., 2018). This can be attributed to the permanent, quasi-permanent mesoscale circulation features, seasonal structures, and significant temporal changes in the surface currents that characterize this basin (Poulain et al., 2012). Concentrations of MPs reported in the present study (0.012–1.62 items m–2) capture this variability and are in line with other case studies reported at the Mediterranean Sea (Table 3). Models on plastics distribution in the oceans relate inputs from large rivers, navigation routes, and coastal population centers to surface currents circulation (Lebreton et al., 2012; Eriksen et al., 2014; van Sebille et al., 2015). Relevant studies for the Mediterranean Sea provide justification for the increased spatiotemporal variability observed and define that elevated plastic concentrations are expected close to input sources (river mouths, large cities) and along a 50 km strip parallel to land (Zambianchi et al., 2017; Liubartseva et al., 2018; Mansui et al., 2020). Liubartseva et al. (2018), in particular consider the stokes drift, as well as the beaching and sedimentation effects, to conclude that any long-term accumulation of plastics at the sea surface would be unlikely in the Mediterranean, mainly due to the beaching effect on long and complex coastlines. This is particularly true for the Aegean Sea, which is characterized as a “least polluted” area, especially the central Aegean Sea where simulated plastic concentrations appear less than 2 g km–2 (Liubartseva et al., 2018). Seasonal simulations show a patchy distribution during winter (December–April) with relatively elevated concentrations in the N. Aegean and S. Aegean Seas and a cleansing action during summer (Politikos et al., 2017; Mansui et al., 2020). For the Levantine Sea, models agree on the formation of a coastal accumulation strip along the southern coasts of Turkey throughout the year, coinciding with the Asian Minor Current (AMC) and least polluted waters south of Crete island (Liubartseva et al., 2018; Mansui et al., 2020). For the eastern Ionian Sea, model simulations of floating litter transport conclude that moderate amounts of litter are consistently found around Corfu island, transported by the northward coastal current of the eastern Ionian Sea (Politikos et al., 2020). In accordance to model simulations, our results show the lowest concentrations of MPs in the Aegean Sea (0.15 ± 0.17 items m–2), particularly in the Central Aegean transect (Figure 2B), while higher concentrations were recorded (0.27 ± 0.08 items m–2) in the Levantine waters especially at the edge of the AMC which transports MPs from the Cilician basin as described above (Figure 2B). Our data set presents the highest MPs concentration in the areas of Corfu Gulf (0.63 ± 0.60 items m–2) and in the N. Ionian Sea (0.38 ± 0.40 items m–2) while, contrary to what one would have expected not in the highly populated Saronikos Gulf. The elevated MPs concentrations observed in these two areas may be related to the presence of sea surface slicks during October 2014. In fact, van Sebille et al. (2020) in their extensive review on the physical processes controlling the transport of plastic particles in the ocean, explain how the appearance of slicks denotes the presence of sub-mesoscale (<10 km) convergence zones due to specific physical structures (i.e., sub-mesoscale eddies, Langmuir circulation). Along these convergence zones floating objects (flotsam) i.e., seaweed, wood, oil, and plastics, show strong concentration factors (D’Asaro et al., 2018) sometimes forming visible windrows. Apart from visible objects, these formations favor also the accumulation of MPs, organic matter, planktonic organisms, fish eggs, and small fish. Pictures of the samples collected inside the slicks provide evidence of the proliferation of larvae and eggs (Figures 3D,E). Gove et al. (2019) investigating MPs occurrence and ingestion by larval fish inside and outside surface slicks around Hawaii islands showed that MPs concentrations were 126-fold higher inside than outside the slicks, while ingestion by larval fish was found 2.3-fold higher inside the slicks. The authors found surface slicks to be a conducive nursery habitat for small fish. In our study, MPs concentrations were found to be significantly higher (1.08 ± 0.46 items m–2) when crossing or inside the slicks than those in the waters outside the slicks (0.21 ± 0.14 items m–2), this regardless the studied areas. Surprisingly, surface slicks concentrations resulted to be equal to those reported recently for the N. Pacific gyre (average 1.08 items m–2 for size range 0.5–5 mm; Lebreton et al., 2018). The high accumulation of MPs in such sensitive habitats becomes a matter of ecological relevance due to the increased possibility for interactions (and ingestion) between organisms and MPs. It is important to specify that the sampling design of this study was not arranged according to the presence of slicks, i.e., concentrations may have been even higher if trawls were conducted 100% inside the slicks, suggesting that this finding is worthy for further investigation. The importance of windrows in understanding marine litter and MPs pollution and the need for targeted windrow research has been acknowledged very recently by Cózar et al. (2021), in their relative perspective article.


TABLE 3. Sea surface MPs concentrations (items m–2) reported for the Mediterranean Sea, using surface manta nets.
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Global Plastics production in 2019 reached 368 Mt, out of which 58 Mt correspond to European production.2 About 40% of all polymers produced are used in packaging, with polyolefin polymers PE and PP having the highest demand, followed by PVC, PET, PS and EPS, and PA (European market demand: 9, 7, 5, and 2%, respectively). In the oceans’ surface waters, this may be modified according to the buoyancy characteristics of each of the polymers. In fact, the relative contributions of light polymers such as PE and PP is further enhanced due to their low densities (0.86–0.96 g cm–3), lower than the surrounding seawater (1.28 g cm–3), while denser materials tend to escape from the surface layer. In line with the above, the chemical composition of sea surface MPs in the Ionian, Aegean and Levantine Seas is dominated by PE and PP polymers by 80%. Other polymers present are PA-Nylon, PET and PVA. Polyamides such as Nylon are used in fiber manufacturing while PET is used for packaging and for textile manufacturing in the form of fibers (polyester type fibers). Although other studies have reported the presence of PVA in environmental samples (Ng and Obbard, 2006; Claessens et al., 2011; Chae et al., 2015; Suaria et al., 2016; Zeri et al., 2018), its considerable proportion is quite surprising as it is not one of the commonly used materials. PVA is a hydrolizable, glue-like adhesive polymer, used also as a coating for other materials such as cloth and paper and more recently for 3D printing. The cross-referencing of our spectra with a larger data base revealed that PVA is one of the most questionable materials, as 26 out of 28 spectra presented high similarities to various natural materials, glue like natural resins (wax, brood comb), chitin, algae, linen, wool (animal fur), rather than the polymer spectra. A recent study on fibers distribution in the oceans (Suaria et al., 2020) highlighted that natural fibers are dominant in surface oceanic waters (0–5 m) (cellulosic 79.5% and of animal origin 12.3%) in comparison with those of synthetic origin (8.6%). Here we should mention that at least one of the OpenSpecy libraries (Primpke et al., 2018) used for the cross-referencing of the spectra is common to that used by Suaria et al. (2020). The spectral similarity by more than 70% with either PVA or natural materials, depending on the library used, indicates the presence of common functional groups among all these materials. Our findings suggest that checking against a greater data base of spectra for environmental particles is considered useful in refining the results obtained only from polymers data bases (Cowger et al., 2021). At the same time, the question is raised whether the obtained spectra indicate deviations from the pure PVA spectrum, related to its fast degradation/hydrolysis in the environment (Min et al., 2020) or are indicative of natural materials with functional groups similar to PVA. Furthermore, the use of PVA in paper and textile coatings further complicates the issue. Experimental work with known materials and combination of libraries including degraded polymers could be useful in clarifying the questions raised above.

Many studies have shown a direct relationship between MPs elevated concentrations and input sources such as large urban centers or river mouths (Frias et al., 2014; Zhao et al., 2014, 2015; Gewert et al., 2017; Sun et al., 2019) and have highlighted the importance of flood events for the washout and transport of MPs in coastal areas (Moore et al., 2002; Veerasingam et al., 2016; Gündoğdu and Çevik, 2017). In our study, for the case of Corfu Gulf, we cannot ascertain if the elevated MPs concentrations recorded reflect direct inputs of MPs from the Kalamas river, or rather the subsequent concentration effect caused by the formation of sea surface slicks. On the other hand, although Saronikos Gulf has been identified by models as a hot spot area, due to the high plastic inputs from Athens metropolitan area (Liubartseva et al., 2018), our field data, do not capture constant elevated MPs concentrations there (0.16 ± 0.22 items m–2), even in the inner part of the Gulf and after the heavy rain event (Table 1). It is possible, that local conditions may favor fast dispersion or beaching of plastic particles. While some authors have reported that large sized MPs, meso- and macro- plastics become less abundant close to the shores than in offshore waters (Pedrotti et al., 2016; Zeri et al., 2018), others have shown the opposite. In particular, close to river mouths and urban centers the relative abundance of large sized MPs has been linked to shorter residence time in the marine environment (Morét-Ferguson et al., 2010; Schmidt et al., 2017). Isobe et al. (2014) combined modeled and field data and demonstrated that meso-plastics are selectively drifted close to the shores, independently from the presence river mouths. Based on these outcomes, it is understood that the size distribution of plastic particles close to the coastline is controlled by both the vicinity to sources (short residence time) and the prevailing dispersion-concentration modes (Doyle et al., 2011; Frere et al., 2017). Recent data on MPs in Kifissos river water further upstream confirm the high level of large MPs and mesoplastics, mostly PE films (Zeri et al., 2021). In addition, the small beach by the river mouth has been characterized as a hot-spot area for beach litter (>10,000 items/100 m) with ∼50% of items corresponding to small sized plastic and polystyrene fragments (Greek Marine Strategy Framework Directive monitoring program, HCMR unpublished data). These local conditions may explain the observed MPs distribution and properties in the inner Saronikos Gulf. In fact, as already described, in this area, several known input sources of MPs coexist (Kifissos River mouth, WWTP, ports and marinas, anchorage points). Apart from the typical contribution of PE and PP, a considerable presence of foam particles in the inner Saronikos Gulf was confirmed by their chemical signature, PS/EPS being 18%. In Greece, the market demand for plastics in 2018–2019 was ∼1 Mt per year; while recycling and energy recovery rates in the country are of the lowest in Europe (70% of waste is landfilled) (see text footnote 2). The EU Directives on the banning plastic bags (EU/720/2015) and single use items (EU/904/2019) came into force only very recently (in 2019 and 2020 respectively). This situation has favored plastic leakage in the environment and is reflected in the MPs chemical composition in the inner Saronikos Gulf where a higher diversity of polymer types has been recorded. In fact, different types of polymers indicative of specific economic sectors such as industry, construction, maritime, were found in this area (EVA, PU, EPDM, and AF-paints). AF-paint particles are usually painted metal chips not expected to stay afloat for long periods, and their presence in the inner Saronikos samples is a strong indication of the direct inputs of MPs from the anchorage points, ports operations and increased marine traffic.3 Lastly, the presence of WWTP outflow in the analyzed samples were not evidenced, this is probably related to the fact that sewage enters the gulf via a diffusive pipe situated at 65 m depth. In addition, MPs mostly found in sewage correspond to small sized filaments (Talvitie et al., 2015), which are unlikely to be caught by surface manta nets.

The results presented in this work highlight that local oceanographic conditions, such as slicks, significantly affect MPs concentrations, posing risks in these sensitive habitats. Our study suggests that MPs sources from coastal population centers were not detectable based on MPs concentrations, but rather on properties such as size and polymer type. Elevated MPs concentrations were not found close to the major MPs sources at the Athens metropolitan area. The assortment of MPs there, consisted of large sized MPs and more variable polymer types, holding rather “local” features and differentiated from the well mixed MPs assortment found in open waters and less impacted areas. To our knowledge, this is the first study presenting field data of floating MPs concentrations in relation to the presence of sea surface slicks in the Mediterranean Sea, and provides evidence that slicks act as strong MPs concentration factors. It is anticipated that the outcomes of the present study will provide insights toward a better interpretation of floating MPs data from systematic monitoring activities.
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The Mediterranean is considered a hot-spot for plastic pollution, due to its semi-enclosed nature and heavily populated coastal areas. In the present study, a basin-scale coupled hydrodynamic/particle drift model was used to track the pathways and fate of plastics from major land-based sources (coastal cities and rivers), taking into account of the most important processes (advection, stokes drift, vertical and horizontal mixing, sinking, wind drag, and beaching). A hybrid ensemble Kalman filter algorithm was implemented to correct the near- surface circulation, assimilating satellite data (sea surface height, temperature) in the hydrodynamic model. Different size classes and/or types of both micro- and macroplastics were considered in the model. Biofouling induced sinking was explicitly described, as a possible mechanism of microplastics removal from the surface. A simplified parameterization of size-dependent biofilm growth has been adopted, as a function of bacterial biomass (obtained from a biogeochemical model simulation), being considered a proxy for the biofouling community. The simulated distributions for micro- and macroplastics were validated against available observations, showing reasonable agreement, both in terms of magnitude and horizontal variability. An 8-year simulation was used to identify micro- and macroplastics accumulation patterns in the surface layer, water column, seafloor and beaches. The impact of different processes (vertical mixing, biofouling, and wind/wave drift) was identified through a series of sensitivity experiments. For both micro- and macroplastics, distributions at sea surface were closely related to the adopted sources. The microplastics concentration was drastically reduced away from source areas, due to biofouling induced sinking, with their size distribution dominated by larger (>1 mm) size classes in open sea areas, in agreement with observations. High concentration patches of floating plastics were simulated in convergence areas, characterized by anticyclonic circulation. The distribution of macroplastics on beaches followed the predominant southeastward wind/wave direction. In the water column, a sub-surface maximum in microplastics abundance was simulated, with increasing contribution of smaller particles in deeper layers. Accumulation of microplastics on the seafloor was limited in relatively shallow areas (<500 m), with bottom depth below their relaxation depth due to defouling. The simulated total amount of floating plastics (∼3,760 tonnes) is comparable with estimates from observations.

Keywords: ocean modeling, plastics, marine pollution, biofouling, mediterranean


INTRODUCTION

Plastic global production has continuously increased since the 1950s, reaching almost 300 million tons in recent years (Plastics Europe, 2014). A significant amount of plastics ends up in the marine environment, with estimates suggesting that more than 250,000 tons are floating at sea (Eriksen et al., 2014), while increasing amounts are also found on the seafloor, coastlines and marine biota (Barnes et al., 2009; Suaria and Aliani, 2014; Liorca et al., 2020). Recently, there is a growing global awareness and concern on the impacts of plastic pollution on the health of marine organisms (Gregory, 2009), ranging from marine megafauna (Fossi et al., 2014) to plankton organisms (Cole et al., 2015), as well as the impact on human health through seafood consumption (Smith et al., 2018). Microplastics (MPs), which represent the smaller size class (particles <5 mm) has drawn a growing attention of marine research, as they may interact with low trophic-level organisms (i.e., phytoplankton and zooplankton) and their predators, finding their way up the food chain and human diet (Smith et al., 2018; Avio et al., 2020; Costa et al., 2020). MPs in the marine environment are either primary, mainly originated from the use of personal care products and the spillage of pre-production plastic pellets or secondary MPs, derived from the progressive fragmentation of larger pieces of plastic litter (Andrady, 2017). Existing observations in the global ocean (Cózar et al., 2014, 2015; Eriksen et al., 2014) suggest an important removal process of smaller size MPs from the surface waters. Cózar et al. (2014) reported a pronounced gap in the size distribution of plastics for particles <1 mm, while Eriksen et al. (2014) found a much lower concentration of MPs, as compared to estimates based on fragmentation of larger particles. The increase of the plastic items density from the attachment of (heavier) marine organisms, also known as biofouling, is a size-specific process (Fazey and Ryan, 2016) that has been hypothesized in several studies (Cózar et al., 2014, 2015; van Sebille et al., 2015; Koelmans et al., 2017; Kaandorp et al., 2020) as a potential explanation of the observed decreasing microplastics abundance for smaller sizes in ocean surface waters. Other processes that might contribute to the removal of microplastics from surface waters include aggregation with sinking particulate organic matter (Long et al., 2015) or fecal pellets (Cole et al., 2016) and fragmentation to as-yet undetectable sizes. MPs have also been documented to be ingested, directly or indirectly, via their prey, from a variety of marine organisms (see Andrady, 2017; Choy et al., 2019; Cózar et al., 2014 and references therein), including zooplankton, fish, marine mammals, birds and invertebrates. While the above processes have been observed in the lab or in the field, these have not been thoroughly quantified and their relative importance remains unclear (van Sebille et al., 2020).

The Mediterranean Sea is a semi-enclosed basin that is considered a hot-spot for plastic pollution (Lebreton et al., 2012; van Sebille et al., 2015). This may be attributed to its densely populated coastline, hosting a series of intensive activities (tourism, fishing, shipping, industry), combined with the limited outflow of surface waters, given the anti-estuarine water exchange with the Atlantic Ocean that results in a particularly high residence time of surface water (Lacombe et al., 1981; Cózar et al., 2015). The anti-estuarine circulation (inflow of surface Atlantic water, outflow of sub-surface Mediterranean water) also contributes to the Mediterranean low plankton productivity and its well defined eastward decreasing gradient (Moutin and Raimbault, 2002; Kalaroni et al., 2020a,b). With regard to plastic pollution, the Mediterranean is also of particular interest from an ecological point of view, as it is considered a hot-spot for biodiversity (Bianchi and Morri, 2000), while the great variety of inhabited countries along its coastline, in terms of socioeconomic status, cultures and political regimes makes the implementation of a common environmental management marine policy rather challenging.

When buoyant plastics enter the ocean, their fate is determined by both physical (wind, waves, ocean currents) and biogeochemical (sinking due to biofouling, e.g., Ye and Andrady, 1991) processes. Given the scarcity of marine debris observational data and the variability of oceanic circulation, their distribution and fate in the marine environment can be particularly difficult to predict. Numerical models, simulating the movement and fate of marine litter provide essential tools to predict accumulation areas of debris (NOAA, 2016). Such models typically employ Ocean General Circulation Models (OGCM) that provide the near surface ocean circulation to particle tracking Lagrangian models, simulating the pathways of floating debris originating from known sources, such as big cities, rivers and shipping lanes (e.g., Yoon et al., 2010; Lebreton et al., 2012). Another alternative approach is to simulate the floating particles concentrations, based on transition probability matrices, obtained from drifter data (e.g., Maximenko et al., 2012). Such modeling approaches have been implemented at basin scale in the Mediterranean Sea. For instance, Mansui et al. (2015) examined the potential accumulation of homogenously initialized (i.e., no additional sources) floating particles, considering the advection from ocean currents and stokes drift. Liubartseva et al. (2018) used a variety of sources (shipping lanes, cities, rivers etc.) to evaluate the fate of plastics (surface, beach, sediment), considering the advection from currents, stokes drift and sedimentation due to buoyancy loss. Zambianchi et al. (2017) followed the probabilistic approach by Maximenko et al. (2012) to identify marine litter retention areas, using a Lagrangian drifter dataset. Macias et al. (2019) investigated the seasonality in floating litter patterns, induced by surface circulation. Kaandorp et al. (2020) followed an inverse modeling approach to estimate plastic sources and major sinks (beaching and sedimentation) in the Mediterranean, based on a best fit of simulated plastics concentrations against available in situ data. Other modeling studies investigated the accumulation patterns of plastics on a regional scale (e.g., Liubartseva et al., 2016; Politikos et al., 2017). We should note that most of the above mentioned studies in the Mediterranean are idealized process studies, investigating the fate of floating litter, with only few studies (Liubartseva et al., 2018; Kaandorp et al., 2020) referring explicitly to plastics, with their sources being quantified.

In the present study, a basin-scale coupled hydrodynamic/particle drift model was used to track the pathways and fate of plastics from major land-based sources (coastal cities and rivers), taking into account of the most important processes (advection from currents, stokes drift, vertical/horizontal mixing, sinking, wind drag, and beaching). Different size classes and/or types of both micro- (MPs, particles <5 mm) and macroplastics (particles >5 mm) were considered in the model. Particular attention was given to the parameterization of biofouling induced sinking, as a possible mechanism of removal MPs from the surface. The biofouling of MPs has not been explicitly modeled, except for very few efforts (Kooi et al., 2017), as experimental data are still quite limited (Fischer et al., 2014). The model implemented in the present study is a first attempt to parameterize this process with a three-dimensional (3-D) model and validate simulated MPs distributions with available in situ data in the Mediterranean. An 8-year model simulation was used to identify micro- and macroplastics potential accumulation patterns in the surface layer, water column, seafloor and beaches, while a series of sensitivity experiments were used to gain a better understanding on the role of different processes (wind/wave, vertical mixing, and biofouling).



MATERIALS AND METHODS


Model Description


Hydrodynamic/Biogeochemical Model

A basin-scale Mediterranean (Figure 1) hydrodynamic model (∼5 km horizontal resolution) has been coupled with a Lagrangian particle drift model, describing the transport of micro- and macro-plastics from major land-based sources (rivers and cities). The hydrodynamic model is based on the Princeton Ocean Model (POM; Blumberg and Mellor, 1983) that is currently operational within POSEIDON forecasting system1 (Korres et al., 2007). POM is a three-dimensional, sigma-coordinate, free surface, primitive equation model. The Mellor-Yamada 2.5 turbulence closure scheme (Mellor and Yamada, 1982) is used for the computation of vertical eddy viscosity and diffusivity coefficients, while horizontal diffusion is calculated following Smagorinsky (1963) formulation. A hybrid ensemble data assimilation scheme (Tsiaras et al., 2017) was implemented for the assimilation of satellite altimetry and sea surface temperature, obtained from the European Copernicus data base2. The hydrodynamic model is also coupled with a comprehensive biogeochemical model, based on the European Regional Seas Ecosystem Model (ERSEM; Baretta et al., 1995), which provides bacterial biomass that is used to parameterize biofilm growth of microplastics (see below Section “Biofouling of Microplastics”). ERSEM describes the pelagic plankton food web with four phytoplankton groups (diatoms, nanoplankton, picoplankton, and dinoflagellates), three zooplankton groups (heterotrophic nanoflagellates, microzooplankton, and mesozooplankton) and bacteria. The pelagic model variables include also particulate and dissolved organic matter, along with dissolved inorganic nutrients (nitrate, ammonium, phosphate, and silicate). The biogeochemical model is currently operational on Mediterranean basin scale, as part of the POSEIDON forecast system1 (Kalaroni et al., 2020a,b). The waves forcing (stokes drift, wave period, and significant height), used in the Lagrangian drift model was obtained off-line from Copernicus marine service2 (Ravdas et al., 2018) and is based on WAM Cycle 4.5.4 wave model (Gunther and Behrens, 2012).
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FIGURE 1. Mediterranean model domain and bathymetry. The color bar is on a logarithmic scale.




Lagrangian Particle Drift Model

The Lagrangian drift model is based on Pollani et al. (2001) and evaluates the particles’ displacement taking into account of advection from ocean currents, stokes drift from waves, wind drag, particles buoyancy/sinking depending on their size and density, random movement in the horizontal/vertical, beaching and increase of particles density due to biofouling. The model follows the concept of Super-Individuals (SI, Scheffer et al., 1995) for computational efficiency, with each SI representing a group of particles, sharing the same attributes (position, weight, origin, type of plastic etc.). Six size classes (50, 200, 350, 500, 1,000, and 2,000 μm) of microplastics particles (<5 mm) were considered in the model. For macroplastics (>5 mm), the following types/sizes were considered, based on available data that can be used for model validation: 5 mm–2 cm, 2–20 cm, >20 cm bottles, >20 cm bags, >20 cm foam. A uniform background initial concentration was adopted for each type/size class, based on the basin median abundance from available in situ data. The attributes of different sizes/types of micro- and macroplastics are shown in Table 1. The initial density of micro- and smaller macroplastics was assumed ∼960 kg/m3, which is the density of the most common plastics (polyethylene, Zeri et al., 2018; Liorca et al., 2020). A slightly lower density (∼920 kg/m3, Cubarenko et al., 2016) was assumed for high density polyethylene bottles and bags and a much lower for expanded polystyrene foam (330 kg/m3, Cubarenko et al., 2016), used for packaging.


TABLE 1. Model parameters and attributes for microplastics and macroplastics different sizes/types.

[image: Table 1]
The position of every SI is described by its coordinates (x, y, z) in a Cartesian system, which are updated every time-step (dt) using the 3-D displacement, produced by currents, wave and wind, obtained with bi-linear interpolation at the SI location (x, y, z):

[image: image]

where uc, vc, and wc is the ocean current velocity field components, obtained (on-line) from the hydrodynamic model. The terms uw and vw represent the wave stokes drift, obtained (off-line) from the wave model output. This is assumed to decrease exponentially with depth as follows:
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where (uw0, vw0) is the stokes drift at surface, k is the wave number and Z is the depth in the water column. The buoyancy velocity (wb) depends on the particle density and size, based on the following equations (Elliott, 1986):
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where g is the gravitational acceleration, vk represents the kinematic viscosity, Dp is the particle diameter, Rp and Rw are the particle and the water density, respectively, and Dc is a ‘critical’ particle diameter:
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(Rx, Ry) represent the stochastic horizontal displacement, depending on the horizontal diffusion as follows:
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where Kh is the horizontal diffusion, obtained from the hydrodynamic model, (rx, ry) are random numbers between [0, 1] and dt is the model time step. Similarly, a vertical stochastic displacement is calculated as:
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where Kz is the vertical turbulent diffusion coefficient, obtained from the hydrodynamic model, rz a random number between [0, 1] and Kw is the waves vertical mixing coefficient that decays exponentially with depth and is derived as:
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where Wh is the significant wave height, Wt is the wave period and k is the wave number.

The wind drag (ua,va) that is practically effective only for macroplastics (bottles, foam) is assumed to depend on the particle’s surface above water and is parameterized as:

[image: image]

where (U10,V10) are the wind components at 10 m above sea surface, obtained from the POSEIDON operational atmospheric model, kw is a tuning parameter (kw = 0.03, Yoon et al., 2010) and AirSurfRatio represents the ratio of the particle surface above and below sea surface. A relatively higher AirSurfRatio is adopted for the lighter foam (AirSurfRatio = 3), as compared to partly submerged bottles (AirSurfRatio = 1). The latter are also assumed to occasionally lose their buoyancy, based on the higher density of PET bottles (∼1,370 kg/m3, Andrady, 2011), when they are filled with water, as is also suggested by in situ observations, showing a relatively small contribution of bottles in open sea floating plastics (Zeri et al., 2018). Thus, an increase of bottles density (∼1,370 kg/m3) is randomly applied on floating bottles on a daily basis (0.015/day), resulting in their effective sinking on the seafloor.

Small macroplastics (5 mm–2 cm and 2–20 cm) and plastic bags are also assumed to gradually lose their buoyancy from the attachment of micro- and macrofouling (barnacles, bryozoans, mussels etc.) communities (Ye and Andrady, 1991; Fazey and Ryan, 2016; Pauli et al., 2017). Fazey and Ryan (2016) provided experimental evidence on the dependence of small plastic items (5–50 mm) fouling rates on their surface:volume ratio and total volume, with the time to attain 50% probability of sinking varying between 17 and 66 days. This study, however, was performed in the sheltered environment of a marina, where rapid fouling might be favored. In open sea and particularly oligotrophic marine environments, such as the Mediterranean, biofouling by micro- and macrofouling communities is expected to be much slower. Thus, plastic bags that may be considered as thin films (typical thickness ∼25 μm), characterized by a high surface:volume ratio and more prone to sinking (Cubarenko et al., 2016), were assumed to sink after ∼90 days, which is comparable with estimates from open sea observations (Holmström, 1975). Slightly higher sinking times were assumed for small macroplastics with sizes 5 mm–2 cm and 2–20 cm to 120 and 150 days, respectively.

Particles that end-up on land, following the horizontal displacement (Eqs. 1–2) are assumed to remain on the beach for a fixed retention time (rt, see Table 1), after which they return to the sea, in the direction of waves at the beach location. During the time they spent on the beach, the particles concentration is decreased, assuming some loss rate due to burial (bur, see Table 1). The latter is a main loss term in the model (along with sinking) and has been tuned so that the mean basin scale concentration remains fairly stable throughout the inter-annual simulation, obtaining also a best fit of simulated micro- and macroplastics concentration with in situ data. Smaller particles were generally assumed to have a relatively smaller retention time on a beach and a relatively higher burial rate, as larger plastics can be more easily stranded on a beach and less easily buried.


Biofouling of Microplastics

A simplified parameterization of bio-film growth of microplastics has been adopted in the model, as a function of bacterial abundance (obtained from the biogeochemical model simulation) that is considered as a proxy for the biofouling community that may include also other organisms, such as algae and their predators (Oberbeckmann et al., 2014; Dang and Lovell, 2016; Rummel et al., 2017; Nava and Leoni, 2021). Bacteria and diatoms have been found to dominate marine biofilms (e.g., Oberbeckmann et al., 2014; Masó et al., 2016), with bacteria being usually, as early colonizers, the most abundant (e.g., Railkin, 2003). Biofilms start with the adhesion of bacterial cells and the production of extracellular polymeric substances (EPS), attracting additional colonizers, such as algae, protists etc. (Dang and Lovell, 2016; Rummel et al., 2017). The biofilm growth is assumed to be generally faster for smaller particles (see below), which is consistent with observations on colonizing bacteria density in particulate organic carbon aggregates (Kiørboe et al., 2002; Kiørboe, 2003). Moreover, the critical biofilm thickness that is necessary for microplastics to start sinking also decreases with size. Following Cubarenko et al. (2016) analysis, the increase of a spherical particle density (Rp), resulting from the attachment of heavier biofilm with density Rf is:
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where Rp0 is the particle initial density, h is the biofilm thickness and r the initial particle radius. The critical biofilm thickness (hcr) for which the particles density is equal with the water density (Rw) is derived as:
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Assuming a biofilm density of ∼1,500 kg/m3, typical for bacteria (Bratback and Dundas, 1984) and water density Rw = 1,025, the critical thickness for the size classes (50, 200, 350, 500, 1,000, and 2,000 μm) considered in the model is calculated as 1.1, 4.4, 7.6, 10.9, 21.8, and 43.6 μm, respectively. In the present study, microplastic particles were assumed to be spherical for simplicity and also because data on the relative abundance of different shapes was not available. Following Cubarenko et al. (2016), a smaller critical thickness and thus faster sinking is derived for other shapes, such as fibers and thin films, given their higher surface:volume ratio, as compared to spheres.

The biofilm growth is assumed to be mainly controlled by colonization and detachment rates, with microbial growth/mortality having a relatively minor contribution (Kiørboe et al., 2003). The bacterial cell density (B/S) change on a spherical particle (radius = r and surface S = 4πr2) is thus approximated by:
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where β′ is the encounter rate kernel normalized to the particle surface S, Ba is the ambient bacterial abundance and det the detachment rate. Ignoring the effect of the water flow on a first approximation, the particles encounter rate on bacteria β′ decrease with size as:
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where r is the particle radius and D is the equivalent diffusion coefficient for bacteria (2 × 10–4 m2/day, Kiørboe et al., 2003). The biofilm thickness (h) may be described as a function of the particles surface coverage with bacteria cells (cell diameter = cell_size and cross section cell_surf = π/4∗cell_size2):
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Replacing B/S from Eq. 16 in Eq. 14, we get:
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where dh0(r) = D/r ∗ Ba_mean ∗π/4 cell_size3 is the mean biofilm growth rate, which may be considered an area specific parameter, depending on the colonizing community mean cell abundance (Ba_mean) and size (cell_size). The mean near surface bacterial abundance in the Mediterranean (∼8.7 mgC/m3 ∼ 0.5e+12 cells/m3) was adopted for Ba_mean. A slightly higher value (1.5 μm) from typical bacterial size (∼1 μm, Kiørboe, 2003) was adopted for cell_size to represent also additional colonizing communities (phytoplankton, flagellates etc.). We should note that the Mediterranean plankton food web is dominated by smaller cells, with larger cells (i.e., diatoms and dinoflagellates) mainly found in more productive coastal areas (Kalaroni et al., 2020b). A mean detachment rate (0.025/day) can be calculated from Eq. 14, using bacterial density from Kiørboe (2003), under steady state [i.e., d(B/S)/dt = 0]. In order to prevent from unrealistically high (e.g., h = 130 μm for r = 25 μm) biofilm thickness for smaller size particles, this was parameterized as a function of the biofilm growth rate (dh0) and critical thickness (hcr):
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which effectively results in the saturation of film growth (i.e., dh/dt = 0) slightly above the critical thickness. The resulting biofilm growth, shown in Figure 2, is faster for smaller particles, following the dh0 decrease with size (see Table 1). Based on the adopted formulation, smaller size microplastics (50, 200, 350, and 500 μm) are gradually sinking (time to sink with mean bacterial biomass: <1 day 50 μm, 3.5 days 200 μm, 14 days 350 μm, and 32.5 days 500 μm) due to the buoyancy loss resulting from the attachment of heavier biofilm (∼1,500 kg/m3), while larger size particles (>1 mm) practically remain afloat. If the lower limit (0.025/day) is not used in Eq. 18, larger microplastics (1 and 2 mm) would also eventually sink, but after a considerable amount of time (>150 days), showing similar results with the present formulation.
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FIGURE 2. Microplastic particles evolution (in days) of (A) density, (B) biofilm thickness, (C) sinking velocity for different particle size (50, 200, 350, 500, 700, and 1,000 μm) and constant bacterial abundance (8 mgC/m3) and (D) particle density (size = 500 μm) for different bacterial abundance (0, 4, 8, and 12 mgC/m3). The critical (dashed colored lines) biofilm thickness for each size class is also indicated in (B). Microplastics particles (50, 200, 350, and 500 μm) (E) mean depth (m) and (F) density (kg/m3) evolution in a 3-D model simulation with varying bacterial biomass is shown. The mean Mediterranean bacterial biomass vertical distribution is also shown in (G).


As shown in Figure 2, the sinking onset depends on bacterial abundance. Thus, when applied in the 3-D simulation, sinking is relatively faster in more productive areas, while the decrease of bacteria/algae below the euphotic zone results in the microplastics gradual defouling and relaxation at depths, where they acquire neutral buoyancy. The mean bacterial vertical distribution (Figure 2), simulated with the biogeochemical model (Kalaroni et al., 2020b), is characterized by a relatively higher abundance in the photic layer and a gradual decrease to deeper layers by almost an order of magnitude (from ∼10 mgC/m3 at surface to ∼1 mgC/m3 at 500 m), which is in reasonable agreement with existing data in the Mediterranean (e.g., Diociaiuti et al., 2019). Despite the relatively higher sinking velocity of larger particles, as calculated from Eqs. 5–6, smaller microplastics are relaxed at larger depths (20 μm: 450 m, 200 μm: 230 m, 350 μm: 160 m, and 500 μm:130 m) due to their higher peak density and head start on sinking (see Figure 2).

The biofouling parameterization adopted in the model cannot be directly validated, given the absence of experimental data, particularly on the size dependence of biofilm growth on microplastics. Fischer et al. (2014) measured the development of biofilm on plastic films (surface 1 cm2), showing ∼40% coverage with 3 μm mean cell size in 20 days. This can be translated into ∼0.06 μm/day (0.4 μm × 3 μm/20 days) mean biofilm growth rate. The calculated mean rate with the present model formulation for a particle 6,000 μm (S = 1 cm2) is ∼0.03 μm/day, which appears reasonable, considering the much higher plankton productivity of the Baltic Sea, as compared to the Mediterranean.



Model Setup

An 8-year (2010–2017) simulation was performed with the coupled hydrodynamic/particle drift model. The atmospheric forcing was obtained from the POSEIDON operational weather forecast (Papadopoulos and Katsafados, 2009), using a properly tuned bulk formulae set (Korres and Lascaratos, 2003) for the calculation of momentum, heat and freshwater fluxes at the air-sea interface. The interested reader may refer to Kalaroni et al. (2020a) for more details on the hydrodynamic and biogeochemical model setup.

A Hybrid ensemble data assimilation scheme (Tsiaras et al., 2017) has been implemented for the assimilation of satellite altimetry (sea surface height, SSH) and sea surface temperature (SST). This is an ensemble based Kalman filter that combines a flow-dependent error covariance, estimated from a stochastically generated ensemble (Hoteit et al., 2012), with a static background covariance, built from a set of Empirical Orthogonal Functions (EOFs), as described by Hoteit et al. (2001). Localization is applied as described in Nerger et al. (2006), using only observations within a specified distance (radius ∼50 Km) from the updated grid point. The model state vector includes temperature, salinity, horizontal velocity, and turbulence (kinetic energy, length scale), surface elevation and depth integrated horizontal velocities. Satellite data are assimilated every 8 days, assuming an observation error of ∼0.03 cm for SSH and ∼0.8°C for SST, as in Korres et al. (2007). The ensemble size is N = 101, including a flow-dependent ensemble with 8 members. The satellite data were the Mean Dynamic Topography (M DT, spatial resolution: 0.0625° × 0.0625°) for the 2010–2013 period, obtained from the European AVISO+ altimetry data base3 (Rio et al., 2014) and daily Sea Level Anomalies (SLA, spatial resolution: 0.125° × 0.125°) and Sea Surface Temperature data (SST, spatial resolution: 0.04° × 0.04°, Buongiorno Nardelli et al., 2013), obtained from the European Copernicus data base (see Text Footnote 2).



Sources of Plastics

Three main sources of plastics were considered:

(a) Input of microplastics from coastal cities (>2,000 inhabitants) municipal wastewater discharge (Figure 3), which was extracted from UNEP/MED (2011) report. In case the treated/untreated wastewater discharge was missing, this was obtained as a function of the city’s population, based on a linear regression with available data from the same country, when possible, or the entire dataset. The input of microplastics was calculated taking into account of the treated (TD) and untreated (UD) wastewater discharge, as well as the removal efficiency (R), depending on the type of treatment (no-treatment, pre-treatment R∼10%, primary R∼25%, secondary R∼75%, tertiary R∼85%, see Supplementary Figure 1) that was estimated following Kalcikova et al. (2017). The daily microplastics load was thus calculated as: Microplastics load (#particles/day) = UM ∗ (TD ∗ R + UD), with UM (∼17,500 #/m3) being the adopted microplastics concentration of influent (untreated) water. This was estimated based on available data from the literature for the Mediterranean (Gundoğdu et al., 2018; Magni et al., 2019; Bayo et al., 2020) and might be considered relatively low, as compared with existing data from different countries, ranging from 2,000 to more than 400,000 #/m3 (average ∼169,000 #/m3, Uddin et al., 2020). However, this is close to Uddin et al. (2020) (conservative) global average estimate (20,000 #/m3) and we should consider that there is a huge variability between measurements, depending also on the methodology (mesh size, sampled volumes etc.). Larger particles (>300 μm), representing ∼20% of the total (Talvitie et al., 2017), were assumed to be totally removed, when some type of treatment is applied, being discharged into the sea only from untreated wastewater. The microplastics contribution from different sizes was assumed to decrease with size due to fragmentation, following a power function (Lindeque et al., 2020):
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FIGURE 3. Source inputs of (A) micro- and macroplastics with river runoff (tonnes/year), (B) macroplastics from coastal cities (tonnes/year), (C) small size microplastics (<300 μm) and (D) large size microplastics (>300 μm) from wastewater discharge (#/day).


For the considered size classes 350, 500, 1,000, and 2,000 μm, this practically results in a decreasing contribution of 50, 35, 10, and 5%, respectively, in the source inputs. For smaller size microplastics (<300 μm), the same contribution was adopted for the two size classes (50 and 200 μm) representing 20–100 and 100–300 μm microplastics for untreated wastewater. A slightly higher contribution (75%) was assigned on smaller (20–100 μm) particles, under some type of treatment (Talvitie et al., 2017).

(b) Input of micro- and macroplastics from river discharge (Figure 3) was obtained as a function of accumulated plastics production and monthly river runoff, based on Lebreton et al. (2017) global dataset. The total mass plastic input (tonnes/year) was converted to #particles/day of micro- and macro-plastics, assuming a mean weight of macroplastics ∼0.17 gr (Eriksen et al., 2014), as in Lebreton et al. (2017) and a much lower mean weight ∼0.0003 gr (∼0.003 gr in Lebreton et al., 2017) for microplastics and particles number mean ratio macro/micro ∼0.003 (0.04 in Lebreton et al., 2017), based on observations in River Po (van der Wal et al., 2015; Schmidt et al., 2017), resulting, however, in a similar macro/micro mass ratio (1.7 = 0.63/0.37), as compared to Lebreton (2.26 = 0.7/0.3). The daily input of micro- and macroplastics was thus calculated as macroplastics (#/day) = 104 × total load (tonnes/year) and microplastics (#/day) = 3.4 106 × total load (tonnes/year), respectively. The same scaling with size (Eq. 19), as with wastewater, was adopted for larger microplastics (>300 μm). River input of smaller (<300 μm) microplastics was not considered, as river estimates were based on observations with a net mesh size >300 μm. The size distribution in the macroplastics load was based on the relative particles (median) abundance found at sea (see below Section “Near Surface – Macroplastics”), based on available in situ data (95% 5 mm–2 cm, 4.5% 2–20 cm, 0.5% > 20 cm, mean weight 0.17 gr/particle), while the relative contribution from bottles (40%), bags (30%) and foam (30%) in the >20 cm size class was based on observations from European rivers (González-Fernández et al., 2018).

(c) Input of macroplastics from coastal cities (beaches, harbors etc., Figure 3), which was distributed along the Mediterranean coastline following a function of population density (see Supplementary Figure 1):
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where pop(i) is the coastal city (i) population, weiav is the mean load per inhabitant (0.57 gr/inhabitant/day) and country_fact is a factor assigned on each country, based on mismanaged plastic production, as in Jambeck et al. (2015), but with relatively lower variability (STD × 0.5). The above saturating function was used to prevent from excessive input from very big metropolitan cities with population >1 M inhabitants (e.g., Barcelona, Athens etc.). A total amount of ∼11 kt/year is added from the ∼80 M coastal population in the Mediterranean. A slightly increased contribution of larger (>20 cm) macroplastics, as compared to river inputs was adopted in the macroplastics size distribution (95% 5 mm–2 cm, 4% 2–20 cm, 1% > 20 cm, mean weight 0.24 gr/particle). Furthermore, a slightly higher contribution from plastic bags (50%), as compared to bottles/foam (25%) was adopted to compensate for the relatively higher observed abundance found at sea (Zeri et al., 2018).

In the present study, only land-based sources of plastics are considered. These have been estimated to represent ∼80% of marine plastic pollution (Lebreton et al., 2012), with the remaining 20% related with ocean-based activities, such as fisheries and shipping. The latter contribution might currently be even smaller, considering the official banning of litter discharge from vessels. Moreover, the plastics load from activities in coastal areas, such as aquaculture and fisheries is partly taken into account in the tuned input of macroplastics from cities. For microplastics, land-based sources represent the overwhelming majority (98%) of inputs into the ocean, according to IUCN (Boucher and Friot, 2017).



RESULTS


Circulation

An 8-year simulation over 2010–2017 period was performed with the basin-scale Mediterranean model. The simulated near surface circulation (Figure 4) captures most of the major observed features, as depicted from satellite sea surface height (SSH) data and a schematic from previous observational studies (Theoharis et al., 1999; Pinardi and Masetti, 2000; Menna et al., 2012). These features include the large semi-permanent anti-cyclone in the Gulf of Syrte, the Rhodes gyre, the Ligurian-Provencal current, the Lion and South Adriatic cyclones, the Tyrrhenian cyclonic circulation and eastern anticyclonic gyre during spring-summer, the Alboran and Ierapetra anticyclones, as well as the Algerian, Mid. Mediterranean and Asia Minor currents. Some features, such as the Shikmona/Mersa-Matruh anticyclonic systems are only partly reproduced. The simulated SSH is in good agreement with satellite data (see also Supplementary Figure 2), illustrating the important improvement of the model skill with the hybrid Kalman filter data assimilation. This is also indicated by the significant increase of correlation (from r ∼ 0.6 to r ∼ 0.9) and decrease of normalized RMS error (from RMS ∼ 0.8 to RMS ∼ 0.4) with SSH satellite data (see Supplementary Figure 3), as compared with a free run (i.e., no data assimilation) simulation.


[image: image]

FIGURE 4. Mean (2010–2017) model simulated (A) winter and (C) summer mean surface current velocity and sea surface height (m), against (B) winter and (C) summer satellite sea surface height. A schematic of Mediterranean surface circulation (continuous line = winter, dashed line = summer) from previous observation and modeling studies (Theoharis et al., 1999; Pinardi and Masetti, 2000; Menna et al., 2012) is also shown in (E). LG, Lion gyre; LPC, Liguro-Provencal current; AC, Algerian current; TC, Tyrrhenian cyclonic circulation; SAG, South Adriatic gyre; AIS, Atlantic-Ionian stream; CG, Western Cretan gyre; SG, Gulf of Syrte anti-cyclone; PG, Pelops gyre; IG, Ierapetra gyre; RG, Rhodes gyre; MMG, Mersa-Matruh gyre; MMJ, Mid-Med. Jet; ShG, Shikmona gyre; LTE, Latakia eddy; CC, Cilician current; AMC, Asia-Minor current; WCG, Western Cyprian eddy; LEC, Libyo-Egyptian current.




Near Surface – Microplastics

In Figure 5, the mean (2010–2017) surface (0–10 m) distribution of microplastics different size classes is shown. These appear to be significantly affected by the adopted sources (Figure 3), the effect of biofouling induced sinking of particles and the mean near surface circulation (Figure 4). The distributions of small size (<300 μm) microplastics are mostly related to wastewater treatment discharge (river inputs are not considered), being higher near metropolitan cities, such as Alexandria, Beirut, Athens, Rome, Barcelona, as well as near heavily populated areas, mostly found in the Western Mediterranean (France, Spain, and Italian coasts). Due to their faster sinking onset (50 μm: <1 day, 200 μm: 3.5 days), they present a stronger decrease of near surface concentrations in open sea areas, as compared to larger microplastics (>300 μm). The latter are assumed to be totally removed, when some type of treatment is applied and thus originate only from untreated wastewater and river runoff. Therefore, larger size microplastics appear more abundant in areas with relatively high untreated wastewater (Figure 3), along the coasts of Italy, Greece, Turkey, and Eastern Levantine, as well as near major North African cities (Cairo, Alexandria, Tunis, Tripoli etc.). A significant amount is also contributed from river runoff, which is particularly visible along the Algerian coast, being characterized by relatively low wastewater inputs (Figure 3). Again, the effect of biofouling induced sinking is apparent for size classes 350 and 500 μm, with their near surface concentrations being drastically reduced away from source areas. We should note that the relatively higher abundance of smaller size microplastics in coastal areas is also due to the adopted scaling with size in sources (Eq. 19).
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FIGURE 5. Mean (2010–2017) model simulated near surface (0–10 m) (A) 50 μm, (B) 200 μm, (C) 350 μm, (D) 500 μm, (E) 1,000 μm, (F) 2,000 μm microplastics concentration (#/Km2).


The effect of near surface circulation is mostly visible in the distributions of larger microplastics (>1 mm) that remain afloat, traveling longer distances with currents. Increased concentrations may be noticed in areas characterized by anticyclonic circulation that favors the convergence/accumulation of floating particles. Such convergence areas can be identified in the Gulf of Syrte anti-cyclone throughout the year and other less permanent anti-cyclones, such as the Ierapetra gyre in eastern Crete, the Shikmona/Mersa Matruh gyres and the Alboran anti-cyclone (Figure 4). The effect of circulation is also noticeable in the off-shore advection of floating particles from coastal source regions, as in the case of the northward current branching from the Algerian coastal jet or the dispersion of particles from the Asia Minor current toward the South Aegean (Figure 4). These features related with circulation are significantly weakened by particles drift from waves, as revealed in a simulation with no stokes drift adopted in the model (see Supplementary Figure 4 and Table 2). The waves drift has also an important effect in the abundance of microplastics, particularly the larger (>1 mm) size classes that are floating at surface and are more prone to direct drift from waves and beaching. Thus, the microplastics (>300 μm) mean concentration is increased by +44% in the simulation with waves drift de-activated, with a relative increase of microplastics >1 mm contribution (+34%). Vertical mixing has mostly an effect on smaller size (e.g., 50 μm) particles, characterized by relatively weaker buoyancy, as compared to turbulence. This was verified in a simulation without biofouling induced sinking, showing a mean depth seasonal variability of particles 50 μm from ∼2 m during summer to ∼130 m during winter (see Supplementary Figure 5). Vertical mixing has a much weaker effect on particles 200 μm (maximum depth ∼20 m), being further weakened for larger particles 350–500 μm (maximum ∼5 m). In this simulation with biofouling de-activated, microplastics (>300 μm) abundance in the surface layer (0–10 m) was increased by 138% on average, combined with a decrease of large size (>1 mm) contribution (−59%) (see Supplementary Figure 4 and Table 2). Finally, the horizontal variability of bacterial biomass has an impact on biofilm growth (Figure 2), which is faster in more productive areas, resulting in a relative decrease of microplastics abundance. This may be noticed comparing the reference simulation with a simulation adopting a mean bacterial biomass (i.e., no bacterial horizontal variability, see Supplementary Figure 6), which shows an increase of microplastics abundance in more productive areas, such as the Adriatic or the Northwestern Mediterranean and a relative decrease in the more oligotrophic Levantine sea. The latter differences are relatively small, as the microplastics surface distribution is largely influenced by sources in coastal areas, while open sea areas are dominated by larger size (floating) microplastics. A more pronounced effect of the bacterial abundance horizontal variability may be seen in the microplastics vertical distribution (see Section “Water Column – Microplastics”).


TABLE 2. Mean (2010–2011) basin average concentration (#/Km2) (microplastics < 300 μm, microplastics > 300 μm, macroplastics 5–20 mm, macroplastics > 20 cm), microplastics > 300 μm < 1 mm and >1 mm contribution (%) and Macroplastics > 20 cm composition (%), in the reference simulation and two additional simulations with (a) bio-fouling/sinking and (b) wind/wave drift de-activated.

[image: Table 2]The near surface (0–0.3 m) simulated mean microplastics (<300 μm) distribution was validated against available in situ data (Figure 6). A reasonable agreement was found, both in terms of magnitude and horizontal variability, capturing most of the observed patterns, such as the increase of MPs in Ligurian Sea, Sicily and North Adriatic coastal areas or the relatively lower abundance in the Gulf of Lion and other open sea areas. The main model deviation is the underestimated MPs abundance in the Balearic Islands and North Ionian Sea and the relatively overestimated/underestimated concentration along the Ligurian Sea coast and the Gulf of Lion. The latter underestimation may be attributed to the river inputs calculated with the Lebreton et al. (2017) global empirical function that is strongly influenced by the mismanaged plastic production distribution (Mai et al., 2020), being particularly low along the French and Spanish coasts. Thus, the plastics load from rivers in the Gulf of Lion, such as River Rhone is probably underestimated, as suggested by estimates based on observations (Schmidt et al., 2018).
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FIGURE 6. Mean (2010–2017) (A) model simulated microplastics concentration (#/m2), against (B) available in situ data (#/m2) and (C) boxplot showing model and data range, with median and 25th/75th percentiles indicated. In situ data were obtained from: Collignon et al. (2012); Eriksen et al. (2014); Faure et al. (2015); Panti et al. (2015); Fossi et al. (2016); Gajšt et al. (2016); Pedrotti et al. (2016); Ruiz-Orejón et al. (2016); Fossi et al. (2017); Baini et al. (2018); Gundoğdu et al. (2018); Ruiz-Orejón et al. (2018); Schmidt et al. (2018); Vianello et al. (2018); Zeri et al. (2018); de Haan et al. (2019); EMODnet (2020).


Sinking of smaller (<1 mm) microplastics due to biofouling results in a relatively higher contribution of larger (>1 mm) size classes in open sea areas (Figure 5). Combined also with the decreasing input with size (Eq. 19), the simulated size distribution (10% 350 μm, 18% 500 μm, 55% 1 mm, 20% 2 mm) peaks at 1 mm, which is consistent with Cózar et al. (2015) findings-comparing at the same locations- showing a peak around 1–2 mm size class.



Near Surface – Macroplastics

In Figure 7, the simulated distributions of different size/types of macroplastics are shown. These appear significantly affected by sources (Figure 3), being higher in areas with important riverine inputs (Algerian coast, Albanian coast in the Southern Adriatic, Turkish coasts in the Eastern Aegean and Levantine) and some major River mouths (River Po/Adriatic, River Axios/North Aegean, and River Nile/Levantine). The adopted input of plastics from cities, based on population density, is higher close to metropolitan cities (Athens, Barcelona, Rome etc.) and highly populated coastal areas, mostly along French, Spanish and Italian coasts.
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FIGURE 7. Mean (2010–2017) model simulated near surface (0–10 m) (A) 5 mm–2 cm, (B) bottle >20 cm, (C) bags >20 cm, and (D) foam >20 cm macroplastics concentration (#/Km2).


The effect of near surface circulation in the distributions of macroplastics is mostly related to the off-shore advection of floating particles from coastal source regions, such as the northward spread from the Algerian coast and the southwest advection from the Asia Minor current in the eastern Cretan straits (see also Figure 4). For smaller size macroplastics (Figure 7), one may also notice the convergence of particles in anticyclonic areas, such as the Gulf of Syrte anti-cyclone and other less permanent anti-cyclones, such as the anticyclonic eddy in the Algerian current during summer, the Ierapetra gyre, the Shikmona/MersaMatruh gyres (see Figure 4). This effect from mesoscale circulation is much weaker, when the drag from wind is also activated for bottles and foam, showing smoother distributions. On the other hand, the effect from wind/wave drift appears stronger in the distributions of bottles/foam, as indicated by lower concentrations in the Aegean/Levantine due to Etesian winds during summer, the Gulf of Lion due to off-shore advection of floating particles from Mistral winds and the North Adriatic (Figure 8, see also Supplementary Figure 7). The relatively low concentration of macroplastics in the Aegean is also partly related to the southward pathway of Black Sea Water, discharged at Dardanelles straits, for which there is no plastics source input adopted in the model. In almost all distributions, one can identify the effect from wave drift that has a predominant southeast direction, creating low concentration “shadows” near “protected” coasts with such an orientation (e.g., Gulf of Lions, southeast Sardinia, G. Taranto/Italy etc.).
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FIGURE 8. Mean (2010–2017) wind at 10 m (m/s), obtained from POSEIDON operational atmospheric model.


The mean simulated composition of larger macroplastics (>20 cm, 18% bottles, 55% plastic bags, 27% foam) shows a dominance of plastic bags and a relatively low abundance of bottles, which is consistent with in situ observations (Zeri et al., 2018). This simulated composition is partly related to the adopted composition in sources from rivers (bottle/bag/foam = 40/30/30%, González-Fernández et al., 2018) and cities (bottle/bag/foam = 25/50/25%), as well as to the different losses from sinking (bottles and bags) and beaching (all) for each plastic type. When sinking is de-activated in the model, the abundance of bottles and bags are increased by +101% and +37%, respectively, resulting also in a +40% increase of macroplastics >20 cm abundance (see Table 2 and Supplementary Figure 4). An even stronger increase of macroplastics >20 cm (+112%) was simulated, when wave/wind drift is de-activated, following the significant decrease of particles beaching. This was particularly noticeable in the Algerian and Eastern Levantine coastal areas (Supplementary Figure 4), where a significant amount of plastics are beached, following the predominant wind/wave direction (Figure 8, see also Supplementary Figure 7) (see also next section). In the simulation with wave/wind drift de-activated, foam showed the stronger concentration increase (almost threefold), being more susceptible to wind drag due to its lower density (330 Kg/m3) and higher surface above water (see Table 1). In this case, the composition of macroplastics >20 cm at sea changed in favor of foam (13% bottles, 43% bags, and 44% foam).

The near surface (0–10 m) simulated macroplastics distributions were validated against available in situ data (Figure 9). A reasonable agreement was found, both in terms of magnitude and horizontal variability, particularly for 5 mm–2 cm and >20 cm size classes. The simulated distribution for 2–20 cm macroplastics showed a similar median abundance, but a much weaker variability, as compared to observations. The simulated distributions appear in good agreement with the extended observations in Suaria and Aliani (2014), showing higher macroplastics concentration in the Algerian basin, Adriatic, South Tyrrhenian, Balearic Sea and relatively lower in Central Tyrrhenian, Sicilian Sea and Sardinia channel (Suaria and Aliani, 2014; Figures 1, 3). An exception is found in the Southeastern Adriatic, where high macroplastics abundance is simulated, unlike the observations.
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FIGURE 9. Mean (2010–2017) model simulated concentration (#/Km2) of (A) macroplastics 5 mm–2 cm, (C) macroplastics 2–20 cm, (E) macroplastics >20 cm against available in situ data in (B,D,F) and boxplot showing model and data range, with median and 25th/75th percentiles indicated in (G). In situ data were obtained from: Morris (1980); Aliani et al. (2003); Sánchez et al. (2013); Suaria and Aliani (2014); Arcangeli et al. (2015); Di-Méglio and Campana (2017); Fossi et al. (2017); Arcangeli et al. (2018); Campana et al. (2018); Ruiz-Orejón et al. (2018); Zeri et al. (2018); Constantino et al. (2019); de Haan et al. (2019); Palatinus et al. (2019); EMODnet (2020).




Beach – Macroplastics

In Figure 10, the distribution of annual mean simulated beach macroplastics (>20 cm) along the Mediterranean coastline is shown. This follows the distribution of adopted sources (Figures 3, 7), modified by near surface circulation and the predominant southeastward wind/wave direction (Figure 8, see also Supplementary Figure 7). Relatively higher concentrations are simulated in the North Adriatic and along the Algerian coast and Eastern Levantine, which appear the most impacted areas. Relatively lower concentrations are found along coasts with a northern orientation (e.g., North Western Mediterranean, North Aegean, and North Eastern Levantine). This differential accumulation of plastics can be also seen on more local scale. For example, in Sardinia Island the concentration is higher along the western coast due to Mistral winds or Crete (and most of the Greek Islands in the Aegean), showing an increased plastics concentration along their northern coasts due to the southward Etesian winds (Figure 8, see also Supplementary Figure 7).
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FIGURE 10. Mean (2010–2017) model simulated beached macroplastics concentration (#/m).


Increased beaching along the Algerian and Eastern Levantine coastline may be attributed to the increased concentration of plastics in these areas (Figure 7) and also to the quite energetic coastal currents (Figure 4), the Algerian current and the along-slope cyclonic current that follows the southeast Levantine (Egyptian, Israel, Lebanon, and Syrian) coastline to the north (Menna et al., 2012). Along the Algerian coastline, beaching of plastics appears to be also favored by shoreward wave/wind drift. This was revealed in the simulation with wave/wind de-activated, showing a significant decrease of beached macroplastics in this area (not shown).



Water Column – Microplastics

The mean vertical distribution of microplastics in the water column is shown in Figure 11. This is characterized by an increasing depth of the particles’ peak concentration with decreasing size (50 μm: 300–450 m, 200 μm: 150–250 m, 350 μm: 100–200 m, 500 μm: 50–200 m). As discussed above, the decrease of bacteria/algae below the euphotic zone results in the microplastics gradual defouling and relaxation at depths, where they acquire neutral buoyancy. Smaller microplastics are relaxed at larger depths, due to their faster sinking onset and higher peak density (see Figure 2). Thus, an increasing contribution of smaller particles in the total microplastics abundance is simulated at larger depths. Similarly, particles of the same size are relaxed at different depths in the water column, depending on the bacterial abundance. The latter is higher in the Western Mediterranean (Figure 11, see also Supplementary Figure 6), following an eastward decreasing gradient of plankton productivity (Kalaroni et al., 2020b). Thus, biofouling of microplastics is relatively faster in the Western Mediterranean, which results in their accumulation at deeper layers in the water column (200–250 m for 350 μm), as compared to the Eastern Mediterranean (100–150 m for 350 μm, see Figure 2).
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FIGURE 11. Mean (2010–2017) model simulated vertical distribution in the water column of (A) microplastics concentration (#/m3) (blue line = 50 μm, red line = 200 μm, black line = 350 μm, green line = 500 μm, magenta line = total), averaged (median) in the entire basin, (B) microplastics concentration (#/m3) 350 μm, averaged in the Eastern and Western Mediterranean and (C) simulated bacteria biomass vertical distribution averaged in the Eastern and Western Mediterranean.


In the Gulf of Lion, Lefebvre et al. (2019) recorded a mean concentration of 0.23 ± 0.2 #/m3, integrated in the water column up to 100 m bottom depth, while Baini et al. (2018) found an average concentration of 0.26 #/m3 from water column samples in the North Tyrrhenian Sea. The simulated mean (0–100 m) microplastics abundance was 0.04 #/m3 and 0.015 #/m3 in these two areas. We should note that the simulated microplastics abundance in the water column is only indicative, being probably underestimated, as the model is initialized with microplastics only at surface and therefore a longer simulation period is required, for the deeper layers that gradually accumulate sinking microplastics, to reach the observed concentrations.



Seafloor – Microplastics/Macroplastics

The concentration of sinking microplastics (<1 mm) and macroplastics (bottles and bags) in the seafloor can be seen in Figure 12. Areas characterized by higher seafloor microplastics abundance appear closely related to near surface distributions (Figure 5) and source inputs (Figure 3) variability, combined with relatively shallow bathymetry (see Figure 1), such as the Gulf of Gabes, the Adriatic Sea and the Cyclades plateau. Accumulation of larger (>300 μm) microplastics on the seafloor is limited in areas with bottom depth below ∼500 m, while smaller particles are also scattered in slightly deeper areas, but in quite low abundance. This (size-specific) dependence on bathymetry is related to the accumulation of microplastics in the water column due to defouling, with smaller particles sinking at slightly larger depths (see above Section “Water Column – Microplastics”). Thus, sinking microplastics do not reach the seafloor, except in areas, where the bottom depth is lower than their relaxation depth. One may notice that in some quite shallow areas, such as the Gulf of Gabes and Adriatic Sea, the concentration of smaller particles (<300 μm) is lower, as compared to larger (>300 μm) microplastics. In these areas, turbulent vertical mixing on the seafloor is sufficient to trigger the resuspension of smaller particles, characterized by relatively weaker buoyancy.


[image: image]

FIGURE 12. Mean (2010–2017) model simulated (A) microplastics <300 μm, (B) microplastics >300 μm, (C) macroplastics >20 cm bottles and (D) macroplastics >20 cm bags seafloor concentration (#/Km2).


The simulated seafloor concentration of bottles (Figure 12) appears to closely follow the near surface distribution (Figure 7), being higher in coastal areas close to source input, as bottles are assumed to randomly loose buoyancy and sink (see Section “Model Description”). This is not the case for plastic bags that gradually lose their buoyancy due to biofouling and sink after a period of more than 3 months. Thus, higher abundance of plastic bags on the seafloor is also found in open sea areas that are characterized by relatively higher residence times (not shown), particularly those related with semi-permanent mesoscale features, such as the Gulf of Syrte anticyclone.



Budget – Microplastics/Macroplastics

A mean budget on the fate of different size/types of plastics in the Mediterranean based on the 8-year simulation may be seen in Figure 13. Following the faster sinking of smaller size microplastics, a higher percentage is ending up on the seafloor. This is gradually decreased with size, as an increasing amount remains in the water column or floating at surface, followed by an increase of particles ending up on the beach. We should note that the loss of particles on the beach and seafloor are calculated on an annual basis, as these continuously accumulate with time. For larger (>1 mm) microplastics, beaching represents the main loss term, accounting for more than 80% of particles. For macroplastics, the percentage of beached particles is slightly lower, except for foam >20 cm, which is more susceptible to wind drag due to its lower density. An important percentage (10–32%) of sinking macroplastics is also ending up on the seafloor. It is interesting to note that sinking losses are smaller for large microplastics, as compared to small macroplastics, as the latter may have sufficient size to host also macrofouling organisms, while biofouling of microplastics is based on smaller organisms.
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FIGURE 13. Mean (2010–2017) model simulated (A) plastics percentage found in the near surface (0–10 m), water column (>10 m), beach and seafloor and (B) mean total plastics (<0.3, 0.2–1, 1–5, 5–20, 20–200, and >200 mm) mass (tonnes) at sea (near surface and water column) and input from sources (tonnes/year).


The important loss of plastics ending up (and buried) on a beach, particularly for large microplastics, is controlled by the burial rate parameter (see Table 1). For both micro- and macroplastics, this parameter was tuned in order to obtain a better fit with in situ data. A relatively higher burial rate (0.075/day) was adopted for microplastics, assuming that smaller particles may be more easily “buried” on a beach. The relatively higher burial rate, adopted for large (>20 cm, 0.05/day), as compared to smaller (5 mm–2 cm and 2 cm–20 cm, 0.01/day) macroplastics might be partly attributed to losses due to cleaning activities, as larger items can be more easily collected and removed from a beach.

A total amount of ∼3,842 tonnes plastics was estimated to be floating at sea (∼3,760 tonnes) or in the water column (∼82 tonnes), averaged from the 8-year simulation (Figure 13). The simulated size distribution of plastics, in terms of mass, peaks at 5–20 mm, generally following the size distribution in sources. A relatively lower mass (as compared to sources) is contributed from smaller (<0.3 mm) microplastics, due to their high loss rates on the seafloor, as well as from larger macroplastics (>20 cm), showing also an increased loss at seafloor and beaches.



DISCUSSION AND CONCLUDING REMARKS

In the present study, a Mediterranean basin-scale coupled hydrodynamic/particle drift model was used to track the pathways and fate of plastics from major land-based sources (coastal cities and rivers), taking into account of the most important processes (advection from currents, stokes drift, vertical and horizontal mixing, sinking, wind drag, and beaching). Different size classes and/or types of both micro- (particles < 5 mm) and macroplastics (particles > 5 mm) were considered in the model. Biofouling induced sinking was explicitly described, as a possible mechanism of microplastics removal from the surface, due to the buoyancy loss resulting from the attachment of heavier biofilm. A simplified parameterization of bio-film growth has been adopted in the model, as a function of bacterial abundance (obtained from a biogeochemical model simulation), being considered as a proxy for the biofouling community. Biofilm growth was assumed to be mainly controlled by detachment and colonization rates (Kiørboe, 2003), being faster for smaller particles, based on their higher surface:volume ratio. Combined with the smaller critical biofilm thickness (Cubarenko et al., 2016), smaller microplastics present a faster sinking onset (time to sink:<1 day 50 μm, 3.5 days 200 μm, 14 days 350 μm, 32.5 days 500 μm), while larger size particles (>1 mm) practically remain afloat.

An 8-year model simulation was used to identify micro- and macroplastics potential accumulation patterns in the surface layer, water column, seafloor and beaches. A hybrid ensemble data assimilation scheme (Tsiaras et al., 2017) was implemented to correct the simulated near surface circulation, based on satellite altimetry and sea surface temperature data. The simulated circulation captured most of the major observed features, showing a good agreement with satellite data. For both micro- and macroplastics, distributions at sea surface were closely related to the adopted sources. For small size (<300 μm) microplastics, sources (wastewater) are higher near metropolitan cities, as well as near heavily populated areas, mostly found in the Western Mediterranean (France, Spain, and Italian coasts). Larger (>300 μm) microplastics were more abundant in areas with relatively high untreated wastewater along the coasts of Italy, Greece, Turkey, Eastern Levantine, and near major North African cities. The effect of biofouling induced sinking was apparent for both small/large MPs, with their near surface concentrations being drastically reduced away from source areas. The effect of near surface circulation was mostly visible in the distributions of (floating) larger microplastics (>1 mm), showing increased concentrations in convergence areas characterized by anticyclonic circulation, such as the Gulf of Syrte anti-cyclone, which was also indicated as a main retention area by Mansui et al. (2015) or due to the off-shore advection from coastal source regions, as in the Algerian basin. Similar patterns were found for macroplastics, with the effect from mesoscale circulation being smoothed-out when the drag from wind was also activated for bottles and foam. Macroplastics were more abundant in areas with important riverine inputs (Algerian, Albanian, and Turkish and Eastern Levantine coasts) and close to metropolitan cities and highly populated coastal areas (mostly French, Spanish, and Italian coasts). The simulated near surface microplastics (<300 μm) and macroplastics distribution was validated against available in situ data, showing a reasonable agreement, both in terms of magnitude and horizontal variability, capturing most of the observed patterns. The simulated size distribution of microplastics, dominated by larger (>1 mm) size classes in open sea areas is consistent with Cózar et al. (2015) findings.

The impact of different processes (vertical mixing, biofouling/sinking, and wind/wave drift) was identified through a series of sensitivity experiments, compared with the reference simulation. Vertical mixing has mostly an effect on smaller size (e.g., 50 μm) particles, characterized by relatively weaker buoyancy. When biofouling is de-activated in the model, microplastics (>300 μm) abundance in the surface layer (0–10 m) shows a significant increase (+138%), combined with a decrease of large size (>1 mm) contribution. The waves drift has a stronger effect on larger (>1 mm) size classes that are floating at surface and are more prone to direct drift from waves and beaching. Similarly for macroplastics (>20 cm), when sinking is de-activated, their abundance is increased (+40%), showing an even stronger increase (+112%) when wave/wind drift is de-activated, following the significant decrease of particles beaching.

The distribution of macroplastics on beaches mainly follows the predominant southeastward wind/wave direction, showing relatively higher concentrations in the North Adriatic and along the Algerian and Eastern Levantine coast. A similar pattern may be seen in Liubartseva et al. (2018), showing higher fluxes in the same areas. Relatively lower concentrations are found along more “protected” (from wind/waves) coasts with a favorable orientation (e.g., North Western Mediterranean, North Aegean, and North Eastern Levantine). Biofouling induced sinking resulted in an important accumulation of microplastics in the water column and the seafloor. In the water column, the gradual defouling of sinking microplastics results in their relaxation at depths, where they acquire neutral buoyancy. Thus, a sub-surface maximum in the microplastics abundance is simulated, with an increasing contribution of smaller particles deeper in the water column, due to their faster sinking onset and higher peak density. This is consistent with findings of Li et al. (2020), based on the observed microplastics vertical distribution in the West Pacific and East Indian Ocean, suggesting a significant decrease of microplastics size with depth. The simulated vertical distribution of microplastics also exhibits a quite similar pattern with the observed microplastics (>100 μm) distribution in Monterey Bay (Choy et al., 2019), showing a sub-surface peak at 200–300 m. The simulated vertical distribution shows also a significant horizontal variability, depending on bacterial abundance. Given the eastward decreasing gradient of plankton productivity, biofouling of microplastics is relatively faster in the Western Mediterranean, resulting in their accumulation at deeper layers in the water column, as compared to the Eastern Mediterranean. We should note that existing observations are still very limited, due to the large sample volume that is required for reliable vertical distribution data (Li et al., 2020). In the Mediterranean, currently, there are no such observations on the microplastics vertical distribution. However, the measured concentrations from water column samples suggest that these could be as important as in the surface layer (Baini et al., 2018; Lefebvre et al., 2019). Accumulation of microplastics on the seafloor is limited in relatively shallow areas (<500 m), with bottom depth below their relaxation depth. The concentration of sinking macroplastics (plastic bags) on the seafloor, when no defouling is adopted, is higher in coastal areas close to source inputs, as well as in open sea areas, characterized by relatively higher residence times, such as the Gulf of Syrte.

The adopted sources of plastics in the Mediterranean are characterized by a large degree of uncertainty, both in their amount and distribution. Inputs from river runoff were based on a global empirical function (Lebreton et al., 2017), taking into account of only one Mediterranean river (River Po). Moreover, this empirical function is strongly influenced by mismanaged plastic production distribution that might result in an underestimation or overestimation in high-income/developed countries and low-income/developing countries respectively (Mai et al., 2020), which is probably the case with particularly low inputs along the French and Spanish coasts. With regard to inputs from coastal cities wastewater, a uniform MPs concentration of (influent) wastewater was considered for the entire Mediterranean, in the absence of available data from different countries. In reality, a significant variation of influent water concentration is expected, depending on population density, consumption rates for personal care and cosmetic products etc. (Uddin et al., 2020). Despite those limitations, using a comprehensive wastewater discharge dataset (UNEP/MED, 2011) contributed in the good agreement of the simulated microplastics distribution with in situ data. Finally, an additional source of macroplastics from coastal cities (beaches, harbors etc.), distributed along the Mediterranean coastline as a function of population density, was “tuned” in order to obtain a best fit with available in situ data. For both micro- and macroplastics, the seasonal variability in the adopted sources from coastal cities, related with the population variation (i.e., due to tourism) was not taken into account, in the absence of available data on basin-scale.

The simulated total amount of floating plastics (∼3,760 tonnes), averaged from the 8-year simulation, is slightly higher than the estimate by Cózar et al. (2015) around 756–2,969 tonnes, which is probably reasonable, considering that measurements in Cózar et al. (2015) were mainly in open sea waters. The total annual plastics load from the adopted sources is ∼17,600 tonnes, which might be considered low to intermediate, as compared with other estimates (1,100–2,300 tonnes/year Kaandorp et al., 2020; ∼100,000 tonnes/year Liubartseva et al., 2018; ∼600,000 tonnes/year Jambeck et al., 2015). From this load, ∼84% ends-up on the beach and the remaining ∼16% ends-up on the seafloor and water column, on an annual basis. Kaandorp et al. (2020) estimated a more balanced loss from beaching (49–63%) and sinking (37–51%). However, their estimates for floating plastics (190–340 tonnes) and total input (2,100–3,400 tonnes/year) appear much lower (floating plastics ∼1/14, input ∼1/7) from those in the present study.

The biofouling parameterization adopted for microplastics could not be directly validated, in the absence of experimental data, particularly on the size dependence of biofilm growth. Thus, this may be considered as a first attempt to parameterize and gain a better understanding on this process with a 3-D model, validating simulated MPs distributions with available in situ data in the Mediterranean. The vertical transport of microplastics in the water column is still poorly known. Other processes that might contribute to the removal of microplastics from surface waters include aggregation with sinking particulate organic matter (Long et al., 2015) and ingestion from a variety of marine organisms, including zooplankton and planktivorous fish (Cózar et al., 2014; Andrady, 2017; Choy et al., 2019 and references therein), the latter posing concerns with regard to ecosystem and human health. An estimate on the total amount of plastics on fish was found much lower, as compared to the surface water concentration (Booth et al., 2018; Kaandorp et al., 2020). A more important plastics pool is probably found in mesopelagic fish (Davison and Asch, 2011; Cózar et al., 2014) that live below the photic zone (200–1,000 m), given their very high biomass in the global ocean (Lam and Pauly, 2005). Fragmentation into smaller particles is another important process, resulting from the degradation of plastics that is primarily activated by ultraviolet (UV) radiation of sunlight, being also regulated by oxygen availability, temperature and mechanical abrasion (Andrady, 2011, 2017; Song et al., 2017). This mechanism is more efficient for plastics lying on beaches, being significantly retarded in the seawater, due to lower ambient temperatures and reduced oxygen and UV radiation that is further inhibited by biofouling (Andrady, 2011; Song et al., 2017). Other types of degradation processes, such as hydrolysis and bio-degradation are considered much slower, as compared to light-induced oxidation, at least for commonly found polymers (e.g., polyethylene) in the marine environment (Andrady, 2011; Booth et al., 2018). Even though fragmentation of plastics probably acts on relatively long time scales (∼years, Song et al., 2017), it provides a link between plastics of different sizes and thus it should be considered in future modeling efforts.

The developed modeling tool presented a reasonable skill in reproducing the observed distributions of plastics, providing useful insight to gain a better understanding on poorly known processes, such as biofouling induced sinking, design future monitoring campaigns and assess the current status of plastic pollution on Mediterranean basin scale. Model outputs can be used to identify ecologically important areas (e.g., Marine Protected Areas, see Hatzonikolakis et al., 2021, Front. Mar. Sci., submitted) or other commercially important ecosystem services (e.g., aquaculture and fisheries) that are potentially threatened by plastic pollution. Most importantly, the modeling tool could be used, by means of scenario simulations, to evaluate the impact of cleaning actions and management plans for the mitigation of plastic pollution. This is often a transboundary environmental problem (Hatzonikolakis et al., 2021, Front. Mar. Sci., submitted), as floating plastics may travel long distances from their sources, depending on circulation patterns and numerical models provide essential tools for its efficient ecosystem-based management.
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Litter cleanup and disposal management in the marine environment are increasingly subject to public scrutiny, government regulation and stakeholder initiatives. In practice, ongoing efforts and new investment decisions, for example in new cleanup technologies, are constrained by financial and economic resources. Given budgetary restrictions, it is important to optimize decision-making using a scientific framework that takes into account the various effects of investments by combining multiple scientific perspectives and integrating these in a consistent and coherent way. Identifying optimal levels of marine litter cleanup is a challenge, because of its cross-disciplinary nature, involving physics, environmental engineering, science, and economics. In this paper, we propose a bridge-building, spatial cost-benefit optimization framework that allows prioritizing where to apply limited cleanup efforts within a regional spatial network of marine litter sources, using input from the maturing field of marine litter transport modeling. The framework also includes ecosystem functioning in relation to variable litter concentrations, as well as the potentially non-linear cost-efficiency of cleanup technologies. From these three components (transport modeling, ecosystem functioning, cleanup-effectiveness), along with litter source mapping, we outline the optimal cleanup solution at any given ecological target or economic constraint, as well as determine the cleanup feasibility. We illustrate our framework in a Baltic and Mediterranean Sea case study, using real data for litter transport and cleanup technology. Our study shows that including pollution Green's functions is essential to assess the feasibility of cleanup and determine optimal deployment of cleanup investments, where the presented framework combines physical, economical, technological and biological data consistently to compare and rank alternatives.

Keywords: marine litter transport, marine litter cleanup, cost-benefit analysis, cleaning technology, marine ecosystem services, cleaning feasibility, pollution plumes


1. INTRODUCTION

Floating plastic in the marine environment is considered to be an increasing problem and litter cleanup and emission management are demanded by stakeholders, general public, and governing bodies, despite potentially high costs for modest gains. To make qualified decisions aimed at prioritizing limited available financial or economic resources to this end, it becomes important to optimize the investments using a scientific framework that combines multi-disciplinary knowledge and understanding in a consistent and coherent way. Identifying furthermore the influence of uncertainty in this analysis in a transparent way is paramount.

A better understanding of how plastic debris is transported from coastal and marine sources to ecological sensitive and recreational areas is crucial for such informed mitigation decisions (Van Sebille et al., 2020). The study of marine plastic debris transport was spearheaded by several studies at global scale. They studied the formation and long-term dynamics of garbage patches in subtropic Ekman convergence zones, and identified new potential aggregation zones (van Sebille et al., 2012) and an important scales for aggregation dynamics (Maximenko et al., 2012), and emphasized the importance of using properly weighted source distributions to obtain realistic dynamics and equilibrium distributions (Lebreton et al., 2012).

The potential for using marine litter transport modeling at global scale to assess the efficiency of different cleanup location was demonstrated recently by Sherman and van Sebille (2016); these authors assessed on a global scale that roughly 31% of the floating plastic could be removed over a 10 year period by applying 29 plastic collectors at specific coastal locations, and over 17%, if the same plastic collectors would be applied in the vicinity of the infamous North Pacific garbage patch, which is predicted to be the main attractor of global marine debris (van Sebille et al., 2012). Their numerical simulation leaves many questions unanswered to bridge the wide divide between academic simulation exercises and practical solutions on the ground. More recently, various projects try to apply academic science and engineering to practically manage and remove floating plastic, and identify some of the major uncertainties in our current knowledge base. One of these is (CLAIM Project, 2021), which has as its overarching goal to develop innovative cleanup technologies and approaches targeting the prevention and in situ management of visible and invisible marine litter in the oceans.

In addition to global scale litter transport studies, regional scale studies are emerging, talking advantage of high quality operational oceanographic data products. In the North Sea, Neumann et al. (2014) found a seasonal signal in the number of tracer particles that reached the coastal areas, but could not identify accumulation regions in open sea. In the Mediterranean, Zambianchi et al. (2017) found a general tendency of floating matter to converge in the southern portion of the basin, and in particular a long term accumulation in the southern and southeastern Levantine basin. In the Sea of Japan, Yoon et al. (2010) examined transport of a particular plastic item, lighters, and found a residence time of less than 3 years unless beached in this regional sea, which is relatively open and connected to the East China Sea, Sea of Okhotsk and the Pacific Ocean at several points. The focus on a particular, well-defined litter item removes some parameter uncertainty and makes the comparison with observational data more stringent, even though it prunes the available data for comparison. Such regional scale studies may certainly benefit from an envisioned future integrated marine debris observing system (IMDOS) (Maximenko et al., 2019) that facilitates data fusion of multiple sources and may correct for unresolved physics in current circulation models.

Needless to say that a comprehensive cleanup of ocean plastic is far beyond reach; therefore the cost-benefit perspective of plastic pollution mitigation has received some interest (McIlgorm et al., 2011; Hardesty and Wilcox, 2017; King, 2018). In this contribution we propose a spatial cost-benefit optimization framework that prioritizes how to spatially apply limited cleanup efforts within a spatial network of marine litter sources. The aim of this framework is to maximize the environmental benefit from cleanup efforts, using input from the maturing field of marine litter transport modeling, in combination with ecosystem functioning and ecosystem service provisions, in relation to variable litter concentrations, as wells as the possibly non-linear cost-efficiency of the clean-up technologies. Following the finding of Sherman and van Sebille (2016), emphasis is placed on the application of cleanup measures near source points. The advantage of our framework is that it improves our understanding of how the optimal solution emerges from the trade-off between ecology and economics, as mediated by physics. Our approach is targeted at the regional marine scale where it is more realistic to arrive at a science-based decision. Here the time scale between investment and benefit is expected to be shorter than at the global scale, because transport pathways are shorter.



2. MATERIALS AND METHODS

The starting point for our cost-benefit optimization framework is a litter source map; from this all (Ω) (or meaningful subset ω) of the sources is chosen, where cleanup measures are considered. We define fj (0 ≤ fj ≤ 1) as the degree by which emission from source j ∈ ω is diminished by cleanup, where 0 means no cleanup (no change in emission), while 1 means a 100% reduction of plastic emission from that source.


2.1. Physics

The density of floating plastics in the marine environment is still low enough (in most places) so that transport processes can be considered linear, and thus, plastic items from different sources are transported independently of each other. Therefore the concentration (per area) of plastic can generally be expressed as

[image: image]

at medium time scales (months to years), where the sum is over all relevant sources Ω; the first sum represents the background pollution level from uncleaned sources. Sj is the plastic influx at source j (before cleanup measures), and Gj(x) is a Green's function that quantifies how much a source j contributes to the plastic concentration at x, or plainly speaking the pollution plume from source j. For simplicity Gj(x) is time-averaged, because usually time dependence of Sj is unavailable. Here we advocate to estimate Gj(x) from current, wave and wind-driven transport processes, because direct monitoring will not resolve Gj(x) sufficiently; we return to time-variability issues later. It is essential that the calculation of Gj(x) includes export and sink processes, so a medium time scale quasi equilibrium distribution of the plastic is obtained. The origin the Green's functions are elaborated in more detail in Christensen et al. (under review). The Green's function correspond to a relevant depth strata, typically surface for macro litter or the photic zone for micro litter, but if needed, the depth z can be included as well along with x. Of special interest is the demersal Green's function [image: image], representing the sunken litter; this is not in equilibrium, but growing over time unless resuspension is considered, so for management purposes, it is better to consider the sinking flux Fj(x) = λj(x)Gj(x), which establishes equilibrium at the same time scale as a horizontal Green's function Gj, where λj(x) is the sink rate for litter from source j. If sinking processes are just characterized by a (possibly seasonal) time scale, λ will be spatial and source independent, and Fj proportional to Gj. Equation (1) also elucidates the primary feasibility of cleanup, i.e., the upper limit of the pollution reduction ΔP that is attainable, if a given subset of sources j ∈ ω would be fully (f = 1) cleaned:
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We will especially be interested in the relative degree to which a given site x can be cleaned, which is ΔP(x)/P(x, 0). In the examples we give below, we use Lagrangian simulations with current, wave and wind-driven transport to assess Gj(x) at regional scale for the Baltic and the Mediterranean Sea. In Christensen et al. (under review), we describe how Gj(x) can be calculated efficiently for a larger source distribution using a Lagrangian framework.



2.2. Ecosystem Functioning Quantification

The ecosystem functioning will decline with increased plastic concentration P. The cleanup leads to reduced plastic concentration and thus reduced decline of ecosystem functioning, which is a benefit of the cleanup activity and can be presented by using a cleaning benefit function U(P), which decreases with plastic concentration P. The simplest measure is
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which contains just a single (essential) parameter P†, which is like a maximum tolerance of litter concentration (which may depend on x, as indicated). This is aligned with current marine strategy objectives or studies of litter impact on ecosystem functioning. Sherman and van Sebille (2016) considered the overlap between a primary productivity (as a bio-distribution proxy) and litter distribution, which in Equation (3) corresponds to letting P†(x) be inversely proportional to primary productivity. U can represent any quantifiable aspect of ecosystem functioning, e.g., habitat quality, abundance of certain species, biodiversity indices or vital rates, where positive direction is desirable (otherwise the corresponding negative rate should be used, e.g., minus mortality); the currency of U does not impart the emergence of optimal cleanup solution, therefore it is natural to let U = 1 per area correspond to the pristine ecosystem (P = 0). It is also possible that U represent a monetized aspect of ecosystem functioning, we will return to implications of this in the discussion; in our case studies we will lean toward an non-monetized aspect of ecosystem functioning.

The advantage of our approach is that the objective behind the analysis is fully transparent. At a regional scale, ecosystem functioning is likely less directly tied to only primary productivity, but other fields P†(x) are plausible, expressing the local (possibly seasonal) sensitivity of the ecosystem. Our approach is simply extended to cover this, so we just illustrate our framework for a spatially piece-wise constant value of P†; in the discussion, we return to the implication of the cleaning benefit functions U being non-linear in P, expressing e.g., sharp tolerance windows of P. If Equation (3) applies, then the relation between U and cleanup effort f also becomes linear, by combining Eqs. 3 and 1:
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where UBAU is the ecosystem benefit before cleanup effort (business as usual: f = 0). Thus we identify ϵj is the central index to compute for benefit maximization problems in the simplest setting. Below, we show that it is not the absolute value of P†(x) that is needed, but just the contrast between areas, which is much easier to establish than the absolute value.



2.3. Costs of Cleanup

In the simplest model, the cost rate of cleanup is expressed as the sum over cleanup sites as
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αj is the cleanup (operation) cost per removed litter weight at site j, so we can compare different technologies with different operating costs at each site. Notice that C is a cost rate because we continuously have to pay for the cleanup of plastic emissions from the different sources. αj also includes one-off installation costs (scaling with fj) divided by the expected lifetime of the installation (or another relevant discount time scale). αj for all candidate cleanup sites (and technologies) are the minimal input needed from environmental cleanup sciences. In the Supplementary Materials, we deal with the more general situation where α(f) is not constant.



2.4. Cost-Benefit Optimization

Two types of problems might emerge in this context:

1. Cost minimization: Achieve a plastic concentration below a certain threshold at least cost.

2. Benefit maximization: Achieve highest desirable environmental conditions at a fixed cost.

We refer to this as type 1 and 2 problems. These problems can rather generally be formulated as Karush–Kuhn–Tucker (KKT) (Boyd and Vandenberghe, 2010) optimization problems, which is a generalization of the method of Lagrange multipliers for constrained optimization, handling bounded problems (because 0 ≤ f ≤ 1 must be enforced). The objective functions Z1 and Z2 corresponding to type 1 and 2 problems are
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μ⋆ are so-called KKT multipliers (Boyd and Vandenberghe, 2010), and ϕ(f) = f(f − 1) is the convex boundary constraint function. [image: image] are target value plastic densities that must not be exceeded by actual plastic density P(xk) at a set of monitoring stations xk, k = 1..K. Z1 must be minimized (cost) whereas Z2 maximized (benefit). The units of Z1, 2 are cost per time unit or benefit per time unit, respectively. If κ is varied in Equation (8), one can find the best cleanup solution that matches a given economic cost C0, which is aligned with the real decision situation, or the cheapest solution meeting a regional average objective U0 of cleanup. If the cost function C(f) is linear, we show below that the type 1 problem Equation (7) becomes a standard linear programming (LP) problem, which can not be solved analytically, but stable and efficient numerical algorithms exist (Boyd and Vandenberghe, 2010). If both C(f) and U(f) are linear for 0 ≤ f < 1, we show below that the type 2 problem Equation (8) can be solved analytically by a ranking principle to facilitate the interpretation of the numerical solutions. It is important to stress that type 1 and 2 formulations give different results in general, and therefore the explicitness about objectives is important.

The optimal cleanup solution for the type 1 problem (target-driven) is obtained by minimizing Equation (7); If the cost of cleanup C(f) is linear for 0 ≤ f ≤ 1, then it follows that Equation (7) becomes a canonical linear programming (LP) minimization problem for the optimal solution f⋆:
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with
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with Gki = Gi(xk) and [image: image] being the pollution target values corresponding to the station set xk where plastic concentrations are monitored in relation to their thresholds. Existence of a solution f⋆ is assured, if background concentration of plastic [image: image] does not exceed the threshold [image: image] anywhere (otherwise additional sources need to be considered for cleanup).

The optimal cleanup solution for the type 2 problem (best overall solution) is obtained by maximizing Equation (8); by varying κ in the solution, different economical/ecological targets can be met. Technically, the conditions 0 ≤ fj ≤ 1 are handled by adding inequalities to Equation (7), as prescribed by the KKT-generalization (Boyd and Vandenberghe, 2010) of the Lagrange-multiplier technique. In the simplest formulation of the problem (Equations 3 and 6) this is a linear maximization problem and the solution can be developed analytically: sites are ranked according to
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and sites should then be selected in increasing order of γj, until a target budget (C = C0) or overall cleanup objective (U = U0) is met. γj can be interpreted as a cost-effectiveness index (Brouwer and De Blois, 2008). The novel feature here is that we demonstrate how it emerges quantitatively from a consistent synthesis of data from underlying sciences (physics, cleanup technology and ecosystem impact), and devise a route to consistent generalizations when more complex data features are included in the analysis. Equation (13) shows that only the contrast in P†(x) is needed, not the absolute value. This problem has at most a single solution, since the optimal benefit-at-cost U⋆(C) is an increasing concave function. The exact solution is met by applying partial cleanup 0 < f < 1 to the last site included in the solution. If the sequence of increasing γj is denoted q, then the optimal benefit at cost curve U⋆(C) is mapped by the points
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each representing a new site being cleaned. If non-linearities are included in U and C, the solution to the optimization becomes more complicated and in most cases the optimal solution f⋆ needs to be constructed numerically. We return to non-linearities in U and C and the influence in the solution in the discussion. The emergence of the optimal type 2 solution is sketched in Figure 1.


[image: Figure 1]
FIGURE 1. Information flow in the litter cleanup optimization framework (LCOF), showing the emergence of the optimal cleanup solution f⋆ for a type 2 analysis, in this case corresponding to a given budget C0.




2.5. Case Studies

We illustrate the cost-benefit framework above by presenting case studies in the Baltic and Mediterranean Sea, where we try to identify which sources should be prioritized for cleanup. To conduct the simplest version of the cost-benefit analysis presented above, just three quantities need to be established: (i) the time-averaged Green's function Gj(x) for considered sources j ∈ ω and (ii) an ecosystem service sensitivity P†(x) (or relative spatial differences in this) and (iii) the cost of clean-up per weight αj at source j. It is important to notice that time-averaged Green's functions Gj(x) may be different for different litter fractions, mainly because buoyancy leads to different vertical dynamics, different wind drag, and fractions experience different sinking rates. If this is important within the overall accuracy of the calculation, a weighted average of Green's functions for different fractions can be used for Gj(x). The Green's functions Gj(x) can be computed by either Lagrangian or Eulerian techniques, ideally giving the same results if physical processes are represented correspondingly, and using the same operational circulation models of water currents. Slightly different simulation periods apply to the Baltic and Mediterranean case studies, because different physical models were applied, but this is ignored in the analysis because we are not concerned with interannual differences in this presentation and further multiannual averages are applied both for the Baltic and Mediterranean case studies.


2.5.1. Baltic Sea Physical Model

The physical data used in the Baltic transport simulations are produced by using a Baltic-North Sea ocean-ice model HBM (HIROMB-BOOS Model) in the operational setup by the Danish Meteorological Institute (DMI). The model has been jointly developed by the HBM consortium and used as an operational model in Denmark, Estonia, Finland, and Germany. HBM is a three-dimensional, free-surface, baroclinic ocean circulation and sea ice model that solves the primitive equations for horizontal momentum and mass, and budget equations for salinity and heat on a spherical grid. The vertical transport assumes hydrostatic balance and incompressibility of sea water. Horizontal advection is modeled using a flux corrected transport scheme. The Boussinesq approximation is applied. Higher order contributions to the dynamics are parameterized following Smagorinsky (1963) in the horizontal direction and a k-ω turbulence closure scheme, which has been extended for buoyancy-affected geophysical flows in the vertical direction (Berg and Poulsen, 2012; Poulsen and Berg, 2012). The model allows for fully two-way nesting of grids with different vertical, horizontal and time resolutions, which is used to resolve narrow straits and channels. The numerical model implementation uses a staggered Arakawa C-grid and z-level coordinates and free-slip conditions along the coastlines. With two-way dynamical nesting, HBM enables high resolution in regional seas and very high resolution in narrow straits and channels. With its support for both distributed and shared memory parallelization, HBM has matured as an efficient and portable, high quality ocean model code. The HBM setup for the present hydrographic dataset has a horizontal grid spacing of 6 nautical miles (nm) in the North Sea and in the Baltic Sea, and 1 nm in the inner Danish waters. In the vertical the model has up to 50 levels in the North Sea and the Baltic Sea, and 52 levels in the inner Danish waters with a top layer thickness of 2 m. HBM is forced by DMI-HIRLAM with 10 m wind fields, sea level pressure, 2 m temperature and humidity and cloud cover. At open model boundaries between Scotland and Norway and in the English Channel, tides composed of the 8 major constituents and pre-calculated surges from a barotropic model of North Atlantic (Dick et al., 2001) are applied. Other variables are set to monthly climatological values. Freshwater runoff from the 79 major rivers in the region is obtained from a mixture of observations, climatology (North Sea rivers) and hydrological models (Baltic Sea). At the surface the model is forced with atmospheric data from the numerical weather prediction model HIRLAM (Petersen et al., 2012). The HBM setup performance has been validated on several occasions, (e.g., She et al., 2007a,b; Maar et al., 2011; Berg and Poulsen, 2012; Wan et al., 2012; Schmith and Borch, 2013). The HBM model is validated on annual basis as DMI's operational storm surge model. It has been extensively validated as CMEMS Baltic marine Forecasting model until 2020 (She, 2014) and as operational model for coastal applications (Murawski et al., 2021).



2.5.2. Baltic Sea Macro Litter Transport Model

The continuous litter distributions necessary to define Green's functions in Equation (1) were generated by averaging Lagrangian ensembles over a 10 km scale (corresponding to the scale of the hydrodynamic model applied). The quasi equilibrium litter distribution was generated by the DRRS scheme (Christensen et al., under review) from 5 year simulations, with first year as spin-up time from a uniform initial litter distribution, and the last 4 years for generating average distributions, which allows us to resolve the absolute litter density from the Lagrangian ensembles, given influx source data. Results are not sensitive to increasing the spin-up time. The DRRS scheme was setup in the modular Lagrangian framework IBMlib, which has been used in numerous studies of physical-biological interactions (Christensen et al., 2018), many of which have been conducted in the North Sea / Baltic ecoregion. IBMlib has been coupled offline to the HBM model described above, stored as hindcast database with 10 km horizontal resolution, 1 h temporal resolution, and 50 vertical layers z-grid configuration. All major physical processes recognized to be important for horizontal and vertical transport of visible plastics are included in the Baltic: Advection by ocean currents, obtained from the HBM model described above, and Stokes drift from the ECMWF ERA5 (Hersbach et al., 2020) coupled atmospheric and ocean wave model (WAM, Janssen, 2002) reanalysis with 1 h time resolution. Wind drag on low-density plastic objects are parameterized following (Yoon et al., 2010); scaling analysis for wind-driven velocity component uw gives
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where u10 is the 10 meter air velocity vector, obtained as ECMWF ERA5 atmospheric reanalysis with 1h time resolution. Aa is the are area perpendicular to the wind direction of the plastic object above the sea surface, and Aw the area below the sea surface; ρw, ρp are the densities of water and plastic, respectively, and k0 is a heuristic shape factor of order 0.03 (Yoon et al., 2010), consistent with Maximenko et al. (2018), expressing the ratio between above/below surface drag coefficients and air/water density as well as effective wind vertical profile near the sea surface. In addition to this comes surface layer wind drag, which in hydrodynamic models is averaged over upper grid cells; however floating plastics experience only the skin layer, and it is estimated that this is 4% of u10 above the layer vertical average (Christensen et al., under review) based on a log-scaling estimate, which is added to the windage term. For simplicity we assume the area above (Aa) and below (Aw) the sea surface being equal. Consequently in the present baseline runs, we apply k = 0.07, representing pure windage and correction for finite upper layer thickness in the circulation model, in good agreement with Yoon et al. (2010) who estimated the relevant windage range to be 0 ≤ k < 0.3, and (Neumann et al., 2014) who found a good match with data when applying k ~ 0.05.

The HBM database does not contain dynamic values of vertical and horizontal sub-grid scale diffusion, so a representative horizontal diffusivity coefficient Dh of 100 m2/s is assumed as the baseline value (Gurney et al., 2001). Sinking processes are removing plastic objects from the water column. Even though progresses have been made in resolving spatio-temporal dynamics of the sinking rate λ (Kooi et al., 2017), uncertainty is too high and baseline simulations are conducted using constant representative values of λ = 0.003 day−1. Retention and reactivation(resuspension) at coastlines are opposite processes that eventually reach a dynamical equilibrium, so that rates are equal and opposite when averaged over medium to long time scales. Both processes are currently not well-parameterized and subject to ongoing research. In order not to introduce additional uncertain submodels without strong observational support, it is assumed that the dynamical equilibrium between retention and reactivation also apply at short time scales for Baltic macro litter simulations; technically this implies that reflective boundary conditions applies along coastlines to incoming litter. In Christensen et al. (under review), we validate the model performance in detail, and the baseline predicts major trends in beach litter data with r = 0.49, assuming the same beaching affinity along the coastline.



2.5.3. Mediterranean Physical Model

The hydrodynamic model is based on the Princeton Ocean Model (Blumberg and Mellor, 1983) that is currently operational within the POSEIDON forecasting system (Korres et al., 2007). POM is a three-dimensional, sigma-coordinate, free surface, primitive equation model. Vertical eddy viscosity and diffusivity coefficients are calculated using the Mellor-Yamada 2.5 turbulence closure scheme (Mellor and Yamada, 1982), while horizontal diffusion is parameterized following Smagorinsky (1963) formulation. A Hybrid ensemble data assimilation algorithm (Tsiaras et al., 2017) was implemented for the assimilation of satellite altimetry and sea surface temperature data, obtained from the European Copernicus data base. The atmospheric forcing was obtained from the POSEIDON operational weather forecast (Papadopoulos et al., 2002). The waves forcing (Stokes drift, wave period and significant height), used in the Lagrangian drift model was obtained off-line from Copernicus marine service and is based on WAM Cycle 4.5.4 wave model (Günther and Behrens, 2012) that is also a component of POSEIDON forecasting system that is also a component of POSEIDON forecasting system (Ravdas et al., 2018).



2.5.4. Mediterranean Macro Litter Transport Model

The Lagrangian drift model is based on Pollani et al. (2001) and evaluates the particles' displacement taking into account of the most important processes, such as advection from ocean currents, Stokes drift from waves, particles buoyancy/sinking, random movement in the horizontal/vertical and beaching. The model follows the concept of Super-Individuals (SI—Scheffer et al., 1995) for computational efficiency, with each SI representing a group of particles, sharing the same attributes (position, weight, origin, type of plastic etc.). For macroplastics (>5 mm), which is the focus of this study, the following types/sizes were considered: 5 mm–2 cm, 2–20 cm, >20 cm bottles, >20 cm bags, >20 cm foam. A uniform background initial concentration was adopted for each type/size class, based on the basin average from available in situ data (see Tsiaras et al., 2021). New SIs are created daily from source inputs. In order to prevent the SIs total number from continuously increasing, when this exceeds a certain limit ( 2 × 106), SIs of the same size/type within a predefined distance are merged and their properties averaged. The position of every SI is described by its coordinates (x, y, z) in a Cartesian system, which are updated every time-step using the 3-D displacement, produced by currents, wave and wind, obtained with bi-linear interpolation at the SI location. The Stokes drift from waves is obtained (off-line) from the wave model output and is assumed to decrease exponentially with depth. Random movement in the horizontal depends on the horizontal diffusion, obtained from the hydrodynamic model. Random movement in the vertical is assumed to depend on the vertical turbulent diffusion, obtained from the hydrodynamic model and mixing induced from waves that decays exponentially with depth. The wind drag that is practically effective only for macroplastics >20 cm (bottles, foam) is assumed to depend on the particle surface above water, following Yoon et al. (2010) parameterization Equation (15). Bottles are assumed to randomly lose their buoyancy and sink after on average 2 months floating, based on their often higher density when filled with water and in situ observations, showing a relatively small contribution of bottles in open sea floating plastics. Plastic bags that are considered as thin films (typical thickness ~ 25 μm), being prone to sinking (Chubarenko et al., 2016), along with particles with size 5 mm–2 cm and 2–20 cm are assumed to gradually lose their buoyancy from the attachment of micro- and macrofouling communities (Ye and Andrady, 1991; Fazey and Ryan, 2016) after 3, 4, and 5 months, respectively. These flotation periods corresponds to λ ~ 0.008 1/day, which is slightly higher than the level applied for the Baltic. Particles that end-up on land are assumed to remain on the beach for a fixed retention time, after which they return to the sea. During their time on the beach, the particles concentration is decreased, assuming some loss rate (e.g., burial). This is the main loss term in the model (along with sinking) and has been tuned so that the mean basin scale concentration remains fairly stable throughout the interannual simulation, obtaining also a better fit of simulated macroplastics concentration with in situ data (see Tsiaras et al., this issue).



2.5.5. Litter Sources Targeted for Cleanup and Cleanup Technologies

Riverine and beach sources of micro and macro plastic have been mapped for the Baltic and Mediterranean seas in the CLAIM Project (2021) project. In the Baltic we focus on the major rivers Oder, Nemunas, Narva, Wisla, Luga, and Daugava for the purpose of illustrating a cost-benefit assessment scenario, but other sources could be chosen as well. River sources of macroplastic to the Baltic Sea are shown in Figure 2. River source maps were obtained as an empirical function of accumulated plastics production and monthly river runoff, based on Lebreton et al. (2017) global dataset. The river input of macroplastics ( 0.7 of total microplastics+macroplastics) in the Mediterranean is shown in Figure 3. Here we focus on the effect of cleanup of the rivers Nile, Karasu, Soumman, Po, Buyuk, Seman, and Axios, which are among the major sources of plastics in the Mediterranean Sea. Several matured cleanup technologies are available commercially for macro plastic capture and removal from river sources. The Seabin device (Seabin, 2021) is a simple filtration unit that collects litter using tidal motion and a small pump; Seabin devices are placed at tactical places with easy operational access; the solution has a local fetch area, i.e., does not offer complete cleanup, but is a scalable solution. The basic unit operation cost is 2.65 € per day collecting ~ 1.5 kg of debris per day, i.e., α ~ 1.8 €/kg. A related technology is the trash wheel, as prototyped by Baltimore's Mr. Trash Wheel (Lindquist, 2016). A river current powers a large wheel lifting debris from the water and depositing it into an attached dumpster barge. The operation cost is 430 €/day removing on average 472 kg/day, i.e., α ~ 0.9 €/kg. Alternatively a non-stationary but littoral, technology like the SeaVax Robotic Vacuum Ship (SeaVax, 2015) offers more flexible cleanup deployment at 1.2 €/kg. This indicates that the cleanup price baseline is currently 1-2 €/kg. Since these technologies are based on local filtering, the price α(f) is assumed to be convex and will thus increase when scaling up toward full cleanup (f = 1); initially, we disregard this feature, and we apply an indicative marginal cleanup cost of α = 1 €/kg, reflecting a current apparent break-even level of α ~ 1 − 2 €/kg. In relation the present cost-benefit framework, the actual cleanup technologies considered need not be specified, just their equivalent cost-efficiency curves α(f), or just an average value for initial explorations.
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FIGURE 2. River sources of macroplastic inflow to the Baltic west of 13 °E; circle diameter is scaled according to yearly influx. The largest river source is Oder in the lower left corner corresponding to 67.2 tons/year.
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FIGURE 3. River sources of macroplastic inflow to the Mediterranean Sea.




2.5.6. Ecosystem Cleanup Objectives

Our understanding of the ecosystem impacts from micro and macro litter is currently not well-developed; for type 1 problems this is needed to set scientfically based management targets and for type 2 problems to parameterize the ecosystem functioning U(f). It is important to stress that the unit (e.g., biodiversity, vital rates or fishing value) of the cleanup objective U in Equation (8) does not affect the analysis; further, if the simplest functional form Equation (3) is applied, only the relative differences in litter concentration tolerance P†(x) needs to be specified, and difficult cross sectoral and ethical discussions about the inclusion of ecosystems in anthropocentric utility functions in neo-classical welfare economics can be avoided about the explicit form of U(P) can be avoided. Previous work has used primary productivity derived from remote sensing data as a proxy for ecosystem sensitivity (Sherman and van Sebille, 2016) assuming that the latter scales with trophic flux irrespective of season. Alternatively direct maps of ichthyoplakton, zooplankton and higher trophic levels based on data synthesis are becoming increasingly available, (e.g., Beauchard et al., 2017; Beauchard and Troupin, 2018b). A consistent demonstration was suggested by the HELCOM Baltic Sea Impact Index (Halpern et al., 2008; Korpinen et al., 2010, 2012), which combines such species maps with a sensitivity matrix, based mainly on expert knowledge. Another important sensitivity map is that of the vulnerability of benthic ecosystems to sunken marine litter (Beauchard and Troupin, 2018a), which should be overlayed with the sinking flux F(x) = λ(x) P(x) that is an important auxiliary output from Eulerian/Lagrangian transport calculations. To cut the discussion short on exact weighting of different ecosystem layers, we will apply a transparent middleway by applying Natura2000 areas as sensitive areas, see Figures 4, 5, which displays original MPA (Marine Protected Area) designations (obtained in ESRI shapefile format). For type 1, the target applied will be a certain pollution reduction level, compared to present conditions; alternatives could be a certain absolute pollution level for all sensitive areas. For type 1 optimization, a pollution assessment grid were generated by projecting MPA areas in Figures 4, 5 onto the same grid applied for hydrodynamic data generation in each basin, (at native 10 and 5 km resolution, respectively) to monitor the level of cleanup obtained by a given cleanup effort f; the Baltic grid contains 280 monitoring points, the Mediterranean 2918 monitoring points. For type 2 optimization, the simplest representation of the ecosystem benefit function (Equation 3) is integrated over the full Natura 2000 networks in each sea. Results will be qualitatively independent of the particular choice of ecosystem sensitivity P†, as the same value is assumed to apply to all sites in the network.
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FIGURE 4. Baltic region Natura2000 sites. Provided by HELCOM (2021).
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FIGURE 5. Mediterranean Natura2000 sites indicated by purple. Data provided by MAPAMED (2020).






3. RESULTS


3.1. Macro Plastic Distribution and Green's Functions

Figure 6 show the average macro plastic concentration and the Green's functions for two major rivers connecting to the Baltic Sea, corresponding to a 4 year simulation period 2009–2012, with 2008 as spin-up period. The average macro plastic distribution shows enhanced abundance in near-coastal regions, especially at the Eastern side, which is likely explained by wind drag and prevailing westerly winds in the region. The temporal RMS of fluctuations around the average level in Figure 6A is large, typically 2–5 times the average, and the temporal dynamics are characterized by a varying abundance of plastics, traveling as wave patterns around in the Baltic Sea according to variable wind and current patterns; underlying transport dynamics are elaborated in more detail in Christensen et al. (under review). The Green's functions for the major rivers Oder and Narva in Figure 6 clearly show that the area of influence for sources may be very different; the Oder pollutes the most of the Baltic Sea, and most heavily the southern and Eastern Baltic regions, whereas Narva mostly affects the Gulf of Finland and the Bothnian Sea. Notice that the Greens's functions are normalized per source influx so that the plot does not show the absolute concentration of the pollution plumes.
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FIGURE 6. (A) Average macro plastic concentration in the Baltic Sea (tons/km2), corresponding to inputs from all 402 larger river sources and coast litter sources. Macro plastic Green's functions (year/km2) for (B) river Oder and (C) river Narva, corresponding to unit influx S. River mouths indicated by red circle. All distributions are generated as 4 year averages with 1 spin-up year using the DRRS equilibration scheme.


In Figure 7, the mean (2016-2018) simulated distribution of macroplastics (total from all sizes) for the Mediterranean is shown. This is primarily affected by the major sources distribution (see Figure 3), being higher in coastal areas with important source inputs (Algerian coasts, Italian and Albanian coasts in the Adriatic, Turkish coasts in the Eastern Aegean and Eastern Levantine coast). It is also affected by near surface circulation, resulting in the off-shore advection of floating plastics from coastal regions, such as the northward spread from the meandering Algerian current and the convergence of plastics in areas characterized by anticyclonic circulation, such as the Gulf of Syrte. The effect from wind/wave drift with a predominant southeast direction is mainly identified by the lower concentrations “shadows” near “protected” coasts and also the relatively lower concentration in the Aegean due to Etesian winds and the G. Lion due to the strong off-shore advection of floating particles from Mistral winds. The impact of circulation and wind/wave is also illustrated by the Green's functions calculated contribution from specific sources (Figure 7). The one for the River Soumman (Algeria) for example shows a very extended spread that covers almost the entire Western Mediterranean and reaches the Eastern Levantine following the pathway of Atlantic-Ionian stream. Another example is the River Seman (Albania) that shows an important influence throughout the Eastern Mediterranean, despite its relatively lower plastics load, compared with other major sources. It should be noted that certain Mediterranean Green's functions are essentially zero in some parts of the Mediterranean Sea so the pollution connectivity is more sparse in the Mediterranean, compared to the Baltic Sea. Also the relative differences in the Green's function range seem larger in the Mediterranean than in the Baltic Sea.
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FIGURE 7. (A) Average macro plastic concentration in the Mediterranean Sea. (B–E) 4 examples of river source Green's functions for the Mediterranean Sea, for rivers Soumman (river mouth Algier), Seman (river mouth Albania), Nile (river mouth Egypt), Karasu (river mouth Turkey). All distributions are generated as 3 year averages.


Table 1 gives ϵi (Equation 5), generated with P† = 1 inside Natura 2000 sites, and zero outside; the relative ranking of rivers and hence the optimal cleanup solution is invariant with respect to the level of P†, since only the ratios matter. We see that ϵi does not correlate strictly with influx Si, neither in the Baltic nor in the Mediterranean Sea, so that in some case it pays off to clean some smaller rivers before larger rivers, because they affect sensitive areas more per unit influx. Table 1 also reveals noticeable differences between the Baltic and Mediterranean case: the average level of ϵ appears smaller for the Mediterranean than the Baltic. This may partially be explained by different submodels for the sinking rate and beaching of macro plastic in the two implementations. It should be noted that only the relative difference influence the cost-benefit analysis, not absolute levels. However, the relative spread in ϵ also appears larger in the Mediterranean, which is more likely a feature related to hydrodynamic differences, as sources that lie in the pathway. of strong coastal currents (e.g., River Soumman, River Seman) appear to have a more extended influence (see Figure 7). For the Baltic rivers Daugava, Oder, Nemunas, Wisla give relatively similar ecological benefit per investment in plastics clean up, with a significant gap down to rivers Narva and Luga.


Table 1. ϵ for major rivers supplying the Baltic and Mediterranean Sea with fresh water and macro plastic pollution; rows for each region sorted according to ϵ, generated with P† = 1 for comparison.
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3.2. Cost-Benefit Analyses of Cleanup Effort Prioritization

Before embarking on the cost-benefit analysis, it is important to assess the feasibility of cleanup (Equation 2) for type 1 (fixed target) analyses, given the set of sources ω in Table 1 considered for cleanup. Here it turns out that the regional cleanup scope is more limited in the Mediterranean than for the Baltic case, see Figure 8, which shows the histogram of maximum cleanup potential ΔP/P0 in Natura 2000 sites in both the Baltic and Mediterranean Seas. The underlying reason for this is that Mediterranean Green's functions (Figure 7) are more localized on a basin scale, compared to the Baltic Sea, which is seven times smaller areawise than the Mediterranean Sea. Also many MPAs are found in the Northwestern Mediterranean, where river pollution is particularly low, according to the adopted (Lebreton et al., 2017) dataset; further source mapping suggests that river pollution accounts for a relatively smaller fraction of the macrolitter input in the Mediterranean Sea. Actually, it turns out that 23% of the Natura 2000 areas in Figure 5 are only marginally affected by river pollution from Mediterranean rivers in Table 1, and therefore environmental conditions for this 23% of the Natura 2000 areas can consequently not be amended by cleanup of these sources. Albania, Algeria, Egypt and Turkey have national MPAs, which are not part of the Mediterranean Natura 2000 network, and these should of course be included in a realistic and more comprehensive application. For type 1 analyses, we therefore exclude these MPAs from the cleanup target, where cleanup to a specific target is infeasible by construction (Equation 2) due to prevailing transport patterns (but MPAs still benefit from cleanup); here the initial message from the analysis is that additional sources need to be considered, in order to have a higher cleanup potential at basin-scale, and this situation is expected to be occurring in other cases as well (the Baltic case also displayed a feasibility limit, but this was much higher than for the Mediterranean case).


[image: Figure 8]
FIGURE 8. Histogram of primary feasibility of cleanup by Equation (2) monitored at regularly spaced sampling points within Natura 2000 sites when (A) cleanup rivers Oder, Nemunas, Narva, Wisla, Luga, and Daugava in the Baltic Sea (monitored at 280 points), and (B) cleanup rivers Nile, Karasu, Soumman, Po, Buyuk, Seman, and Axios in the Mediterranean Sea (monitored at 2,918 points).


Figure 9 illustrates the outcome of cleanup optimization in the Baltic Sea, when considering the set of pollution sources in Table 1. Figure 9A show a histogram of macro litter density within the Natura 2000 Baltic network, which is the cleanup target used for the purpose of illustration, as described above. The litter density is very variable and spans four orders of magnitude, indicating the presence of hot spots/zones. Accumulation patterns are driven by the interplay between surface currents, Stokes drift, wind drag, and coastal confinement on the other side, and is analyzed in more detail in Christensen et al. (under review). The distribution tail is slightly skewed toward the high end in the log-histogram, but the distribution is close to log-normal. Figure 9B illustrate the overall benefit of cleanup at a given cost in the Baltic Natura 2000 network by type 1/2 prioritization. The optimizations corresponds to the simplest setting with constant α(f) and linear U(P) (Equation 3), optimizing over how to distribute cleanup efforts fj between the six considered river sources in Table 1. For type 1 analysis we consider pollution reduction factors up to 25% within each Natura2000 MPA, minimizing the cost at each reduction factor 0–25%, and then evaluating the corresponding overall ecosystem benefit at that reduction level; for each pollution reduction factor this generates a corresponding (cost, benefit) point, and the curve spans from 0 up to max 25% removed pollution (right end point). If the reduction factor is increased further the optimization problem becomes increasingly infeasible (no solution), because areas in the Natura 2000 network are also significantly influenced by other sources not considered for cleanup, which sets the upper bound for the attainable cleanup level. In this particular case, the maximum global reduction level is 8%, limited by an MPA site north of Rügen; most other points on the MPA assessment grid can attribute 20–60% of their macrolitter pollution from these six river sources. For the type 1 analysis, MPA sites that can not be cleaned up to 25% were released from the target (but still benefit from cleanup). To achieve higher reduction levels, additional sources must be considered for cleanup. For type 2, the U2(c) curve is generated by optimizing the overall ecosystem benefit at a given cost level c, using the same cost range as the type 1 curve for comparison. Both curves U1 and U2 are strictly piece-wise linear in the simplest setting with constant α(f) and linear U(P). Generally U1(c) ≤ U2(c) since U2 is directly maximized at a given cost level c. The underlying reason is that from an overall perspective, certain MPAs have to be over-cleaned to reach a certain pollution reduction everywhere. The type 1 and 2 curves eventually have the same right end point, corresponding to f = 1, if Green's functions are non-vanishing everywhere at monitoring points xk. Figure 9C shows the optimizing solution for both the type 1 and 2 problem, at different cost levels. We see that the type 1 and 2 problems actually lead to rather different cleanup solution f at similar cost, even though the level of overall sub optimality type 1 is limited (Figure 9B). The type 1 optimizer f obtained by linear programming (Equation 9) has many more kinks (slope discontinuities) connected by linear segments compared to the type 2 optimizer, which also comes from linear programming, where sources are cleaned fully in successive order according to the ranking principle (Equation 13).
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FIGURE 9. (A) Histogram of average Baltic macro plastic density on assessment grid within Natura 2000 MPAs in Figure 4. (B) MPA integrated benefit of cleanup per area U/AMPA as function of cost for fixed-objective (type 1, dashed line) or best-value-per-cost (type 2, full line). End point on dashed curve correspond to at least 25% local pollution reduction at all feasible points on assessment grid. For the plot we applied P† = < P >MPA so BAU reference scenario (f = 0) corresponds to U/AMPA = 0 and full cleanup (P(x) = 0) of all sources (also beyond 6 river in Table 1 corresponds to U/AMPA = 1 (C) Cost-minimizing solution f for different river sources in Table 1 corresponding to B) for type 1 optimization (dashed curves) and type 2 optimization (full curves).


In Figure 10, the corresponding cost benefit analysis for the source cleanup benefiting the Mediterranean Natura 2000 MPAs in Figure 5 is shown, when considering the set of pollution sources in Table 1. Figure 10A shows a histogram of macro litter density within the MPAs. As for the Baltic Sea, the litter density is very variable and spans five orders of magnitude, again indicating the presence of hot spots/zones; on average the pollution level is about 20% higher compared to the Baltic, but the exact number will be sensitive to sink parameterization. The Mediterranean is a semi-enclosed basin that is considered a hot-spot of plastic pollution (Suaria and Aliani, 2014), resulting from its densely populated coastline and the limited outflow of surface waters. The density distribution is more symmetric compared to the Baltic in Figure 9A, so it is closer to a log-normal distribution.
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FIGURE 10. (A) Histogram of average Mediterranean macro plastic density on assessment grid within Natura 2000 MPAs in Figure 5. (B) MPA integrated benefit of cleanup per area U/AMPA as function of cost for fixed-objective (type 1, dashed line) or best-value-per-cost (type 2, full line). End point on dashed curve correspond to at least 10% local pollution reduction at all feasible points on assessment grid. For the plot we applied P† = < P >MPA so BAU reference scenario (f = 0) corresponds to U/AMPA = 0 and full cleanup (P(x) = 0) of all sources (also beyond 6 river in Table 1 corresponds to U/AMPA = 1 (C) Cost-minimizing solution f for different river sources in Table 1 corresponding to B) for type 1 optimization (dashed curves) and type 2 optimization (full curves).


Figure 10B illustrate the overall benefit of cleanup at a given cost in the Mediterranean Natura 2000 network by type 1/2 prioritization. As before the optimizations corresponds to the simplest setting with constant α(f) and linear U(P) (Equation 3), optimizing over how to distribute the cleanup effort f between the seven river sources considered in Table 1. Again for type 1 analysis, the curve is generated by increasing the required pollution reduction factor, minimizing the cost at that reduction factor, and evaluating the overall ecosystem benefit; for the Mediterranean Sea we consider an up to 10% pollution reduction in the MPA areas by cleaning up the 7 rivers, and for each pollution reduction factor this generates a corresponding (cost, benefit) point, and the curve spans from 0 up to max 10% removed pollution (right end point). If the reduction factor is increased to higher levels, the optimization problem becomes increasingly infeasible (no solution), with fewer MPA sites being able to reach the target. For type 2, the U2(c) curve is generated by optimizing the overall ecosystem benefit at a given cost level c, at a set of cost levels corresponding to the type 1 curve for comparison. Both curves U1 and U2 are strictly piece-wise linear in the simplest setting with constant α(f) and linear U(P), but in this case U2 appears overall more concave than U2 for the Baltic Sea, and type 2 (overall) cost-benefit optimization gives more value for the cleanup investment.




4. DISCUSSION

In this paper, we presented a consistent framework for cost-benefit analysis of marine litter cleanup. Because it is based on first principles, it allows for systematic refinements of assumptions and approximations. The simplest setting was applied for the Baltic and Mediterranean case studies and below we outline the major assumptions and approximations, their influence and potential pathways for amendment. The pollution sources and study areas chosen in this paper are not special and we expect our framework to be applicable to other coastal regions as well if the corresponding input data is supplied. In relation to a particular target it is important that the considered set of rivers are relevant and carry a significant fraction of the input. This is checked by the feasibility analysis (Equation 2) In Christensen et al. (under review), we give a more detailed account of major knowledge gaps and uncertainties in relation to the physics (transport simulations) applied for computing Green's functions.

Different macro litter fractions display different dispersal patterns away from the source; this is mainly due to different experienced wind drag k, caused by buoyancy differences and differences in size and shape, but wave interaction may also play a significant role. It has already been pointed out that this has the potential to create spatial litter stratification by windage (Maximenko et al., 2018), which would constitute a rich validation data set. Additionally the sinking rate λ(x, t) determines the extend of the Green's function and will depend mainly on buoyancy and size of the objects, as well as seasonal and spatial differences in biofouling rate, which also depend of material and surface texture.

To confine uncertainty in transport simulations it is necessary to know the composition of the litter from sources, expressed as a statistical distribution over (k, λ) (as a first approximation). This is akin to the new trait-based paradigm in ecology, where the analysis focuses on key traits rather than individual species (Kiørboe et al., 2018). The idea of considering low-dimensional statistical distributions of litter types, rather than arbitrary more or less representative selections of specific litter pieces has already been suggested by Kooi and Koelmans (2019), which suggested size, Corey shape factor and density as pragmatic covariates for the statistical distributions; our work suggests that the most relevant covariates aligned with a modeling perspective are (k, λ), which are more complicated to measure routinely, so that an important future research issue is linkage functions from easily measurable litter attributes to (k, λ), and identifying easily measurable litter attributes in addition to size, shape and density that determine (k, λ), like surface texture. Such input is important to standardize the sampling methodology and reporting practices for detection, quantification, and characterization of plastic debris in the marine environment, which is currently critically lacking (Law, 2017).

Then, by linearity of transport, the effective Green's function is just the Gk, λ weighted by the statistical distribution over (k, λ) of litter. If the ecological impact of different macro litter fractions are comparable, the cost-benefit analysis may be conducted using the obtained effective Green's function, alternatively different representative fractions must be accounted for in parallel, extending the set of sources ω in the analysis. Assessing the statistical distribution over (k, λ) of marine litter today is far beyond survey recording practices, where observational categories are very coarse, disjoint and aimed at low-effort postprocessing, e.g., “plastic,” “plastic < 5 cm.” As a minimum, to allow data-pooling and meta-studies, a common set of observational categories needs to be established, preferably a hierarchical system as applied for habitat classification (Davies and Moss, 2000, 2004). The approach until now has not addressed that plastic litter possibly break up before eventually sinking. Breakup products will disperse independently. If fragments keep (k, λ) corresponding to the parent, the result will be the same, because Lagrangian/Eulerian simulations have a diffusive term representing the effect of sub-scale eddies statistically. According to Kooi et al. (2017) this is likely not the case for λ, and due to the air flow profile vertical scaling near the sea surface, it is likely not the case for k either. So studying the temporal dynamics of a distribution over (k, λ) is of interest, also to address the long-term fate of marine litter.

In the current formulation cleanup at sources is assumed, which is expected to be most effective from an entropic point of view, and also supported by pilot studies (Sherman and van Sebille, 2016), however, off-shore cleanup is also conceivable as for example add-on installations at wind farms. It can be shown that the Green's function technique advanced in this work can also be extended to cover off-source cleanup, thus allowing to cross-compare a wider palette of cleanup alternatives in an integrated framework.

Case studies were developed using the simple relation Equation (3) for type 2 analyses of ecosystem impact. Even though the biological literature is equivocal on the adverse effect and potential dangers of marine plastic, evidence is qualitative and categorical (e.g., statistics of species having detectable interaction with unmanaged plastic), and collected data are usually habitat and species specific. In light of the complexity of physiological processes leading to vital rates, the literature today falls short of mapping ecosystem functioning directly to the continuous litter density, and in this perspective it becomes an academic exercise to go far beyond the simplicity of Equation (3). If the underlying ecosystem functioning really respond non-linearly to plastic abundance (as opposed to gradually linear as in Equation (3)), the next observational step would be to seek a step function, which also just contain one essential parameter (the sharp threshold) to be estimated. In this case, the type 1 and 2 problems become mathematically isomorphic, and need to be solved like the type 1 problem in the present formulation with very little adaptation. For the type 2 formulation in the present context, only the relative values of P† are important, but with the step function, the absolute value matters.

In addition to potential non-linearity of ecosystem functioning, non-linearity of the cost function also needs to be considered. This non-linearity is more tangible and easier to assess than that of ecosystem functioning and the impacts on ecosystem service delivery (e.g., recreation, commercial fisheries etc.). The underlying reason is that for many cleanup techniques, e.g., those relying on local filtering, it progressively becomes more difficult to remove all litter which implies that c(f) becomes a convex function in cleanup degree f. In the Supplementary Materials we demonstrate that a logarithmic scaling is expected on rather generally c(f) ~ −log(1 − f)) as f → 1, if installation costs are discounted over the lifetime of the technology, so that the last term in Equation (6) becomes −αjSjlog(1 − fj)). This renders the objective functions Equations (7), (8) non-linear in the interior and weakly singular at the right boundary f = 1, so the optimization problems are of the general KKT type. Generally speaking, this means the solution will be left-interior f < 1 and not be constituted by linear segments as in Figures 9C, 10C, and the convenient ranking principle for linear type 2 problems (Equation 13) will not apply strictly.

In our case studies we applied the indicative marginal cleanup cost of α = 1 €/kg as baseline in our example case studies. With the current increasing level of research and development in sustainable cleanup and recycling (see e.g., OceanCleanupProject, 2013) this baseline is expected to drop with industrial scaleup and optimization in the future; a reduced cleanup cost level α will not, however, change the approach and results outlined in this paper, but merely change the cost scale axis in figures like Figures 1, 9, 10, and allow for cleaner oceans for a given level of societal investment in cleaning.

The plastic source map applied in this work represents current best knowledge, however this data set has certain shortcomings, most importantly that the Russian sources are not available. We expect inclusion of this will lead to higher plastic concentrations in the Gulf of Finland and the Bothnian Sea. The Greens functions computed for riverine sources are insensitive to error and biases in the source map, but average plastic distribution is sensitive to errors. It is important to stress that our integrated framework will also work for an amended source map and results will be qualitatively similar, even though quantitative results may change a little reflecting updated input.

In the regional case studies we have applied a constant litter influx, corresponding to the limited available data, without seasonal patterns or short term interannual trends. However, it is not unlikely that a significant time variation is present in the influx for each source, reflecting for example precipitation dynamics, changing seasonal consumption patterns and overall economic activity level. If such submodels were available, they could be applied as modulations on the constant litter influx levels applied in the current setups. Technically this means that time varying Green's functions must be applied, but our frame work can relatively easily be extended to cover this. However, it only makes sense to consider this advancement, if also a non-linear ecosystem functioning is applied, because averaged ecosystem functioning is not the same as ecosystem functioning under averaged conditions. Another aspect calling for an extension to time varying Green's functions is vulnerable periods in the ecosystem, for instance spawning seasons. As a first step in this direction, a temporal clip may be applied when time-averaging the Green's functions. Alternatively a lower tolerance limit could be applied to the entire season, when setting targets or defining the U functions.

Related to this discussion is also the effect of short-term fluctuations in litter distribution. A first generalization of the current framework in this direction is to simulate local temporal fluctuations σP(x) in litter density with an equation similar to Equation (1), developed the time dependent Green's function. This allow for an amended representations of the ecosystem functioning U = U(P, σP).

In our presentation, we have leaned toward U representing non-monetized aspects of ecosystem functioning and ecosystem service provision. Depending on the starting point, U may also partially or fully represent an economic aspect of ecosystem functioning, e.g., fishing yield value or recreational sector revenue. From a mathematical point of view, it makes no difference in the optimization procedure whether U represents an ecological conservation aspect or a monetized utility aspect. The dilemma is partly ethical and partly methodological based on academic and policymaker confidence in available environmental valuation methods. Our framework can handle both perspectives, and the choice is visible up front in the definition of Z2. A detailed discussion of the case where U is a monetized representation ecosystem services and functioning is beyond the scope of this manuscript. But in this case U and C have the same unit, and the natural value in Equation (8) is κ = 1 so income and costs are at same footing and the problem is a standard profit maximization problem, with f as control variables. In this case these is a risk that Z2 looses convexity and/or the mathematical solution becomes trivial (f = 0) implying no cleanup at all.

Although beyond the scope of the present work, for type 1 (cost minimization) problems, it is relatively straight forward to include other social, political and geopolitical issues when applying a regional cleanup solution, by ad hoc adjustments of targets. It is also possible to add penalty terms (or additional inequality terms) to Equation (8). The present framework then allows to assess the degree of suboptimality—or quantify the additional cost incurred—by such constraints.



5. CONCLUSIONS

We presented a quantitative framework to optimize choices across technologies and sites for cleaning up marine litter at regional scale, and identified which cross-disciplinary input is needed to support scientifically sound marine litter cleanup strategy planning. Our formulation is a consistent first principles approach combining data from physics, biology, cleanup engineering, and economics which allows for systematic extensions. We identify two cost-benefit problem categories: cost minimization and benefit maximization, which have different objective functions and different solutions. In the simplest case with linear cleanup-cost and ecosystem functioning, the target-driven analysis leads to a robust linear programming problem. The best-value can be solved analytically by a ranking principle, in the simplest case. When more complex cleanup-cost and ecosystem functioning representations are included, the framework leads to a general KKT optimization problem. Furthermore, the integrated framework allows to test the feasibility of a given cleanup target by considering the source litter dispersal Green's functions, which was an important step, as illustrated in our two regional case studies. Best-value cleanup formulations have no feasibility constraints. The parameterization requirements in the framework is relatively benign, since in many cases only ratios or relative values of properties are needed. We present case studies of cleanup in the Baltic and Mediterranean Seas demonstrating the framework, and several interesting results emerge. Green's functions in the Mediterranean Sea appear more localized which lowers the feasibility of a given target, if a given set of river sources are considered for cleanup, and successful cleanup is more dependent on including enough sources. For both the Baltic and the Mediterranean Sea upper limits of cleanup feasibility are set by sites under influence of local pollution sources not included in the cleanup plan. In both cases it is also not most favorable to clean up the largest sources first, considering the overall ecosystem benefits. Our work has demonstrated that it is pivotal to include litter transport simulation in the planning of regional scale cleanup strategies, if ecosystem benefit are to be maximized for the resources to be invested in marine litter cleanup.
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Marine pollution from debris is a major issue nowadays, since every year large amounts of litter enter into the sea. Under the Horizon 2020 framework and within the Cleaning Litter by developing and Applying Innovative Methods in European Seas (CLAIM) project, innovative devices were designed, developed, tested and applied in laboratory and in the field. These consisted of a system named CLEAN TRASH for the prevention of macrolitter in river estuaries before entering the Sea and a filtering system for microplastics (MPs), to be placed at waste water treatment plants (WWTP). Laboratory experiments showed that macrolitters were blocked by 90% by the CLEAN TRASH system, while during the sea testing period at the Kifissos river estuary, a significant source of terrestrial based litter for the Saronikos Gulf, a total amount of 1,175 kg of litter was collected in 38 days before entering the sea, of which the 708 kg (60%) were plastic debris of various sizes and another 164 kg (14%) of styrofoam parts. The lab scale prototype of the filtering system for MPs had an efficiency of about 95%. The upscaled device was tested at the Megara WWTP and was able to withhold a significant amount of MPs. The theoretical contribution of such devices toward the reduction of plastic pollution in the Saronikos Gulf area and the Natura conservation areas therein, was also studied with the use of a 3-D coupled Hydrodynamic-Lagrangian litter tracking model. In all experiments performed, the installation of the above devices for a period of 2 years, resulted in a microplastics reduction by about 87% and a macroplastics reduction ranging from 13 to 43%, depending on the sources.

Keywords: marine pollution, macroplastics, microplastics, Lagrangian plastic dispersion model, CLEAN TRASH, prefiltering system, waste water treatment plant


INTRODUCTION

Each year millions of tons of plastic debris enter the sea (Jambeck et al., 2015). These are either macroplastics, (i.e., particles with a diameter larger than 5 mm), although in the 5–25 mm range, they are also categorized as mesoplastics, or microplastics (MPs) that are smaller than 5 mm. The first usually originate from sources like rivers, streams and areas close to shore with intense anthropogenic activity (e.g., tourism). MPs are either primary, i.e., industrially manufactured in small sizes (microbeads in personal care products, industrial scrubbers, plastic powders, etc.) that enter the sea from Waste Water Treatment Plants (WWTPs), or secondary that result from the fragmentation of larger plastic particles (textiles, paint, tires, etc.), once they are released into the environment (Talvitie et al., 2017a).

The scale of plastic pollution at sea, by becoming part of the Earth’s fossil record, is a marker of the Anthropocene, as characterized the current geological era. The rapidly increasing volume of plastic pollution is putting the health of all the world’s oceans and seas at risk (UNEP – Un Environment Programme, 2021), since plastics in the marine environment are considered a threat to living organisms by being mistaken for food (Talvitie et al., 2017a; Sun et al., 2018; Mahara et al., 2021), or simply consumed together with plankton (i.e., filter feeding organisms) (Alava, 2020; Mahara et al., 2021). Studies investigate the trophic transfer of smaller MPs up the food chain from smaller consumers to top predators (Alava, 2020; Hamilton et al., 2021), including humans (Smith et al., 2018), with unknown effects in human health.

Possible actions to prevent sea pollution from plastics, could include methods like an international ban on the intentional use of plastics, the ban of single use plastic products and of MPs from cosmetics, raising public awareness regarding the benefit of reducing plastic pollution from sources like beaches and harbors, and blocking plastics before they enter the sea. This last measure must be twofold since, for the reduction of both kinds of plastic, barriers must be installed at rivers and streams for the macroplastics and at the WWTPs for MPs.

For the reduction of larger plastics (macroplastics), a number of technologies have been developed. Most of these include innovative devices placed at rivers and streams that stop macroplastics and other debris. Some examples are the Interceptor from the Ocean Cleanup foundation (The Ocean Cleanup, 2021), installed in Indonesia, Malaysia and the Dominican Republic, the Bubble Barrier (Waternet, 2021), deployed in a number of the Amsterdam City canals, Mr. Trash Wheel (Trash, 2021), installed at the Jones Fall River in Baltimore, the River Cleaning system (Home—Rivercleaning, 2021), the Allseas river plastics removal project (Allseas Group S. A., 2021) installed at the Port of Antwerp in Belgium and in rivers and ports in Netherlands, the Seabin project (Seabin, 2021), the EPS Marine Sea Surface Cleaning Boats (Marine, 2021), the Urban Rivers Trashbot (Trash robot —Urban Rivers, 2021) and the SeaVax Project (Oceansplasticleanup, 2021).

Among these innovative approaches, for blocking macroplastics before entering the sea, is the CLAIM’s Litter Entrapping Autonomous Network Tactical Recovery Accumulation System Hellas or CLEAN TRASH which has been designed and manufactured under the CLAIM project (Cleaning Litter by Developing and Applying Innovative Methods in European Seas) and installed at Kifissos river in Athens, Greece.

Passing on to the reduction of MPs at sea through their treatment at key entrance points (i.e., WWTPs), it has been shown that conventional wastewater treatment may substantially reduce MPs from the wastewater and most of the MPs (particularly the larger sized classes) are already removed during the pre-treatment phases (Carr et al., 2016; Murphy et al., 2016; Talvitie et al., 2017b), and by up to 98% through tertiary treatment. Although their removal efficiency is high, conventional WWTPs may actually be a significant source of MPs given the large volumes of effluents that are discharged, carrying high concentrations of MP (Mason et al., 2016; Murphy et al., 2016; Mintenig et al., 2017; Talvitie et al., 2017a,b). Although in the past several years there have been continuous increases in the required level of quality of the final effluents of wastewater treatment, the technologies to improve the quality of the final effluent are not specifically designed to remove MPs (Mason et al., 2016; Talvitie et al., 2017b). However, a few studies suggest that by utilizing a variety of advanced final-stage treatment technologies, the reduction of the MPs from effluents can be further improved (Carr et al., 2016; Mintenig et al., 2017; Talvitie et al., 2017b; Ziajahromi et al., 2017).

Plastic microbeads, fragments and fibers pass directly from household waste into waste water systems and are too small to be retained by the standard filters used at WWTPs. Therefore, to reduce existing quantities of MPs released in the marine environment, there is a need for innovative methods, one of which is now under development in the framework of CLAIM project. Nanotechnology has potential application in various sectors of wastewater treatment and management, and is often more effective than conventional filters (e.g., Hillie and Hlophe, 2007). Heterogeneous photocatalysis is one such alternative water treatment method suitable for controlling environmental pollution (e.g., Theron et al., 2010). A photocatalytic device that degrades MPs in water under natural or artificial sunlight fabricated by KTH Royal Institute of Technology in Stockholm as well as the SME DEVENTUS using green nanotechnology-based coatings encourage polymer degradation (Uheida et al., 2021). However, to optimize the efficiency of the photocatalytic reactor—given the large volumes of effluents that are discharged, a prototype prefiltering system was developed to be placed toward the end of the purification process of WWTPs and prior the photocatalytic device to retain MPs as small as 30 μm which escape from WWTPs and feed them back to the photocatalytic reactor with a back wash operation.

Last, the effect of a possible permanent installation of these technologies in both Kifissos river (CLEAN TRASH system) and the Megara WWTP (prefiltering device), as well as in all the other rivers and WWTPs flowing into the seas around the Metropolitan area of Athens, were studied using a Lagrangian numerical model (Tsiaras et al., 2021).



CLEAN TRASH SYSTEM


Background and Site Deployment Selection

The CLEAN TRASH system aims to retain macroplastics (>5 mm) at river mouths, before they enter the sea. It is designed in order to incorporate a unique containment system which minimizes storage requirements of collected macroplastics while automatically regulating its position in the water, in combination with a tactical arrangement of customized floating barriers.

For the needs of the project, the rivers of the Attica Region (Figure 1), where the city of Athens (Greece) is located, were studied. The aim was to select the best available options by considering a number of factors such as location, water flow, depth in the river mouth area and expected litter quantities.
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FIGURE 1. The Saronikos Gulf Area with the Macro and Micro Plastic Point Sources from Rivers and WWTPs.


To this end, outflows of the larger rivers in the area, the Kifissos, the Erasinos and the Rafina rivers were compared, using model derived river daily mean outputs (Lindström et al., 2010) for the years 1980–2010 (Figure 2). The Kifissos river has an average outflow of 3.2 m3/s, with a minimum of 0.48 m3/s during August and with the maximum values (13.49 m3/s) appearing during winter months and some events during spring. The other two rivers have significantly lower and non-permanent water outflows. Therefore, the Kifissos river was selected thanks to its permanent outflow, which can bring considerable quantities of litter during rain periods, while the other rivers in the Attica Region are characterized by long periods of dryness, potentially putting the project tests at risk.
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FIGURE 2. Modelled Average Daily (A) and Yearly (B) (1980–2010) Water Release of the 3 Major Rivers of Attica.


Following the river selection and in order to examine the prevailing weather conditions in the estuary area, outputs from the Poseidon operational forecast system (Poseidon System, 2021) for the 2000–2010 period, were used. Northerly and northerly-west winds prevail during all seasons (Figure 3), with the maximum velocities appearing mainly during the summer period.
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FIGURE 3. Seasonal [Winter: (A), Spring: (B), Summer: (C), Autumn: (D)] Wind Conditions near the Kifissos River Mouth (denoted by the blue square).


The seasonally average significant wave height at the model grid point corresponding to the river output was calculated to be 0.12 m (Figure 4), without taking under consideration the existence of the wave breaker located at the southern part of the river mouth. Maximum wave height in the area (0.2 m) is presented between Winter and Spring.
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FIGURE 4. Average Monthly Significant Wave Height at the Kifissos River Mouth Sea Area.


Toward predicting a possible displacement of the boom due to the existence of strong currents, the average surface currents speed and direction in the area was calculated (Figure 5). The overall circulation is anticyclonic and the yearly average current speed is estimated at ∼0.035 m/sec. More thoroughly, an initial westerly current during winter becomes northerly during spring and summer and changes during autumn to a southerly current, all of considerably low speeds.
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FIGURE 5. Seasonal [Winter: (A), Spring: (B), Summer: (C), Autumn: (D)] Current Speed and Direction at the Depth of 1 m near the Kifissos River Mouth.


Toward avoiding possible damage or even destruction from large objects being driven into the system, due to flooding phenomena and the resulting increased flow and currents speed during heavy rainfall and storms, the system had to be installed away from the boxed river bank (Figure 6). But issues like navigation hazards, disturbance of rowing teams and other shoreline activities prevented the immersion of the system further from the river mouth and thus it was placed just before the wave breaker construction.
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FIGURE 6. Aerial Snapshots of the Kifissos River Estuary Surrounding Area (A), including the position of the Wave Breaker and the adjacent Marinas and a close up (B) to the River Mouth (Google Earth, 2021).




Development Stages and Technical Standards

The idea behind the design of the CLEAN TRASH system, is to utilize strategically placed, customized floating boom barriers and a debris processing containment with autonomous height regulation, to collect visible floating pieces and monitor the process, before or as they enter the sea. Also the system will be equipped with a continuous visual monitoring system to gather information.

To this end, custom designed river booms were devised to control litter both on the surface and subsurface within the water column, by guiding and collecting the recovered material within the containment cage (Figure 7). The purpose of floating barriers is to direct, contain and process materials and was updated to address the geomorphology and man-made alters of the installation location, the current of the river and the projected amount of litter at the installation location.
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FIGURE 7. Initial diagram of the System (A), displaying the Cage removal (B) and the positioning of the floating barriers (C) for best litter guidance when adding water flow (D).


A cage design was developed to contain corralled trash as small as 5 mm in size, and also to compress and increase the efficiency/capacity of storage within the containment system. Hence independent floatation systems were designed to allow the system to maintain proper performance in a variety of water flow scenarios, while collecting varying volumes of litter/debris.



Testing: Lab

Initially a 1:2 scale model of the system was constructed for lab scale testing. System checks included high current speed trials (2–4 m/s) in order to check stability and changes in performance. Subsequently, tests were performed on the effectiveness of the scaled prototype (Figure 8). These included the ability of the floating barrier to guide and contain debris, the effectiveness of the collection cage in containing debris and, lastly, the capability of the cage to compress the collected litter.
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FIGURE 8. Lab Tests of the 1:2 Scale Prototype with the addition of (A) Water Flow, (B) Floating Barriers and litter, (C,D) removable Cage.


It was found that the floating barrier performed satisfactorily in terms of buoyancy (the ability to stay afloat and to maintain adequate freeboard), roll response (the rotation of the boom from rest due to wave, wind, or current forces) and heave response (the ability of the boom to react to the vertical motion of the water surface). The materials used for testing consisted of polypropylene, foam, ethafoam, styrofoam and wood, all of various shapes and sizes and with a density ranging from 50 kg/m3 for styrofoam and 920 to 960 kg/m3 for the rest of the materials. The collection cage, by gathering more than 90% of the litter thrown in the test tank, during two consecutive 3-h tests, was considered efficient. Moreover, no “splashing” or “submerging” phenomena were observed and the expected operational performance was considered satisfactory. Lastly, the operational necessity for a fast and safe removal of the cage from the base system was satisfied, since this proved to be effortlessly and rapidly done.



Testing: Field

The normal scale prototype for use and installation in the Kifissos river was constructed and tested in open-water, prior to its scheduled installation (Figure 9). Some basic elements of the cage design are its steel construction, a removable door in order to seal the storage compartments which, when full, are lifted above sea level, and the external ballast tanks for adjusting the systems gradient in the water.
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FIGURE 9. Sea trials including safe anchoring (A) and buoyancy tests (B) of the full scale System.


An electric system using power from renewable energy (solar panels) was also installed to support various elements such as the marine beacon for navigation safety, the night vision onboard cameras used for the system’s remote monitoring, and lastly, the control of the ballast tanks, which is handled by four 12 volt pumps each connected to a ballast tank, for lifting the cage to the desired height. This procedure brings each empty storage unit to the sea surface level, which has been identified by two position sensors. Lastly, the floating barriers were constructed out of PVC-coated polyester fabric, were designed at a height of 920 mm with a total length of 100 m, and were equipped with marine lights for the necessary system visibility.



On Site Installation

The system was installed at the Kifissos river on the 11th February 2019 and was scheduled to operate continuously until the end of March, so that it would collect and contain the marine litter exiting from the river on a 24/7 basis. Remote monitoring (Figure 10), through a smartphone application, enables (remotely) the raising of each full chamber of the cage until all chambers are raised. Then, after thorough count and categorization, the emptying of the collected debris is scheduled.
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FIGURE 10. CLEAN TRASH System Test of Remote Monitoring (A) and Switch between System Partitions (B–D), after Installation at the Kifissos River Mouth.


The operational period was shorter than initially scheduled since the system was removed on 19/3/2019. During this period, the internal cage was discharged twice and litter was emptied and categorized by material and size (Table 1). So, in the first discharge that took place on 22/2/2019, a total of 525 kg of litter was collected, filling 27% of the total cage capacity. Debris consisted of organic materials like woods, reeds, and grasses etc. (17%), various debris like aluminum cans, glass bottles, cartboards etc. (15%) and plastics (69%) in the form of bottles, Styrofoam and other plastic objects (Figure 11).


TABLE 1. Collected debris during the two cage removals.
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FIGURE 11. Trash Collected by the CLEAN TRASH System after a Major Flooding Event, as opposed to the Clean Sea Area (A) and the Clean River Estuary (B) in the Background.


The second cage removal took place on 19/3/2019 and yielded a total 650 kg of debris, filling 80% of the cage. The litter composition was comparable with that from the first cage emptying and, this time, plastic objects corresponded to 79% of the total debris weight. Organic material and other various objects constituted 14 and 7%, respectively of the total litter weight.

Over a period of 37 days, the CLEAN TRASH system managed to collect a total of 1,175 kg of debris, of which 75% (875 kg) was macroplastics. Daily visual observations of the system did not reveal any litter escapes from the boom to the sea. Although it is hard to know what percentage of the litter, eventually escaped the system and ended up at sea, reports from the officers of the neighboring marina pointed out that, during the installation period, the surrounding waters were significantly less polluted. Therefore, in practice, the operation of the system can be marked as successful.




PREFILTERING SYSTEM

Marine pollution by MPs (plastic particles with a diameter smaller than 5 mm) has been recognized as an emerging issue. Wastewater treatment plants (WWTPs) have been identified as important sources of the release of plastics into aquatic environments which may lead to further contamination. Although WWTPs treat and remove the arriving solid waste, they are not designed to also remove MPs (Gies et al., 2018).

To this end, a photocatalytic nanocoating device has been developed, aiming at mineralizing MPs. Mineralization time is proportional to the size of the litter. Therefore, in order to enhance the efficiency of the photocatalytic device, bigger particles must be blocked since they would require more time to be dissolved. For this, a low cost, automated and self-cleaning filtering system for MP litter was designed for installation before the photocatalytic nanocoating device, in order to supply it with accumulated liquid litter of appropriate size.


Methodology Used for Microplastics Removal in Waste Water Treatment Plants

A wide variety of technologies have been tested for the removal of MPs removal at WWTPs. During the treatment at Finnish WWTPs (Talvitie et al., 2017b), 99.9% reduction was achieved with the use of membrane bioreactors, 97% with rapid sand filters, 95% through dissolved air flotation and 40 to 98% with the use of disk filters. On the downside, membrane bioreactors are expensive and require high operation/maintenance technology. Thus, for the needs of the project, sand filters were selected due to their high efficiency. These are commonly used for BOD5, COD, TSS, NO3 and PO4 removal in WWTP as tertiary treatment (Eltawab et al., 2019) with very satisfactory results.



Lab Scale Prototype: Material and Design

The prototype was fully automated and consisted of a sand filter made of PVC and two cartridge filters, one installed at the inlet of the pre-filtering device to prevent large particles from entering the filter, and the second at the outlet having a sieve with a certified diameter of 30 μm. A PVC pipe of Φ160 was used to fabricate the filter vessel (Figure 12). For sand retention in the filter, a nozzle with 1 inch diameter, 20 cm height and intervals of 0.2 mm was fabricated (Figure 12) using 3D printing. The sand used as a filter media had a particle size of 0.4–0.6 mm to ensure the theoretical filtration capacity at the 30 microns.
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FIGURE 12. The lab scale prototype (A) and the PVC filter vessel (B) and a 3D nozzle fabricated for sand particles retention (C).


The height of about 20 cm provided adequate “separation surfaces” between the sand and the nozzle. The separation surfaces are needed for the normal operation as well as for the backwashing operations. The filter vessel was designed in such a way as to leave a 7 cm filler of sand on the sides and 15 cm from the top as the influent enters to the filter from the top.

The maximum effluent requirements for the cleaning filtration device were assumed to be 0.5 m3/day or about 20 L/h. After various lab tests, the fabrication of a cylindrical filter with a Φ160 PVC tube and a total height of 40 cm was made. This filter vessel gave enough space so that the filling material could rise up during the backwash and no material would escape to the rinsing outlet. The lab scale prototype was designed to filter 50 L/hr of liquid litter as opposed to the 20 L/hr that the photocatalytic nanocoating device requires (Figure 13). The pilot scale prototype received minor modifications in order to be able to work under higher pressure, which mainly included changes in materials and dimensions.
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FIGURE 13. The lab scale prototype process diagram of the cleaning automated filtering device (pre-filtering system).




Lab Scale Efficiency Test

Polystyrene foam pieces were ground into powder using a sanding machine. Their size was tested and certified by HCMR. From 109 g of ground MPs, only 30 g were at the scale of 50 μm particles and were used for the experiment. Foam pieces were first ground and passed through a sieve before adding water. Polyelectrolyte was used for water surface tension reduction, allowing the mixing of the MPs powder. Subsequently, the solution was passed through the sand filter. For this experiment, 4 L of water was used and 30 gr of MPs powder was added in the water solution.

After the filtration, the MPs were retained on a paper filter and left to oven dry for 3 days. Then the mass of MPs was calculated by subtracting the mass of the filter paper from the total mass (filter paper and MPs). Lab analysis showed that 1.3 g were retained on the filter paper. The remaining 28.7 g were captured inside the sand filter media. The prefiltering system efficiency was estimated at 95.67% for MPs at the scale of 50 μm and was calculated by the mathematical type:
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Lab Scale Field Test

HCMR and Waste et Water SARL (responsible for the implementation of filtering devices in the WWTPs) performed a first sampling of MPs at Megara WWTP in Attica, Greece (Figure 1) in December 2018 aiming to identify the MP types in this particular WWTP and estimate the quantities that end up in the sea along with the wastewater treatment plant effluent. The WWTP at Megara was designed for 41.000 p.e. (2,500 m3/day) and currently the load is 1,870 m3/day. The wastewater is treated both mechanically and biologically and the effluent water is discharged into the sea (Saronikos Gulf, Greece) after it is disinfected in a meander.

Three cartridge filters were used in line with a filtration range of 1,500, 70, and 30 μm. The filter arrangement consisted of two parallel storm drains (70 μm + 30 μm in line) with a common wastewater supply, pre-filtered by the filter of 1,500 μm. The 70 and 30 μm cartridge filters were constructed from stainless steel and are certified for the nominal permissible cross section of the solids. A total of 5,300 L of waste has passed through the sampling system. From the first storm drain, 4,000 L of wastewater treatment plant effluent has been filtered and their cartridges (70 and 30 μm), were sent for analysis.

The first sampling proved that the 70 and 30 μm cartridge filters can easily filter 4,000 L of effluent in 3 h (flow capacity 1.33 m3/hr), without a rise in pressure. Pressure and flow capacity measurements (flow meter and manometers) showed that, with a pressure rise above 0.2 bar, the flow capacity doesn’t drop more than 30%. From the second storm drain, 1,300 L of effluent were filtered. Analysis of the retained solids, from the 70 and 30 μm cartridges and from the common first filter of 1,500 μm revealed 80 particles in the filter of 70 μm. The black particle fragment was found to be 68.75%, the red particle was 8.75%, the blue particle was 15%, and the transparent and green were 3.75%, respectively. The separation of the MPs based on their color does not aim at their characterization, instead it is used solely for categorization purposes.

The cartridges were carried to the lab in their original holders. The effluent retained in the original filter holder, as well as any material recovered from the sieves were vacuum filtered GF/C filters (pore size 1.2 μm) under a glove bag. Then the filters were put in Petri dishes covered with aluminum foil and dried at 60°C for 24 h. Examination for MPs was conducted under a stereomicroscope (Olympus, SZE and SZX7) together with a digital camera (Luminera) and the INFINITY ANALYZE software (Lumenera, 2021). During the whole process of the analysis, five procedural blank filters were left open in Petri dishes in order to check for airborne contamination. The number and type of particles (fragments and filaments) identified are presented in Table 2. The color of the filaments is also shown as it gives a hint relatively to the filaments found in the blank samples.


TABLE 2. Number of particles found on the filters from Megara WWTP and procedural blanks.
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NUMERICAL MODELS

The application of the CLEAN TRASH and the Prefiltering systems in the rivers and WWTPs around the metropolitan city of Athens, was studied with the use of a numerical model, consisting of a three dimensional hydrodynamic model, online coupled to a Lagrangian Individual Based Model (IBM) that describes the pathways and fate of both micro- and macroplastics from major land-based sources (rivers, coastal cities) (Tsiaras et al., 2021). The coupled model has been implemented on the Mediterranean basin-scale (∼5 Km horizontal resolution) (see Tsiaras et al., 2021) and for the purpose of the present study it was downscaled with a finer resolution (∼400 m) in Saronikos Gulf.

The hydrodynamic model is based on the Princeton Ocean Model (POM; Blumberg and Mellor, 1983), a primitive equation, free-surface, sigma coordinate 3-D circulation model. In the current application, fields of ocean currents and the horizontal and vertical mixing coefficients that POM provides, are used for the plastics movement.

The Lagrangian IBM plastic dispersion model is built upon a previous work on the prediction of floating pollutants (Pollani et al., 2001) and takes into account most of the important processes (advection from currents, stokes drift, vertical and horizontal mixing, biofouling/sinking, wind drag, beaching). Different types and size classes of macro- (5–20 mm, 20–200 mm, > 200 mm bottle/bag/foam) and MPs (50, 200, 350, 500, 1,000, 2,000 μm) are considered in the model. Biofouling induced sinking is explicitly described, as a possible mechanism of MPs removal from the surface, due to the buoyancy loss resulting from the attachment of heavier biofilm. The wind drag that is practically effective only for macroplastics > 20 cm (bottles, foam) is assumed to depend on the particle surface above water, following Yoon et al. (2010). Random movement in the horizontal depends on the horizontal diffusion obtained from the hydrodynamic model, while random movement in the vertical is assumed to depend on the vertical turbulent diffusion obtained from the hydrodynamic model and mixing induced from waves which decays exponentially with depth. Bottles are assumed to randomly lose their buoyancy and sink (i.e., when filled with water), while plastic bags are also assumed to gradually lose their buoyancy from the attachment of micro- and macrofouling communities after a 2–3 month period (Holmström, 1975). Plastics are divided into Super Individuals (SIs) (Scheffer et al., 1995) for computational efficiency. Briefly, each SI includes particles with the same properties such as kind (micro or macro plastic), size class, weight and position (longitude, latitude).


Model Setup

The study area consists of the gulfs which surround the city of Athens and the neighboring suburbs (Figure 1). This includes the Saronic Gulf (south) and the largest part of the Petalion Gulf (east). The domain resolution is 1/240° × 1/240° in the horizontal and the water column is divided in 24 sigma-levels. The atmospheric forcing, also used to evaluate the particles wind drag, is obtained from the POSEIDON operational weather forecast (Papadopoulos and Katsafados, 2009), while the waves forcing (stokes drift and vertical mixing) is obtained off-line from Copernicus marine service (Ravdas et al., 2018; Marine.copernicus.eu., 2021). A uniform background initial concentration was adopted for each type/size class, based on a Mediterranean basin average from available in situ data (see Tsiaras et al., 2021). The simulation performed covers the years 2011 and 2012 and follows a 3 year spin-up simulation. The fine model open boundary conditions for the hydrodynamics (temperature, salinity, currents) and plastics concentration are obtained from the Mediterranean basin-scale model simulation over the same period.



Sources

As previously discussed, the major sources of MPs are the WWTPs and rivers or storm drains. Input of MPs from WWTs was estimated, using municipal wastewater discharge (UNEP/MAP, 2011), taking into account of the removal efficiency, depending on the type of treatment. A uniform concentration of influent (untreated) water was adopted based on available data for the Mediterranean (Uddin et al., 2020). Larger particles (>300 μm) were assumed to be totally removed, when some type of treatment is applied, being discharged into the sea only from untreated wastewater.

River originated MPs were not considered in the present study, given that the vast majority of MPs comes from the wastewater discharge from the extended Athens city Metropolitan area with more than 3 M population (Worldpopulationreview, 2021). Respectively and although macroplastics originate from rivers and coastal areas with increased anthropogenic activity, such as beaches and harbors, two different experiments were performed. In the first experiment, both rivers and coastal areas were considered as sources, while in the second experiment, macroplastics originated only from rivers. This way the effect of a possible installation of the CLEAN TRASH system in all local rivers was clearer.

For the river originated macroplastics estimation, the data from the two CLEAN TRASH system cleanups were used in both setups. These were combined in a water quality model (Lindström et al., 2010) for the estimation of the outflow of Kifissos, aiming at estimating the amount of plastics that enter the sea from the main rivers in the area. Thus, from 11 February to 19 March 2019 (37 days), a total of 875 kg of macroplastics were collected and removed from the CLEAN TRASH system collection cage. For the same period, river model estimates a total of 1.563 × 107 m3 of water output, resulting to 5.6 × 10–2 g/m3 of plastic. This value was used as a reference for a total of 19 rivers in the field (Figure 1). The adopted source inputs of macroplastics from coastal areas were distributed along the coastline following a function of population density, as in the basin-scale model implementation (Tsiaras et al., 2021). The total amount of macroplastics from coastal population was tuned in order to obtain a best fit with available in situ data in the Mediterranean (see Tsiaras et al., 2021).

Efficiency tests on both the CLEAN TRASH system and the prefiltering device, yielded values of more than 90 and 95.67% respectively. Therefore plastics outflow from both rivers and WWTPs were considered to be reduced by that percentage, when applying the cleaning devices.



Results

Starting with the hydrodynamic circulation, the Petalion Gulf is characterized by a southward current during the entire year (not shown). Inside Saronikos Gulf, an anticyclonic circulation prevails, creating a general southwestern movement pattern (Figure 14). This is opposed to a cyclone created in the area adjacent to the main sources of plastics, the Kifissos river and the WWTP of the Metropolitan area of Athens (Psitalia), acting as a possible pollutants concentration area. The southwestern part of the bay is a more enclosed area, with weak currents. The overall simulated circulation is in reasonable agreement with the circulation inferred from in situ measurements (Kontoyiannis, 2010).
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FIGURE 14. Average Sea Surface Height (m) and Current Velocity (cm/s).


As can be seen in Figures 15A,D,G, Saronikos Gulf is considerably more plastic polluted compared with the Petalion Gulf, since the major sources of plastics are located in Saronikos and specific local circulation patterns contribute to a plastics concentration increase. This is more apparent in the northern and southwestern part of the Gulf.
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FIGURE 15. Macro (A–F) and MPs (G–I) concentration in the reference (left column), cleaning scenario (middle column) simulation and fractional change (scenario/reference-1, right column. In panels (A–C), sources are rivers and coastal areas, in panels (D–F), sources are only rivers. NATURA conservation areas are enclosed in green line.


In the scenario with beaches acting as sources (Figure 15A), the coastal area around the prefecture of Athens, both in Saronikos and Petalion Gulfs, becomes considerably more polluted, although the strong dominating southward current of Petalion Gulf, sustains a more plastic free environment.

The application of the CLAIM cleaning devices in all sources for a period of 2 years (Figures 15B,E,H), brought a significant reduction in the concentration of plastics. In the scenario where macroplastics originate from both rivers and beaches, the application of the CLEAN TRASH device in all rivers, brought a 13% reduction in their concentration in the sea. This reduction was evenly spread across the field and emphasized to the role of coastal activities in plastic pollution.

When considering rivers as the exclusive sources of macroplastics, the application of the CLEAN TRASH device resulted in their reduction by 43.5% on average. This was especially apparent in Saronikos Gulf, where in some areas, macroplastics were decreased by up to 95%. These areas included the former high accumulation areas (northern and southwestern part of Saronikos bay).

In both experiments (beaches/no beaches), MPs were significantly reduced throughout the field on average by 87%. The stronger decrease of MPs is probably attributed to their faster removal from surface waters due to biofouling induced sinking, while macroplastics that are mostly floating, have a longer residence time.

A focus in areas of specific interest like the characterized as NATURA conservation areas (Emodnet-humanactivities.eu., 2021), shows the significance of the cleaning methods developed in the CLAIM project. These areas are habitats to many protected species such as seabirds and play a significant role in the preservation of the biodiversity (Coll et al., 2010). Both kinds of plastics are often mistaken for food by most species (Steen et al., 2016). Consumed MPs are transferred into the trophic chain through the predation of the initial consumers (Smith et al., 2018; Alava, 2020) and macroplastics consumption may even lead to the consumers death (Gregory, 2009).

In these NATURA areas, macroplastics were reduced by 12 and 39.3%, with and without beaches acting as sources, respectively, and MPs by 87.3% in both scenarios. A comparison between the three major NATURA areas in the field (in Saronikos and in the Northern and central Petalion Gulfs), shows that the most benefited area is the one in Saronikos Gulf, in terms of macro plastics reduction (Figures 15C,F). MPs were significantly reduced in all three NATURA areas (Figure 15I).

The northeastern Saronikos Gulf is an area of high touristic interest and also benefits from the reduction of both kinds of plastics, especially that of MPs. Across the coasts of the Saronikos Gulf, mainly in the southwestern part, but in other spots as well, numerous fish farms are in operation. In most of these areas, MPs can be significantly reduced with the use of the prefiltering and photocatalytic systems in WWTPs. Contrary to the above, some of these areas by acting as macroplastics concentration areas, are not as much benefited from the application of the CLEAN TRASH system in the surrounding rivers.




DISCUSSION

During the CLAIM project, a series of technologies were developed for the prevention of sea pollution from plastics. Among these were the CLEAN TRASH system with a mission to block macroplastics before they enter the sea and a prefiltering system for the reduction of larger MPs so that only the smaller ones can proceed to a photodegradation system.

The CLEAN Trash system was designed with the aim of being placed at river mouths and blocking all incoming litter, including plastics. Therefore, it consists of a set of floating barriers for the restriction of the litter spread and their direction toward a containment cage. The main challenges behind the design of the floating barriers were the extreme tolerance to heavy, sharp, fast moving, floating objects and their positioning in such a way that most litter are diverted to the collection cage.

The collection cage was designed with a focus on large capacity, through successive compartments and with autonomy and sustainability, through solar power driven equipment. Also, the developed system was remotely monitored and operated through a custom built application for safety and cost reduction reasons. The system installation was considered successful since the surrounding sea area condition after heavy rain events, seemed to justify the experimental 90% efficiency. In 37 days it collected a total of 875 kg of macroplastics and 300 kg of other litter that otherwise would end up at sea. Collected macroplastics could be separated by type of plastic and then be recycled. Pieces of wood, canes and other organic materials could be grinded into fuel pellets.

The system’s efficiency in real conditions may be limited by a number of factors, mainly connected to the prevailing weather conditions. Strong winds and high waves, large volume of river water outflow and bulky litter carried away, may not only limit the efficiency, but put the entire system in danger. Therefore there is a need for system constant online monitoring.

The necessity of reducing MPs before they exit at sea, lead to the development of a photodegradation and mineralization device which, however, requires a prefiltering system for the retainment of the largest particles retainment. In the prefiltering system, the sand filtering technique was adopted for cost reduction reasons, giving an efficiency of 96.67% in lab scale tests. The need for upscale and filtering of significant quantities of water, lead to the adaptation of successive cartridge filtering devices with decreasing hole size to up to 30 μm. Analysis of the retained solids showed a retention of various kind of MPs.

Numerical models were used for the study of the effects of such systems when installed at all rivers and WWTPs around a highly populated Metropolitan city like Athens, Greece. Results showed that when using the efficiency rates that were exported from lab scale experiments and applying them to the devices for a period of just 2 years, there is a significant reduction of the plastics concentration at sea. Macroplastics reduction ranged from 13 to 43.5% depending on the source selection and MPs were reduced by 87%. In some areas with increased importance, either for the conservation of marine life or touristic and aquaculture activities, the reduction (especially of MPs) is even more significant.

Conclusively, the cleaning devices developed for the needs of the CLAIM project proved in the lab and during field tests that they can significantly contribute toward a plastic free sea, especially when these are applied for a significant period of time to as many sources as possible. This theory was also tested from a numerical model, for a 2 year period of systems application.

The next step would be their further development and testing in order to achieve higher efficiency rates and solve any design failures that may arise during long-term application. The evolution of both systems to an industrial level will assist at installing them at as many plastic pollution sources as possible. As advocate to this effort, numerical models can act as a powerful tool to provide a view of the current situation and an insight on highly polluted areas, together with a quality assessment of the effects of the CLAIM cleaning systems.
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This paper is a systematic review of studies that used multicriteria decision analysis (MCDA) to address plastic waste management. A literature search for scientific articles in online databases (Web of Science and Scopus) enabled us to identify 20 relevant papers from 2008 to 2021, spanning case studies in three continents. These studies focus on: plastics as a resource (material), plastics as a product (reverse logistics), and plastics as a problem (pollution). Content analysis methodology was used, with the focus being on how the authors used MCDA for managing plastic waste, which has relevance for researchers and practitioners. Alternative solutions were found for the selection of disposal methods for almost all types of plastic categorized in this review. The most popular method was AHP, followed by TOPSIS, outranking methods, MAUT/MAVT and simple weighted sums, with some studies including more than one method. The choice of criteria spanned operational (mostly), but also environmental and economic aspects to evaluate the alternatives. Less frequently, one finds criteria related to social, managerial, and political aspects. The weighting of the criteria was performed mainly by consulting experts, followed by decision makers. Representatives of the affected population or other stakeholders have been consulted only on a few occasions. The authors of the studies consider their application of MCDA was successful, highlighting mainly the importance of being able to encompass different dimensions in the evaluation of the alternatives and the transparency of the process. In most cases, a winning alternative emerged clearly, which sometimes was a combination of multiple strategies. We also report other recommendations of these authors concerning marine and terrestrial plastic waste management.
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INTRODUCTION

The invention of plastic as a material dates back to 1909. It has improved the comfort, quality, and safety of our societies. As the world population increased and new technological developments gave rise to a very extensive use of commercial and industrial plastic-based materials, these resources became essential in the various different supply chains of many goods. However, the effects of these plastics have relatively recently turned out to be considered a major concern to sustainable development. More and more activities are focused on the life-cycle of plastics and on design innovation for end-of-life actions, to reduce the environmental impact of plastic pollution.

When a plastic component or plastic based good no longer works within the specified parameters which it has been designed for, it has reached its end-of-life. At this point it frequently becomes waste. Increasingly often, it turns out to be considered a valuable resource. However, there are still end-of-life options just using landfills for its disposal. Around the world, a huge number of plastic objects are abandoned or rejected without any concern about the consequences for the environment. Sources of plastic waste are multiple: sanitation and sewage, electrical components, automotive and air industries, commercial fishing activities, tourism, health care systems, construction, agriculture, and packaging, among many others. Terrestrial and marine settings are being impacted and aquatic wildlife and ecosystems (both freshwater and marine) are being radically harmed.

Chrissley et al. (2017) found that 80% of the eight billion kilograms of human generated debris reaching the oceans in 2010 (growing exponentially by 10% each year) consisted of plastic. Many activities, such as marine transportation and fishing industries, are suffering extensive damage. Plastics take a long time to decompose, and they become persistent pollution (see Besseling et al., 2017; Lebreton et al., 2017; Thiel et al., 2018).

Therefore life-cycle, particularly end-of-life plastics management actions are a growing priority and key political issue. From fundamental research to the integration of knowledge sourced from different areas, to industry, consumer behaviors and the public, regulatory, and business worlds, this must be a collective will.

The European Union defined a waste hierarchy that shall apply as a priority order in waste prevention and management legislation and policy: (a) prevention; (b) preparing for re-use; (c) recycling; (d) other recovery, e.g., energy recovery; and (e) disposal (European Council, 2008).

Improving the development of sound solutions for responding to these sustainability challenges has to be the focus. These are quite complex problems involving many actors with conflicting perspectives, including industry, tourism, fishing activities, vessel owners, environmentalists, consumers, financial institutions, governments, etc. This is crucial because the decision-making process depends on the input of the different points of view provided by all the stakeholders. Multicriteria decision analysis (MCDA) can offer a clear, well-organized way to better inform decision-making. It can simultaneously encompass so many different facets covering all the different issues at stake and account for the priorities set by stakeholders for evaluating solutions for plastic waste management (Bachér et al., 2018; Cunha et al., 2019).

Multicriteria decision analysis is a way to address problems in which the decision alternatives to improve a problematic situation can be evaluated according to multiple criteria. According to Ishizaka and Nemery (2013), MCDA can be used to solve any problem where a significant decision needs to be made: choosing the single best option, sorting options, ranking alternatives, describing options and their consequences, eliminating alternatives, and identifying or creating a new strategy. MCDA helps to find better decisions not only by using an appropriate method but also, as Keeney (1996) notes, because of the insights provided throughout the reasoning process and “value-focused glasses” perspective used. The values approach guides the decision-maker not only to find better suited alternatives but also to recognize improved decision situations. MCDA fosters the use of a value-based perspective aggregating multiple dimensions, with a recognized potential to involve the concerns and aspirations of multiple stakeholders.

This is a systematic review paper whose main purpose is answering the following questions: (a) How do studies use multicriteria decision methods to manage plastic waste in the marine and terrestrial environments? (b)What are the recommendations to address marine and terrestrial plastic management?

The study presents an overview of existing multicriteria decision methods for managing plastic waste and related approaches in an increasingly plastic-using context. A systematic literature search delivered 20 papers matching the purpose of this review. 80% of them were published in the last 5 years, showing this is an emerging area of research. Although these studies are ultimately addressing pollution by plastics they have different foci. Some studies focus on plastic as a resource, seen as a beneficial material that offers unparalleled functionality, so how to maintain and improve it through recycling and reuse is the issue. Other studies focus on plastics as a product through reverse logistics, a process that offers customers the chance to return end-of-life plastics or raw equipment to suppliers or manufacturers and, as such, can be revaluated and reintroduced into the supply chain. And another group focuses on plastics as a problem, causing great damage when they reach the environment. This is why it is essential to devise actions to address the negative impacts of this pollution on the most diverse natural terrestrial, freshwater and marine habitats. Content analysis methodology was used, and the focus was on how the authors used the multicriteria decision approaches for managing plastic waste. Figure 1 provides a graphical summary of the characteristics of the studies analyzed in this review. This can help to better understand the use of this methodology for decision making in this field. It can also provide benchmarking for carrying out subsequent studies and to create guidelines for policy and practices.
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FIGURE 1. Characteristics of the studies analyzed in this review.


Previous systematic reviews have also addressed specific aspects or applications in environmental sciences, including waste management issues as in Huang et al. (2011) and Cegan et al. (2017). Achillas et al. (2013) just tackled waste management problems, while energy systems, including waste energy generation appears in Martín-Gamboa et al. (2017). More generally, Juul et al. (2013) reviewed five models addressing waste treatment problems: MCDA models, simulation models, forecasting models, cost-benefit analyses and optimization models. To the best of our knowledge the present work is the first review to focus on MCDA applied to marine and terrestrial plastics waste management.

This systematic review has five sections, which are structured as follows: after this introduction, the second section shows how this review was carried out; the third section looks at the alternatives to cope with plastic waste management and describes and discusses the MCDA methods used along with their criteria and weights; recommendations for plastics waste management decision making issues are set out in the fourth section, before the conclusion in the final section.



MATERIALS AND METHODS

This study is based on a scientific literature review. Articles using the online databases Web of Science™ and Scopus® were searched for, with the following queries: (multicriteria OR multi-criteria OR multiattribute OR multi-attribute OR MCDA OR MCDM OR AHP) AND (Plastic). April 22nd (2021) was the last time the data bases were checked, returning 233 results from Web of Science and 360 from Scopus, although 176 documents were referenced in both databases (417 different documents in total).

The abstracts of these documents were analyzed to find studies in which a multicriteria decision approach for solving a problem with plastic waste in the environment or general marine litter including plastics was used. Sometimes the entire manuscript was examined to see if they could be added to this review. These findings comprise 20 papers in 19 sources from 2008 to 2021 (see Table 1), referring to case studies on three continents (including one in a laboratory).


TABLE 1. List of papers.
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These 20 papers were fully analyzed and the information categorized in Table 1 and Supplementary Tables 1, 2, and commented on in the next sections of this paper.

A content analysis of these selected papers has been performed, we developed categorizations and coding using ATLAS.ti (2021) software. Considering the studies addressed different purposes and contexts, our focus was about the alternative solutions proposed, their evaluation criteria and how they used the MCDA approach. The studies were organized through two main groups such as: marine and terrestrial.

The selected articles exclude studies focused on: supply chains selection; choosing locations or routing models; design or alternative material choice; theoretical studies (reviews); specific products with plastic components (e.g., batteries and vehicles) or studies addressing general waste. For marine studies, however, we kept papers that do not involve an exclusive plastic focus, namely three studies on marine debris which include plastic pollution litter (e.g., beach litter and fishing gear).



RESULTS AND DISCUSSION


Overview

Table 1 presents an overview of the 20 papers reviewed using different types of information and categorization. After the author’s name, the main purpose of the paper and decision focus are briefly presented. The type of settings (marine or terrestrial) addressed by each paper, geographic information (continent, region, country, or city), the type of plastic dealt with and type of company or place involved in the case study are then mentioned. The next two columns are about the MCDA methods applied to solve problem proposed and the weighting strategy used. The last column summarizes the main conclusions of each paper.

Most studies are concerned with terrestrial settings (80%). Bachér et al. (2018) evaluated bottlenecks in the recycling value chains and waste collection methods is the subject of Balwada et al. (2021). A large part of terrestrial environment studies deals with end-of-life options (Gomes et al., 2008; Cardoso et al., 2009; Rochat et al., 2013; Vinodh et al., 2014; Bhagat et al., 2016; Husáková et al., 2016; Nirmala and Uthra, 2017; Delvere et al., 2019; Mikusová et al., 2019; Vo Dong et al., 2019; Geetha et al., 2021). Different disposal options (including recycling options) are considered in the MCDA frameworks built for each of these papers. Reverse logistics is examined by Mavi et al. (2017); Senthil et al. (2018), and Jimenez et al. (2019) (see Table 1).

Meanwhile, the MCDA case studies in a marine setting deal with plastic litter management, namely, Chrissley et al. (2017) present cleaning options for marine debris removal systems and Deshpande et al. (2020) look at end-of-life issues. Risks associated with human activities are assessed by Lieske et al. (2019), and the effectiveness of plastic reduction consumer-based actions is studied by Marazzi et al. (2020) (see Table 1).

Case studies reported in the reviewed articles span three continents and more than 12 countries, with some studies covering larger regions (please see column Country/Region of Table 1, where 3 regions are mentioned). For seven of these studies, the location of the first author was used to define the place of the study (Cardoso et al., 2009; Husáková et al., 2016; Chrissley et al., 2017; Nirmala and Uthra, 2017; Delvere et al., 2019; Mikusová et al., 2019; Geetha et al., 2021).

Europe and Asia are viewed as the continents with most studies in MCDA papers in the environmental field (Huang et al., 2011) and this review corroborates this (see Figure 2). By country, India leads with six studies. However, the analysis by country is debatable because some studies are focused on more extensive regions rather than a country, for example, the European Union; the Western North Atlantic Ocean; and Europe. The oldest study in this review concerns Brazil and was published in 2008 in Omega-International Journal of Management Science, and few articles appeared between then and 2015 (Figure 2). Since 2016, on average three papers have been published per year.
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FIGURE 2. Number of papers per setting (marine or terrestrial), geography, and year.




Alternatives

Many types of alternatives to manage plastic waste have been considered. It is important to group the alternatives so that the studies can be compared. Supplementary Table 1 depicts an organized presentation of different types of alternatives. There are three levels of categorization: Aim, Alternative type, and Alternatives (detailed for each paper).

Figure 3 shows the number of distinct alternatives (some options are repeated through the studies, such as recycling, for example) considering the choices proposed in the studies when the type of plastic (using classification assigned by the author) dealt with is the issue (combined information from Table 1 and Supplementary Table 1).
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FIGURE 3. Number of alternatives by plastic type and aim. *HDPE, High-Density PolyEthylene; LDPE, Low-Density PolyEthylene; PET, PolyEthylene Terephthalates; PP, PolyPropylene; PS, PolyStyrene; PVC, PolyVinyl Chloride.


Alternatives concerning the selection of cleaning methods (e.g., waste collection systems and cleaning plastics from the seas) and disposal alternatives were found in almost all types of plastic categorized in this review. The most common purpose is to make a choice from the end-of-life disposal options, such as different forms of recycling, incineration, landfilling, etc. (Supplementary Table 1). This also involves choosing technological devices.

Actions and processes group of alternatives include the work of Bachér et al. (2018) who proposed the assessment and prioritization of five bottlenecks in the recycling value chains to improve the co-operation between stakeholders and the circular economy. Also the work of Marazzi et al. (2020) evaluated 27 consumer-based plastic reduction actions. In fact, people’s individual behavior in consuming single-use plastics is an active focus of concern for the management of plastics pollution in rivers, since in far too many cases this plastic waste ends up in coastal areas and seas, where it impacts aquatic wildlife and ecosystems (both freshwater and marine). Alternatives about selecting methods of cleaning and disposal options are numerous (34 alternatives are mentioned in Supplementary Table 1) and are those used by the highest number of authors (15 authors are mentioned in the same table).

Regarding removing plastics from a marine environment or freshwater systems, seven cleaning alternatives have been considered for plastic cleaning by Chrissley et al. (2017). They assessed options such as vacuum, vessel, barge (two types) and artificial floating island (three types). Although they found that an autonomous vacuum had the most favorable cost, the artificial floating island (types with motor and a sail) are too close to the first option to make a clear-cut decision possible about which is the best solution to this problem. They also added that the development (by increasing its rate of removal or capacity) of the artificial floating island (with motor) concept could alter the values of the scores achieved by the alternatives and new better positioned alternatives could emerge.

In terrestrial settings, regarding capturing and removing, Balwada et al. (2021) assess plastic waste collection methods to support the circular economy. Their results state that the deposit and refund method is the best option compared with vehicular or curbside collection, drop-off recycling or buy-back center options.

Several disposal options are evaluated as alternatives in 12 papers. Five types of recycling were examined in the selected studies: mechanical, chemical, feedstock, thermal, and bottle-to-bottle. These options were evaluated individually or in combination with other strategies.

In some studies, the traditional (or mechanical) recycling is the leading alternative for general plastic waste, marine debris, and reinforced plastic: either individually (Vinodh et al., 2014; Delvere et al., 2019; Deshpande et al., 2020), or associated with incineration (Bhagat et al., 2016). However, Nirmala and Uthra (2017) found thermal recycling the best option, with the possibility of recovering embodied energy in plastics by incineration or by using it in industry as a substitute fuel.

Pyrolysis alternatives did not perform well for Bhagat et al. (2016). This was because the technique was associated with increased incidence of air pollution and long-term illness, although techniques like plasma pyrolysis technology (PPT) could be cleaner and more efficient. Microwave pyrolysis was performed in laboratory conditions on small material samples of FRP (fiber reinforced plastics) by Delvere et al. (2019). For them, this technique is very similar to pyrolysis where waste is subjected to very high temperatures in the absence of oxygen. The outcome is a recycled fiber with almost the same tensile strength as that of the virgin fiber.

In the case of polyethylene terephthalate (PET) waste management, Rochat et al. (2013) have chosen bottle-to-bottle recycling as the best option. They assert that bottle-to-bottle recycling is a combination of conventional mechanical recycling and chemical recycling. Furthermore, this leads to a product that can be reused straightaway for food and drinks because the quality does not infringe any legal requirements stipulated for such use. For fiber reinforced plastics (FRP), Delvere et al. (2019) reports that studies suggest that chemical recycling can recover high quality fibers.

Gomes et al. (2008) and Cardoso et al. (2009) observed that there are many different kinds of plastic with specific properties (chemical and mechanical), so they studied just one type, high-density polyethylene—HDPE. These two studies were the only ones that considered a reuse alternative, and both concluded it was the best option (in Gomes et al., 2008 mechanical recycling is also in joint first place together with reuse). Geetha et al. (2021), meanwhile, compared recycling methods for six plastic types: the preferred methods are chemical recycling for HDPE; mechanical recycling for PET (polyethylene terephthalates) and PP (polypropylene); feedstock recycling for PVC (polyvinyl chloride) and PS (polystyrene); and incineration with energy recovery for LDPE (low-density polyethylene).

Landfilling is addressed for general waste, marine debris, and polyethylene. That option was in general ranked as the least favored (Gomes et al., 2008; Cardoso et al., 2009; Rochat et al., 2013; Bhagat et al., 2016). That option was also evaluated by Cardoso et al. (2009), who noted it could be the alternative that requires less energy but it does not generate income with selling products. Rochat et al. (2013) assert that landfilling plastics can be an economic loss since plastic is a reusable resource.

Bhagat et al. (2016) refer to landfilling as being a significant source of contamination, and they used mixing landfill alternatives along with recycling or incineration. However, this mixing was not enough to put alternatives of that kind in the top places. The study by Deshpande et al. (2020) identified with stakeholders two main factors (transport and the processing cost of fishing tackle and rope waste) that could result in landfilling being preferred over recycling or incineration.

For Gomes et al. (2008), landfilling was considered to have the lowest CO2 emission. However, Rochat et al. (2013) asserted that in theory the amounts of carbon dioxide (CO2) emitted to the atmosphere over a very long time horizon should be the same for landfilling and incineration. Rochat et al. (2013) were the only researchers that used a landfill with extract and burning gases as an alternative. Still, even that was not enough to be better than recycling, which they consider could provide employment and profits.

Referring to the choice of a location for recycling, Deshpande et al. (2020) highlight the importance of recycling operations within the region because the possible positive effects for the environment and society could lead to improved economic benefits from resource conservation and energy recovery. These situations depend on how the authors designed their studies. For example, Deshpande et al. (2020) did not consider the energy recovered, plastic resources conserved, and the revenue generated from recycling (occurring outside the system boundaries) for exported litter, and so they considered only the transport costs of exports. Two studies analyzed technological devices for recycling, both in Slovakia (Husáková et al., 2016; Mikusová et al., 2019). They evaluated variants of knife mill devices and both chose an option with similar characteristics and price.

Vo Dong et al. (2019) developed a “multi-period approach for the deployment of new recycling sites (Grinding, Pyrolysis, Supercritical Water, Microwave)” in France, relating to aerospace carbon fiber reinforced polymer waste. They perform their alternative evaluation through scenarios pondering the amount of waste generated per 20 years: “business as usual,” “strong/light increase,” and “strong/light decrease.” They stated that “the compromise strategy for both economic and environmental objectives lead to centralized configurations at the regions close to significant waste sources.”

Reverse logistics is a process for moving materials and raw equipment back through the supply chain, i.e., from customers to suppliers or manufacturers. Returns are managed efficiently and economically to extract as much value as possible and they become a competitive advantage (Panigrahi et al., 2018). Reverse logistics is turning out to be a promising activity of interest for many practitioners (Panigrahi et al., 2018). Three papers were analyzed in this context: Jimenez et al. (2019), to identify “good practices and trends” in the plastic industry companies; Mavi et al. (2017), to choose the most suitable third-party reverse logistic provider for a plastics factory; and Senthil et al. (2018), to analyze and prioritize the different potential risks in reverse logistics for providing useful insight to the supply chain managers and researchers for decision making.

A rather different type of study is a specific assessment (hierarchization) of different seabird species sensitivity to the risk associated with human activities in the marine environment (Lieske et al., 2019). In fact, the alternatives (i.e., the object of the evaluation) dealt with in this case study are living organisms (seabird species) as mentioned in Supplementary Table 1 and not end-of-life options or reverse logistics issues. Fisheries bycatch (particularly when involving suspended gill nets) was “identified as the greatest risk across a wide range of species.”



Multicriteria Decision Analysis Methods, Criteria, and Weights

It is challenging to find the best options when they have very different (often conflicting) impacts. Multicriteria decision analysis (MCDA) is a way to embrace different dimensions and values to inform decision making.

Many MCDA methodologies and techniques were used in the studies reviewed. Five MCDA approaches were used by the authors of the studies to address plastic waste:

In these five approaches (Table 2 and Figure 4), the most frequent are the analytic hierarchy process (AHP) followed by TOPSIS and outranking approaches (ELECTRE III, PROMETHEE, and THOR). This trend and popularity of AHP is also mentioned in the studies by Huang et al. (2011) and Cegan et al. (2017). They suggest it is because of the accessibility and user-friendliness of the AHP method. Some studies used different MCDA methods to address the same case or plastic type (Table 1).


TABLE 2. MCDA methods.
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FIGURE 4. Number of sources by MCDA methods.


The AHP is also the method most often combined with other methods: MAVT/MAUT, TOPSIS, or Outranking (Vinodh et al., 2014; Bachér et al., 2018; Senthil et al., 2018; Delvere et al., 2019). Vo Dong et al. (2019) used Outranking (PROMETHEE) and TOPSIS in their study, while Geetha et al. (2021) used Outranking (ELECTRE III) to choose their alternatives and TOPSIS for a comparative analysis.

The criteria (Supplementary Table 2 and Figure 5) are grouped into a small number of dimensions (economic, environmental, operational, other managerial, political, and social). The operational dimension is the most frequent, being found in 43 studies, followed by the environmental dimension that is casted in 37 studies and still the economic dimension appearing also in a large number of studies (22). The political criteria were not present in marine environment studies, although international border issues do emerge in these cases.
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FIGURE 5. Number of criteria by marine and terrestrial environments.


Some patterns were found in the criteria used by the authors through the dimensions. These were grouped in categories and subcategories (Supplementary Table 2). Comparing the criteria from the studies showed that “Performance” is an intersectional area since diverse criteria are carrying it out in different dimensions (e.g., financial performance in the “Economic” dimension; production, resources consumption, and waste reduction performance in the “Environmental” dimension; and managerial performance in “Other managerial” dimension). “Organizational” is another intersectional category that can be found in different dimension (e.g. leadership and planning in the “Environmental” dimension; reverse logistics and service in the “Operational” dimension; feasibility, stakeholder in “Other managerial” dimension; and labor and workers safety in the “Social” dimension). It can also be noticed that “risk” is an important subcategory of criteria.

MCDA typically requires setting the value of the method’s parameters that reflect preferences, namely, the criteria weights. These parameters are elicited from the decision makers, experts, or other actors involved in the construction of the MCDA evaluation model. The actors most often consulted were identified as experts and followed those identified as decision makers (see Figure 6). It is important to mention that some authors distinguish between experts and decision makers, and that some professionals can be experts as well as decision makers. The authors of a study may be experts themselves and in some studies the criteria weights were chosen by them.
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FIGURE 6. Multi-actor weighting decisions.


Some of these weights were assigned by panels in the context of workshops (Rochat et al., 2013; Bhagat et al., 2016; Bachér et al., 2018) or inquired about through questionnaires or surveys (Mavi et al., 2017; Jimenez et al., 2019; Deshpande et al., 2020).



Recommendations for Marine and Terrestrial Plastic Management

The literature reviewed includes several recommendations stemming from the analysis of the alternatives that were assessed and the MCDA method’s results. Supplementary Tables 1, 2 present an extensive list of alternatives and criteria used in the studies reviewed here, which can serve either as a checklist or as a source of inspiration when using MCDA to address marine and terrestrial plastic waste management. In the following discussion we also mention the studies of Andreoni et al. (2015) and Rodrigues et al. (2018), which computed impacts on multiple criteria but did not aggregate the results using an MCDA method.

The recommendations of a study depend on the alternatives and criteria considered, and can also be contingent on specific aspects, such as the resources and culture of each company in business decisions (Jimenez et al., 2019). In some of the studies a clear winning solution emerged. For instance, Andreoni et al. (2015) found that socio-economic and environmental benefits across the EU would be significant if their recommended alternative was implemented, e.g., reducing approximately 1.5 × 106 tons of CO2 eq emissions and saving tens of millions of euro in waste management costs. The same authors suggest these benefits might be even larger, if technological developments or faster adoption paths were considered. The study by Marazzi et al. (2020) found several of their top-ranked solutions to reduce plastic pollution in rivers were actually actions already implemented in several countries (e.g., banning plastic straws). Other results reflected the conflicting nature of different criteria, e.g., economic viability vs. other qualities (Delvere et al., 2019), leading those authors to conclude that much work remains to be done to develop better solutions.

The best alternative is often a combination of multiple strategies, e.g., combining recycling and incineration (Bhagat et al., 2016), combining alternatives to benefit from different types of litter removal (Chrissley et al., 2017), or combining technologies in a waste supply chain (Vo Dong et al., 2019). Yet, in their analysis of recycling alternatives, Rochat et al. (2013) point out that the interest of recycling options depends on wider factors, such as collection rate or the availability of other traditional outlets for recycled plastic. Similarly, Gomes et al. (2008) remark that solutions such as recycling methods often cannot be fully appraised without considering the logistics system in which these recycling solutions will be included. Therefore, if the best alternative is a combination of multiple elements, it must be kept in mind that the number of potential combinations when considering a broader system can be even larger.

As policy recommendations, Andreoni et al. (2015) suggest that more challenging targets could be set by the EU or its Member States, while taking into account the associated costs and the feasibility of meeting such targets, alongside the potential benefits. Bachér et al. (2018) call for the drafting of detailed statistics on waste across the EU and technological solutions to enable the flow of materials to be tracked. This would include both quantitative and qualitative data encompassing economic, social, and environmental aspects. Improving data collection methods is also important to determine the relevant material flows (Rochat et al., 2013). Marazzi et al. (2020) call for more data on impacts such as water consumption and carbon emission impacts, and the use of life cycle assessment in combination with MCDA (on this topic, see also Rochat et al., 2013; Dias et al., 2019). Delvere et al. (2019) point out that MCDA results might depend on just a few criteria in cases where data is available only for those criteria, but not for other ones. Also concerning data, specifically on microplastics, Rodrigues et al. (2018) call for improved monitoring and the adoption of more stringent size limits, in order to not underestimate the problem and also to allow comparing the results of different research works.

For Deshpande et al. (2020), it is important to engage communities, and MCDA can be instrumental in this regard. Focusing on end of life alternatives, they recommend clearer regulations on recycling and more work on the assessment of environmental and economic impacts of different alternatives so that choices can be made with less uncertainty in the context of the EU’s circular economy strategy for plastics. Clear incentives for consumers to change their behavior and favor pro-environmental behaviors have also been suggested (Marazzi et al., 2020).

Complementing these analyses, Khandelwal and Barua (2020) evaluated several policy-related barriers to implementing a circular economy in the plastics industry. Per their results, more active measures from governments are needed. In particular, economic incentives and tax benefits are needed for organizations to build technology and innovation. Training and awareness programs to enhance the knowledge and skills of stakeholders are also a priority.

In general, the authors of the studies reviewed recommended MCDA as a tool for choosing the best solutions for clearing marine litter or, more generally, in environmental management (e.g., Bhagat et al., 2016). MCDA proved to be useful in that it enabled environmental, socioeconomic, and other criteria to be considered simultaneously. The possibility of considering qualitative criteria has also been praised, along with the possibility of involving different stakeholders (Bhagat et al., 2016; Deshpande et al., 2020). In participatory decision making, participants have the opportunity to learn from each other. Feedback from the stakeholders and experts involved in MCDA has been reported to be positive (Bachér et al., 2018). Another reported advantage of MCDA is its transparency (Bhagat et al., 2016; Deshpande et al., 2020).

However, most authors point out that MCDA is limited by the availability of comprehensive, updated and sufficiently detailed data. Also, results are often based on inputs provided by experts, reflecting their interpretation of the available information, and thus being dependent on the situation and possibly varying in time (Bachér et al., 2018). In contexts involving value chains, they recommend involving experts in the analysis at all stages of the chain and having a clearly defined goal for MCDA. Some authors also remark that MCDA requires resources such as time and money to gather all the information required (Bachér et al., 2018). Finally, MCDA results can also depend on a number of modeling choices, including choice of variables and normalization operations (Rochat et al., 2013).




CONCLUSION

This review provides an account of studies that used multicriteria decision approaches to address plastic waste in terrestrial and marine environments. The content analysis methodology was chosen for this purpose. Based on this review, the solutions considered were then summarized and discussed in terms of how they were evaluated.

A first surprising conclusion is the very low number of MCDA studies addressing the issue of plastic waste in terrestrial and marine environments. MCDA is a well-known evaluation tool that has been applied in many fields, and plastics is no exception with over 400 articles found for this review. However, most of the MCDA applications found either address general waste or address alternative ways of making or transporting plastics, or products incorporating plastics, and managerial decisions concerning location, supply chain and distribution options. MCDA has only recently been used to address the issue of plastic waste in terrestrial and marine environments (first article in 2008) and authors are based mainly in Europe, followed by Asia and the Americas. The most common purpose has been to choose an end-of-life disposal option, such as different forms of recycling, incineration, landfilling, etc., which could prevent plastics from reaching marine environments. A few other studies address options for getting rid of plastics that have already reached these environments.

With regard to how the MCDA was performed, this review has analyzed the methods selected, the criteria considered, and the criteria weighting process. The reviewed studies are quite diverse in the modeling choices they make, which are specific for their purposes. Therefore, a consolidated best practice pattern does not emerge from this review.

The most popular method was AHP, followed by TOPSIS and outranking methods, and then MAUT/MAVT and simple weighted sums. Some authors have used more than one method to analyze the same problem. Overall, the choice of criteria spans operational (mostly), but also environmental and economic aspects to evaluate the alternatives. Less often, criteria are found to be related to social, managerial, and political factors. However, the studies addressing the marine environment emphasize the environmental dimension in their choice of evaluation criteria. The weighting of the criteria, required by all the MCDA methods that were used, was performed mainly by consulting experts, followed by decision makers. In a few cases the authors themselves proposed the weights. Representatives of the affected population or other stakeholders have been consulted on a few occasions. Apart from these panel-based methods, no other approaches to weighting, such as using monetization techniques or finding the weights based solely on statistical considerations, were found.

Overall, the authors of the studies consider their application of MCDA was successful. They stress the importance of being able to encompass environmental, socioeconomic, and operational factors in the evaluation of the alternatives. Other strengths identified were transparency, the possibility of using qualitative assessments, and the potential for involving stakeholders. When stakeholders were involved, the authors report their feedback was positive. However, the authors pointed out that MCDA can be limited by the availability of data and resources for its implementation, as well as the evolving nature of the perspectives of experts and stakeholders. Some authors called for improved monitoring and data collection methods to better appraise the performance of the alternatives on multiple indicators. MCDA results can also depend on the choice of indicators and other modeling choices.

When analyzing the problems that they addressed, the authors in most cases have managed to identify a clearly winning alternative, which was sometimes a combination of several strategies. But some authors pointed out that the number of possible combinations can lead to a large number of alternatives, and their analysis can be limited by the need to make assumptions about factors and choices related to parts of the overall system outside the scope of their studies.

Given the urgent need to tackle the impact of plastic waste on terrestrial and marine environments, more studies are clearly needed to identify the most adequate solutions. Such solutions involve not only developing technologies, but also creating or updating policies and regulations. The authors hope this review will help to raise awareness of the problem and the need to address it with MCDA, thereby taking into account its environmental, economic, social, and technical dimensions.



AUTHOR CONTRIBUTIONS

MS: methodology, investigation, writing—original draft, and visualization. LD: conceptualization, writing—review and editing, and visualization. MC: conceptualization, writing—review and editing, visualization, and funding acquisition. JM: writing—review and editing. All authors read and approved the submitted version and listed have made a substantial, direct, and intellectual contribution to the work.



FUNDING

This work was funded under the EU project CLAIM (Cleaning Litter by developing and Applying Innovative Methods in European seas) H2020 Grant agreement ID: 774586. MC and JM were acknowledged the support of national funds through FCT, under the project UID/EMS/00285/2020. MS was acknowledged a research grant awarded by the University of Coimbra.



SUPPLEMENTARY MATERIAL

The Supplementary Material for this article can be found online at: https://www.frontiersin.org/articles/10.3389/fmars.2021.747712/full#supplementary-material



REFERENCES

Achillas, C., Moussiopoulos, N., Karagiannidis, A., Banias, G., and Perkoulidis, G. (2013). The use of multi-criteria decision analysis to tackle waste management problems: a literature review. Waste Manag. Res. 31, 115–129. doi: 10.1177/0734242X12470203

Andreoni, V., Saveyn, H. G. M., and Eder, P. (2015). Polyethylene recycling: waste policy scenario analysis for the EU-27. J. Environ. Manage. 158, 103–110. doi: 10.1016/j.jenvman.2015.04.036

ATLAS.ti (2020). Scientific Software Development GmbH. Version 9. Available online at: http://atlasti.com (accessed July 20, 2021).

Bachér, J., Pihkola, H., Kujanpää, L., and Mroueh, U.-M. (2018). Advancing the circular economy through group decision-making and stakeholder involvement. Detritus 4, 22–35. doi: 10.31025/2611-4135/2018.13741

Balwada, J., Samaiya, S., and Mishra, R. P. (2021). Packaging Plastic Waste Management for a Circular Economy and Identifying a better Waste Collection System using Analytical Hierarchy Process (AHP). Procedia CIRP 98, 270–275. doi: 10.1016/j.procir.2021.01.102

Besseling, E., Quik, J. T. K., Sun, M., and Koelmans, A. A. (2017). Fate of nano- and microplastic in freshwater systems: a modeling study. Environ. Pollut. 220, 540–548. doi: 10.1016/j.envpol.2016.10.001

Bhagat, S., Bhardawaj, A., Mittal, P., Chandak, P., Akhtar, M., and Sharma, P. (2016). Evaluating plastic waste disposal options in Delhi using multi criteria decision analysis. IIOAB J. 7, 25–35.

Brans, J. P., and Vincke, P. (1985). A Preference Ranking Organisation Method (The PROMETHEE Method for Multiple Criteria Decision-Making). Manag. Sci. 31, 647–656. doi: 10.1287/mnsc.31.6.647

Brauers, W. K., and Zavadskas, E. K. (2006). The MOORA method and its application to privatization in a transition economy. Control Cybern. 35, 445–469.

Cardoso, R. S., Xavier, L. H., Gomes, C. F. S., and Adissi, P. J. (2009). Uso de SAD no apoio à decisão na destinação de resíduos plásticos e gestão de materiais. Pesqui. Oper. 29, 67–95. doi: 10.1590/s0101-74382009000100004

Cegan, J. C., Filion, A. M., Keisler, J. M., and Linkov, I. (2017). Trends and applications of multi-criteria decision analysis in environmental sciences: literature review. Environ. Syst. Decis. 37, 123–133. doi: 10.1007/s10669-017-9642-9

Chrissley, T., Yang, M., Maloy, C., and Mason, A. (2017). “Design of a Marine Debris Removal System,”in 2017 Systems and Information Engineering Design Symposium (Bengaluru: SIEDS), 10–15. doi: 10.1109/SIEDS.2017.7937696

Cunha, M., Marques, J., Creaco, E., and Savic, D. A. (2019). Dynamic Adaptive Approach for Water Distribution Network Design. J. Water Resour. Plan. Manag. 145:04019026. doi: 10.1061/(ASCE)WR.1943-5452.0001085

Delvere, I., Iltina, M., Shanbayev, M., Abildayeva, A., Kuzhamberdieva, S., and Blumberga, D. (2019). Evaluation of Polymer Matrix Composite Waste Recycling Methods. Environ. Clim. Technol. 23, 168–187. doi: 10.2478/rtuect-2019-0012

Deshpande, P. C., Skaar, C., Brattebø, H., and Fet, A. M. (2020). Multi-criteria decision analysis (MCDA) method for assessing the sustainability of end-of-life alternatives for waste plastics: a case study of Norway. Sci. Total Environ. 719:137353. doi: 10.1016/j.scitotenv.2020.137353

Dias, L., Freire, F., and Geldermann, J. (2019). “Perspectives on Multi-criteria Decision Analysis and Life-Cycle Assessment,” in New Perspectives in Multiple Criteria Decision Making, ed. M. Doumpos (Cham: Springer), 315–329. doi: 10.1007/978-3-030-11482-4_12

European Council (2008). Directive 2008/98/EC. Off. J. Eur. Union 51, 1–45.

Fishburn, P. C. (1967). Additive Utilities with Incomplete Product Sets: application to Priorities and Assignments. Oper. Res. 15, 537–542. doi: 10.1287/opre.15.3.537

Geetha, S., Narayanamoorthy, S., Kureethara, J. V., Baleanu, D., and Kang, D. (2021). The hesitant Pythagorean fuzzy ELECTRE III: an adaptable recycling method for plastic materials. J. Clean. Prod. 291:125281. doi: 10.1016/j.jclepro.2020.125281

Gomes, C. F. S., Nunes, K. R. A., Xavier, L. H., Cardoso, R., and Valle, R. (2008). Multicriteria decision making applied to waste recycling in Brazil. Omega 36, 395–404. doi: 10.1016/j.omega.2006.07.009

Huang, I. B., Keisler, J., and Linkov, I. (2011). Multi-criteria decision analysis in environmental sciences: ten years of applications and trends. Sci. Total Environ. 409, 3578–3594. doi: 10.1016/j.scitotenv.2011.06.022

Husáková, N., Fedorko, G., Molnár, V., and Honus, S. (2016). “Example of selection of suitable way for the process of recycling,” in Proceedings of the 16th International Multidisciplinary Scientific GeoConference Surveying Geology and Mining Ecology Management (SGEM), Albena, 357–364. doi: 10.5593/SGEM2016/B52/S20.046

Hwang, C.-L., and Yoon, K. (1981). Multiple Attribute Decision Making: Methods and Applications A State-of-the-Art Survey. In Lecture Notes in Economics and Mathematical Systems. Berlin: Springer.

Ishizaka, A., and Nemery, P. (2013). Multi-Criteria Decision Analysis: Methods and Software. Hoboken: john wiley & sons. doi: 10.1002/9781118644898

Jimenez, G., Santos, G., Félix, M., Hernández, H., and Rondón, C. (2019). Good Practices and Trends in Reverse Logistics in the plastic products manufacturing industry. Procedia Manuf. 41, 367–374. doi: 10.1016/j.promfg.2019.09.021

Juul, N., Münster, M., Ravn, H., and Söderman, M. L. (2013). Challenges when performing economic optimization of waste treatment: a review. Waste Manag. 33, 1918–1925. doi: 10.1016/j.wasman.2013.04.015

Keeney, R. L. (1996). Value-focused thinking: identifying decision opportunities and creating alternatives. Eur. J. Operat. Res. 92, 537–549. doi: 10.1016/0377-2217(96)00004-5

Keeney, R. L., and Raiffa, H. (1976). Decisions with Multiple Objectives: Preferences and Value Tradeoffs. Hoboken: John Wiley & Sons.

Khandelwal, C., and Barua, M. K. (2020). Prioritizing circular supply chain management barriers using fuzzy AHP: case of the Indian plastic industry. Glob. Bus. Rev. 1–20. doi: 10.1177/0972150920948818

Lebreton, L. C. M., Van Der Zwet, J., Damsteeg, J.-W., Slat, B., Andrady, A., and Reisser, J. (2017). River plastic emissions to the world’s oceans. Nat. Commun. 8:15611. doi: 10.1038/ncomms15611

Lieske, D. J., Tranquilla, L. M. F., Ronconi, R., and Abbott, S. (2019). Synthesizing expert opinion to assess the at-sea risks to seabirds in the western North Atlantic. Biol. Conserv. 233, 41–50. doi: 10.1016/j.biocon.2019.02.026

Marazzi, L., Loiselle, S., Anderson, L. G., Rocliffe, S., and Winton, D. J. (2020). Consumer-based actions to reduce plastic pollution in rivers: a multi-criteria decision analysis approach. PLoS One 15:e0236410. doi: 10.1371/journal.pone.0236410

Martín-Gamboa, M., Iribarren, D., García-Gusano, D., and Dufour, J. (2017). A review of life-cycle approaches coupled with data envelopment analysis within multi-criteria decision analysis for sustainability assessment of energy systems. J. Clean. Prod. 150, 164–174. doi: 10.1016/j.jclepro.2017.03.017

Mavi, R. K., Goh, M., and Zarbakhshnia, N. (2017). Sustainable third-party reverse logistic provider selection with fuzzy SWARA and fuzzy MOORA in plastic industry. Int. J. Adv. Manuf. Technol. 91, 2401–2418. doi: 10.1007/s00170-016-9880-x

Mikusová, N., Stopka, O., Stopkova, M., Mikušová, N., Stopka, O., and Stopkova, M. (2019). Application of Multi-criteria Decision-making Methods for the Area of Recycling. TEM J. 8, 827–835. doi: 10.18421/TEM83-19

Nirmala, G., and Uthra, G. (2017). Selecting best plastic recycling method using trapezoidal linguistic fuzzy preference relation. Int. J. Civ. Eng. Technol. 8, 850–855.

Panigrahi, S. K., Kar, F. W., Fen, T. A., Hoe, L. K., and Wong, M. (2018). A Strategic Initiative for Successful Reverse Logistics Management in Retail Industry. Glob. Bus. Rev. 19, 151–175. doi: 10.1177/0972150918758096

Rochat, D., Binder, C. R., Diaz, J., and Jolliet, O. (2013). Combining Material Flow Analysis, Life Cycle Assessment, and Multiattribute Utility Theory Assessment of End-of-Life Scenarios for Polyethylene Terephthalate in Tunja, Colombia. J. Indus. Ecol. 17, 642–655. doi: 10.1111/jiec.12025

Rodrigues, M. O., Gonçalves, A. M. M., Gonçalves, F. J. M., Nogueira, H., Marques, J. C., and Abrantes, N. (2018). Effectiveness of a methodology of microplastics isolation for environmental monitoring in freshwater systems. Ecol. Indic. 89, 488–495. doi: 10.1016/j.ecolind.2018.02.038

Roy, B. (1968). Classement et choix en présence de points de vue multiples (La methode ELECTRE). Rev. Inf. Rech. Oper. 8, 57–75.

Saaty, T. L. (1980). The Analytical Hierarchy Process, Planning, Priority. New York: MacGraw-Hill.

Saaty, T. L. (1996). Decision Making with Dependence and Feedback: The Analytic Network Process. Pittsburgh: RWS Publications.

Senthil, S., Murugananthan, K., and Ramesh, A. (2018). Analysis and prioritisation of risks in a reverse logistics network using hybrid multi-criteria decision making methods. J. Clean. Prod. 179, 716–730. doi: 10.1016/j.jclepro.2017.12.095

Thiel, M., Luna-Jorquera, G., Álvarez-Varas, R., Gallardo, C., Hinojosa, I. A., Luna, N., et al. (2018). Impacts of marine plastic pollution from continental coasts to subtropical gyres-fish, seabirds, and other vertebrates in the SE Pacific. Front. Mar. Sci. 5:238. doi: 10.3389/fmars.2018.00238

Vinodh, S., Prasanna, M., and Hari Prakash, N. (2014). Integrated Fuzzy AHP-TOPSIS for selecting the best plastic recycling method: a case study. Appl. Math. Model. 38, 4662–4672. doi: 10.1016/j.apm.2014.03.007

Vo Dong, A., Azzaro-Pantel, C., and Boix, M. (2019). A multi-period optimisation approach for deployment and optimal design of an aerospace CFRP waste management supply chain. Waste Manage. 95, 201–216.


Conflict of Interest: The authors declare that the research was conducted in the absence of any commercial or financial relationships that could be construed as a potential conflict of interest.

Publisher’s Note: All claims expressed in this article are solely those of the authors and do not necessarily represent those of their affiliated organizations, or those of the publisher, the editors and the reviewers. Any product that may be evaluated in this article, or claim that may be made by its manufacturer, is not guaranteed or endorsed by the publisher.

Copyright © 2022 Santos, Dias, Cunha and Marques. This is an open-access article distributed under the terms of the Creative Commons Attribution License (CC BY). The use, distribution or reproduction in other forums is permitted, provided the original author(s) and the copyright owner(s) are credited and that the original publication in this journal is cited, in accordance with accepted academic practice. No use, distribution or reproduction is permitted which does not comply with these terms.











	 
	ORIGINAL RESEARCH
published: 10 January 2022
doi: 10.3389/fmars.2021.762235





[image: image]

Quantifying Transboundary Plastic Pollution in Marine Protected Areas Across the Mediterranean Sea

Yannis Hatzonikolakis1,2, Sylvaine Giakoumi3,4, Dionysios E. Raitsos1, Kostas Tsiaras2, Sofia Kalaroni2, George Triantaphyllidis2 and George Triantafyllou2*

1Department of Biology, National and Kapodistrian University of Athens, Athens, Greece

2Hellenic Centre for Marine Research (HCMR), Anavyssos, Greece

3Department of Integrative Marine Ecology, Stazione Zoologica Anton Dohrn, Naples, Italy

4Centre for Biodiversity and Conservation Science, School of Biological Sciences, The University of Queensland, Brisbane, QLD, Australia

Edited by:
Juan José Alava, University of British Columbia, Canada

Reviewed by:
Lorenzo Mari, Politecnico di Milano, Italy
Javier Castro Jiménez, French National Institute for Ocean Science (IFREMER), France

*Correspondence: George Triantafyllou, gt@hcmr.gr

Specialty section: This article was submitted to Marine Pollution, a section of the journal Frontiers in Marine Science

Received: 21 August 2021
Accepted: 10 December 2021
Published: 10 January 2022

Citation: Hatzonikolakis Y, Giakoumi S, Raitsos DE, Tsiaras K, Kalaroni S, Triantaphyllidis G and Triantafyllou G (2022) Quantifying Transboundary Plastic Pollution in Marine Protected Areas Across the Mediterranean Sea. Front. Mar. Sci. 8:762235. doi: 10.3389/fmars.2021.762235

Micro- and macro-plastics pollution is a growing threat for marine biodiversity, ecosystem functioning, and consequently human wellbeing. Numerical models that consider main sources of plastics and simulate their dispersal characteristics are unique tools for exploring plastic pollution in marine protected areas (MPAs). Here, we used a Lagrangian plastic drift model, taking into account various sizes/types of plastic litter, originating from major land-based sources (coastal cities and rivers), to predict plastic accumulation zones in protected areas of the Mediterranean Sea (i.e., nationally designated MPAs, Natura 2000 sites, and Cetacean Critical Habitats). The model predicted that the size of plastic litters plays a key role in their dispersion and ultimate destination (i.e., larger litter travel longer distances). Most of the studied Mediterranean countries (13 out of 15) had at least one national MPA with over 55% of macroplastics originating from sources beyond their borders. Consequently, in many cases, local efforts to reduce plastic pollution in protected areas would be insufficient, especially for macroplastics management. Transboundary collaboration among Mediterranean countries is critical for implementing successful management plans against plastic pollution in their territorial waters and specifically in MPAs.

Keywords: microplastics, macroplastics, MPA, Natura 2000, cetacean, transboundary, Mediterranean, Lagrangian


INTRODUCTION

Plastic pollution in the marine environment is a global threat (Borrelle et al., 2020), considered as one of the major environmental issues of our times, comparable with climate change and overfishing (Avery-Gomm et al., 2019; Stafford and Jones, 2019). Macroplastics (>5 mm) are known to affect the marine ecosystem, as marine organisms ingest or become entangled in plastic litter (Sheavly and Register, 2007), which has an impact on their health, sometimes even with fatal consequences (Franco-Trecu et al., 2017; Reinert et al., 2017; Alexiadou et al., 2019). Effects of microplastics (<5 mm) on marine biota are less known (Bucci et al., 2020), as this subject has only recently drawn the attention of marine research activities (Modica et al., 2020). Still, the main attributes of microplastics (persistence, microscopic size) allow them to penetrate in the trophic chain more efficiently (e.g., Cole et al., 2013; Romeo et al., 2015; Digka et al., 2018; Wieczorek et al., 2018; Alava, 2020; Stamataki et al., 2020), potentially affecting even small planktonic organisms (Cole et al., 2015; Mahara et al., 2021), and entering the human diet through seafood (Smith et al., 2018).

Depending on their attributes (e.g., size, buoyancy), plastics can travel long distances (Fazey and Ryan, 2016a), and may end up far from their sources. In contrast with other, direct anthropogenic impacts (e.g., fishing), which can be managed locally with restrictions, plastics can act as an invisible threat with multiple and distant sources, potentially threatening the wildlife and habitats in Marine Protected Areas (MPAs). Evidence from studies conducted in the Antarctic (Almela and Gonzalez, 2020), the Arctic (Mallory, 2008), the Atlantic (Barnes et al., 2018), and the Pacific Oceans (Luna-Jorquera et al., 2019), as well as in the Mediterranean Sea (Fossi et al., 2017), demonstrate that MPAs are affected by plastic pollution worldwide.

From an ecological point of view, and from the perspective of marine policy, the case of the Mediterranean Sea is of particular interest with regard to plastic pollution. This semi-enclosed basin, with restricted water outflows, is one of the most polluted regions globally (Lebreton et al., 2012; van Sebille et al., 2015; United Nations Environment Programme [UNEP], 2021), and simultaneously a biodiversity hotspot (Bianchi and Morri, 2000). Furthermore, the Mediterranean Sea is shared by numerous countries in three continents with great differences in socioeconomic status, political regimes, languages, governance, and cultures that render the implementation of common regulations for the management of marine ecosystems challenging. Yet, most Mediterranean states have committed to protect and conserve marine biodiversity and ecosystems through international conventions. The Barcelona Convention for the Protection of the Marine Environment and the Coastal Region of the Mediterranean was adopted in 1995 and today has 21 Mediterranean countries and the EU as contracting parties.1 One of the Convention’s primary goals is to protect the marine environment and coastal zones through prevention and reduction of pollution, and as far as possible, elimination of pollution, whether land- or sea-based. To achieve this goal, it is very important to identify sources and sinks of pollution across the Mediterranean Sea, and particularly in critical areas for the conservation of marine biodiversity.

Numerical models are unique tools to study the distribution and impacts of plastic pollution on marine ecosystems, providing useful knowledge for marine policy and decision making, particularly when properly validated. Plastic distribution models give us the ability to predict accumulation zones and connect them with their sources. For instance, Liubartseva et al. (2019) used a Mediterranean basin-scale Lagrangian model to identify sources contributing to the plastic concentration in six MPAs, while Fossi et al. (2017) and Guerrini et al. (2019) used a Lagrangian approach to study the impact of plastic pollution in the Pelagos Sanctuary for Marine Mammals. Still, in order to have an overview of the problem and a clear picture of its dimension, there is a need to use plastic dispersion models in basin-scale analyses that consider all MPAs of the Mediterranean Sea. Additionally, since all models have strengths and weaknesses (Skogen et al., 2021), getting results from more than one modeling approach is essential for supporting ecosystem-based management decisions (Lewis et al., 2021).

The only basin-scale analysis focusing on the MPAs of the entire Mediterranean Sea is a recent study by Soto-Navarro et al. (2021), who performed a risk assessment analysis of macroplastics pollution based on the ingestion rates of several species. Even though Soto-Navarro et al. (2021) reported predicted macroplastic concentrations (normalized) in Mediterranean MPAs, no such information exists for microplastics. Additionally, although the model they used is based on a well-established description of hydrodynamics (NEMOMED36, Soto-Navarro et al., 2020), implemented with high resolution (2–3 km), the simulated plastics distribution was not validated with field observations.

The purpose of this study is to predict the concentrations of both micro- and macro-plastics in Mediterranean MPAs as well as in areas of conservation interest for cetaceans, simulated with a basin-scale Lagrangian particle drift model (Tsiaras et al., 2021). This model considers the most important processes (advection by currents, stokes drift, horizontal/vertical mixing, beaching, wind drag), including the biofouling and sinking of micro- and macro-plastics, while the simulated plastics distributions have been validated against available field data. In our analysis we consider nationally designated MPAs (hereafter, referred to as “national MPAs”), marine sites of the European Union network of protected areas Natura 2000, and Cetacean Critical Habitats (CCHs, including the Pelagos Sanctuary). Moreover, we investigate the sources contributing to the resulting accumulation in national MPAs, and we quantify transboundary pollution highlighting the necessity of international collaboration for the successful implementation of plastic pollution management plans within MPAs.



MATERIALS AND METHODS


Lagrangian Particle Drift Model

The Lagrangian Individual-Based model (IBM) used to describe the transport of micro- and macro-plastics (Tsiaras et al., 2021) is described in detail in the Supplementary Material. The model is coupled with a 3-D hydrodynamic model (POM), which provides ocean currents and diffusion coefficients that are used to describe the dispersion of plastic particles in the marine environment. Specific attributes of particles (size, density/buoyancy) were taken into account among different sizes and types of plastic categories. Six size classes (50, 200, 350, 500, 1,000, 2,000 μm) of microplastics particles and five sizes/types (5 mm–2 cm, 2–20 cm, > 20 cm bottles, > 20 cm bags, > 20 cm foam) of macroplastics were considered. For computational efficiency, the concept of Super-Individuals (SIs; Scheffer et al., 1995) was used, with each SI representing a group of particles with the same attributes (position, origin, type of plastic etc.). All sizes/types of plastics were affected by stokes drift (obtained from Copernicus marine service2), which was assumed to decrease exponentially with depth. Low-density macroplastics (i.e., bottles and foam; Tsiaras et al., 2021) were assumed to be partially above sea surface, being subject to wind drag (Yoon et al., 2010). Fields of wind were obtained from POSEIDON atmospheric forecast (Papadopoulos and Katsafados, 2009; Supplementary Figure 6).

Particles are removed from surface waters as they lose their buoyancy through interactions with the marine environment. The particles’ density is increasing (and thus buoyancy is decreasing) through biofouling (Kooi et al., 2017). In the model, biofouling of microplastics is explicitly described, as a function of bacterial abundance. Bacteria are usually found as early colonizers and most abundant organisms in marine biofilms (e.g., Oberbeckmann et al., 2014; Masó et al., 2016). Thus, they are considered as a proxy for the biofouling community which may include also other organisms, such as algae and their grazers (Oberbeckmann et al., 2014; Dang and Lovell, 2016; Rummel et al., 2017; Nava and Leoni, 2021). Bacterial abundance was obtained from a biochemical model based on European Regional Seas Ecosystem Model (ERSEM; Baretta et al., 1995; Kalaroni et al., 2020a,b). Based on the adopted formulation, smaller microplastics (50, 200, 350, 500 μm) are gradually sinking (time to sink with mean bacterial biomass: < 1 day 50 μm, 3.5 days 200 μm, 14 days 350 μm, 32.5 days 500 μm, see Supplementary Figure 1) due to the buoyancy loss resulting from the attachment of heavier biofilm (∼1,500 kg/m3, Bratback and Dundas, 1984). Larger particles (>1 mm) practically remain afloat and in most occasions, they get stranded on land before they sink (Tsiaras et al., 2021). Small macroplastics (5 mm–2 cm, 2–20 cm) and plastic bags were also assumed to gradually lose their buoyancy from the attachment of micro- and macro-fouling communities (Ye and Andrady, 1991; Fazey and Ryan, 2016a; Pauli et al., 2017). Based on the assumptions for biofilm thickness adopted by Tsiaras et al. (2021), small macroplastics with sizes 5 mm–2 cm and 2–20 cm sink after 120 and 150 days, respectively, while bags sink after 90 days, which is comparable with estimates from observations (Holmström, 1975). Moreover, bottles were assumed to randomly lose their buoyancy daily (i.e., when filled with water), as indicated by observations, showing a relatively small contribution of bottles in open sea floating plastics (Zeri et al., 2018).

Particles that end-up on land were assumed to remain on the beach for a fixed retention time (Tsiaras et al., 2021), after which they return to the sea, in the direction of waves at the beach location. During the time they spent on the beach, the particles’ concentration decreases, assuming some loss rate due to burial. The latter is the main loss term in the model (along with sinking) and it has been tuned so that the mean basin scale concentration remains fairly stable throughout the interannual simulation, obtaining also a best fit of simulated micro- and macro-plastics concentrations with in situ data.


Sources

Three major land-based sources of plastic were considered: wastewater discharge, rivers, and cities. These are reported below, but the interested reader can see a detailed description in Supplementary Material:


(a)Input of microplastics from coastal cities (>2,000 inhabitants) municipal wastewater discharge (Supplementary Figures 2A,B) as a function of population density (Supplementary Figure 3) and wastewater treatment type (no treatment, primary, secondary, tertiary; Supplementary Figure 4) assuming an increased cleaning efficiency from primary to tertiary treatment based on Kalcikova et al. (2017). Larger particles (>300 μm), were assumed to be totally removed when some type of treatment is applied, being discharged into the sea only from untreated wastewater.

(b)Input of micro- and macro-plastics from river discharge (Supplementary Figure 2D) as a function of accumulated plastics production and monthly river runoff, based on Lebreton et al. (2017) global dataset. The total mass plastic input (tons/year) was converted to #particles/day of micro- and macro-plastics, assuming a fixed macro/micro mass ratio. River input of smaller (<300 μm) microplastics was not considered, as river estimates were based on observations with a net mesh size > 300 μm.

(c)Input of macroplastics from coastal cities (beaches, harbors etc., Supplementary Figure 2C), which is distributed along the Mediterranean coastline following a function of population density.





Mapping of Plastics Distribution

For the purpose of the present study, a 3-year simulation (2016–2018) was performed and an average distribution of near-surface (0–10 m) micro- and macro-plastic abundance was used to investigate the accumulation in the MPAs of the Mediterranean Sea. The various types and sizes of plastic considered by the model were grouped and summarized into microplastics (<5 mm, particles km–2) and macroplastics (>5 mm, g km–2).




Overlap of Plastics With Marine Protected Areas and Cetacean Critical Habitats


Areas of Interest

The maps of plastic distribution were overlapped with GIS-based ecosystem layers, and the mean and median micro- and macro-plastics abundance of each area was calculated using the INPOLYGON function of MATLAB—2015a. Cetacean Critical Habitats (CCHs), Natura 2000 sites, and national MPAs were provided by MAPAMED (2020). From these, a total of 17 CCHs, 297 Natura 2000 sites and 107 national MPAs were investigated and included in the model domain (Figure 1). Estimates on the plastic pollution in Natura 2000 sites and national MPAs were grouped and investigated at a country level and at an ecoregional level. In the Mediterranean Sea, eight distinct ecoregions have been identified by Notarbartolo di Sciara and Agardy (2010), the: Alboran Sea, Algero-Provencal Basin, Tyrrhenian Sea, Tunisian Plateau/Gulf of Sidra, Adriatic Sea, Ionian Sea, Aegean Sea (including the Sea of Marmara), and Levantine Sea. Within each ecoregion, common geo-morphological features and ecological processes occur. In the past, this ecoregion classification has been adopted by other basin-scale studies (e.g., Giakoumi et al., 2013) to identify spatial priorities for biodiversity conservation and ecosystem-based management.
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FIGURE 1. Study Areas: national Marine Protected Areas (National MPAs, orange), Natura 2000 sites (magenta), and Cetacean Critical Habitats (CCHs, yellow).


Finally, for the most threatened areas (i.e., areas with the highest plastic concentration), the origin of the resulting pollution was investigated by identifying the contributing sources from the SI’s attributes, in order to identify connectivity patterns between sources and protected areas. To get an overview of transboundary pollution in the basin, we investigated the origin of plastic pollution in national MPAs on a country-specific basis, estimating the percentage contribution of each country to the resulting pollution within each national MPA.



Cluster Analysis

To characterize the studied areas as of relatively high/medium/low plastic concentration, an objective environmental spatial division of the Mediterranean Sea into clusters was applied. Following the procedure of Politikos et al. (2017), the k-means clustering algorithm (Hartigan and Wong, 1979) was applied on the simulated concentration average maps for each type of plastics. A number of 3 clusters was defined before the k-means analysis, representative of high (cluster#1), medium (cluster#2), and low (cluster#3) concentration. The clusters stability was tested, using the Jaccard index, a useful measure of similarity between two datasets (Hennig, 2007). The procedure is as follows. A modification of the original data set was applied introducing two different types of disturbance to create several “test” data sets: the “noise” method, which randomly replaces a fraction of points in the original data set by “noise points,” and the “jittering” method, which adds a small amount of noise to every single point in the original data set (Hennig, 2007; D’Ortenzio et al., 2014). The k-means algorithm was then applied to the modified data sets and cluster results were compared to those obtained from the original data set. Following Hennig (2007), the Jaccard parameter was calculated for the modified data sets retaining the average of the Jaccard parameter. Generally, clusters with a Jaccard index equal or higher than 0.75 were considered stable (Kalaroni et al., 2020a). Finally, each area was characterized as of relatively low/medium/high pollution based on the median plastic concentration found, corresponding to one of the three clusters of the k-mean analysis.




Potential Bias of the Results

The model used to study the distribution of plastics is based on well-established methods, while the simulated results have been validated with available in situ data (Supplementary Figures 7, 8, and the references in Supplementary Material) presenting a reasonable skill (Tsiaras et al., 2021). Still, the available validation data cover partially the model domain, while the adopted sources of plastics are characterized by a large degree of uncertainty. Especially with regard to small microplastics (<300 μm) available data are not enough for model validation, and their background concentration is poorly known (Lindeque et al., 2020). Furthermore, in the absence of available data, the input of small microplastics (<300 μm) from rivers has not been taken into account. Thus, the total amount of microplastics input from rivers as estimated here with the model of Lebreton et al. (2017) should be considered as underestimated. On the other hand, Weiss et al. (2021) indicated that existing estimates for river inputs of microplastics (e.g., Lebreton et al., 2017; Schmidt et al., 2017) may be significantly overestimated, based on the assumed mean particle weight and sampling methodologies biases.

Inputs of macroplastics from river runoff are also characterized by a significant degree of uncertainty, both in their amount and distribution. These were based on a global empirical function (Lebreton et al., 2017), taking into account of only one Mediterranean river (River Po). This empirical function is strongly influenced by mismanaged plastic production distribution, which might result in an underestimation or overestimation in high-income/developed countries and low-income/developing countries, respectively (Mai et al., 2020). Furthermore, the recent study of González-Fernández et al. (2021) demonstrated that the model of Lebreton et al. (2017) underestimates the input of large macroplastics (>2.5 cm) of European rivers. However, such information is still missing for the non-European rivers. Given that this knowledge gap will be covered by future studies, the presented modeling framework should be updated by re-considering the input of large macroplastics (>2.5 cm). Still, with the adopted formulation, our estimates on the input of large macroplastics (>2 cm) considering only European rivers (∼980 tons/year) is very close to the estimate of González-Fernández et al. (2021) for rivers discharging in the Mediterranean Sea (660–1,800 tons/year; mean = 1,350 tons/year).

The atmospheric pathway is partially considered for macroplastics as an input from coastal cities (see section “Sources, c”). Yet, we do not consider the atmospheric deposition of microplastics. Airborne microplastics, depending on their size, can travel long distances, as smaller particles are dispersed more widely (Evangeliou et al., 2020), making the simulation of their deposition at sea rather challenging. This would require an atmospheric model for the dispersion of microplastic or even a particle tracking model (e.g., Zhang et al., 2020), such as the one used here for the marine microplastics. Although there is more and more scientific evidence about the importance of atmospheric deposition (Liu et al., 2019), the information on airborne microplastics distribution in the Mediterranean is insufficient.

The ocean-based sources, that are not taken into account here, are considered to cover about 20% of the total plastic pollution (Lebreton et al., 2012). This contribution might currently be even smaller, considering the official banning of litter discharge from vessels. In addition, Soto-Navarro et al. (2020) modeled the dispersal of plastic released from shipping lanes and found their contribution rather uniform throughout the basin. Moreover, the plastics load from activities in coastal areas, such as aquaculture and fisheries, is partly taken into account in the tuned input of macroplastics from cities. Yet, plastic debris accidentally released offshore might be endowed with peculiar dispersal patterns influenced by off-coast currents. Therefore, in a future study, ocean-based sources should be further quantified and included in the model. Conversely, this is not important for microplastics as land-based sources represent the overwhelming majority (98%) of inputs into the ocean, according to IUCN (Boucher and Friot, 2017). Other sources of plastic that are less known, and thus are not considered by the model, but could affect certain areas, include the deposition of plastic fragments from greenhouses (e.g., in the Almeria region along the Spanish Mediterranean Coast; Dahl et al., 2021) and the illegal dumping of industrial wastes into coastal waters (Sheavly and Register, 2007).

Besides the uncertainties related to the adopted sources, our study is limited by processes that are not considered by the model. For instance, fragmentation of plastics into smaller particles results from the degradation of plastics which is more efficient on a beach environment, under the effect of solar radiation and waves that is primarily activated by ultraviolet (UV) radiation of sunlight, being also regulated by oxygen availability, temperature and mechanical abrasion (Andrady, 2011, 2017; Song et al., 2017). Even though fragmentation of plastics acts on relatively long time scales (∼years, Song et al., 2017), it provides a link between plastics of different sizes and thus it should be considered in future modeling efforts. Other processes that may affect the fate of microplastics include aggregation with sinking particulate organic matter (Long et al., 2015) and fecal pellets (Cole et al., 2016), as well as ingestion from various marine organisms (Cozar et al., 2014; Andrady, 2017; Choy et al., 2019 and references therein). These processes have been documented in the field or lab, but are still poorly quantified (van Sebille et al., 2020) and thus, were not taken into account in the model. With regard to biofouling, given the absence of experimental data, particularly on the size dependence of biofilm growth on microplastics, the adopted parameterization could not be directly validated. Still, the description of biofouling in Tsiaras et al. (2021) is among the most explicit, compared to other plastic dispersion models for the Mediterranean Sea (e.g., Liubartseva et al., 2018; Kaandorp et al., 2020; Soto-Navarro et al., 2020; Guerrini et al., 2021).

Finally, input from cities (both micro- and macro-plastics) is assumed to be constant through time. This is a simplification considering the changes of population and human activity in the coastal zone especially during the touristic period. For instance, in the Mediterranean Sea, a 40% increment of plastics input has been observed during the summer months (Galgani et al., 2014). In our results, the seasonality of plastic distribution is the result of changes in circulation, wind/waves, and rivers runoff. Considering that the model does not provide sufficient details to investigate the inter-seasonal distribution of plastic, we decided to study the accumulation in the Mediterranean protected areas using annual mean concentrations.




RESULTS


Simulated Plastic Distribution and Cluster Analysis

The average near-surface (0–10 m) distribution of micro- and macro-plastics as resulting from the 2016–2018 model simulation is shown in Figure 2. The majority of microplastics in terms of particles km–2 (basin average) were 200 μm (24.5%) and 350 μm (23.3%) followed by 500 μm (21%), 1,000 μm (15%) 50 μm (10.6%), and 2,000 μm (5.5%). Thus, in the resulting distribution maps, the fast-sinking microplastics (<1 mm) are dominant (79.5%) against afloat microplastics (20.5%). With regard to macroplastics, in terms of g km–2, the majority were 0.5–2 cm (54%), followed by 2–20 cm (37%), while bottles, bags, and foam were only 2.7, 3.5, and 2.7%, respectively. Thus, only 6.2% of macroplastics was affected by the wind. In Figure 3, the median distance covered by Lagrangian particles per particle category during the 3-year simulation is shown. The size of particles has a direct impact on their ability to travel far from their sources, as larger particles can potentially travel longer distances.
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FIGURE 2. Average distribution of micro-(top) and macro-plastics (bottom) of a 2016–2018 model run. Microplastics (<5 mm) concentration is the sum of the six microplastics size classes considered in this study (50, 200, 350, 1,000, 2,000 μm). Macroplastics concentration (>5 mm) is the sum of the five considered size/type classes (0.5–2 cm, 2–20 cm, bottles bags and foam>20 cm).
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FIGURE 3. Median distance covered by particles of the various sizes/types considered over the 3-year simulation run. Icons (A–F), represent examples of different size/type particles specified by y-axis: (A) fibers, (B) fragments, (C) pellets, (D) bottle cap, (E) bottle, and (F) bag.


The classification of the resulting distribution into 3 clusters, identified for both micro-and macro-plastics, is shown in Figure 4, and the corresponding statistics (median, 25, 75% percentiles etc.) of each cluster in Supplementary Figures 9, 10 and Supplementary Table 1. All clusters have scored high Jaccard indexes (>0.9), demonstrating that they are sufficiently stable and well-defined. The cluster analysis provides a more objective representation of the results, revealing the most contaminated areas (cluster#1, red).
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FIGURE 4. Clusters of micro- (top) and macro-plastics (bottom) of a 2016–2018 model run. Statistics of each cluster (median, 5–95% quantiles) are shown in Supplementary Figures 9, 10.


The simulated distribution is significantly affected by the source inputs from municipal wastewater and river runoff, as well as near-surface circulation. Highly polluted areas were found in the coastal zone, and especially in the vicinity of large rivers (e.g., Po—Italy, Soumman—Algeria, Nile—Egypt, Seman—Albania) and Metropolitan cities (e.g., Athens, Rome, Beirut). Microplastics accumulation zones that extend to the open sea are found in areas with inputs from large rivers (e.g., Algerian and Albanian coasts) or cities where no wastewater treatment is applied (e.g., Beirut, Tripoli). Rivers and untreated water are sources of large microplastics (>300 μm) that sink slowly (see section “Lagrangian Particle Drift Model”), and thus can travel longer distances than small microplastics (<300 μm). Thus, high concentration of microplastics in the open sea may be seen in areas where energetic coastal currents result in the off-shore advection of large particles from their source regions, as in the Algerian basin (Algerian current), the North Eastern Levantine (Asia-Minor current) and the Ligurian Seas (Liguro-Provencal current). In contrast, in areas where untreated water sources are scarce and input from rivers is not important, like the Spanish coasts, only input of small microplastics (<300 μm) occur, which rapidly lose buoyancy and sink due to biofouling (see section “Lagrangian Particle Drift Model”), resulting in a strong decrease of their concentration in open sea areas. The macroplastics distribution is mostly affected by rivers input. Particularly large accumulation zones, extended in the open sea, were found in the Algerian basin (dispersed from the coast to the open sea by the Algerian current), the North-Western and South-Eastern Adriatic, the Thermaikos Gulf (North Aegean Sea), and the Levantine basin. The effect of near-surface circulation is also visible in anticyclonic circulations that act as convergence/accumulation zones for floating particles (e.g., Gulf of Sirte Gyre and Ierapetra Gyre in eastern Crete).



Plastic Concentration in Marine Protected Areas Across Countries

The average concentration in national MPAs, Natura 2000 sites, and CCHs, is shown in Figure 5, along with the averaged concentration of inshore (<5 km distance from the coast) and offshore (>5 km) waters. Compared to CCHs, national MPAs and Natura 2000 sites are clearly more impacted, as on most occasions these are located in the coastal zone, while CCHs are generally larger areas extending also to the open sea. The difference between inshore and offshore waters is smaller for macroplastics. Macroplastics in inshore waters are 3.4 times higher compared to offshore waters, while microplastics are found to be 5.3 times higher in inshore waters, illustrating that macroplastics can travel longer distances from their sources.
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FIGURE 5. Average concentration of micro-(top) and macro-plastics (bottom) at inshore (<5 km distance from the coast), offshore (>5 km), national Marine Protected Areas (National MPAs), Natura 2000 sites and Cetacean Critical Habitats (CCHs). For micro- and macro-plastics estimation see Figure 2 caption.


The characterization of the studied areas, as of relatively low/medium/high pollution based on the cluster analysis is shown in Figure 6 (national MPAs and Natura 2000 sites) and Figure 7 (CCHs). A total of 41 (38%) national MPAs, 107 (36%) Natura 2000 sites, and 4 (23%) CCHs were found in the high cluster of microplastics. The studied areas were found less impacted by macroplastics with a total of 19 national MPAs (18%), 74 Natura 2000 sites (25%), and 1 CCHs (6%) belonging to the high cluster. A great amount of the studied areas is located in the Western Italian and French coasts. Although these areas accumulate microplastics originated locally as they are close to highly populated coastal cities (see Supplementary Figure 3), they do not receive significant inputs from rivers. Thus, compared to other areas where both rivers and cities provide significant inputs, like the Algerian coasts and the Adriatic and Levantine Seas, they accumulate significantly less macroplastics. Moreover, macroplastics accumulation zones, in comparison to microplastics accumulation zones, coincide much less with MPAs. Predicted micro- and macro-plastics concentration in all studied areas, as well as the corresponding clusters, can be found in Supplementary Material.
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FIGURE 6. Characterization of national Marine Protected Areas and Natura 2000 sites as of relatively low (blue), medium (green), and high (red) pollution based on the cluster analysis. Areas are plotted as circles at the mean coordinates of an area’s polygon.
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FIGURE 7. Characterization of Cetacean Critical Habitats (CCHs), as of relatively low (blue), medium (green) and high (red) pollution based on the cluster analysis.


From a country-specific point of view (Figure 8), a similar pattern is presented. Protected areas in EU countries like France, Italy and Greece are relatively more impacted by microplastics than macroplastics. The national MPAs of Albania, Turkey, Lebanon, and Algeria were found with relatively high concentrations of both micro- and macroplastics. In contrast, Natura 2000 sites and national MPAs in Croatia, Spain, Malta, and Cyprus maintain relatively low concentrations of both micro- and macro-plastics. Finally, the national MPAs in Tunisia, Libya, Israel and Egypt were found with relatively low concentrations in microplastics but high in macroplastics.
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FIGURE 8. Average concentration of micro- (top) and macro-plastics (bottom) in national Marine Protected Areas (MPAs) and Natura 2000 sites per country. FRA: France, CRO: Croatia, ITA: Italy, SPA: Spain, GRE: Greece, MAL: Malta, CYP: Cyprus, ALB: Albania, TUR: Turkey, LEB: Lebanon, MAR: Morocco, ALG: Algeria, TUN: Tunisia, LIB: Libya, ISR: Israel, EGY: Egypt. The first 7 countries (FRA—CYP) are members of the European Union (EU) and have both national MPAs and Natura 2000 sites, whereas the remaining 8 countries (ALB—EGY) are not part of the EU and thus do not have Natura 2000 sites. The number above each bar indicates the number of areas included in the calculation. For micro- and macro-plastics estimation see Figure 2 caption.


As regards to CCHs, the waters surrounding the Dodecanese Islands (Aegean Sea), the Tuscany Archipelago (Italy), the island of Ischia (Italy) and the Sazani Island (Albania) were found inside the high pollution cluster. With regard to macroplastics, only Sallum Gulf (Egypt) was found in the high cluster. Pelagos Sanctuary was found in the medium pollution cluster for both micro- and macro-plastics.



Plastic Concentration in Marine Protected Areas per Ecoregion

The average concentration of micro- and macro-plastics in Natura 2000 sites and national MPAs per ecoregion (ECR) is shown in Figure 9. National MPAs in ecoregions of the Eastern Mediterranean Sea—including the Ionian (ECR 6), Aegean (ECR 7), and Levantine (ECR 8) Seas presented particularly high microplastics concentrations. Natura 2000 sites in the Tyrrhenian Sea (ECR 3) presented the highest microplastics averaged concentration. With regard to macroplastics, the Natura 2000 sites of the Adriatic Sea (ECR 5), and national MPAs in the Levantine Basin (ECR 8) were the most impacted. Particularly low concentrations of both micro- and macro-plastics were found in the national MPAs and Natura 2000 sites of the Tunisian Plateau (ECR 4).
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FIGURE 9. Mediterranean ecoregions (top) obtained from Notarbartolo di Sciara and Agardy (2010) and Giakoumi et al. (2013). (1): Alboran Sea, (2): Algero-Provencal Basin, (3): Tyrrhenian Sea, (4): Tunisian Plateau, (5): Adriatic Sea, (6): Ionian Sea, (7): Aegean Sea (8): Levantine Sea. Average concentration of micro-(middle) and macro-plastics (bottom) at national Marine Protected Areas (MPAs) and Natura 2000 sites per ecoregion. The number above each bar indicates the number of areas included in the calculation. Red bars represent the mean concentrations per ecoregion. For micro- and macro-plastics estimation see Figure 2 caption.




Most Threatened Areas and Origin of Their Accumulation

Protected areas that were predicted to have extreme concentrations of plastic (above the 95th percentile of surface concentration in the whole basin) are shown in Figure 10. The majority of the most polluted areas with regard to microplastics are located along the Italian (13 areas) and French coasts (6 areas). In contrast, concerning macroplastics, the most polluted areas are dispersed in several regions including the eastern Italian coast (8 areas) and the Messina Strait (2 areas), in Turkey (5 areas), Spain (3 areas), Lebanon (1 area), Greece (2 areas), and Egypt (1 area).
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FIGURE 10. Protected areas above the 95th percentile of predicted surface micro-(top) and macro- plastics (bottom) concentration of the Mediterranean Sea.


From these areas, we highlighted three cases to investigate the origin of their resulting plastic accumulation in detail: the Natura 2000 site of Costa Viola in Italy (Supplementary Figure 11), the national MPA of the Tyre Coast in Lebanon (Supplementary Figure 12), and the national MPA of the Axios Delta in Greece (Supplementary Figure 13). The Costa Viola Natura 2000 site and the Tyre Coast presented a plastic concentration of more complicated origin (especially regarding macroplastics) than the Axios Delta MPA, as numerous sources contributed to their predicted concentrations. The Axios Delta (Supplementary Figure 13) lies in a semi-enclosed gulf and receives great amounts of plastic litter from local sources: the Axios and Aliakmonas Rivers and the city of Thessaloniki (∼1 million inhabitants). These three sources explained 95% of the resulting concentration for both micro-and macro-plastics in the Axios Delta. In contrast, at Costa Viola (Supplementary Figure 11), 95% of the resulting microplastics concentration came from 13 sources, and the same percentage for macroplastics was originated from 158 sources. All 13 sources of microplastics were in Italy. Conversely, 16% of macroplastics came from Algerian coasts, 4% from Tunisia, 2.5% from France, and 1.3% from Spain. Transboundary pollution was even more significant in the Tyre Coast MPA in Lebanon, where 50% of macroplastics came from Egypt, 19% from Turkey,16% from Israel, and only 13% of predicted macroplastics concentration originated locally from Lebanon.



Transboundary Pollution in National Marine Protected Areas

The transboundary pollution in national MPAs is shown in Figure 11. Transboundary pollution was found higher for macroplastics (= 57 ± 35%; MEAN ± STD) compared to microplastics (= 35 ± 34%; MEAN ± STD). All countries had at least one national MPA with over 55% of macroplastics originating from sources beyond their borders, excluding Algeria and Albania, which had a maximum fraction of 11 and 25% “foreign plastics” in their MPAs. The country receiving most transboundary pollution (as a percentage) was Malta, receiving 48% of the resulting concentration in macroplastics from Italy, 21% from Tunisia, 14% from Algeria and 7% from France (average percentages across all Maltese national MPAs). In contrast, in Greece, most national MPAs receive plastic load almost exclusively from sources within its borders, and thus the average fraction of transboundary pollution in Greek national MPAs was not found important for both micro- and macro-plastics (1 and 10%, respectively). The predicted fractions of transboundary pollution for both micro- and macro-plastics for all national MPAs can be found in Supplementary Material.
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FIGURE 11. Transboundary pollution in National Marine Protected Areas (MPAs) concerning microplastics (top panel) and macroplastics (bottom panel). Colors indicate the MPAs of a country drawn as polygons and squares; the percentages and arrows in the same color represent the plastic origin beyond borders. The percentages (only above 5% are shown) are averages from all MPAs of a country weighted by the mean concentration found at each MPA. The percentages for each national MPA can be found in Supplementary Material.





DISCUSSION

This study, presents the first attempt to quantify both micro- and macro-plastics concentrations in all Mediterranean MPAs, considering land-based sources and giving emphasis on the transboundary dimension of pollution. Generally, the coastal zone was found more impacted by both micro-and macro plastics, and thus protected areas such as Natura 2000 sites and national MPAs, which are commonly restricted in the coastal zone, accumulated more plastics than sites of conservation interest for cetaceans (CCHs), including the Pelagos Sanctuary, which often extend to the less impacted open waters (Figure 5). However, this result may be also partially attributed to the exclusion of offshore sources of plastic debris. Yet, since input from nearshore activities (e.g., aquaculture) is considered as plastics originating from cities (see section “Potential Bias of the Results”), and that the contribution of plastic released from shipping lanes is rather uniform throughout the Mediterranean Basin (Soto-Navarro et al., 2020), our results regarding transboundary fluxes of plastic in MPAs should not be significantly affected by the exclusion of ocean-based sources.

Our study highlights that the size of floating particles is an important factor since it largely determines the distance that plastics can travel from their sources: larger particles can travel longer distances (Figure 3), and thus can be more complicated to manage. This dependence of a plastic particles’ size on its residence time in the surface waters is confirmed by observations in the field. Ryan (2015) and Fazey and Ryan (2016b) have revealed a pattern where the average size of floating particles is increasing when moving offshore from coastal source areas. Another example is the results presented by Zeri et al. (2018) regarding the Adriatic Sea, where micro- (0.3–5 mm) and macro-plastics (5–50 mm) concentrations were, respectively, 3–5.5 and ∼2 times higher in inshore waters (<4 km) compared to offshore waters (>4 km). Accordingly, although the coastal zone is in general more polluted than the offshore waters, macroplastics concentrations were fairly similar in inshore and offshore waters, in contrast with microplastics that were predominantly in the coastal zone. Thus, assuming that the plastics’ origin is most likely land-based, macropastics travel longer distances from their source. Our results for the whole Mediterranean basin (Figure 5) are closely related to Zeri et al. (2018) findings as microplastics concentration in inshore waters (<5 km) was 5.4 times higher compared to offshore waters (>5 km), while macroplastics were presented more dispersed being 3.4 times higher in inshore waters (<5 km). Furthermore, we demonstrated that this attribute of floating particles, adds complexity to the management of marine litter in the protected areas of the Mediterranean Sea. Large particles (macroplastics) are more likely to significantly contribute to transboundary pollution, as demonstrated in Figure 11 and by two case studies in the Costa Viola (Supplementary Figure 11) and in the Tyre Coast (Figure 11 and Supplementary Figure 12). In contrast, the origin of microplastics appeared to be less complex (compared to macroplastics), as fewer and mostly local sources contributed to the resulting concentrations in MPAs. The majority of the distributed microplastics (∼80%) are small-sized (<1,000 μm), sink rapidly (<35 days, Supplementary Figure 1), and are thus ultimately distributed in MPAs that are nearer the source. In our framework, only larger microplastics (1,000 and 2,000 μm) can potentially travel longer distances. This is in accordance with the findings of Cózar et al. (2015) who demonstrated that large microplastics (∼1,000–2,000 μm) are the dominant size of microplastics in open waters.


Plastics Accumulation Zones in Protected Areas

Throughout our analysis (area characterization considering cluster analysis, and average concentration in protected areas per country and per ecoregion), it is revealed that high microplastics concentrations are found in the Natura 2000 sites of the French and western Italian coasts, while national MPAs were found highly polluted in Albania, Greece, Turkey, Lebanon, Israel and Algeria (Figures 8, 9). The resulting concentration depends on the coastal cities’ population (Supplementary Figure 3) and wastewater treatment type (Supplementary Figure 4) adopted by the UNEP/MEDPOL (2011) report, as well as on the near-surface circulation (Supplementary Figure 5). For instance, Natura 2000 sites along the western Italian and French coasts are located close to highly populated coastal cities. In Italian coastal cities (22.5 million inhabitants), mainly primary wastewater treatment is applied (59% of coastal cities) while a significant amount (33%) of wastewater is disposed untreated (UNEP/MEDPOL, 2011). This has a direct impact on the resulting accumulation zones, with the Italian Natura 2000 sites presenting the highest concentrations among all EU counties (Figure 8). As a counterexample, in Spain, where the vast majority of coastal cities (7.8 million inhabitants; UNEP/MEDPOL, 2011) apply secondary treatment (87%), Natura 2000 sites were found much less impacted. The French coast (7.5 million inhabitants), where secondary treatment is also mainly applied (71%), receives also large (>300 μm) floating microplastics from northern Italian cities, due to the prevailing near-surface circulation. As a result, Natura 2000 sites in France were found with the second highest averaged microplastics concentration after Italian Natura 2000 sites (see Figure 8). Still, these results suffer from limitations with regard to the adopted wastewater treatment from the UNEP/MEDPOL (2011) report. Besides the need of an updated report, some information about untreated water might be missing. For instance, for the WWTPs of Italy, 33% of wastewater from cities with primary treatment is reported as untreated. Although wastewater might not be totally cleaned in other countries as well (e.g., in Spain or France), no relevant information is available (UNEP/MEDPOL, 2011). Such uncertainties in the untreated water discharge might explain the underestimation of the model results of large microplastics abundance (> 300 μm) on the French and Spanish coasts (Supplementary Figure 7; Tsiaras et al., 2021).

Macroplastics presented high concentrations in Natura 2000 sites of the Adriatic Sea (Eastern Italy; ECR 5), at the Strait of Sicily (Italy) and in national MPAs of the Levantine Basin (Turkey, Egypt, Lebanon; ECR 8). Soto-Navarro et al. (2021) reported the highest concentrations of eastern Mediterranean, in the Adriatic Sea, the strait of Sicily and on the slopes of the Levantine Basin from Egypt to Turkey. Generally, our resulting distribution agrees with the findings by Soto-Navarro et al. (2021) regarding the eastern Mediterranean Sea, but differ for the western part. For instance, we found the Iberian Peninsula as of moderate pollution, whereas according to Soto-Navarro et al. (2021) it is the most contaminated area of the western Mediterranean. Such differences are attributed to the adopted sources, both land- and sea-based, with the latter not being considered here. Furthermore, our model does not predict a macroplastics accumulation zone in the Gulf of Lions, as predicted by Soto-Navarro et al. (2021). This is partially due to the underestimation of large macroplastics (>2 cm) input from Rhone river since, our estimation based on Lebreton et al. (2017) is lower (∼0.08 tons year–1) than the observed (∼0.7 tons year–1; Castro-Jiménez et al., 2019). Additionally, as discussed in section “Potential Bias of the Results,” the strong influence of Lebreton et al. (2017) empirical function on mismanaged plastic production results in an underestimation of riverine plastic in high-income/developed countries (e.g., France) and to an overestimation in low-income/developing countries (Mai et al., 2020).

The national MPA in the Sallum Gulf (Egypt), which was found to belong in the high macroplastics pollution cluster, is of particular interest considering its high biodiversity (Farrag et al., 2019). Moreover, due to its importance for various cetacean species, ACCOBAMS considers this area as a CCH. Thus, high concentrations of macroplastics in the Sallum Gulf should raise the alarm, as it is known that cetacean species are particularly vulnerable to macroplastics, often with lethal consequences (Alexiadou et al., 2019). Notably, we found that the vast majority (99%) of this predicted concentration in Sallum Gulf, originates from sources beyond the Egyptian borders (Figure 11, see also Supplementary Material). Other CCHs, that did not belong to the high macroplastic cluster but were partially located within macroplastics accumulation zones include the Alboran Sea, the Saronikos Gulf, the waters surrounding Dodecanese islands (Aegean Sea), and the Pelagos Sanctuary for Marine Mammals. The Pelagos Sanctuary is also partially located within microplastic accumulation zones, with a median concentration corresponding to the medium pollution cluster for both micro- and macro-plastics. Our results regarding micro- (>0.3 mm) and macro-plastics abundance in the area have been validated with in situ data observations (Supplementary Figures 7, 8), with the prediction regarding microplastics being underestimated most likely due to underestimation of input from untreated wastewater from the French coasts (Tsiaras et al., 2021). Among the various marine mammals that inhabit the Pelagos Sanctuary, the area is also an important feeding ground for the fin whale Balaenoptera physalus, which is directly exposed to microplastics due to their filtering activity (Fossi et al., 2012). Our findings reinforce the evidence presented by Fossi et al. (2017) and Guerrini et al. (2019) demonstrating the risk of plastic ingestion by fin whales in the Pelagos Sanctuary.



Reduction of Plastic in the Protected Areas of the Mediterranean Sea

The most effective way to reduce plastic pollution in protected areas is by reducing marine litter at the sources (Soto-Navarro et al., 2021). A management plan including litter reduction at its sources can occasionally be successfully implemented locally. For example, the National MPAs located in the semi-enclosed Thermaikos Gulf in the North Aegean Sea (Figure 11) receive large amounts of plastics from local sources: the Axios and Aliakmonas Rivers and the city of Thessaloniki (Supplementary Figure 13). Our results show that these sources explain 95% of the resulting concentrations for both micro- and macro-plastics. Thus, applying reduction technologies to these sources would significantly improve the levels of plastic pollution in the local protected areas. For instance, in Gkanasos et al. (2021) the implementation of two novel cleaning technologies is described, both outcomes of the recent CLAIM project (Cleaning Litter by developing and Applying Innovative Methods in European Seas). First, an effective floating barrier installation, to prevent macrolitter from entering the marine environment from rivers, and second a pre-filtering device (a combination of sand and mechanical filters of various mesh sizes placed in series) to more effectively clean wastewater from microplastics at treatment plants. Both technologies were tested in a semi-enclosed gulf (Saronikos Gulf, Greece; Gkanasos et al., 2021), with their estimated cleaning efficiencies looking promising, being 90% for the floating barrier (macroplastics) and 95% for the pre-filtering device (microplastics).

Yet, local management would only be efficient in areas with specific characteristics like the semi-enclosed Thermaikos and Saronikos Gulfs. Other protected areas, such as the Tyre Coast (Figure 11 and Supplementary Figure 12) and Costa Viola (Supplementary Figure 11) cannot be managed successfully in a local context, as they receive plastic from numerous and distant sources, especially with regard to macroplastics for which transboundary pollution was found significant. The consideration of connectivity in the marine environment has been stressed for the successful implementation of ecosystem-based management (Christensen et al., 2021), biodiversity conservation, and the sustainable use of marine resources. Here, we demonstrated the importance of connectivity in the distribution of microplastics and macroplastics across the Mediterranean Sea and, thus, that the management of plastic pollution requires coordinated efforts across countries even in national coastal MPAs. For example, we found that sources of macroplastic in an Italian MPA can be situated on the opposite side of the Mediterranean basin, in Algeria. In some cases, international collaboration for managing transboundary plastic pollution in MPAs at an ecoregion level could be effective, as would be the case for the Tyre Coast MPA. However, in other cases, e.g., the Costa Viola Natura 2000 site, international collaboration should be extended beyond ecoregions.



International Collaboration for Plastic Pollution Management in Mediterranean Marine Protected Areas

Previous studies have highlighted the importance of international collaboration for the implementation of transboundary networks of MPAs and the effective conservation of marine biodiversity in the Mediterranean and other European Seas (Katsanevakis et al., 2020). Herein, we demonstrated that the plastic pollution in a country’s MPA may originate from sources beyond its national jurisdiction, and thus, transboundary cooperation is also critical for the effective management of plastic pollution within Mediterranean MPAs. This collaboration could be more easily achieved among the EU Member States, which have committed to achieve a Good Environmental Status (GES) of the EU’s marine waters complying with the Marine Strategy Framework Directive (Directive 2008/56/EC). One of the descriptors of GES refers specifically to marine litter: Properties and quantities of marine litter do not cause harm to the coastal and marine environment. According to EU sources, this Directive has led to increased cooperation among littoral Member States and the knowledge gained from implementing it has been an important driver for the adoption of the Single Use Plastics Directive (Directive (EU), 2019/904, 2019). Nevertheless, as pointed out from our results, transboundary collaboration should extend beyond EU borders to address effectively the issue of plastic pollution within MPAs across the Mediterranean Sea. To this end, more cooperation and coordination of efforts across Mediterranean countries could be achieved under the auspices of UNEP/MAP (Mediterranean Action Plan of the United Nations Environment Programme). More specifically, the Barcelona Convention could provide a solid framework for the coordination of efforts to reduce or ultimately eliminate plastic pollution from Mediterranean MPAs, should the Mediterranean governments show increased political will to commit to ratified international environmental conventions.
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Marine plastic litter (MPL) is a growing global problem and its prevention requires public engagement and behavioral change. Statistics of public perceptions of MPL are scarce and hardly comparable due to varying definitions and interpretations of the concept. This study identifies and classifies relevant components of public perceptions of MPL based on a large-scale survey across eight European countries sharing three European seas (North Sea, Baltic Sea, and the Mediterranean Sea). High levels of concern about MPL were observed throughout the EU and water pollution and plastics in oceans were consistently ranked in the top four most worrisome environmental challenges of our time. Most of the respondents (70%) reported noticing MPL, which influenced knowledge and feelings of responsibility with regards to MPL. The general public held companies and consumers most responsible for cleaning up MPL. Self-responsibility to reduce MPL varies considerably across and within countries, with the highest scores being reported in Greece and the lowest in Netherlands. Public knowledge on the recyclability of plastics was low in all countries. At the marine region level, the lowest scores for concern, perceived consequences and personal responsibility to reduce the use of plastics were reported in the North Sea region, followed by the Baltic Sea region and the highest scores were recorded in the Mediterranean Sea region. Using these results, policy implications and possible intervention strategies are discussed, to improve and increase public awareness, understanding, engagement, and sense of responsibility to change lifestyles and purchasing behavior to prevent and reduce MPL.
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INTRODUCTION

Throughout the last decade, the problem of marine litter pollution has gained considerable worldwide attention while continuing to degrade marine and coastal ecosystems (Geyer et al., 2017). Marine litter has been defined by the United Nations Environment Programme (2009, p. 13) as “any persistent, manufactured or processed solid material discarded, disposed of or abandoned in the marine and coastal environment.” The most prevalent share of litter pollution in the marine environment is comprised of plastics, which is also considered the most harmful type due to its abundance, toxicity, persistency and its ability to disseminate (Barnes et al., 2009). Marine plastic litter (MPL) constitutes up to 95% of the waste that accumulates on shorelines, the sea surface and the sea floor and is increasingly polluting European seas (Galgani et al., 2015). This results in growing threats to marine and coastal ecosystems and the services they provide, causing environmental, economic, health and esthetic harm. The economic costs associated with marine litter are estimated to be between €259 million and €695 million per year in Europe alone (European Parliament Research Service, 2018).

The complex and borderless nature of MPL requires problem solving and cooperation at local, regional, national and international level. In the EU, due to the magnitude and omnipresence of the marine litter problem, it has attracted significant attention from the European Commission and the European Union’s Member States over recent years and is included as one of the key indicators of the Marine Strategy Framework Directive (MSFD–European Directive 2008/56/EC). Consequently, a variety of EU legislative instruments, policy initiatives and funding schemes are created to reach the EU’s goal of “Good Environmental Status” (GES) by 2020, which is defined as “the environmental status of marine waters where these provide ecologically diverse and dynamic oceans and seas which are clean, healthy and productive” (Article 3 MSFD, European Commission, 2008, p. 25). Even though GES may not have been fully achieved in 2020, the EU has increased its efforts to monitor and collect marine litter, as well as to reduce the amount of litter entering the oceans (European Environment Agency, 2020; Frantzi et al., 2021).

The vast majority of MPL originates from land-based sources, and several stakeholders are involved in reducing, reusing and recycling plastics to prevent leakage into the environment. Among these stakeholders, the general public holds a special and influential position. Their way of living, waste management, purchasing behavior, and compliance with policies are essential in achieving EU goals for MPL reduction (Hartley et al., 2018). Therefore, influencing the general public’s behavior is becoming a priority in European environmental policy (Niva and Timonen, 2001; Hartley et al., 2015), and has been emphasized in a number of studies (e.g., Steel et al., 2005; Hynes et al., 2014; Jefferson et al., 2014; Veiga et al., 2016; Hartley et al., 2018; Forleo and Romagnoli, 2021). Understanding public perceptions around plastic pollution in the European marine environment can support the desired behavioral change through more tailored communications, targeted information distribution and more effective policy and decision-making.

Despite the relevance of the role of the general public in solving the MPL problem, there is limited literature on factors affecting public perceptions of marine litter, and even less on perceptions of MPL specifically. Perceptions can be explained as an umbrella term that encompasses a range of psychological components, such as concern, knowledge, interest, social values, attitudes, or behaviors (Jefferson et al., 2014; Ankamah-Yeboah et al., 2020). In the context of marine litter, scientific literature defines perception in different ways. Brouwer et al. (2017), for example, define perception as the act of seeing marine litter, adopting a more tangible definition that includes personal experience. Others define perception in terms of knowledge (e.g., Henderson and Green, 2020), responsibility (Hartley et al., 2018), perceived consequences (e.g., Forleo and Romagnoli, 2021), or concern (e.g., Pereira, 2019). A number of these papers consider more than one component in their operationalization of the concept of perception, but none seem to cover all relevant aspects. It is therefore unclear which component(s) best address the issue and on which aspects decision makers should focus for effective policy making.

To address this multitude of definitions and approaches and lack of coherent interpretation, the aim of this paper is three-fold. First, this study aims to better conceptualize public perception in the context of MPL. Based on the existing literature, we define public perception of MPL as a composite of concern, perceived consequences, responsibility, knowledge and personal experience and observations. We test this new conceptualization of perception through a factor analysis. Second, we examine if these components differ geographically, at national and regional sea scale. Comparison across spatial scales provides useful information on variance in MPL perceptions, which in turn could improve the relevance and effectiveness of public engagement and policy strategies. So far, studies on public perceptions of marine litter focus either on one European country only (e.g., Henderson and Green, 2020; Forleo and Romagnoli, 2021), or generalize perceptions of citizens from different European countries for Europe as a whole (e.g., Hartley et al., 2018). Our study is the first to compare public perceptions in Europe based on a standardized collection and processing procedure of data which allows for country and regional (shared) sea comparisons.

To this end, we conducted a large-scale public survey among a random selection of citizens residing in eight European countries who had visited a beach or coastal area in the previous year. The eight countries cover three major regional seas in Europe: (1) Estonia, Denmark, Germany, and Sweden bordering the Baltic Sea; (2) Germany and Netherlands situated along the North Sea; and (3) Greece, France, and Italy bordering the Mediterranean Sea. Third, we examine the salience of MPL by comparing public concern about MPL with concerns about other environmental challenges and investigate who the general public holds responsible for managing MPL. In doing so, the findings of this study provide useful insights for national, regional and EU policymakers in developing effective and appropriate targeted strategies and interventions, accounting for public perceptions of MPL, ultimately with the aim to reduce plastics entering our seas and oceans.



BACKGROUND

There is no single definition of perception. Efron (1969, p.137) describes perception as “[…] a man’s primary form of cognitive contact with the world around him.” This conceptualization of perception focuses on the fact that our sensory systems provide an observer with knowledge about what is present in his or her immediate environment (Boothe, 2002). However, perceptions entail more than (past) experiences, and the inputs provided by the sensory system are organized, transformed and elaborated leading to interpretation and understanding. As Pomerantz (2006) pointed out, the complicating factor is that perceptions are private, subjective experiences, which are locked up inside our individual minds. Nevertheless, various research efforts have been made to explore and operationalize public perceptions and understanding of the marine environment. This background section provides an overview of the existing body of literature focusing on public perceptions of marine pollution, the components covered to examine perceptions, and the existing lack of balance in coverage.

Several studies measure perception as a combination of awareness, knowledge and concern. A recent study by Forleo and Romagnoli (2021) explored public perceptions of MPL sources and impacts in Italy. Pereira (2019) studied Rhode Island residents’ perceptions of marine plastic debris and their support for plastic and paper bag legislation. Levels of concern, awareness and knowledge were generally high. Henderson and Green (2021) conducted qualitative research in the United Kingdom to explore the relationship between knowledge and understanding of microplastics and the role of the media in influencing these perceptions. Most participants were unaware of microplastics and its associated problems; only few made connections between their personal use of plastics and ocean pollution (Henderson and Green, 2020).

The majority of the literature studies perceptions for a selected country or area. An exception is the study by Brouwer et al. (2017), who assessed the social costs of marine litter along European coasts by asking beachgoers in Bulgaria, Greece, and Netherlands for their experiences with beach litter, their willingness to volunteer and pay for cleaning practices. The cross-country comparison revealed that significant differences exist in perception and valuation across these three European countries. In addition, a multi-country survey conducted by the European MARLISCO project (MARine Litter in European Seas–Social Awareness and Co-responsibility) examined the perceptions toward marine litter of 3,748 respondents from 16 European countries (Hartley et al., 2018). Results are, however, aggregated at EU level as the number of respondents in each country was very different. This study found that the quantity of perceived marine litter positively influences visitors’ level of concern and their subsequent willingness to act, but no information was given on where these visits took place. In all these studies, personal experience and observation of marine litter is included as a driver behind perception.

Beyond marine litter and MPL, other literature addresses a variety of hazards to marine and coastal ecosystems and discusses to a varying degree the role of marine litter as a threat to ecosystem health. A nation-wide survey in Ireland asked the public about their values, concerns and preferences toward the Irish marine environment (Hynes et al., 2014). In this study, perceived consequences and knowledge were found to shape individuals’ opinions regarding the marine environment. Jefferson et al. (2014) found that in the United Kingdom, citizens’ personal experiences and knowledge were important factors for individuals’ relationship with the sea. Dilkes-Hoffman et al. (2019) found that the Australian public perceived ocean plastics as the most worrisome environmental issue from a list of nine. Additionally, a large-scale public perception study based on just over 10 thousand respondents in 10 European countries confirms that citizens perceive pollution as one of the most important marine environmental problems (Gelcich et al., 2014).



MATERIALS AND METHODS

A large online public survey was conducted as part of the Horizon 2020 funded CLAIM project (Cleaning Litter by Developing and Applying Innovative Methods in European Seas). The main focus of the survey was on European citizens’ perceptions of marine plastics and their behavioral intent to reduce MPL. The survey was translated into the official languages of the eight countries surveyed (Denmark, Sweden, Estonia, Germany, Netherlands, France, Italy, and Greece), thoroughly pre-tested in focus groups and an online pre-test sample, and then launched online by the survey company Norstat in July and August 2020 with a sample goal of 1,000 representative participants per country.


Structure of the Survey

After asking questions about their socio-demographic background for quota sampling purposes to ensure representativeness, including age, gender, education and region of residence, respondents were asked in the second part of the survey about their beach and coast visitation behavior, the leisure activities they undertake and their experience with marine litter, the first component of perception that we cover. This was followed in the third part by a section eliciting respondents’ willingness to pay for marine litter clean up measures. The fourth part of the survey contained questions on the other three components of perception: knowledge, concern, and responsibility.

The analysis considers only respondents that had visited a beach or coastal area in 2019. Visual perception is one of the key components of our definition of public perceptions in the marine litter context. We were unable to examine the visual perceptions of respondents who had not visited a coastal area in 2019 for leisure, hence they were excluded from the dataset. 15 Questions were employed to examine the components of public perceptions of MPL identified in the literature review. The 15 survey questions are presented in Appendix Table 1 in the Supplementary Material.

Respondents’ perception related to experience and observation was examined through four statements. Participants were first asked about the water clarity of the visited coastal area and whether they had noticed the presence of MPL. Those indicating that they saw litter were asked to indicate the amount and size of the litter. Concern was operationalized through two questions. The first question asked for the respondent’s level of concern for marine plastics specifically. The second question asked the respondent to rank environmental issues of concern, including water pollution and marine plastic, allowing us to identify the relative importance of MPL in relation to other environmental issues. Similarly, two statements measured the level of responsibility. Respondents were first asked to indicate how responsible they felt personally to reduce plastic pollution, and next to rank listed parties (including plastic consumers) who they felt are responsible for cleaning up MPL. Three statements were included to inquire about respondents’ perceptions of consequences of MPL. Knowledge was measured both subjectively and objectively. Respondents first indicated their self-perceived or subjective knowledge, and this was followed by three right or wrong statements about marine plastic. Their responses to the statements were coded into a single variable for objective knowledge. Including both subjective and objective knowledge allows us to investigate the potential “illusion of knowing”; the result of an overestimation of self-perceived knowledge in relation to actual knowledge (Park et al., 1988).



Analysis

The software program SPSS (version 26) was employed to quantitatively analyze the survey results and identify salient findings regarding public perceptions of marine litter. An exploratory factor analysis with varimax rotation was performed to examine variable relevance and relationships.

General patterns across respondents’ responses are explored by reporting and comparing mean scores and distributions of responses. Statistical differences between various subsets are examined by means of the non-parametric Mann-Whitney U-test for comparisons of the central tendency of distributions across two subgroups and the Kolmogorov-Smirnov Z-test to test for differences in response distributions (e.g., respondents who noticed the presence of marine litter during their visit versus those who did not) and the Kruskal-Wallis H-test and multiple pairwise comparisons for testing more than two independent samples (e.g., across three marine regions: the Baltic Sea, the North Sea, and the Mediterranean Sea), using a critical p-value to identify statistical significance of 5%.

The analysis applies two geographic scopes. First, comparisons of relevant perception variables are made across the eight surveyed countries. Second, survey outcomes are compared at regional sea level by examining responses from households residing in a specific marine region (Baltic Sea, North Sea, and Mediterranean Sea). Since some surveyed countries border multiple seas (Germany, France), respondents residing in the same country may be allocated to different marine regions based on their region of residence and distance to the marine region. Although France is located along the Atlantic Ocean and Mediterranean Sea, respondents are clustered into the Mediterranean and North Sea region to maintain acceptable sample sizes per marine region. To be more specific, the Baltic Sea region consists of residents from Sweden, Estonia and the eastern part of Germany; the North Sea region of respondents living in Denmark, Netherlands, the western part of Germany, and northern part of France; and the Mediterranean by Italy, Greece and the southern part of France and Germany.




RESULTS


Socio-Demographic Profiles

In each of the eight sampled countries we gathered data for approximately 1,000 individuals aged 18 or above. Since the study is focused on those who have had personal experience with marine litter, a subset is used in our study of 4,664 individuals who visited a sea or coastal area in Europe in 2019. The remaining sample of respondents excluded from further analysis here had not visited the beach or coastal zone in their country in the previous year. Socio-demographic characteristics of the survey participants are summarized in Appendix Table 2 in the Supplementary Material. Examination of the data reveals variability in the demographic and socio–economic characteristics across the eight samples. Although respondent numbers vary per country, the variation was limited, ranging from 497 useable respondents in Italy to 657 respondents in Denmark. Germany had almost the same number of respondents as Italy, and Estonia a similar number of respondents as Denmark. With just over 600 respondents, Greece, Sweden, and Netherlands were found somewhere in between these minimum and maximum numbers of respondents.

The overall gender ratio (female = 49.5%; male = 50.4%; other = 0.1%) is considered representative for the whole population of the participating countries, although in some countries female respondents were slightly overrepresented (e.g., Estonia) and in other countries male respondents (e.g., Greece and Netherlands). All adult age groups were represented; the respondents’ age ranged between 18 and 92 years, with an average age of 46 years. Greek respondents are on average significantly younger (40.59 years) than the sample mean, while the Swedish respondents are significantly older (48.41).



Factor Analysis of Perception Variables

First, we calculated the Kaiser-Meyer-Olkin (KMO) measure of sampling adequacy and conducted Bartlett’s sphericity test to determine whether the data is suitable for a factor analysis. We excluded the two ranking questions and recoded the three questions to examine one’s objective knowledge into a single variable, leaving 11 perception components. The KMO measure has a value of 0.809, which is considered “meritorious” according to Kaiser (1974). Bartlett’s test of sphericity indicated a significant correlation between the variables (p < 0.001).

Second, we conducted Spearman’s multivariate factor analysis to define the underlying structure in the data and to model interrelationships among the perception variables. Analysis of the communalities of the perception variables indicated that one variable of the component group “experience and observation,” namely responses to the question about perceptions of water clarity, did not contribute as much as the other components and was therefore eliminated. The scree plot test identified three eigenvalues greater than one, suggesting that the remaining 10 components could be organized into three component groups: experiences and observation, concern and consequences, and knowledge and responsibility (see Table 1). Experience and observation are related to one’s visual perceptions and can be explained as the process of absorbing what one sees, including memories and experiences, and organizing it in the brain. Respondents’ observations of the frequency, amount and size of marine litter are part of this first factor component group. The second component group encompasses psychological factors that influence one’s level of concern and perceived consequences associated with MPL. The third component group consists of subjective and objective knowledge, as well as perceived personal responsibility. Responsibility was spread across two component groups, which was not unexpected since the mean score analysis showed high deviations across responses for self-responsibility (Appendix Table 3 in the Supplementary Material). The 10 perception variables in the three component groups explain 63.6% of the variation within the data. The participants’ responses per component group will be discussed next.


TABLE 1. Rotated component matrix suggesting three factor groups.
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Visual Perception


Magnitude and Location of Observed Marine Plastic Litter

The first cluster of variables relates to the observed marine litter, as well as the amount, size and frequency of the litter. Considering all respondents who visited a beach or coast in the previous year, Figure 1 shows that 70% of the respondents confirmed having noticed marine litter during their visit to the coast, whereas 23% reported not seeing any marine litter and 7% did not remember whether they saw marine litter or not. Furthermore, when asked how many pieces of MPL the respondents had seen on the beach or in the water, the vast majority of the respondents stated that they saw “some pieces” (72%) and most of the observed pieces of MPL were considered “small” (52.8%), like cigarette butts or bottle caps. The share of respondents reporting that they did not remember the amount (7.4%) or size (9.9%) of litter is limited and could also be indicative of a lack of interest or attention paid to MPL.
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FIGURE 1. Distribution of beach or coastal visitors’ experiences with MPL. Explanatory note: the shares refer to the replies to the following three questions: Frequency: “How often did you see plastic litter on the beach or in the water?” Amount: “How would you describe the amount of plastic litter on the beach or in the water?” Size: “How would you describe the size of the most noticeable plastics on the beach or in the water?”


When analyzing more specifically where MPL was observed, we identified the top 15 most-frequently visited European countries, which represent 90% of the total sample. The remaining visited countries are not considered due to low visitation numbers, resulting in sensitive scores. Figure 2 presents the relative frequency of seeing MPL in the 15 most-frequently visited countries with beaches and coastlines. Note that the choropleth map presents proportionated visual perception scores of MPL, ranging from least often to most often, which are based on relative differences of perceived MPL between the visited countries. These visual perceptions do not necessarily correspond to actual levels of MPL in a country or sea.
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FIGURE 2. Geographical distribution of mean scores of seeing marine plastic litter across visited European countries. The mean scores refer to the question “How often did you see plastic litter on the beach or in the water?”, where the answers are 1 = never; 2 = sometimes; 3 = often; 4 = always).


Marine plastic litter was most often observed in Netherlands (Mean score = 2.13), Sweden (Mean score = 2.10), and United Kingdom (Mean score = 2.04) and least often in Finland (Mean score = 1.58) and Croatia (Mean score = 1.61). Fewer pieces of plastic were observed in the Nordic countries, such as Finland (Mean score = 2.00), Denmark, and Sweden (both have a Mean score of 2.07), and larger quantities in France (Mean score = 2.25) and Italy (Mean score = 2.19). Larger pieces of MPL were reported in the North Sea region, in Netherlands (Mean score = 2.32), Denmark (Mean score = 2.30), United Kingdom (Mean score = 2.29), and Germany, whilst somewhat smaller pieces were noticed in countries located around the Mediterranean Sea, such as Croatia (Mean score = 2.07), Spain (Mean score = 2.09), Greece (Mean score = 2.14), and France (Mean score = 2.14).

In comparing mean scores for the public’s experiences and observations of MPL across countries, which are presented in Appendix Table 3 in the Supplementary Material, it is notable that relative to the other participants, the Danish observed litter less often and in smaller amounts. The Dutch noticed the presence of litter most often and, along with the Italians, in relatively high amounts. Generally, larger pieces were seen by respondents in the North Sea region (Netherlands, Germany, and Denmark), whilst smaller pieces were observed and reported by respondents from France, Estonia, and Greece.



Influence of Marine Plastic Litter Observation on Other Public Perception Components

Figure 3 shows two subgroups: respondents who noticed MPL (N = 3,274) and those who reported that they did not see MPL (N = 1,086) when visiting beaches or coastlines. To explore whether visual perception of MPL influences other variables, we compared these two sub-groups revealing that respondents who witnessed marine litter ranked higher mean scores for all variables, except for the perceived impacts of MPL on marine organisms, scenery and human health.
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FIGURE 3. Comparison of mean scores across respondents who saw MPL and who reported that they never saw MPL during their beach visit (response options range from 1 to 5: totally disagree–totally agree).


Running the non-parametric Mann-Whitney U-test to test for statistical differences in perceptions across the two groups, statistically significant differences are detected for objective (U = 1639647, p < 0.001) and subjective (U = 1685706, p < 0.01) knowledge between the two subgroups, namely significantly higher mean scores were recorded for respondents who witnessed marine litter. Additionally, significant differences also exist when it comes to feeling personally responsible: respondents who noticed the presence of MPL felt significantly more responsible to reduce the problem (U = 1675563, p < 0.01). Similar findings emerged from the non-parametric Kolmogorov-Smirnov test, which indicated a statistically significant deviation in the distribution of data related to sense of responsibility (Z = 1.728, p < 0.01) and objective knowledge (Z = 1.863, p < 0.01) across the two subgroups.




Concern and Consequences of Marine Plastic Litter

Considering public concerns across the eight countries, the results in Figure 4 show that the vast majority of respondents selected “totally agree” and “somewhat agree” to the statement “I am very worried about plastic pollution in seas and oceans.” In total, 83% of the respondents confirmed being concerned about MPL, whilst only 4% expressed not to feel concerned. It was noted that the Greek sample was most concerned about the negative impacts of MPL with 92% confirming concern and only 1% disagreeing, whereas the Scandinavian countries were least concerned. Nevertheless, still 77% of the respondents in Sweden and 80% of the respondents in Denmark confirmed being concerned about MPL. These results are confirmed when comparing the mean scores across the five-point scale statements (1 = strongly disagree, 5 = strongly agree). These reveal that the respondents are generally highly concerned about marine litter (Mean score across all respondents = 4.26) and are aware of the associated negative impacts of MPL on marine organisms (Mean score = 4.58), followed by coastal appearance (Mean score = 4.53), and human health (Mean score = 4.39).
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FIGURE 4. Distribution of public concern about plastic pollution in seas and oceans. Responses to the statement “I’m very worried about plastic pollution in seas and oceans.”


The study also sought to explore how concern about MPL relates to other environmental challenges. Survey respondents were asked to select the top three environmental issues that worry them most from a list of 14 (and an open-ended category where they could specify another environmental concern) and rank them in order of importance. Figure 5 shows the weighted average of the highest ranked issues.1 Respondents’ concern about water pollution and plastics in oceans is high compared to other environmental issues. They are ranked as the second and fourth most worrisome issues, respectively, with about 10% of the total number of points being allocated to these issues. However, the ranking of the environmental issues differ across countries. For example, whilst a significant share (14%) of the points is allocated to plastics in oceans by the French, only 5% of the total points are assigned to this issue by respondents living in Estonia, who find air pollution more worrisome (17%) (a country by-country presentation of the distribution is presented in Appendix Table 4 in the Supplementary Material).
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FIGURE 5. Distribution of respondents’ perception of the most worrisome environmental issues and who is responsible for cleaning up MPL. The percentages do not add up to 100% due to rounding errors.


Figure 6 presents a comparison of mean scores associated with perceived consequences across countries and reveals a similar pattern per country: consequences of marine litter for marine organisms are considered most severe (except in France), followed by consequences for natural beauty and scenery and, to a lesser extent, consequences for human health. The highest mean scores for the three consequences are found in Greece, and the lowest mean scores are reported by Dutch respondents.
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FIGURE 6. Mean scores of perceived negative impacts of marine litter on biodiversity, human health and coastal appearance by country of residence. Response options range from 1 = totally disagree to 5 = totally agree to the following statements: “Marine plastic severely harms marine organisms”; “Marine plastic reduces the beauty or coasts and seas”; “Microplastic is a potential health risk for humans.”




Knowledge and Sense of Personal Responsibility to Reduce Marine Plastic Litter

The final cluster of variables addresses subjective and objective knowledge, as well as the sense of personal responsibility. Objective knowledge, also referred to as factual knowledge, is measured by means of three statements about the sources of plastic pollution and recycling practices, with a high average mean score indicating a high level of knowledge. Figure 7 indicates that knowledge about the recyclability of plastics is low in all countries, whereas knowledge about the contribution of washing synthetic clothing and the role of consumers in the production of plastic pollution is considerably higher.
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FIGURE 7. Mean scores of respondents’ level of knowledge and understanding across three plastic pollution themes. Scores range from 1 = low level of knowledge to 5 = high level of knowledge related to the following statements: “Washing synthetic clothing is a significant contributor of microplastic litter,” overall M = 3.5 “Consumers produce more plastic litter than industry and business,” overall M = 3.4 “Thin plastic packaging is easily recycled,” overall M = 2.4.


The scores of objective knowledge across the three themes presented in Figure 7 are computed into one variable indicating the average level of objective knowledge per country. Figure 8 presents the mean scores for objective and subjective knowledge across the eight European countries. On the one hand, the mean scores of objective knowledge do not differ much and vary from a high average score of 3.2 for the French and Greek samples as the most knowledgeable respondents to 2.9 for the German sample as the least knowledgeable respondents about MPL. On the other hand, the average scores for respondents’ subjective self-reported knowledge show much more pronounced differences, with the Greek (Mean score = 4.0) and Italian (Mean score = 3.9) respondents considering themselves most knowledgeable, while the respondents from Denmark and Sweden ascribe significantly lower levels of knowledge about MPL to themselves with average scores of 2.96 and 3.12, respectively. Paired-samples t-tests indicated that scores of subjective and objective knowledge were statistically significantly different from each other at the 5% significance level in each surveyed country, except for Sweden; t-test statistic = −0.065 (p = 0.948). Appendix Table 6 in the Supplementary Material provides all test results of the paired-sample t-test to compare subjective and objective knowledge scores within countries and Appendix Tables 7, 8 present the test statistics of the Kruskal-Wallis H-test and pairwise comparisons to test whether and how levels of objective or subjective knowledge significantly differ across countries.
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FIGURE 8. Mean scores for respondents’ subjective and objective knowledge of marine plastic litter across countries. Scores range from 1 = low (self-perceived) knowledge to 5 = high (self-perceived) knowledge.


Respondents were asked who they think should be made responsible for the clean-up of MPL. As shown in Figure 5, companies and consumers are considered most responsible, whilst the fishing and tourism industry are considered least responsible. A country-by-country comparison (Appendix Table 5 in the Supplementary Material) reveals similar patterns within individual countries with two notable deviations. First, Estonians hold their national government mainly responsible for cleaning MPL (21% compared to the average of 12% for all eight samples together in Figure 5) and to a much lesser extent plastic-producing companies (12% compared to the average of 20% in Figure 5) or plastic-using companies (11% compared to the average of 16% in Figure 5). Second, German respondents do not ascribe much responsibility to consumers and companies, but instead defer mainly to the EU and their national government to manage MPL.

Figure 9 shows the sense of responsibility that respondents feel regarding efforts to reduce MPL in their own country. Wide-ranging mean scores (3.17–4.43 on a five-point Likert-scale) and relatively high standard deviations indicate that personal responsibility to reduce MPL differs significantly across countries and within countries (see in the Appendix Table 3 for detailed information on mean scores and standard deviations per country and Appendix Table 9 for the outcome of the Kruskal-Wallis H-test and pairwise comparisons across countries). The share of respondents feeling personally responsible differ significantly across countries: 89% of the Greek respondents reported to feel personally responsible, whilst only 43% of the Dutch respondents agreed on being personally responsible. Greek, Swedish, and Danish survey participants barely reported disagreement to the statement of being personally responsible (respectively 1, 7, and 3% of all the Greek, Swedish, and Danish respondents). These percentages are significantly higher (p < 0.001 for all comparisons with Greece, Sweden, and Denmark) in Netherlands, Italy and Germany, where more than 20% reported not to feel personally responsible.
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FIGURE 9. Distribution of respondents feeling personally responsible to reduce marine plastic litter. Shares refer to response options ranging from 1 = totally disagree to 5 = totally agree to the statement “I feel a personal responsibility to try to reduce plastic pollution.”




Comparing Perceptions Across Marine Regions

The next series of analyses focus on public perceptions of marine litter at the level of the regional seas: the Baltic Sea (N = 1,832), the North Sea (N = 1,534), and the Mediterranean Sea (N = 1,298). The non-parametric Kruskal-Wallis H-test is applied to examine whether statistically significant differences can be detected among the three selected regions, accompanied by pairwise comparisons using the Mann-Whitney U-test.

The Kruskal-Wallis H-test results revealed that there are statistically significant differences (at least at the 5% significance level) for all selected perception variables across the three marine regions (see Appendix Table 10 in the Supplementary Material for the test statistics). Table 2 shows the results of the pairwise comparisons across the three regional seas. First, testing for differences in respondents’ perceptions of frequency and magnitude reveals that respondents from the Mediterranean indicated that they saw MPL more often (U = 806316.000, p < 0.001) and observe larger quantities (U = 449297.000, p < 0.001), significantly more so than respondents from the Baltic Sea region. The size of this observed litter, however, is significantly smaller than the size of litter observed by residents from the North Sea region (U = 581673.000, p < 0.05). Second, comparisons indicate that the respondents from the Mediterranean Sea region are significantly more concerned than residents from the Baltic (U = 840597.000, p < 0.001), and North Sea region (U = 972319.000, p < 0.001), about MPL. Third, Table 2 shows that perceived negative consequences of marine litter are rated significantly lower by respondents from the North Sea, whilst mean scores of participants from the Baltic and Mediterranean Sea regions are only significantly different for perceived consequences on human health (U = 938988.500, p < 0.05). Fourth, the Kruskal-Wallis H-test showed statistically significant differences for the respondents’ self-responsibility (H(2) = 71.737, p < 0.001), self-perceived knowledge (H(2) = 342.156, p < 0.001) and actual knowledge (H(2) = 49.155, p < 0.001) across the three selected regional seas. Table 2 presents that the highest mean scores were found in the Mediterranean Sea region, whilst significantly lower scores were found for the respondents residing in the North Sea and Baltic Sea region. In general, Mann-Whitney U-tests results presented in Table 2 show that respondents from the North Sea region rated in general lower on the three perception component groups than respondents from the Baltic Sea region (with the exception of frequency of seeing MPL and subjective knowledge) and the Mediterranean Sea region. Respondents from the Mediterranean Sea, in turn, score comparably high to those from the Baltic Sea region.


TABLE 2. Comparisons of public responses on perception components by marine region.
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DISCUSSION


Empirical Contributions

Positioning our results in the literature is hampered by the absence of comparative country studies and diverging research methods and approaches. Nevertheless, some interesting comparisons can be made. General patterns in our results, regardless of the country of investigation, show that public knowledge about recyclability is low, but general concern about MPL is high, and the impacts of MPL are perceived to be most threatening for marine life. These findings about public concern and impacts of MPL are in line with previous findings. Forleo and Romagnoli (2021) found that Italians consider the threats of MPL for marine life most harmful, whilst Hartley et al. (2018) also confirm that the negative effects of marine litter on the marine environment are perceived more severe than for coastal appearance, human health and the fishing industry.

We also identified several differences across countries. In the present study, 70% of the respondents noticed the presence of MPL, with shares of respondents observing MPL ranging across countries from 54% in Estonia to 79% in Netherlands. These numbers are lower than those reported by Hartley et al. (2018), where 95% of the respondents in 16 European countries reported seeing litter when visiting the coast. However, our study asked about plastic litter specifically, whereas Hartley et al. (2018) considered all types of litter. Both studies found that a high prevalence of plastic was observed in European marine and coastal ecosystems, reiterating the scale of the MPL problem and need for action to reduce the amount of MPL. On the one hand, seeing marine litter did not influence respondents’ concern or awareness of consequences. On the other hand, knowledge and personal responsibility to reduce MPL were affected by the presence of litter. These results could indicate that those who have more knowledge or feel more responsible are more aware of the presence of MPL, or vice versa. As argued by Rayon-Viña et al. (2019), seeing MPL could motivate the sense of responsibility and search for information about MPL.

While levels of objective knowledge hardly differ across countries, ratings of subjective knowledge vary considerably. An illusion of knowledge was most evident among Italian and Greek respondents, as were high levels of concern about MPL and its associated negative effects, with almost 90% of the Greek and Italian respondents indicating concerns about MPL. These findings suggest that considering yourself knowledgeable about MPL contributes to feelings of concern. However, more research is needed to further explore the causality of these relationships.

With regard to responsibility, significant differences were found, not only in terms of responsibility to reduce MPL, but also to clean-up MPL. Although less than half of the respondents in Netherlands and Italy confirmed feeling responsible to reduce MPL, up to 90% of the respondents acknowledged this in the other investigated countries. In general, companies, consumers and the EU were identified as being responsible to clean up MPL, while the tourism and fishing industry are considered least responsible for the perceived littering. These findings correspond to some extent to the results by Hartley et al. (2018), who found that retailers, industry and government were perceived as main responsible for littering. The general public believed that consumers carry responsibility for cleaning up MPL, but it is not exactly clear whether they consider themselves part of this group. It is remarkable that respondents from all countries ascribe low responsibility to fisheries, although the fishing industry is widely recognized to be a significant contributor to MPL entering the oceans. For example, Consoli et al. (2018, 2020) found that derelict fishing gear represented 32% of the overall litter in a coastal area of the central Mediterranean Sea, and 97% on the seabed of the deep water of Malta, which is exploited by local fisheries using fish aggregation devices. Furthermore, we detected some differences in perceptions of assigning responsibility across countries: Germany and Estonia have a somewhat different view as they ascribe more responsibility to governmental institutions and agencies, such as the EU, national governments and waste management companies, and significantly less to private actors, including companies and consumers.



Limitations and Future Research

This study presents a unique database allowing for geographical comparisons of MPL perceptions, but it also has some limitations. First, despite the fact that the survey was distributed online by a professional survey company and completed anonymously, we must recognize that self-reported answers may lead to social desirability biases, potentially resulting in higher and more favorable results related to public perceptions. Moreover, variabilities in sample size and gender distribution of the national respondent groups, as well as cross-cultural survey response patterns, may influence the survey outcomes. For example, van Herk et al. (2004) found that respondents in the Mediterranean countries generally scored higher on acquiescence and had more extreme response styles than those in the Northwestern European countries. Other external factors possibly influencing responses could be the fact that the survey was carried out in times of a global pandemic. Concerns about the impact of the COVID-19 pandemic could either crowd out an individual’s worry about other issues, also referred to as the Finite Pool of Worry (Weber, 2010; Botzen et al., 2021), or lead to a spill-over effect by generalizing one’s concern to other worries, referred to as the Theory of Affect Generalization (Johnson and Tversky, 1983). The exact impact of the pandemic on the general public’s concern toward environmental problems is as of yet unknown and needs to be explored more empirically.

Additionally, it must be noted that visual perceptions of MPL cannot be compared with data about actual presence of MPL. Comparisons with observed MPL could improve the understanding of an individual’s processing of visual perceptions and allow for further examination of the influence of psychological and external components on one’s own observations and experiences. Since our study did not ask for specific locations of litter observations, such as coordinates, we cannot compare observations with monitored amounts of MPL. Furthermore, while this study covers a range of EU countries, when it comes to MPL, a global strategy to prevent and reduce MPL is needed. Research into public perceptions in countries outside Europe, such as the study of Arulnayagam (2020) focusing on public perceptions of MPL in Sri Lanka and the research by Van Rensburg et al. (2020) examining beachgoers perception of single-used plastic (SUP) use in South Africa, contribute to a more thorough understanding of regional differences and similarities in perceptions of MPL.

Finally, the results of this study already point to differences in perceptions not only between but also within countries. Therefore, future research should explore these intra-country differences in more detail to contribute to a better understanding of the differences between the interests, attitudes, behaviors and information needs of different social groups, which could lead to more specific communication and engagement initiatives to further incentivize participation in the fight against MPL.



Policy Implications

The findings of this study have several policy implications. First, since knowledge is an important predictor of perceptions and actions (Vicente-Molina et al., 2013; Soares et al., 2021), enhanced educational initiatives aimed at increasing the general public’s understanding of MPL could translate into notable changes in desirable individual behavior. Results of this research have shown that the general public’s understanding of recyclability of plastics is particularly low in all surveyed countries, which indicates a clear international need for more information dissemination on this topic. Increased knowledge on recyclability could stimulate pro-environmental behavior and increase support for implementation of existing and new European policies, such as the EU Directive 2015/720, which sets targets to reduce the consumption of lightweight plastic carrier bags, and the upcoming EU Directive 2019/904, also known as the SUP ban.

Second, variations in levels of self-responsibility to reduce MPL across countries indicate that some nations should increase efforts to enhance citizen’s sense of personal responsibility and to facilitate their engagement in tackling marine litter. The Dutch and Italian government authorities, in particular, should design engagement programs that address the key role of citizens’ contributions to combat marine litter, since the sense of self-responsibility is particularly low in these countries. Moreover, Estonians and Germans appear to rely on and potentially wait for actions taken by the EU and their national government. Although governmental actors must indeed take their responsibility in developing strategies, setting targets and making policies, they should also take steps to make citizens and companies aware of their contribution and to incentivize them to prevent and reduce MPL.

Third, since the results showed that high levels of responsibility are ascribed to companies producing and using plastics, extended producer responsibility measures should be promoted. The upcoming single-use plastic ban (European Commission, 2019/904) includes extended producer responsibility schemes covering the costs to clean up litter, as well as the costs of awareness raising measures to prevent and reduce marine litter. These measures apply to various products, such as tobacco filters, balloons, and fishing gear and are not only in line with the polluter pays principle, but, as our research shows, also in line with the general public’s opinions. The fact that the public holds companies responsible supports the EU’s efforts to develop extended producer responsibility schemes to encourage innovation, product development and the use of sustainable alternatives.

Finally, since certain perceptions are similar across nations, such as lack of knowledge of recyclability, decision-makers could collaborate to develop joint strategies to target regions as a whole. For example, the content of particular educational initiatives could be shared throughout EU Member States. However, decision-makers should also be cautious to use a “one-size-fits-all” approach, since similarities in perceptions do not necessarily mean that strategies and measures can successfully be duplicated or have similar impacts in different countries. Differences in perceptions across surveyed countries indicate a need for the development of differentiated national strategies, tailored to match the needs of the general public in specific countries and regions. However, previous studies (e.g., Soares et al., 2021) have shown that, in additional to one’s nationality, other socio-demographic and -economic factors also influence individuals’ perceptions. Therefore, insights in perceptions across countries are an important initial step, but not a final one, for developing international and country-specific policy and communication efforts to encourage community participation in addressing MPL pollution.




CONCLUSION

This study aimed to explore perceptions of MPL across European countries and sea regions. We introduced a three-prong definition of perception in order to cover a variety of components that contribute to perception, namely observation of and experience with MPL, perceived consequences and concern, and knowledge and responsibility. These variables have all been studied in previous literature and described as related to perception. However, this is the first study that analyses all of the aforementioned variables in one research endeavor to create a more holistic picture of MPL perception across different EU countries. The benefit of a comprehensive definition of perception lies in the ability to tailor specific strategies or behavior change campaigns based on the differing perception results. Our results suggest that perception is not homogenous or nationally determined and differs significantly between countries and regions. Based on these obtained results, decision-makers should differentiate and tailor national strategies to educate the general public and increase their awareness, with the goal of minimizing plastic consumption and littering.
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FOOTNOTES

1Respondents were asked to assign three points to the most worrisome issue, two points to the second important concern and one point to the third environmental issue. No points were given to unselected options.
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Microplastic pollution is receiving increased attention due to the realization of its hazards to aquatic and human life. Researchers across the globe are attempting to remove microplastics before its entry into the ecosystem. Therefore, the present work focused on the removal of microplastic from water and studied the potential risks for marine organisms and the ecosystem. The removal of model microplastics, polypropylene (PP) and polyvinyl chloride (PVC), has been studied by using photo-Fenton process. ZnO nanorods coated with SnOx(x < 2) layer and decorated with zero valent iron (Fe0) nanoparticles was used as heterogeneous catalyst for the removal of the microplastics in continuous water flow device. The obtained results demonstrated that high degradation efficiency of PP and PVC microplastics was achieved in a relatively short time and more than 95% of the average particle volume was reduced after 1 week of irradiation. The environmental impact of the photo-Fenton process of the microplastics degradation was investigated by using an ecotoxicological approach. An ecosafety screening has been performed through a series of experiments (bioassays) under controlled conditions, testing water samples after the photo-Fenton degradation of microparticles using a lab scale device. The ecotoxicological impact has been investigated by applying a battery of certified bioassays (UNI EN ISO/EPA standardized techniques) on aquatic organisms at different trophic levels (bacteria, algae, invertebrates). The results obtained on the three model organisms (A. fischeri, P. subcapitata, and D. magna) revealed no toxic effect for samples collected both before and after the photo-Fenton process, thus showing the absence of toxic by-products development during the degradation process.
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INTRODUCTION

Interest toward microplastics has increased over the past decade, following a growth in production and subsequent introduction of plastic to the marine environment. It is estimated that 8 million tons of plastic waste enter the ocean each year (Jambeck et al., 2015) and possible outcomes toward more than 690 marine species have been reported (Gall and Thompson, 2015; Lavers and Bond, 2017). Microplastics are represented by plastic particles having a diameter of < 5 mm (Andrady, 2011), some of the microplastics found in the environment derive from the use of personal care products such as cosmetics (Fendall and Sewell, 2009) and man-made plastic fibers such as polyester and additives (Browne et al., 2011; Mato et al., 2001), in other cases, microplastics take origin from the fragmentation of larger plastic pieces (Andrady, 2011). Microplastics direct or indirect (consumption of contaminated preys) ingestion can have chemical, physical and biological impact on organisms (Teuten et al., 2009; Farrell and Nelson, 2013; Wright et al., 2013; Setälä et al., 2014). Different organic pollutants are known to be absorbed on microplastics (i.e., DDT, polychlorinated biphenyls, dioxins, PAHs) also trace element like heavy metals (Brenneke et al., 2016; Gao et al., 2019) and other harmful agents such as pharmaceuticals and pathogenic organisms (Prata, 2018; Bretas-Alvim et al., 2020; Sol et al., 2020). Consequently, through bioaccumulation and biomagnification processes, hazardous pollutants can enter in the human body, with microplastics acting as a vector (Prata et al., 2019; Bretas-Alvim et al., 2020). In the same way, microplastics may act as vectors for pathogens, facilitating the entrance of bacteria and viruses into new habitats and food webs (Zettler et al., 2013). Microplastics, due to their limited size and stable physicochemical properties (Cózar et al., 2014) are difficult to be removed from sewage flows and their degradation is limited.

In the last 5 years, different administrative initiatives have been promoted to reduce microplastics release into the environment. In 2015, the European Commission (EC) presented a comprehensive plan for circular economy (European Commission, 2015). In 2018, the EC launched a strategy for reducing plastic (European Commission, 2018a,b). In many countries, national initiatives for the reduction of the use of plastic have been adopted or are in preparation (Karbalaei et al., 2018). The European Union Marine Strategy Framework Directive (EU MSFD) defines microplastics as a pollutant and requires all member states to promote and implement mitigation measures by 2020 (European Commission, 2018c).

The interest toward microplastics discharged from wastewater treatment plants (WWTPs) is quite recent, even if representing one of the routes by which microplastics reach marine environments. Treated wastewater effluents may importantly contribute to increase aquatic and marine microplastics presence (Sundt et al., 2014; Hashmi, 2021). WWTPs represent focal points in concentrating large amounts of microplastics from urban sources acting as a gateway for microplastics from domestic, commercial, industrial and other sources. Although large quantities of microplastics are removed from the treated wastewater (Koelmans et al., 2019) and retained in sewage sludge, wastewater treatment does not target to microplastics specifically (Irfan et al., 2020). As a consequence, most WWTPs discharge effluents containing microplastics into rivers, lakes and groundwater, with a final destination represented by marine environment.

Up to now, no policies or regulations requiring the removal of microplastics during wastewater treatment have been adopted, but as the interest on microplastics pollution raises, the search for wastewater technologies able to capture particles before they reach surface waters has begun to attract attention. So far, microplastics are included within the Marine Strategy Framework Directive but not within the Urban Wastewater Treatment Directive that is the basis of the regulation for most European WWTPs (SAPEA, 2019). A recent literature research revealed that globally no jurisdiction about the maximum level of microplastics permitted in discharged wastewater has been noticed.

Most commonly used treatment technologies applied in WWTPs are represented by primary treatment processes (primary settling treatment, grit and grease treatment), secondary treatment processes (A2O, biofilters or other bioreactors) and tertiary treatment processes (UV, ozonation, chlorination, membrane bioreactors (MBR), rapid sand filters (RSFs), and micro-nano filtration) (Talvitie et al., 2017).

Recently, reviews summarizing data on the efficiency of WWTPs in removing microplastics have been published (Cristaldi et al., 2020; Iyare et al., 2020; Liu et al., 2021). In general, WWTPs located in different continents (Europe, Asia, and North America) mostly use a primary and secondary type of treatment that allows to obtain a high percentage of microplastics removal from wastewater. According to the literature, it appears that most of the WWTPs investigated display a microplastics removal efficiency with values ranging from 78 to 98% for primary treatments and from 7 to 20% for secondary treatments, however, millions of microplastics continue to be released every day into the aquatic environment. Treatment processes adopted in WWTPs are able to remove substantial quantities of larger microplastics particles but are inefficient in removing smaller particles, having dimension of less than 100 μm; moreover, the particles released in treated wastewater are usually smaller and contain a high proportion of fibers, which represent the most hazardous microplastics typology toward planktonic species and live stages at the base of aquatic food webs. In Freeman et al. (2021), a review of the existing technologies for the removal of microplastics within WWTPs is presented, showing that there is a lack of methods able to remove efficiently very small plastic particles and fibers in a way that is technically, environmentally and economically sustainable in industrial-scale wastewater treatments.

Advanced oxidation processes (AOPs) including Fenton reaction, ozonation or electrochemical treatment are applied in the degradation of organic waste in water (Nakata and Fujishima, 2012) and recently have been extended to microplastic remediation (Hu et al., 2021). In principle, the combination of photocatalysis (Tofa et al., 2019a,b; Uheida et al., 2021) and Fenton processes (Hamd and Dutta, 2020) could lead to a faster photogenerated electron production, and the rapidly transferred electrons to iron reduce its state from Fe3+ to Fe2+ leading to the charge separation and resultant Fenton processes. The regenerated Fe2+ increases a fast production of strong hydroxyl radicals (•OH) leading to a rapid degradation of the organic molecules. Therefore, Fenton and photo-Fenton processes are considered to be highly efficient, feasible to control, and affordable (reactions 1–3).
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However, the disadvantages of using the classical homogeneous Fenton process including low working pH (pH < 4), significant generation of iron sludge, and large amounts of Fe2+ are required, leading to the proposal of heterogeneous processes overcoming the drawbacks of the homogenous Fenton reactions (Li et al., 2015).

Therefore, in this work, the degradation of microplastics was performed using heterogeneous photo-Fenton reaction utilizing solid catalyst consisting of zero valent iron oxide (Fe0) nanoparticles as a source of iron ions (Fe2+) and zinc oxide nanorods coated with tin chloride (ZnO/SnOx) to generate electrons as a result of visible light absorption in order to facilitate the recycling of Fe2+ and promotion of the Fenton cycle (Fe3+ + e−→Fe2+) in the presence of hydrogen peroxide (H2O2) and the oxidation reactions. According to our knowledge, the published literature work focused mainly on presenting data about technologies adopted for microplastics photocatalytic degradation (Tofa et al., 2019a,b; Ariza-Tarazona et al., 2020; Llorente-Garcia et al., 2020; Nabi et al., 2020; Hu et al., 2021), so far no studies to assess the toxicity of the degradation by-products have been conducted, which is highly recommended as it represents a knowledge gap for microplastics degradation studies, as reported in the review recently published by Du et al., 2021. In this work we have extended the photocatalytic reactions that are suitable for the degradation of microplastics, by introducing the Fenton reactions through smart design of the catalysts. Since iron nanoparticles are present in the reactor, and as hydrogen peroxide was used for the Fenton reaction, necessity for toxicity determination was essential to reduce any potential risks to human or aquatic environments. The presence of harmful by-products in water samples collected after the degradation of PP and PVC microplastics using a lab scale device was evaluated by applying a battery of certified bioassays (UNI EN ISO/EPA standardized techniques) on aquatic organisms at different trophic levels (bacteria, algae, invertebrates). The aim of this work has been the ecotoxicological screening to validate the potential use of the photo-Fenton process, by excluding any toxicity effect on aquatic environment.



MATERIALS AND METHODS


Materials

PP microplastics with an average particle size of 155 ± 1.4 μm were provided by PPPolymer AB, Sweden (ELTEX® P HV001PF polypropylene supplied in the form of un-stabilized free flowing powder. Melt flow rate = 10 g/10 min, density = 905 Kg/m3, Flexural modulus = 1,600 MPa). Stabilizer free PVC (molecular weight Σ43,000) with an average particle size of 73 ± 0.5 μm was purchased from Sigma Aldrich. The glass fibers substrate (diameter ∼16 μm), was purchased from Sigma Aldrich. Zinc nitrate hexahydrate [Zn (NO3)2.6H2O; Sigma Aldrich], hexamethylenetetramine [(CH2)6N4; Sigma Aldrich], zinc acetate dehydrates [Zn (CH3COO)2⋅2H2O; Sigma-Aldrich], tin chloride (SnCl2), iron sulfate (FeSO4.7H2O), hydrogen peroxide (30%, sigma Aldrich) and sodium borohydride (NaBH4) were used as received without further purification. High purity water with a resistivity of 18 MΩ⋅cm was used throughout all the experiments.



Fabrication of ZnO NRs/SnO2/Fe0 Nanorods Catalyst

In this work the degradation of PP and PVC microplastics was investigated using ZnO nanorods (NRs) coated with SnOx layer and decorated with Fe0 nanoparticles (NPs) in the presence of H2O2 and visible light system. The ZnO NRs/SnOx/ Fe0 NPs composite was then immobilized on glass fibers substrate in order to tarp the circulated microplastics particles suspended in water. The growth of ZnO NRs on the glass fibers is described elsewhere (Uheida et al., 2021). In brief, ZnO nanocrystallite seeds were deposited on glass fibers substrates of about 1 g, pre-heated to 350 C, by spraying 20 ml of zinc acetate dehydrate solution with concentration of 10 mM at flow rate of about 1 ml/min. The hydrothermal method was used for the growth of ZnO NRs on the glass fibers (Kitsomboonloha et al., 2009). The growth was carried out by placing the seeded glass fibers substrates in a chemical bath containing a solution of zinc nitrate hexahydrate and hexamethylenetetramine with concentrations of 10 mM, at 90°C for 9 h (Kitsomboonloha et al., 2009). The coated glass fibers were then washed with deionized (DI) water and annealed at 350 C for 1 h (Bora et al., 2017).

The preparation of ZnO NRs coated SnOx as follow; the glass fibers coated with ZnO NRs was placed into autoclave containing 75 ml SnCl2 (0.l mM) at pH 5 and the autoclave was heated at 180 C for 15 min (Kumar et al., 2021). The glass fibers was then washed with water several time and air dried. The decoration of Fe0 NPs on ZnO/SnOx NRs was carried out as follow (Raji et al., 2021); the glass fibers containing ZnO NRs/SnOx was placed into 0.6 mM solution of iron sulfate (FeSO4.7H2O) and the mixture was then sonicated for 15 min. The glass fibers were washed with water and then air dried. Afterward the fibers were placed into 1.2 mM solution of sodium borohydride (NaBH4) and sonicated for 15 min. The nanocoated glass fibers was washed with water and then air dried.



Degradation Experiments

The lab scale device implemented in this study developed from our previous research as shown in Figure 1 (Uheida et al., 2021). A known amount (∼20 mg) of the microplastics (PP/PVC) was suspended in diluted H2O2 solutions in a recipient (35 mM H2O2 solution reservoir). According to the literature, the highest concentration of microplastics in seawater in different locations was reported to be Σ102 particles/Liter (Leslie, 2014). On the other hand, the average concentration of microplastics entering WWTPs was reported to be Σ15.7 particles/liter (Murphy et al., 2016).
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FIGURE 1. (A) Schematic diagram of the photocatalytic reactor used in this work (Uheida et al., 2021); (B) the fabrication process of ZnO NRs coated with SnO2 layer and decporated decorated with Fe0 NPs grown on glass fibers.


In this experiment, solutions containing microplastic particles with concentration of ∼19 particles/liter (almost corresponding to “real case” conditions) was pumped through the lab scale device using peristaltic pump (Masterflex, Cole-Parmer, United States) at a flow rate of 300 ml/min. The nanocoated material were exposed to visible light using a tungsten-halogen lamp of 120 W (ES-HALOGEN) with light intensity of about 60 mW/cm2 measured by a power meter (IM-750) at a distance of 20 cm from the light source. Microplastics particles were collected from the glass fibers over a period of irradiation time. The particles were then washed with water and air dried prior to further analysis.

Water samples were also withdrawn from the lab scale device at different time intervals (15 and 30 days) of light exposure prior to the ecotoxicity screening. A clean deionized water without microplastics particles (control water samples) subjected to the same degradation process as water samples with microplastics, were collected and tested for toxicity. The samples subjected to bioassays are listed in Table 1.


TABLE 1. List of samples (containing in pre-treatment water a microparticles concentration corresponding to “real case” conditions: Σ19 particles/liter) used for the ecosafety screening of photocatalytic reactor.

[image: Table 1]
The degradation performance of PP and PVC microplastics using ZnO/SnOx/Fe0 NPs/H2O2/visible light system was evaluated and the results obtained were analyzed by monitoring the changes in FTIR spectra in the range 4,000−650 cm–1 with signal averaged over 32 scans at a resolution of 4 cm–1 using Nicolet iS10 spectrophotometer (Thermo Fisher Scientific, United States).

The microplastics average particle size and the diameter of the glass fibers were measured using Leica DML standard optical microscope (Leica Microsystems, Wetzlar, Germany) connected to a digital camera which captured the images. After photodegradation, sample of microplastics particle were collected and dried in air prior to characterization using the optical microscope. The particle size distribution was determined using image analysis software (ImageJ, version k 1.45). The average microplastic particles size was estimated from a sample of 200 particles. Based on the obtained particle sizes, the particle volume reduction percentage was calculated using the following equation;
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Scanning electron microscopy (SEM) and energy-dispersive X-ray (EDX) analyses were performed using a GEMINI Ultra 55 electron microscope (Carl Zeiss AG, Germany). SEM was used to confirm the attachment of ZnO NRs to the glass fibers and the presence of Fe0 nanoparticles on the surface of ZnO NRs as well as the microplastics particles morphology analysis. After photodegradation, the microplastics particles were extracted from the glass fibers substrates and dried in air prior to loading in the scanning electron microscope. The microplastic particles were placed on conductive carbon tapes which was stuck on a SEM sample stub. Then the stub with mounted microplastics particles were coated by sputtering a thin layer of gold using JFC-1100 sputtering unit (JEOL Nordic AB) to avoid charging during electron microscopy. Sputtered gold was deposited for 2 min at 1.2 kV and 10 mA.



Ecotoxicity Screening


Aliivibrio fischeri Acute Toxicity Test

The environmental compatibility of the lab scale device was tested by exposing water samples (as listed in Table 1) to Aliivibrio fischeri (also called Vibrio fischeri), a bioluminescent bacterium found globally in marine environments. This bioassay measures the acute toxicity, the end point observed is represented by the percent of photoluminescence inhibition (vs. control sample) of the photobacterium A. fischeri. A commercial test kit according to the UNI EN ISO 11348-3: 2019 test protocol was adopted. The bacteria were stored at −20°C prior testing and activated by hydration following the standard operation procedure of the kit. All the samples were kept on a thermostatic plate at 15°C throughout the entire test, three replicates for each sample were performed. Solution of NaCl (Sigma-Aldrich, Steinheim, Germany; purity 99.9%, 20 g L−1) was used as negative control and 3-5-dichlorphenol (purchased by Agilent Technologies; CAS# 000591-35-5) was used as positive control.

Bioluminescence was measured after 30 min of exposure to samples by using the luminometer Microtox®M500. Samples were considered toxic when 50% reduction (EC50) of the light output (vs. control) was obtained.



P. subcapitata Chronic Toxicity Assay

Since photosynthetic organisms are primary producers, this bioassay was included in the bioassay battery in order to perform a complete toxicity screening. The algal growth inhibition bioassay with a freshwater microalgae was preformed, using stock culture P. subcapitata (previously known as Selenastrum capricornutum) from a commercial toxicity test kit. The assay was performed according to the standardized protocol EN-ISO-8692:2012 (Water Quality-Fresh water algal growth inhibition test with unicellular green algae), by using the commercial Algaltoxkit F™ (purchased by MicroBio Tests Inc.). The following experimental parameters were adopted: T = 22 ± 1°C, pH = 8.1 ± 0.2, continuous side illumination with cool white light (5,000–6,000 lux). Experiments were performed in triplicates in 25 mL incubation vials with an initial algal cell count of 104 cells/mL. For this bioassay, the measured effect (end-point) was the alteration (respect to a control) of algal growth after being exposed for 72 h to tested samples (listed in Table 1). Algal biomass (optical density) was measured in 10 cm path-length cuvettes at 670 nm, using a Onda UV-30 Scan model spectrophotometer.



D. magna Acute Toxicity Assay

Besides bacteria and microalgae, a third ecotoxicological bioassay was performed with the freshwater crustacean D. magna, in order to complete the battery of organisms belonging to different trophic levels. D. magna acute toxicity bioassay represents a standard test in the United States Environmental Protection Agency (EPA), Organization for Economic Cooperation and Development (OECD), and International Organization for Standardization (ISO) protocols. Dormant eggs (ephippia) of the freshwater crustacean D. magna from a commercial kit (Daphtoxkit F™, purchased by MicroBio Tests Inc.) were used. The end point of this acute toxicity test is the determination of percent death and/or immobilization rates being observed for D. magna after an incubation time of 24 and 48 h. According to the ISO 6341 (1996) and the OECD protocols, crustacean neonates (5 daphnid neonates per test cell) were exposed to samples (listed in Table 1) and incubated in the dark at T = 20°C four replicates were performed for each sample and for control samples. After 24 and 48 h, immobility percentage was assessed, organisms were considered as immobile when they did not show any movement for 15 s of observation (after a gentle agitation of the solution). The test is considered valid when in the test control group, the immobilization/mortality of daphnids do not exceed 10%.





RESULTS


Microplastics Degradation

In this work, the degradation of PP and PVC microplastics were investigated using heterogeneous photo-Fenton reaction system consisting of composites in the presence of H2O2 and visible light. The proposed microplastics degradation system utilizes the advantages of ZnO NRs and Fe0 NPs composites, which has the capability of absorbing light wavelengths within most of the solar spectrum, and carry out electron transfer processes. In addition, the advantages of using Fe0 NPs in the photo-Fenton process include large surface area, fast kinetics and high reactivity. Fe2+ is released upon oxidation of Fe0 NPs in acidic solutions to initiate the Fenton process in the presence of H2O2, followed by reaction of the generated Fe3+ with Fe0 NPs in order to prevail a continuous supply of Fe2+. Furthermore, the produced Fe3+ may capture the excited e– in the conduction band of ZnO and regenerate Fe2+, thus promoting the closed cycle of catalysis and Fe restoration (reactions 5–7) (Raji et al., 2021).

[image: image]

The ZnO NRs decorated with Fe0 NPs composites were immobilized on glass fiber substrate in order to trap the microplastics particles which in parallel support the ZnO/Fe0 and to prevent undesirable release of Fe0 NPs to the environment.

The SEM images of the fabricated ZnO NRs coated with SnOx layer and decorated with Fe0 NPs immobilized on the glass fibers are shown in Figure 2. The glass fibers supports of diameter ∼16 μm were coated with ∼1.6 μm long and ∼200 nm wide ZnO NRs. In addition, Energy-dispersive X-ray (EDX) spectroscopy image (Figure 2) shows the homogeneous distribution of ZnO, Fe0 NPs, and SnOx. The EDX spectroscopy image shows each detected Fe atom (middle image) on surface of the ZnO/SnOx/Fe0 glass fiber sample. The homogeneous spread of the dots (white) indicate a homogenous distribution of the iron particles on the ZnO/Snx nanorods although in a small concentration.


[image: image]

FIGURE 2. SEM image of ZnO NRs coated with SnO2 layer and decorated with Fe0 NPs; and EDX image of the distribution of ZnO, SnO2, and Fe0 NPs.


The degradation performance of PP and PVC microplastics using ZnO/SnOx/Fe0 NPs/H2O2/visible light system was evaluated and the results obtained were analyzed by monitoring the changes in FTIR spectra and the microplastics average particle size. Figures 3, 4 show the obtained FTIR spectra for PP and PVC microplastics, respectively, after visible light irradiation at different time intervals. It can be seen clearly that by exposing PP and PVC microplastics to visible light over a period of time leads to changes in FTIR spectra. The photodegradation of PP microplastics (Figure 3) has been characterized by the formation of carbonyl (C = O) and hydroxyl (−OH) groups. The absorbance at 1,725 and 3,500 cm–1 assigned to carbonyl and hydroxyl groups, respectively, while the absorbance at 2,722 cm–1 is associated with CH bending and CH3 stretching (Aslanzadeh and Haghighat, 2010; de Carvalho et al., 2013). It can be seen from Figure 3 that the increase in exposure time of ZnO/SnOx/Fe0 NPs in the presence of H2O2 caused an increase in the peak intensities of C = O and −OH groups. The obtained results suggest that the major oxidation products may include hydrogen-bonded hydroperoxides and carbonyl compounds (Verma et al., 2017).
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FIGURE 3. FTIR spectrum of PP microplastics degradation using Photo-Fenton process. The carbonyl and carboxyl groups are highlighted in the spectra.
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FIGURE 4. FTIR spectrum of PVC microplastics degradation using Photo-Fenton process. The carbonyl and carboxyl groups are highlighted in the spectra.


Figure 4 shows the FTIR spectra of as received PVC microplastics and upon extended exposure to visible light irradiation. As shown in Figure 4, the absorption bands in the range of 1,746–1,510 cm–1 can be associated to the arise from C = O groups. The absorbance at 1,631 and 3,400 cm–1 may attributed to the formation of a C = C bond conjugated to the C = O group (Ramesh et al., 2011). In Figure 4, the absorbance percent of the peak around 1,700 cm–1 was found to increase indicating the prevalence of aldehyde or carboxylic acid groups. Furthermore, the peak intensity at 2,849 and 966 cm–1 decreased after visible light exposure that is an indicative of the loss of alkane and alkene, respectively, suggesting the scission of polymeric chains of PVC microplastics (Yousif et al., 2015).

Figure 5 shows the optical microscope images and analyzed particle size distribution of PP and PVC microplastics before and after light exposure. The size of the as received PP and PVC microplastics was measured to be 155 ± 1.4 μm and 73 ± 0.5 μm, respectively (over 200 particles were used for the analysis). The particle size of PVC microplastics after 7 days of irradiation was found to be 28 μm, and on the other hand, PP microplastics particle size was reduced to 52 μm. The percentage reduction of microplastics particle volume was calculated to be 94 and 96% for PVC and PP microplastics, respectively, after 7 days of photo-Fenton reaction. It is most likely that elimination of the by-products formed due to the degradation of microplastics contributed to the formation of unoccupied spaces that resulted in the reduction of the particle volume and depletion in the surface layer as we have also observed during the photocatalytic degradation of low density polyethylene (LDPE) (Aslanzadeh and Haghighat, 2010; Tofa et al., 2019a,b).
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FIGURE 5. Optical Microscope images and particle size distribution before and after visible light irradiation of PVC and PP microplastics.




Ecotoxicity Screening


Aliivibrio fischeri Acute Toxicity Test

Results of bioluminescence alteration assay with A. fischeri after exposure to samples listed in Table 1 are reported in Figure 6; a complete lack of effect (bioluminescence alteration respect to control) is put in evidence for all tested samples, with effect percentages below 10%.
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FIGURE 6. Bacterial bioluminescence alteration: effect percentage (respect to control) after 30 min of exposure to PP 15 days, PP 30 days, PVC 15 days and PVC 30 days (samples after degradation with photocatalytic device).




P. subcapitata Chronic Toxicity Assay

Results obtained in the algal growth alteration assay with P. subcapitata after exposure to samples listed in Table 1 are reported in Figure 7. Graphs show the effect percentage (algal growth alteration respect to control) registered after 72 h of exposure to investigated samples. Also for this model organism, the effect is always below 10%, thus displaying a lack of toxicity of tested samples.
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FIGURE 7. Algal growth alteration percentage (vs. control) of P. subcapitata exposed for 72 h to PP 15 days, PP 30 days, PVC 15 days and PVC 30 days (samples after degradation with photocatalytic device) (M ± ES; n = 3).




D. magna Acute Toxicity Assay

Results obtained in the immobilization test with D. magna after exposure to samples listed in Table 1 are reported in Figure 8. Graphs show the effect percentage (% of immobile organisms) registered after 24 and 48 h of exposure to investigated samples. A negative control (ctr) was prepared too, consisting in organisms exposed in the same testing conditions such as temperature, water and volume to D. magna standard freshwater. According to the ISO protocol, a test is considered valid if, after 48 h, the immobilization percentage in the control group (ctr) is below 10%.
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FIGURE 8. Immobility percentage of D. magna neonates exposed to PP 15 days, PP 30 days, PVC 15 days and PVC 30 days (samples after degradation with photocatalytic device). Red bars indicate immobilization percentages recorded 48 h of exposure (M ± ES; n = 4).


Only for “PVC 15 days” sample, a 10% immobilization is obtained after 48 h of contact with D. magna; for the other samples, all exposed organisms were swimming at the end of exposure period, thus showing a lack of toxic effect for tested samples.

In Table 2 the ecotoxicological effect of all post-treatment samples (PP 15, PP 30, PVC 15 and PVC 30 days) obtained with A. fischeri, P. subcapitata, and D. magna bioassay in terms of effect percentage (bacterial bioluminescence alteration vs. control after a 30 min of exposure; algal growth alteration vs. control after 72 h; immobilization after 48 h) are reported. Effect percentages result to be always lower than 10% toward all selected model organisms.


TABLE 2. Ecotoxicological effect of post-treatment samples obtained with A. fischeri, P. subcapitata, and D. magna bioassay in terms of effect percentage.

[image: Table 2]


Control Samples

Results obtained for the three ecotoxicological bioassays after exposure to the control samples listed in Table 1 (deionized water without microplastics after 15 and 30 days of treatment with photocatalytic reactor and deionized water + Hydrogen Peroxide without microplastics after 15 and 30 days of treatment with photocatalytic reactor) are reported in this section (Figures 9, 10).
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FIGURE 9. Effect percentages obtained for CTR deio sample (deionized water without microplastics after 15 and 30 days of treatment with photocatalytic reactor) after exposure to the three model organisms (A. fischeri; P. subcapitata; D. magna). Bars indicate effect percentages recorded for the observed end-points (bioluminescence alteration; algal growth alteration; immobilization) for CTR deio sample collected after 15 (grey bars) and 30 days (blue bars) of treatment with the photocatalytic reactor (M ± ES; n = 3/4 for D. magna).
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FIGURE 10. Effect percentages obtained for CTR deio + HP sample (deionized water + Hydrogen Peroxide without microplastics after 15 and 30 days of treatment with photocatalytic reactor) after exposure to the three model organisms (A. fischeri; P. subcapitata; D. magna). Bars indicate effect percentages recorded for the observed end-points (bioluminescence alteration; algal growth alteration; immobilization) for CTR deio + HP sample collected after 15 (grey bars) and 30 days (blue bars) of treatment with the photocatalytic reactor (M ± ES; n = 3/4 for D. magna).


For all control samples, the effect percentages obtained after exposure to the three tested model organisms are below 10% (11.5% for P. subcapitata after 72 h of exposure to CTR deio + HP sample collected after 15 days of treatment with photocatalytic reactor). These results put in evidence how the photocatalytic treatment is not able to generate toxic products due to the reactor itself (and not caused by the degradation process of microplastics).





DISCUSSION

The evaluation of the environmental impacts of the by-products generated during microplastics degradation process is essential in understanding the mineralization mechanism. Generally, microplastics degradation is initialized by the polymer backbone cleavage to generate the hydrocarbon radicals. The reactive oxygen species (ROS) attack the metastable hydrocarbon species and led to the formation of smaller microplastics segments with low molecular weight like carbonyl and hydroperoxides (Kang et al., 2019). The generated degradation by-products are finally mineralized to CO2 and H2O by the active ROS to achieve high microplastics removal efficiency. However, in this work, complete mineralization was not achieved since the degradation efficiency (based on particle volume reduction) was determined to be 94 and 96% for PVC and PP microplastics, respectively, after 1 week of visible light irradiation. In this process microplastics degradation may produce some toxic by-products, therefore, the impact assessment of the photo-Fenton process is needed. This can be accomplished using ecotoxicity test of the treated water after the degradation of the microplastics using lab scale device.

The ecosafety assessment of the photo-Fenton technology proposed for the removal of microplastics from WWTPs effluent is evaluated and performed by means of an ecotoxicological approach. The aim of this study was to quantify if the visible light photo-Fenton process carried out with lab-scale device is able to generate environmentally harmful by-products, thus if the device can be considered as “eco-friendly.” Water samples before and after the degradation process of PP and PVC microplastics were collected as reported in “Degradation experiments” section and then submitted to a battery of three ecotoxicological bioassays that includes commonly adopted model organisms, representing different parts of the trophic chain (taxonomic groups) (Czech et al., 2014; Filella, 2015; Freitas et al., 2017; Arefi-Oskoui et al., 2021). The microparticles concentration adopted for “pre-treatment” samples (Σ19 microplastics particles/liter) was established on the basis of literature data, that reports an average concentration of microplastics entering waste water treatment plants of Σ15.7 particles/liter (Murphy et al., 2016). The “real-case samples” were determined by a careful consideration of the published literature. This is substantiated in a recent paper where 19 studies were reviewed by Schmidt et al. (2020) from 2016 to 2020, the concentrations of observed microplastics from 79 WWTP effluents was estimated to average 6,400 items/m3. Thus, 10,000–15,000 particles/m3 of simulated waste water is reasonably justified.

Proposed bioassays are generally used to evaluate toxicity effects of several chemical substances in homogenous aquatic test media (water or wastewater samples), but they are also suitable to perform an evaluation of potential toxic effects carried out by the photocatalysis-Fenton synergistic process. Ecotoxicology is commonly applied to determine the impact of contaminants on living organisms (Manusadzianas et al., 2003; Naddy et al., 2007; Fisher et al., 2010). The use of ecotoxicity bioassays can be proposed as a sensitive, quick and reliable tool to evaluate the potential contamination during wastewater treatment (Fisher et al., 2010). The great popularity of Daphtoxkit F™ (with Daphnia magna as tested organism) and Microtox® (A. fischeri) can be ascribed to their advantages, such as the availability of commercial kits and the ease to be performed (Sponza, 2006).

D. magna represents one of most commonly used ecotoxicological tests due to the high sensitivity of the model organism toward a wide range of chemicals, and also to the fact that it occupies a central position in the lentic food chain (Bervoets et al., 1996; Naddy et al., 2007). Also the bioluminescent bacteria A. fischeri is commonly adopted as model organism in toxicity tests that is internationally recognized and standardized as ISO (2007) (Libralato et al., 2010); the Microtox® acute toxicity assay results to be sensitive, reproducible and it possesses high discriminant power for organic and inorganic pollutants. Lastly growth inhibition bioassay with freshwater microalga P. subcapitata is quite frequently used as a bioindicator for toxic substances, including micropollutants and nanoparticles (Aruoja et al., 2009).

The employment of ecotoxicity bioassays is reported in the qualitative analysis of photocatalytically treated wastewater containing pharmaceuticals and personal care products (PPCPs) (Schnell et al., 2009; Marugan et al., 2010; Czech et al., 2014; Antonopoulou and Konstantinou, 2016; Candido et al., 2017; Calza et al., 2021) and micropollutants (Freitas et al., 2017).

A critical review on the application of photocatalysis for the treatment of wastewaters has been recently published (Rueda-Marquez et al., 2020). Since it is well known that during photocatalytic decomposition of target pollutants in water generation of more toxic by-products can occur, the evaluation of environmental impact of discharged treated effluents is of primary importance. In his review, Rueda-Marquez includes a number of studies investigating the toxicity of the TPs (transformation products) deriving from the photocatalytic degradation of different pollutants. In more than 20 works cited, 14 report for the use of the same bioassays selected for this study in the toxicity assessment of the photocatalysis process, even if no literature specifically related to Microplastics degradation is reported. Both acute and chronic toxicity bioassays were applied for photocatalytically treated wastewater effluents toxicity evaluation, such as bioassays with bacteria (He et al., 2016; Nogueira et al., 2017; Talwar et al., 2018), freshwater invertebrates (Çifçi and Meriç, 2015) and microalgae (He et al., 2016). An important outcome of this review is that, in some cases, the ecotoxicological assessment may be even more sensitive than chemical analysis. So it is suggested that studies aimed to evaluate the toxicity of wastewater after photocatalysis treatment should include batteries of bioassays for a more comprehensive and complete evaluation of water toxicity.

All bioassays performed in this study have pointed out a lack of toxicity effects for all tested samples (containing PP or PVC microparticles), both obtained after 15 and 30 days of treatment. Effect percentages reported for all considered end points are always below 10%, this threshold is considered in ecotoxicological protocols as a “no effect” limit, comparable to control values. These results show how the photoreactor is able to significantly reduce microparticles volume (94 and 96% for PVC and PP microplastics, respectively) without generating any harmful by-product. These results obtained for Control samples, also having effect percentages always below 10%, confirm the environmentally friendliness of nanocoating material used in this work.



CONCLUSION

Aim of this work, was to validate the use of the photo-Fenton process for the degradation of microplastics discharged from WWTPs by excluding any toxic effect on aquatic environment by means of an ecotoxicological screening. Results pointed out that high degradation efficiency of PP and PVC microplastics in relatively short time was achieved. However, complete mineralization was not achieved and the ecotoxicity bioassays performed on the treated solutions revealed that the degradation by-products of the microplastics investigated in this work did not show any toxic effect to the microorganisms.

The ecotoxicological screening applied included a battery of three aquatic model organisms and was aimed to check the absence of any toxic effect related to by-products formed during the degradation process, which may cause environmental risks. The obtained results demonstrated that after the degradation, no toxicity toward bacteria, algae and crustaceans was detected, thus showing the absence of any toxicological effect related to the photo-Fenton degradation process, with both polymer typologies tested (PP and PVC). The results obtained are encouraging for the implementation of the photoreactor in large-scale water and wastewater treatment plants, for sustainable removal of microplastics from water sources prior to its use or discharge to the environment.
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In this study, the abundance and properties (size, shape, and polymer type) of microplastics (MPs) in sea surface water samples, collected during two sampling campaigns over 2018–2019, in four coastal areas of the Mediterranean Sea (Saronikos Gulf, LIgurian Sea, Gulf of Lion, and Gabes Gulf) were investigated. Coupled hydrodynamic/particle drift model simulations with basin-scale Mediterranean and high resolution nested models were used to provide a better understanding on the variability of the abundance/size of MPs, originating from wastewater and river runoff, in the four areas. Different size classes of MPs were considered in the model, taking into account biofouling induced sinking, as a possible mechanism of MPs removal from the surface. The Gabes Gulf showed the highest mean MPs abundance (0.073–0.310 items/m2), followed by Ligurian Sea (0.061–0.134 items/m2), Saronikos Gulf (0.047–0.080 items/m2), and Gulf of Lion (0.029–0.032 items/m2). Overall, the observed MPs abundance and size distribution was reasonably well reproduced by the model in the four different areas, except an overestimation of small size contribution in Saronikos Gulf. The basin-scale simulation revealed a strong decrease of smaller size MPs in offshore areas, due to biofouling induced sinking, with larger (floating) MPs being able to travel longer distances in the open sea. A significant impact of waves drift and advection of MPs from non-local sources was identified from model simulations, particularly in the Gulfs of Lion and Gabes, having a stronger effect on larger microplastics. In Gabes Gulf, most MPs originated from offshore areas, being mainly (floating) larger size classes, as suggested by the observed quite small contribution of <1 mm particles. The MPs observed abundance distribution in each area could be partly explained by the adopted sources distribution. The modeling tools proposed in this study provide useful insight to gain a better understanding on MPs dynamics in the marine environment and assess the current status of plastic pollution on basin and regional scale to further develop environmental management action for the mitigation of plastic pollution in the Mediterranean Sea.
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INTRODUCTION

In 2019, worldwide production of plastic was 368 million metric tons and, after a decrease in the first half of the year 2020, due to COVID-19 pandemic, it has started to increase again (PlasticEurope, 2020; Patrício Silva et al., 2021). Plastics have been found worldwide in the marine environment, with estimates suggesting that 5–10 million tonnes (accounting for 1.5–4% of the global plastic production) enter the ocean every year. These amounts are expected to increase 1 order of magnitude by 2025 (Maes et al., 2018; Kane et al., 2020; Shabaka et al., 2020).

Recently, there is a growing global awareness and concern on the impact of plastic pollution on marine organisms (Anastasopoulou and Fortibuoni, 2019), particularly considering that a substantial proportion (estimated at 13.5%) of the marine plastic budget occurs as microplastics (MPs) (particles <5 mm; Eriksen et al., 2014). In the marine environment, MPs can originate from different sources (Freeman et al., 2020). The so-called primary MPs are those manufactured for applications including resin pellet, microbeads associated with industrial spillages and cosmetics exfoliators in personal care products (Van Cauwenberghe et al., 2015; Coyle et al., 2020), while secondary MPs are those deriving from the progressive fragmentation of larger pieces of plastic litter, as a consequence of weathering on land and at sea (Arthur et al., 2009; Gerritse et al., 2020; Napper and Thompson, 2020). MPs can originate from various land- and sea-based sources, entering the marine environment via different pathways, such as sewage outlets, wind and land run-off, rivers or urban effluents (Veiga et al., 2016).

The Mediterranean Sea is a semi-enclosed basin with limited outflow of surface waters and a densely populated coastline, hosting a series of intensive activities (tourism, fishing, shipping, and industry) and subject to several anthropogenic pressures (Schmidt et al., 2018; Wakkaf et al., 2020). Concerning plastic pollution, it represents one of the most impacted regions of the world (Lebreton et al., 2012; UNEP/MAP, 2015; Llorca et al., 2020; Macias et al., 2021), receiving from 5 to 10% of the global plastic mass (Cózar et al., 2015; Compa et al., 2020; Wakkaf et al., 2020). As listed in Table 1, a high density of floating debris was reported since 1980s (Morris, 1980), while recently, Cózar et al. (2015) have highlighted that the average plastic concentration in Mediterranean surface waters was comparable to the accumulation of plastic litter in the five subtropical gyres, contributing to define this area in the subsequent years a hot spot of plastic pollution (Suaria et al., 2016; Cincinelli et al., 2019; Avio et al., 2020), with IUCN (International Union for Conservation of Nature) recent estimates of total accumulated plastics in the Mediterranean (surface, seafloor, water column, and coasts) ranging between 53,500 and 3,546,700 tonnes (Boucher and Bilard, 2020).


TABLE 1. Indicative microplastics concentrations in the Mediterranean.
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Although the Mediterranean Sea is one of the most investigated marine regions of the world (Cincinelli et al., 2019), a comprehensive knowledge on the marine litter distribution, sources and sinks in this area is still lacking. The MPs pollution may significantly vary geographically, depending on local source inputs (i.e., river runoff, industrial and urban effluents, etc.), as well as environmental factors (Browne et al., 2008; Kukulka et al., 2012; Kim et al., 2015; Imhof et al., 2017). When buoyant plastics enter the ocean, their fate is determined not only by their physical properties (e.g., density, size, and shape) and processes in the marine environment (wind, waves, and ocean currents), but also by processes related to the MP itself, including aggregation with other particles (Long et al., 2015), biofouling (Fazey and Ryan, 2016; Kooi et al., 2017) and degradation into smaller particles (Eriksen et al., 2014; Gewert et al., 2015; Song et al., 2017; Kvale et al., 2020). The interplay of such different factors may contribute to the accumulation of MPs in an open sea or coastal area (Desforges et al., 2014; Fauziah et al., 2015; Brach et al., 2018; Adamopoulou et al., 2021). Numerical models simulating the movement and fate of marine litter provide essential tools to gain a better understanding and predict accumulation areas of plastic debris (NOAA, 2016). Such models have been implemented on both global scale (e.g., Lebreton et al., 2012; Maximenko et al., 2012; van Sebille et al., 2015) and in the Mediterranean (e.g., Mansui et al., 2015; Zambianchi et al., 2017; Liubartseva et al., 2018; Kaandrop et al., 2020; Soto-Navarro et al., 2020; Macias et al., 2021) to simulate the pathways and accumulation patterns of floating plastics, originating from known sources (cities, rivers, and shipping lanes). However, except very few studies (e.g., van Sebille et al., 2015; Carlson et al., 2017; Kaandrop et al., 2020), simulated plastics concentrations were not validated against in situ data and model results provided mainly qualitative findings.

Tsiaras et al. (2021) implemented a basin-scale coupled hydrodynamic/particle drift model in the Mediterranean to track the pathways of MPs from major land-based sources (cities wastewater and river runoff), which, according to the IUCN (Boucher and Friot, 2017), represents the overwhelming majority (98%) of primary MPs input into the ocean. Different size classes of MPs were considered in the model, taking into account biofouling induced sinking, a size specific process that has been hypothesized in several studies (Cózar et al., 2014, 2015; van Sebille et al., 2015; Fazey and Ryan, 2016; Kaiser et al., 2017; Koelmans et al., 2017) as a potential explanation of the decreasing surface concentration of smaller size microplastics. The primary objective of the present study is to investigate the variability of MPs abundance, obtained from surface water samples collected during 2018–2019 EU H2020 Claim Project sampling campaigns in four coastal areas of the Mediterranean Sea (Saronikos Gulf, Ligurian Sea, Gulf of Lion, and Gabes Gulf) and also to further evaluate model results. The simulated MPs distributions with the basin-scale Mediterranean model (Tsiaras et al., 2021) over the 2018–2019 period was used to provide a better understanding on the variability of MPs abundance and size distribution in the key study areas. While such basin-scale simulations may provide an important first step for the assessment of plastic pollution on Mediterranean basin-scale, effectively considering also transboundary pollution (Macias et al., 2021; Hatzonikolakis et al., 2022), management plans for the mitigation of plastics are usually implemented on more local scales. Moreover, given the significant uncertainty in the plastics sources distribution (Tsiaras et al., 2021), inputs of plastics on local scale may be biased and require adjustments. Thus, in order to better resolve the dynamics of MPs and also fine-tune existing source inputs to obtain a better fit with the observational data, high resolution hydrodynamic/particle drift models, nested in the Mediterranean basin-scale model, were downscaled in the four different areas. Such an approach with nested particle tracking models has not been implemented elsewhere, to our knowledge, and might offer a useful modeling tool for the assessment of plastic pollution on regional and local scales.



MATERIALS AND METHODS


Sampling Collection

Two sampling campaigns were performed, across four coastal areas of the Mediterranean Sea (Saronikos Gulf, Ligurian Sea, Gulf of Lion, and Gabes Gulf), from September 2018 to November 2019, aiming to represent two different seasons, corresponding to autumn/winter (campaign I) and spring/summer (campaign II) when possible. For each geographical area (Figure 1), sampling sites (same locations in both campaigns; see Supplementary Tables 1–5) were selected based on potential MPs sources/pathways (e.g., Wastewater Treatment Plants/WWTPs, river mouths), including also some vulnerable or less sensitive habitats (i.e., Marine Protected Areas, MPAs), characterized by a low anthropogenic impact in order to compare results with those belonging from potential MP sources. Detailed information about sampling sites for each geographical area (e.g., coordinates and sampling data) is reported in Supplementary Tables 2–5.
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FIGURE 1. Mean (2018–2019) simulated microplastics (A) concentration (items/m2) and (B) contribution <1 mm (%). The four key study areas are indicated (black box, Gulf of Lion; blue box, Ligurian Sea; green box, Gabes Gulf; and red box, Saronikos Gulf).


A total of 74 surface water samples were collected using a manta net of different mesh and open mouth size: a 100 and 330 μm manta net (W0.70xH0.40m) in Ligurian Sea and Gulf of Lion, respectively; a 330 μm manta net (W0.60xH0.24m) in Saronikos Gulf and a trawled net (W0.60xH0.20m) mounted with a 200 μm mesh size in Gabes Gulf. During all sampling activities, the manta nets were trawled on the water surface at 1–2 Knots for 10/20 min, kept at a distance of about 50 m from the boat to avoid the turbulence induced by the wake of the ship.

After each sampling event, all collected samples were then carefully transferred into new plastic bottles (previously rinsed with Milli-Q water) and then appropriately maintained for subsequent laboratory analysis. During sampling and sample handling, all precautionary measures (e.g., carefully cleaning all the equipment used prior to sampling, covering samples and equipment in use), recently suggested by GESAMP (2019) guidelines, were taken into account in order to avoid potential environmental contamination. The use of a flow-meter was not applied in all sampling areas, since flow-meters do not always give reliable results (Gago et al., 2018). For all sampling areas, the filtered volume (m3) was calculated by multiplying the area of the net mouth by the distance covered during the tow, between two positions registered by GPS starts and stops (Gago et al., 2018; Ourmieres et al., 2018). The MPs abundance was then calculated as items/m3, namely the number of particles per volume. These data were also converted to items/m2 and items/Km2 in order to be comparable with the simulated MPs abundance and also the majority of available in situ data in the Mediterranean (see Table 1). The area covered (m2) was calculated by multiplying the width of the net mouth by the distance covered during the tow.



Sea Water Samples Analysis

Water samples were analyzed for their plastic content at CNR laboratory using a stereomicroscope (Olympus SZX7, 8×–56×) with attached digital camera (Nikon, DSL3).

All potential particles were directly identified and manually sorted out from the sample (Morgana et al., 2018), then categorized by shape (fragment, lime fiber, pellet, film, and foam) and size (macroplastics: >5 mm; large MPs: 3–5 mm; medium MPs: 1–3 mm, and small MPs: <1 mm) (Morgana et al., 2018; Frias and Nash, 2019). In order to confirm the polymeric nature, all items were identified by a Perkin Elmer Two Fourier Transform Infrared (FT-IR) spectrometer, equipped with Universal ATR (UATR) accessory with a 9-bounce diamond top-plate (wave number range: 4,000 and 450 cm-1 resolutions; 32 scans). After measurement, the spectrum was compared to reference spectra through libraries supplied by Perkin Elmer, with a >70% similarity threshold.

Since contamination is a constant threat toward accurate laboratory analysis, several precautionary measures have been applied to prevent and avoid potential contamination of samples from external sources (i.e., airborne fibers) according to GESAMP (2019). As the laboratory is a busy environment and it is difficult to control contamination from nearby activities, the samples were covered during visual identification (Torre et al., 2016; Prata et al., 2019) and filter blanks were run in parallel to verify background airborne contamination during laboratorial procedures, as suggested by Gago et al. (2018). All particles found both in the sample and on the filter blank were excluded from the final MPs estimate in order to avoid overestimation (Rummel et al., 2016; Morgana et al., 2018).



Model Description

A basin-scale Mediterranean (Figure 1) 3-D hydrodynamic model (∼5 Km horizontal resolution) has been coupled with a Lagrangian drift model (see also Tsiaras et al., 2021), describing the transport and fate of different size MPs from major land based sources (rivers and wastewater effluents). The hydrodynamic model is based on the Princeton Ocean Model (POM; Blumberg and Mellor, 1983) that is currently operational within the POSEIDON forecasting system (Korres et al., 20071). A hybrid ensemble data assimilation algorithm (Tsiaras et al., 2017) was implemented to correct the simulated near surface circulation, based on satellite altimetry and sea surface temperature data, obtained from the European Copernicus database.2 The hydrodynamic model is also coupled with a comprehensive biogeochemical model (Kalaroni et al., 2020a,b), based on the European Regional Seas Ecosystem Model (ERSEM; Baretta et al., 1995), which provides bacterial biomass that is used to parameterize biofilm growth of microplastics (see Supplementary Material 1.1). The waves forcing (stokes drift, wave period, and significant height), used in the Lagrangian drift model was obtained off-line from Copernicus marine service (see text footnote 2) and is based on WAM Cycle 4.5.4 wave model (Gunther and Behrens, 2012) that is also a component of POSEIDON forecasting system.

The Lagrangian drift model is based on Pollani et al. (2001) and evaluates the particles’ displacement taking into account the following processes:


•Advection from ocean currents, obtained from the hydrodynamic model.

•Waves stokes drift, obtained off-line from the wave model output.

•Buoyancy/sinking, depending on the particles’ diameter/size and density.

•Random movement in the horizontal, depending on the horizontal diffusion (obtained from the hydrodynamic model).

•Random movement in the vertical, depending on the turbulent vertical diffusion (obtained from the hydrodynamic model) and waves (obtained off-line from the wave model output).

•Increase of particle density with time due to biofouling.



The model follows the concept of Super-Individuals (SI; Scheffer et al., 1995) for computational efficiency, with each SI representing a group of particles, sharing the same attributes (position, weight, origin, type of plastic, etc.). Four size classes (350, 500, 1,000, and 2,000 μm) of MPs are considered in the model, with initial density ∼960 kg/m3, being the density of most common plastics (polyethylene; Zeri et al., 2018; Llorca et al., 2020) found in the marine environment. The MPs concentration is initialized with a uniform background concentration, based on the basin median abundance from available in situ data (∼0.06 items/m2, see Supplementary Figure 3) and is distributed with the same weight on all size classes. A simplified parameterization of biofilm growth is adopted in the model, as a function of bacterial abundance (obtained from a biogeochemical model simulation) that is considered as a proxy for the biofouling community. Biofilm growth, which is assumed to be mainly controlled by detachment and colonization rates (Kiørboe, 2003) is generally faster for smaller particles, while the critical biofilm thickness that is necessary for microplastics to start sinking also decreases with size, based only on physical considerations of the particle’s shape and density (Cubarenko et al., 2016). Based on the adopted formulation, smaller size microplastics (350 and 500 μm) are gradually sinking (time to sink with mean bacterial biomass: 14 days 350 μm, 32.5 days 500 μm) due to the buoyancy loss resulting from the attachment of heavier biofilm (see Supplementary Figure 1), while larger size particles (>1 mm) practically remain afloat. A detailed model description is provided as Supplementary Material Section 1). The interested reader may also refer to Tsiaras et al. (2021) for more details on the basin scale model implementation.



Model Setup


Fine Resolution Models

Fine resolution (∼800 m) 3-D hydrodynamic/particle drift models were set up in the four key study areas (Saronikos Gulf, Ligurian Sea, Gulf of Lion, and Gabes Gulf) in order to better resolve the horizontal variability of MPs and also to fine-tune existing source inputs to obtain a better fit with the observational data. After an initial 2-year spin-up, a simulation over the 2018–2019 period was performed. The fine model’s open boundary conditions for the hydrodynamics (temperature, salinity, and currents) are obtained from the Mediterranean basin-scale model simulation over the same period. Moreover, an input of MPs (MicroIn, #items), obtained from the same basin-scale simulation, is adopted along the open boundary on a daily basis, in the case of water inflowing into the fine model domain:

[image: image]

where u(j,z) is the inflowing current velocity (m/day), depending on the particle depth (z) in the water column, dx is the fine model resolution (m), nfi_med(j) is the amount of MPs (#items) from the basin-scale model at point j of the fine model open boundary and res_factor (20/120 = 0.16) is a scaling factor between the basin-scale (1/20°) and fine model (1/120°) grids. The latter is used because nfi_med(j) is saved within a basin-scale grid point (1/20 = 6 × 1/120).



Sources

Two main sources of MPs were considered in the Mediterranean basin scale model:

(a) Input of MPs from coastal cities (>2,000 inhabitants) municipal wastewater discharge (see Supplementary Figure 2), which was extracted from UNEP/MAP (2011) report.

Larger MP particles (>300 μm) that are considered in this study are assumed to be totally removed, when some type of treatment is applied, being discharged into the sea only from untreated wastewater. The amount of microplastics (∼17,500 #/m3) in the influent (untreated) wastewater was estimated based on available data from the literature for the Mediterranean (Gündogdu et al., 2018; Magni et al., 2019; Bayo et al., 2020). The adopted concentration might be considered relatively low, as compared with existing data from different countries (range 2,000–400,000 #/m3, global average ∼170,000 #/m3, Uddin et al., 2020). However, we should note that there is a huge variability between measurements, depending also on the methodology (mesh size, sampled volume, etc.). Larger particles >300 μm were assumed to represent ∼20% of the total (Talvitie et al., 2017). The MPs input from sources was assumed to decrease with size due to fragmentation, following a power function (Lindeque et al., 2020):
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For the considered size classes 350, 500, 1,000, and 2,000 μm, this practically results in a decreasing contribution of 50, 35, 10, and 5%, respectively in the sources.

(b) Input of microplastics from river discharge (see Supplementary Figure 2; Tsiaras et al., 2021) was obtained as a function of accumulated plastics production and monthly river runoff, based on Lebreton et al. (2017) global dataset.

The MP sources in the fine models implementation were slightly modified from those adopted in the Mediterranean in order to obtain a better fit with data (see below section “Fine-Resolution Model Simulations and Comparison With in situ Data”).



Validation With Data

The model simulated microplastics concentration was obtained from the 0.30 m surface layer to be comparable with collected in situ data, with manta net height varying between 0.20 and 0.40 m among different areas. The MPs abundance from field data, initially expressed as items/m3, was converted to items/m2 (see section “Sampling Collection”), excluding particles with size <330 μm and >5 mm, to be comparable with the simulated abundance. The raw data of MPs abundances are provided in the Supplementary Material. To validate the simulated microplastics size distribution, the percentage of smaller microplastics <1 mm {i.e., [abundance (350 μm) + abundance (500 μm)] / total abundance} was compared with the observed percentage (abundance <1 mm / total abundance).





RESULTS AND DISCUSSION


Mediterranean Basin-Scale Simulation

The mean (2018–2019) distribution of MPs abundance and smaller size (<1 mm) contribution, simulated with the Mediterranean basin-scale model is shown in Figure 1. This has been validated against available in situ data, showing a reasonable agreement (see Supplementary Figure 3), both in terms of magnitude and horizontal variability. The simulated distribution reveals a strong decrease of MPs abundance from coastal areas near source inputs to offshore areas, modulated by hydrodynamic circulation patterns (see Tsiaras et al., 2021). The smaller size contribution follows the same pattern, decreasing in open sea areas. This is partly due to the adopted decreasing number of particles with size in sources (Equation 2), but is also strongly related to biofouling induced sinking of the smaller size classes. The obtained size distribution in open sea areas (10, 18, 55, and 20% for the 350 μm, 500 μm, 1 mm, and 2mm size classes, respectively) is consistent with Cózar et al. (2015) findings (comparing at the same locations), showing a peak around 1–2 mm size class. The effect of biofouling on microplastics abundance and size distribution may be seen in Figure 2, indicating a 75 and 40% increase on basin average respectively, in a simulation with no biofouling adopted in the model (see also Supplementary Figure 4). Among the four key study areas, biofouling appears to have a stronger effect in Gabes Gulf. This is a quite shallow area, where sinking MPs may accumulate on the seafloor (Tsiaras et al., 2021). In addition, this may be attributed to a strong phytoplankton biomass induced by high nutrient concentrations through terrestrial (atmospheric) or sediments inputs characteristic of this area, where the presence of biofouled MP items were frequently found in samples from Gabes Gulf (Zayen et al., 2020). We should note that when no biofouling is adopted, smaller size MPs remain floating at surface and therefore may travel longer distances with currents. Thus, Gabes Gulf may receive particles from the more polluted Algerian coast (Figure 1), following the pathway of the Algerian current and Atlantic-Ionian stream (see Supplementary Figure 5). In Zayen et al. (2021), the hydrodynamics models highlighted that the surface water sampled in the same area came mainly from outside of the Gabes Gulf (Atlantic Tunisian Current) and advancing by coastal current (Tunisian Coastal Current).
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FIGURE 2. Mean (2018–2019) simulated microplastics (A) concentration (items/m2) (B) contribution <1 mm (%), (C) concentration fractional change (Scenario/Reference-1), and (D) contribution <1mm fractional change (Scenario/Reference-1), with the reference simulation and simulations without vertical mixing, waves drift, and biofouling, averaged in the four key study areas (Saronikos Gulf, Ligurian Sea, Gulf of Lion, and Gabes Gulf) and the Mediterranean.


Similarly, the Gulf of Lion receives MPs from the Ligurian Sea, following the cyclonic circulation in the area (see Supplementary Figure 5). Thus, when biofouling is de-activated in the model, small size MPs, originating from the Ligurian Sea, remain floating and may reach the Gulf of Lion, which may explain the stronger increase of small size MPs in the Gulf of Lion, otherwise dominated by larger particles as compared to Liguria. The effect of vertical mixing and (stokes) drift from waves was also investigated, de-activating those processes in two additional model simulations, in an attempt to gain a better understanding on the dominant drivers in the four different key study areas. Vertical mixing has a stronger effect on smaller size particles, characterized by relatively weaker buoyancy. When this is de-activated an increase of MP abundance and small size contribution is simulated. The latter is stronger in the Ligurian Sea and the Gulf of Lion, which are areas known for intense winter mixing (e.g., Bergamasco and Malanotte-Rizzoli, 2010). The effect of waves drift appears stronger in the Gulf of Lion and Gabes Gulf. Those areas, particularly the Gulf of Lion, are characterized by quite strong predominant wind/waves (see Supplementary Figure 7). In all areas, MPs’ small size percentage contribution decreases, when waves drift is not applied. This is because larger MPs are floating at surface and are more prone to direct drift from waves that may result in their offshore advection (as in the Gulf of Lion) and/or their beaching. Previous model and observational studies, carried out in Gulf of Lion, have highlighted a high beaching probability of the floating debris transported by the Northern Current toward the Balearic Islands (Mansui et al., 2015; Schmidt et al., 2018).



Fine-Resolution Model Simulations and Comparison With in situ Data

In this study, a 2-year simulation over the 2018–2019 period was performed with the fine-resolution models in the four key study areas (Figures 3–6). As mentioned above, sources of MPs were slightly modified from those adopted in the Mediterranean basin-scale simulation in order to obtain a better fit of simulated microplastics with in situ data in this study (Figures 7–9) and other available data in the Ligurian Sea and the Gulf of Lion (see Supplementary Figures 8, 9). More specifically, untreated wastewater in the Ligurian Sea was decreased (× 0.35), as simulated MPs abundance with the Mediterranean model was clearly overestimated in coastal areas (Figures 7–9 and Supplementary Figures 3, 8, 9). This initial overestimation in sources could be related to a possible upgrade of treatment facilities along the Italian coast, with regard to those reported in the UNEP/MAP (2011) report. In the Gulf of Lion, an area with no untreated wastewater sources according to UNEP/MAP (2011), microplastics input with river runoff was increased (× 20) to compensate the underestimation of microplastics abundance with the Mediterranean model (Figures 7–9 and Supplementary Figures 3, 8, 9). This increase is consistent and probably conservative, comparing with estimates based on in situ observations in the River Rhone runoff area (Schmidt et al., 2018), suggesting a river load of ∼3.65 t/year, which is more than 20 times higher than the one (∼0.16 t/year) estimated by Lebreton et al. (2017). This initial underestimation of river inputs could be attributed to Lebreton et al. (2017) global empirical function (tuned using only River Po data) that is strongly influenced by mismanaged plastic production distribution (Mai et al., 2020), being particularly low along the French and Spanish coasts (see Supplementary Figure 2). As there was no information available for untreated wastewater discharge in the Gulf of Lion and the Gabes Gulf, two additional point sources were included at Cortiou WWTP (Tedetti et al., 2012; Savriama et al., 2015; Figure 5), and Gabes port (Figure 6), with their magnitude being tuned based on a best fit with the in situ data (Figure 7). In this respect, the local sewage facility of Cortiou has been already highlighted as a possible source of microplastics in the Bay of Marseille due to the treated wastewater reaching the sea in the southeastern part of the city (Schmidt et al., 2018). Gabes is also a known source of untreated industrial and domestic wastewaters that are continuously discharged in the open sea from the industrial complex of Ghannouch-Gabes and the local municipal WWTP, respectively (El Zrelli et al., 2018; Zayen et al., 2020).
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FIGURE 3. Mean (2018–2019) simulated (A) microplastics concentration (items/m2) (B) microplastics <1 mm (%), (C) surface current and sea surface height (m) and (D) sources of microplastics (items/day) from cities wastewater discharge and river runoff, (E) sampling stations in Saronikos Gulf.
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FIGURE 4. Mean (2018–2019) simulated (A) microplastics concentration (items/m2) (B) microplastics <1 mm (%), (C) surface current and sea surface height (m) and (D) sources of microplastics (items/day) from cities wastewater discharge and river runoff, (E) sampling stations in the Ligurian Sea.
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FIGURE 5. Mean (2018–2019) simulated (A) microplastics concentration (items/m2) (B) microplastics <1 mm (%), (C) surface current and sea surface height (m) and (D) sources of microplastics (items/day) from cities wastewater discharge and river runoff, (E) sampling stations in Gulf of Lion.
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FIGURE 6. Mean (2018–2019) simulated (A) microplastics concentration (items/m2) (B) microplastics <1 mm (%), (C) surface current and sea surface height (m) and (D) sources of microplastics (items/day) from cities wastewater discharge and river runoff, (E) sampling stations in Gulf of Gabes.
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FIGURE 7. Microplastics abundance (items/m2) simulated with the Mediterranean (Med model) and fine-resolution (Fine model) models, against in situ data collected in the four key study areas, during the two campaigns. (A–F) Saronikos Gulf, (G–L) Ligurian Sea, (M–R) Gulf of Lion, and (S–X) Gulf of Gabes.



Saronikos Gulf

In Saronikos Gulf, the main sources of MPs originate from the untreated wastewater from relatively small cities (population 5–50 K, Figure 3), as there is no untreated wastewater, discharged from the Athens-Piraeus (>3 million inhabitants) WWT facility. However, there is some important wastewater input from the Metamorphosis WWTP, serving part of Athens population, which is discharged into the Cephissus River. The simulated mean (2018–2019) MPs abundance (∼0.036 #/m2 on average) and small size contribution (∼72.9% on average) is shown in Figure 3. This is higher close to local sources, while the anti-cyclonic (eastward) predominant circulation, known also from observations (Kontoyiannis, 2010) results in the southward advection of particles from the Northern coastal areas to South Aegean.

The sampling in Saronikos Gulf revealed an average MP concentration of 0.080 items/m2 during the first campaign (March 2019, Figures 7, 9). Among the five sampled stations, the lowest value (0.03 items/m2) was found in station SGt2 (close to the Piraeus port) and the highest was found in station SGt4 (Cephissus urban river) with a concentration of 0.12 items/m2. The high MPs concentration in this area is most probably related to the wastewater discharge from Metamorphosis WWTP, mentioned above. During the second campaign (October 2019), three (SGt1, SGt2, and SGt3) out of five stations were analyzed, showing an average MPs abundance of 0.047 items/m2. The value found in SGt3 (0.083 items/m2) was higher than the one found during the first campaign (0.073 items/m2), while a lower MPs abundance was found in stations SGt1 and SGt2 (0.045 and 0.012 items/m2, respectively) if compared to those found during the first campaign (0.093 and 0.029 items/m2, respectively). The simulated MPs abundance with the fine model in the different stations appears in reasonable agreement with in situ data (Figures 7A–F), capturing the observed magnitude and the relatively higher concentration in the vicinity of Cephissus River runoff. The simulated abundance is, opposite to the data, slightly lower during the first campaign, in spring (Figure 9), which is related to a decrease of the microplastics concentration during the less stratified period (see below discussion in section “Seasonal Variability”). On the other hand, the observed higher concentrations during spring (first campaign) might be related to a seasonality in source inputs that is not considered in the model. The simulated small size contribution (∼75%) was significantly overestimated, as compared to the data (13–23%) (Figures 8, 9). This model deviation might be related to an underestimated inflow of (larger size) MPs from other remote areas, as the model simulation suggests that MPs in this semi-enclosed gulf are mainly originating from local sources.
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FIGURE 8. Microplastics small size (<1mm) contribution (%), simulated with the Mediterranean (Med model) and fine-resolution (Fine model) models, against in situ data collected in the four key study areas, during the two campaigns. (A–F) Saronikos Gulf, (G–L) Ligurian Sea, (M–R) Gulf of Lion, and (S–X) Gulf of Gabes.
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FIGURE 9. Microplastics (A) mean abundance (items/m2) and (B) small size (<1mm) contribution (%), simulated with the Mediterranean (Med model, green bars) and fine-resolution (Fine model, yellow bars) models, against in situ data (blue bars) collected in the four key study areas (Saronikos Gulf, Ligurian Sea, Gulf of Lion, and Gulf of Gabes), during the two campaigns.


The MPs abundance (mean = 0.8 × 105 items/km2 during spring 2019 and 4.7 × 104 items/km2 during autumn 2019), obtained from sampling in Saronikos Gulf, fall in the same range with outputs from campaigns during 2015 and 2016 (3.5 × 102 items/km2 – 9.2 × 105 items/km2) (Adamopoulou et al., 2021). Interestingly, in the latter study, the maximum MPs concentration for the Aegean and Ionian Seas was not found in areas in the proximity of the anthropogenic sources, suggesting that the relationship between them is not easily predictable.



Ligurian Sea

In the Ligurian Sea, the simulated MPs abundance and small size contribution (Figure 4) appear higher close to the most important sources (Genova Metropolitan Area in the northern coast and La Spezia, Livorno on the eastern coastal area), following the pattern of the along-slope cyclonic circulation that results in the convergence of microplastics on the northwestern coastal areas. The decrease of small size contribution in the southeast is related to the inflow of larger size MPs, originating from the Tyrrhenian Sea (see Figure 1). Due to their stronger buoyancy, larger MPs are floating close to the surface, being able to travel long distances in the open sea. Thus, the distribution of small size MPs may be considered as an indicator on the effect from local sources.

The sampled MPs’ abundance was found higher for most stations in the first (autumn) campaign (0.134 items/m2 on average), as compared to the second (spring) campaign (0.061 items/m2 on average) (Figures 7, 9). The only exceptions were stations LSt1 and station LSt4, both at 0.5 miles from the coast that showed similar values in both campaigns. LSt4-5-6 sampling stations, located in the MPA of Portofino, confirmed to be the most MP-impacted of all in the Ligurian Sea, showing the highest MPs mean abundance in both campaigns (autumn 2018: 0.191 items/m2 on average spring 2019: 0.144 items/m2 on average). This was captured by the model (Figures 4, 7), showing also the highest MPs abundance in this area, receiving a significant amount of wastewater discharge (Figure 4) from Genova and nearby touristic areas. These findings are in line with previous studies on the same key study area that already indicate this MPA as a “hotspot” for marine plastic debris (Collignon et al., 2012; Fossi et al., 2012). The model also captured the relatively lower MPs concentration in LSt1-2-3 stations (autumn 2018: 0.070 items/m2 on average spring 2019: 0.031 items/m2 on average), being an area with limited sources, close to the MPA of Cinque Terre, while a slight overestimation was simulated during the second campaign in northwest stations close to Genova and Savona harbors (LSt10-11-12 and LSt7-8-9). The latter (LSt11, 1.5 miles from the coast) recorded the highest MPs abundance (0.259 items/m2) during the first campaign, followed by LSt6 (0.216 items/m2, 6 miles from the coast) and LSt5 (0.197 items/m2, 1.5 miles from the coast). High concentrations were also found in other LSt7-8-9 (0.127 items/m2 on average) and LSt10-11-12 (0.148 items/m2 on average) stations, close to Savona and Genova harbors, which, however were not repeated in the second (spring) campaign (LSt7-8-9: 0.039 items/m2 on average, LSt10-11-12: 0.022 items/m2 on average). In agreement with observations, the model simulated an overall decrease of MPs abundance during spring period, particularly when considering the average of stations area, which is attributed to stratification variability (see below discussion in section “Seasonal Variability”). The MPs small size (<1 mm) contribution, both from in situ data and model, generally followed the MPs abundance variability, being related to source inputs (Figures 8, 9).



Gulf of Lion

In the Gulf of Lion, main sources of MPs (>300 μm) were assumed to originate from major rivers runoff (Rhone, Herault, Aude, Orb, and Vidourle) in the area (Figure 5), as reported untreated wastewater for all cities was zero in UNEP/MAP (2011) report for WWT discharge. In the fine-resolution model, an additional point source was included in Cortiou WWTP location (Figure 5), with its magnitude being tuned based on a best fit with the in situ data (see Supplementary Figures 8, 9). The simulated MPs abundance appears higher in river runoff areas (Figure 5), with its distribution being also influenced by the westward predominant northern-current (Millot, 1991; Ourmieres et al., 2018), as part of the Lion-gyre cyclonic circulation that results in the convergence of MPs on the northwestern coastal areas. The simulated low small size (<1 mm) contribution in the southeast indicates an input of MPs, originating from the Ligurian Sea (see Figure 1 and Supplementary Figure 5).

During the first campaign (autumn 2018), an average MPs abundance (Figures 7, 9) of 0.029 items/m2 was found, ranging from 0.002 items/m2 (GLt5-6) to 0.077 items/m2 (GLt11). A similar average (0.032 items/m2) was found during the second campaign (spring 2019), with maximum values again recorded close to Cortiou WWTP (GLt12, 0.090 items/m2) and in the proximity of the Huveaune river plume (GLt7-8 0.050 and 0.042 items/m2, respectively). Minimum MPs abundance (0.007 items/m2) was found on the border of the Calanque National Park (GLt13). The simulated MPs abundance with the fine model (Figures 7, 9) was comparable with observations, showing similar mean values during both periods and higher MPs concentrations in the vicinity of Cortiou WWT and River Huveaune runoff. The simulated MPs small size (<1 mm) contribution generally follows the MPs abundance variability, showing a similar average with the in situ data, which does not seem to follow a clear pattern (Figures 8, 9).

The observed MPs abundance (mean = 2.9 × 104 items/km2 during autumn 2018 and 3.1 × 102 items/km2 during spring 2019) in the Gulf of Lion is comparable with results reported from the same area between 2014 and 2016 (6 × 104 – 1 × 105 items/km2; Schmidt et al., 2018). In this latest study, Schmidt et al. (2018) found the highest value of MP concentration in seawater samples collected in the Bay of Marseille, including the area in proximity of Marseille-Cortiou WWTP, in agreement with the results observed in this study.



Gulf of Gabes

In the Gulf of Gabes, a high MPs abundance was simulated (∼0.1 #/m2 on average), despite the relatively low source inputs (Figure 6), mainly originating from river runoff and the Gabes port. The particularly low small size (<1 mm) contribution (∼21% on average) suggests that a large portion of the MPs in this area belong to the (floating) larger size classes that are advected from offshore areas, either from waves drift (see below discussion in section “Seasonal Variability”) or following the predominant circulation driven by the Atlantic-Ionian stream (Figure 6 and Supplementary Figure 5).

The observed MPs abundance was particularly high (0.310 items/m2 on average) during the first campaign (spring 2019) (Figure 9) and the highest found among all the area samplings. The peak concentration (0.669 items/m2) was found in GGt3, located close to the port, the urban and industrial area of Gabes, while the lowest concentration (0.060 items/m2) was found in station GGt4, a few kilometers offshore. During the second campaign (autumn 2019), MPs’ abundance was much lower (0.073 items/m2 on average), but still among the highest recorded in all areas. The simulated MPs abundance with the fine model was lying somewhere in between the two campaigns, capturing in most cases the observed horizontal variability (Figures 7–9).

The difference of about one order of magnitude between campaigns I (3.1 ± 2 × 105 items/km2) and II (7.2 ± 8 × 104 items/km2) suggests a significant seasonal variability in this area. This could be explained if we consider that the Gabes Gulf, compared to other Mediterranean systems, is characterized by stronger seasonal variability due to the water temperature and salinity (Bejaoui et al., 2019). Although, limited information is available in the literature (Table 1) about MPs in the sea water from Tunisian coasts, Zayen et al. (2020) recently reported the same values of MPs abundance (6.3 × 104 items/km2) found in surface water samples collected in the same season (campaign II, autumn) in the Gabes Gulf.



Microplastics Abundance and Size Variability Among the Four Different Areas

Comparing the MPs abundance during the two sampling campaigns among the different areas (Figure 9), Gabes showed the highest mean concentrations (0.073–0.3 items/m2), followed by Ligurian Sea (0.061–0.134 items/m2), Saronikos Gulf (0.047–0.080 items/m2), and Gulf of Lion (0.029–0.032 items/m2).

A different pattern was found for MPs’ small size contribution, being higher in the Ligurian Sea and the Gulf of Lion and much lower in Gabes Gulf and Saronikos Gulf. The fine model simulation was able to capture the MPs abundance variability, with few adjustments in source inputs (decrease of wastewater in Ligurian Sea and increase of river inputs in Gulf of Lion). The small size contribution variability was also captured, with the exception of Saronikos Gulf, where an overestimation was simulated.

In Figure 10, the reference simulation may be compared with a simulation with no input of MPs from the model’s open boundaries (not shown). In the case of Saronikos, this change is quite small for both MPs abundance (−11%) and small size contribution (+6%). The Ligurian Sea shows a slightly stronger impact from inflowing MPs (abundance: −20%, small size +25%) that originate from the Tyrrhenian Sea (see Figure 1), while a stronger effect can be seen in the Gulf of Lion (abundance: −25%, small size +26%) and particularly the Gabes Gulf (abundance: −83%, small size +130%). In the Gulf of Lion, there is a significant input of MPs, carried by the cyclonic circulation and originating from the Ligurian Sea (see Figures 1, 5 and Supplementary Figure 5), while in the Gabes Gulf, the majority of MPs appear to originate from offshore areas and are mainly (floating) larger size classes, as suggested by the quite small contribution of size <1 mm. One may notice that the mean MPs abundance in the four areas closely follows the sources variability (Figure 10A), when no input of MPs is considered (i.e., only local sources). We should also note that when considering the average MPs abundance over the entire model domain, as in Figure 10, a slightly higher concentration is simulated in the Ligurian Sea, as compared to Gabes Gulf, which is not the case with the average in the sampling stations area (Figure 9).
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FIGURE 10. Microplastics (A) total input (items/day), mean (2018–2019) microplastics (B) concentration (items/m2) and (C) contribution <1 mm (%) in the four key study areas (Saronikos Gulf, Ligurian Sea, Gulf of Lion, and Gabes Gulf) with the fine-model reference simulation (blue bar) and a simulation without microplastics input from the open boundaries (yellow bar).





Seasonal Variability

In Figure 11, the seasonal variability of MPs abundance and small size contribution, averaged in the model domain and in the vicinity of the sampling stations, in the four different areas is shown. The reference simulation can be also compared with a simulation without any MPs input from the model’s open boundaries (dashed lines), identifying periods characterized by an increased inflow of MPs from other areas in the simulated variability. The latter is usually dominated by larger size MPs that are floating at surface, traveling longer distances and results in the relative decrease of MPs small size contribution in the model domain. Thus, in such events, the MPs small size contribution shows an opposite variability (negative correlation) with MPs abundance.
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FIGURE 11. Variability over 2018–2019 period of microplastics concentration (items/m2) and microplastics <1 mm (%), averaged over the model domain (blue lines) and the stations area (red lines), in the reference simulation (solid lines) and a simulation without input of MPs along the open boundaries (dashed lines), in (A,B) Saronikos Gulf, (C,D) Ligurian Sea, (E,F) Gulf of Lion, and (G,H) Gabes Gulf.


In the Ligurian Sea, the seasonal variability appears to be mostly related to vertical mixing, as both MPs abundance and small size percentage are generally increasing during the more stratified period (April–October). This is consistent with the in situ data variability (Figures 7–9), showing a decrease of MPs abundance from September 2018 to April 2019. The MP abundance and small size contribution are slightly higher in the coastal area close to the stations, as compared to the entire area average.

In the Gabes Gulf, the seasonality of MPs appears to be strongly controlled by wind/wave direction that is shoreward during spring-summer period (see Supplementary Figure 7) resulting in the accumulation of primarily larger size MPs, as suggested by the strong decrease of small size contribution (Figure 11). This pattern is in agreement with the observed overall decrease of small size particles percentage from April to November 2019 (Figures 8, 9). However, the observed MPs abundance is also decreased during the second campaign (Figures 7, 9), opposite to the simulated seasonal variability. One may also notice that in the simulation with no input of MPs from the boundaries, an increase of small size contribution is simulated during summer, as floating larger MPs are more easily beached from the strong shoreward waves drift. The seasonal variability pattern is less clear in the Gulf of Lion and Saronikos Gulf, being driven by a combination of factors (wind/waves, circulation, and vertical mixing). In the Gulf of Lion, the seasonal variability close to the stations appears to be strongly influenced by the inflow of (larger) MPs from the southeast, being particularly noticeable in November–December 2018, which is consistent with the intensification of the Northern Current, known from observations (Millot, 1991). The mean MPs abundance is generally increasing during spring–summer period (April–September), which is mostly related to a relaxation of wind/wave magnitude (see Supplementary Figure 7) that results in a weaker offshore advection of larger MPs, as suggested by the decrease of small size contribution. In Saronikos Gulf, the contribution of inflowing MPs from offshore waters is much smaller, as the simulated MPs abundance in this semi-enclosed gulf is mainly originating from local sources. The seasonal variability pattern is not clear, though the mean MPs abundance, particularly in the vicinity of the sampling stations, appears to follow a generally increasing trend from winter to summer (January–July).



Microplastics Properties Variability

A total of 4,535 items were isolated from the samples collected during the two sampling campaigns in the four coastal areas. All of them were characterized for their shape and size (Figure 12). The majority of particles found were characterized as fragments that result to be the dominant shape independently of seasonal campaign and sampling area, in agreement with several studies on MPs, collected in similar regions of the Mediterranean, including the Ligurian Sea, Gulf of Lion, Gabes, and Saronikos Gulf (Fossi et al., 2017; Schmidt et al., 2018; Tziourrou et al., 2019; Zayen et al., 2020; Adamopoulou et al., 2021). The high prevalence of fragments in surface water suggests that the microplastics derived from degradation of waste, originating from population activities, especially in proximity of densely populated coastal areas, either through rivers or landfills (Collignon et al., 2012; Pedrotti et al., 2016; Schmidt et al., 2018; Simon-Sánchez et al., 2022). The macro- and mesoplastics are fragmented through the weathering, such as photo-oxidative degradation followed by thermal and/or chemical degradation and mechanical forces from wind and waves (Caldwell et al., 2019). As highlighted in Figure 12, the higher prevalence of isolated MPs falls in the range 1–3 mm for all sampling areas (both campaigns), except the Ligurian Sea (100 μm mesh size) that reports the higher abundance of particles below 1 mm especially in the first campaign.
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FIGURE 12. Percentage distribution (mean values) of microplastics (MPs) collected in the CLAIM Key study areas (Saronikos Gulf, Ligurian Sea, Gulf of Lion, and Gabes Gulf) during both campaigns, according to (A) different shape (microplastic shape %), (B) size (microplastic size %), and (C) polymer characterization through ATR FT-IR analysis (microplastics polymer %). polyethylene (PE), polypropylene (PP), polyvinyl alcohol (PVA), polyurethane (PU), ethylene vinyl acetate (EVA), ethylene propylene diene monomer (EPDM), polyamide (PA), polystyrene (PS), polyester (pestere), polyethylene terephthalate (PET), polyvinyl chloride (PVC), cellulose acetate (CA), and polyacrylic rubber (polyacr rubber).


These findings seem to be in line with recent studies that highlighted how the smaller mesh size can be determined by an increase in terms of MPs abundance and a decrease in particle size (Converton et al., 2019; Lindeque et al., 2020; Simon-Sánchez et al., 2022). Indeed, it was demonstrated in these studies that the large mesh size (500, 300, 200 μm) nets probably affect the abundance of small particles in the samples, without providing a wide range of microplastics size in the water column, compared to other smaller mesh sizes (i.e., 100 μm). Moreover, the 330 μm nets that are commonly used in microplastic monitoring campaigns and are recommended by the Marine Strategy Framework Direttive (MSFD) probably underestimate the MPs abundance, particularly for particles <330 μm (Converton et al., 2019; Lindeque et al., 2020). Converse to these observations, in this study, only a few particles (min 0.3% max 6% of the total identified items in both campaigns) were found to be smaller than 330 microns in all sampling areas (see the raw data provided in Supplementary Material), suggesting that probably the different configurations on the mesh size used (see section “Sampling Collection”) might not significantly affect the reported final MPs abundance.

About 70% of all isolated items were confirmed to be plastic. A great polymeric variety was found, considering all the investigated coastal areas of the Mediterranean Sea, without substantial differences between the seasons (campaigns I and II): 11 different polymer typologies were identified in the Gulf of Lion and in the Ligurian Sea, while 12 polymers were found in the Saronikos Gulf and Gabes Gulf. In general, the most abundant polymers detected in all the sampling sites and coastal areas were polyethylene (PE) and polypropylene (PP). These findings are in agreement with previous studies, which report that polyolefins (PE and PP) dominate sea surface samples of the Western and Eastern Mediterranean Sea (Suaria et al., 2016; Caldwell et al., 2019; Zayen et al., 2020). In 2019, global plastic production reached 368 million metric tons; about 40% of all polymers are used in packaging, with PE and PP accounting for the highest global plastic demand (Andrady, 2015). Therefore, the presence of these polymers in surface water samples may suggest the potential origin of the MPs analyzed by fragmentation of packaging items (PlasticEurope, 2015; Pedrotti et al., 2016; Fossi et al., 2017; Erni-Cassola et al., 2019), not only considering their use in the disposable packaging industry but also their properties. However, it is interesting to note how these most abundant polymers exhibit different trends in the analyzed surface water samples, resulting in higher PE frequency compared to PP in all sampling areas, except the Ligurian Sea during the campaign I (Figure 12). These findings, might be explained considering the different degradation behavior of PE and PP in sea water, due to a smaller aging sensitivity of PE, as compared to PP, causing a faster fragmentation in small particles of PP than PE (Gewert et al., 2015; Kedzierski et al., 2022). For these reasons, the PP concentration in surface water appears to increase with decreasing size range, as observed in the Ligurian Sea during campaign I (Figure 12), where, PP showed the higher MPs abundance of small size particles (<1 mm) among sampling areas and other regions of the Mediterranean Sea (Baini et al., 2018; Kedzierski et al., 2022). Frequent detection of these polymers can be also related to their low density and long residence time at the sea surface, conversely to other polymers that are more prone to rapid sinking (i.e., PVC). Other polymers, such as polystyrene (PS), ethylene vinyl acetate (EVA), polyvinyl alcohol (PVA), polyamide (PA), polyether urethane (PU), PVC, polyethylene terephthalate (PET), were also observed in low percentages.

It is noteworthy to mention that a high percentage (27.97%) of paint fragments was found during the first campaign in Saronikos Gulf, close to the industrial ports of Perama, the Piraeus ports and Psitalia WWTP. The identified particles probably belonged to different external sources (e.g., recreational boats and vessels) and not from contamination of the sampling boats. Thus, these particles were included in the final MPs abundance. Paint particles represent a significant fraction of MPs pollution in Saronikos Gulf, being recently documented (Adamopoulou et al., 2021; Gaylarde et al., 2021). Indeed, it has been recently accepted by the International Union for the Conservation of Nature (IUCN) that ships’ hull scrapings, marine coatings and anti-fouling systems are potential sources of marine MPs pollution (IMO, 2019).




CONCLUSION

In the present study, the variability of MPs (abundance, size, shape, etc.), obtained from surface water samples, collected during two campaigns over 2018–2019 in four coastal areas in the Mediterranean Sea (Saronikos Gulf, Ligurian Sea, Gulf of Lion, and Gabes Gulf), was investigated. A basin-scale Mediterranean coupled hydrodynamic/particle drift model simulation over 2018–2019 was used to provide a better understanding on the variability of MPs abundance/size and key drivers in the four different areas. Moreover, high resolution models, nested in the Mediterranean basin-scale model, were downscaled in the four areas to better resolve the MPs distribution and fine-tune existing source inputs, in order to obtain a better fit with the observations. Different size classes of MPs were considered in the model, taking into account biofouling induced sinking, as a possible mechanism of MPs removal from the surface.

The model simulations provided useful insight on the key processes, controlling the MPs distribution. The basin-scale simulation revealed a strong decrease of microplastics abundance and small size contribution from coastal areas near source inputs to offshore areas, which is mostly related to biofouling induced sinking of the smaller size classes. A significant impact of waves drift was also found, particularly in the Gulf of Lion and Gulf of Gabes that are characterized by quite strong predominant wind/waves.

Field data confirm that the Mediterranean Sea is a hot spot for the contamination of microplastics, as previously showed by many authors (Lebreton et al., 2012; Cózar et al., 2015; Baini et al., 2018; Caldwell et al., 2019; Llorca et al., 2020) with values generally in line with those reported in the literature (Table 1). Comparing the MPs abundance among the four different areas, the Gabes Gulf showed the highest mean MP abundance (0.073–0.310 items/m2), followed by Ligurian Sea (0.061–0.134 items/m2), Saronikos Gulf (0.047–0.080 items/m2), and Gulf of Lion (0.029–0.032 items/m2).

The fine model simulation was able to capture this variability, with few adjustments in the source inputs (decrease of wastewater in Ligurian Sea and increase of river inputs in Gulf of Lion). A different pattern was found for MPs’ small size contribution, being higher in the Ligurian Sea and Gulf of Lion and much lower in Gabes Gulf and Saronikos Gulf. This variability was also captured by the model, with the exception of Saronikos Gulf, where an overestimation of small sized MPs was simulated. An interesting finding obtained from the model simulations was related to the relative contribution of MPs inflowing from remote areas. In agreement to Zayen et al. (2020), in Gabes Gulf, this contribution was particularly high, suggesting that most MPs originate from offshore areas and are mainly (floating) larger size classes, as suggested by the quite small contribution of size <1 mm particles. An important, but much smaller, contribution of non-local MPs was also simulated in the Gulf of Lion and Ligurian Sea. The significant contribution of MPs inflowing from remote origins in the key study areas suggests that taking into account non-local MPs, as with the implemented nested modeling approach, is necessary in order to realistically simulate MPs’ abundance on regional/local scale.

The adopted sources of plastics in the Mediterranean were based on currently available data. However, these are characterized by large uncertainties in both their amount and distribution. Inputs from river runoff were based on a global empirical function (Lebreton et al., 2017), using only one Mediterranean river (River Po), while its strong dependence on mismanaged plastic production may result in an underestimation/overestimation in high-income/developing countries (Mai et al., 2020). This was probably the case with particularly low inputs from river runoff along the Spanish/French coast, including the Gulf of Lion, where existing observations (Schmidt et al., 2018) suggest an important underestimation. With regard to inputs from coastal cities untreated wastewater discharge, a uniform MPs concentration of (influent) wastewater was considered for the entire Mediterranean, in the absence of available data from different countries. In reality, the wastewater MPs concentration is expected to show a significant variability, depending on population density, economic status, consumption rates for personal care products, etc. (Uddin et al., 2020). Moreover, an annual mean concentration was used, not considering wastewater discharge seasonal variability, which might be important, particularly in more touristic areas. This model limitation might partly explain the deviation in some cases (e.g., Saronikos and Gabes Gulf) between the simulated and observed variability of MPs abundance during the two sampling campaigns. In the Ligurian Sea, untreated wastewater was most likely overestimated, possibly due to upgraded treatment facilities along the Italian coast, with regard to those reported in the UNEP/MAP (2011). Despite those limitations, using a comprehensive wastewater discharge dataset (UNEP/MAP, 2011) contributed to the reasonable agreement of the simulated microplastics distribution with in situ data on basin scale (see also Tsiaras et al., 2021). An even better agreement was achieved with the fine model simulations after a few adjustments in source inputs (decrease of wastewater in Ligurian Sea and increase of river inputs in the Gulf of Lion).

Studies reported in the literature are often carried out with different methodologies, from the field work to the laboratory analysis, since there is still no general consensus on the methodology used, thus making it really difficult to compare results between studies on MPs pollution in the marine environment. Within this context, there is a need to standardize methods for sampling and analyzing marine MPs for monitoring purposes. In this perspective, it is clear that there is still a lack of knowledge on MPs presence in the marine environment and therefore more data and investigations need to be done. The modeling tools, proposed in this study, showed reasonable skill in reproducing the MPs variability, providing useful insight on MPs dynamics in the marine environment. The implemented approach with nested particle tracking models seems promising and could be easily adopted in other coastal areas, offering a useful modeling tool for the assessment of plastic pollution on basin and regional scales to further develop environmental management action for the mitigation of plastic pollution in the Mediterranean Sea.
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This paper studies an economy specialized in fisheries facing a rising marine litter problem. We present a dynamic optimization model to explain the mechanism through which marine litter causes inefficiencies in the fishery sector. We do so by investigating the properties of the model when the marine litter externality is internalized through the price of fish. We find that if the marine litter externality is neglected, fish harvest increases, and ocean quality deteriorates. We subsequently explore the possibility of introducing an incentive scheme where marine litter can be traded in a hypothetical market. The introduction of a so-called fishing-for-litter market removes the inefficiencies caused by fishermen neglecting marine litter and provides a direct incentive for them to maximize overall welfare through resource recovery, i.e. by converting plastic waste into a new valuable resource.
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Introduction

Oceans are essential to global well-being and economic development (Bennett et al., 2019). They provide the necessary resources for sea fisheries in coastal communities. Especially in areas where other economic opportunities are scarce, sea fisheries provide a vital source of employment and income (Pascoe et al., 2019). However, our oceans are unfortunately heavily overfished and contaminated with marine litter (Campbell et al., 2016; Nash et al., 2017). Marine litter is present in every ocean (Cheshire et al., 2009; Eriksen et al., 2014; Pham et al., 2014) and 61-87% of it is made up of plastics (Barnes et al., 2009; Worm et al., 2017; Barboza et al., 2019). Plastics are extremely resistant to biodegradation and difficult to remove. Over time, large plastic items do not dissolve, but rather break down into tiny particles that can travel vast distances and spread throughout the marine environment (Law, 2017). Lighter pieces float at the sea surface, accumulate in ocean gyres or get washed ashore, while heavier pieces sink to the ocean floor where they gradually decompose (Maes et al., 2018; Kane et al., 2020). Plastics enter the marine food web through ingestion by marine organisms, and there is growing concern also for the potential consequences for human food safety and public health (Vethaak and Leslie, 2016; Leslie and Depledge, 2020). Marine litter originates from numerous economic sectors and activities. Two key contributing sectors are fisheries (e.g., accidental loss or deliberate dumping of buoys, nets, ropes, and other waste from fishing crew) and retail (e.g., plastic bags, bottles, packaging, cosmetics and personal care products) (Watkins et al., 2015; Löhr et al., 2017). Although marine litter has attracted increasing attention in recent years, relatively few studies have investigated their social costs (Brouwer et al., 2017).

The objective of this study is to examine how marine litter affects the fishing industry, one of the key industries that rely on the marine environment. Marine litter causes negative impacts on the fishery sector in a variety of ways, all of which result in either reduced revenues or increased costs (European Parliament, 2019). In order to mitigate the impacts of marine litter on the fishery sector, the environmental organization KIMO initiated the “Fishing for Litter” program in 2000 in co-operation with the Dutch Fisheries Association with the aim to clear the North Sea of litter. The program has since its initiation also been implemented in Belgium, Germany, the U.K., Ireland, Sweden, Norway, Denmark, Italy, Croatia and Spain. During their fishing activities, fishermen usually catch litter as a by-product in their nets. By providing them with hardwearing bags, the initiative encourages fishermen to collect and deposit litter onshore at designated waste disposal sites. The program has been shown to reduce the volume of litter accumulating in the oceans (OSPAR, 2007), thereby allowing fishermen to spend more time on their regular fish catching activities by reducing the amount of time they have to spend untangling litter from nets. The fishery sector is believed to be able to play a significant role in removing marine litter from oceans and seas (Ronchi et al., 2019).

This paper aims to incorporate the impacts of marine litter on marine fisheries in a dynamic economic optimization model to explain how marine litter leads to inefficiencies, and how these inefficiencies can be alleviated through the introduction of different incentive schemes. The main research question is twofold: what challenges does the fishery sector face when the externalities of marine litter are not accounted for, and how can these negative externalities be mitigated to benefit the fishery sector? To this end, we first compare the fishermen’s utility when marine litter externalities are internalized through the price of fish to a situation where the externalities are not accounted for in the fishermen’s decision-making. Here, we assume that increasing societal demand for cleaner oceans is reflected in the price for fish and we use a utility instead of a profit function to account for the fishery sector’s sense of stewardship for marine resources, which is typically omitted from conventional profit functions. Secondly, we explore the implications of creating a new economic market based on the existing “Fishing for Litter” scheme, where we add a novel element, namely that the litter caught by participating fishermen can be sold as part of national and international resource recovery programs.

The paper is organized as follows. The next section reviews the literature on the economic costs of marine litter. The third section summarizes the fishery economics literature and is followed in the fourth and fifth sections by a description of an optimal control model related to the economics of fishery with and without the litter externality. This model is extended in the one but last section, focusing on the creation of an economic market for fishing for litter. Finally, the last section concludes.



The Economic Cost of Marine Litter

The fishery sector faces various direct and indirect economic costs from marine litter. The direct costs typically consist of the labor and material costs spent on repairing and replacing damaged or lost gear including entangled propellers, fouled anchors and rudders, or blocked intake pipes and valves (European Parliament, 2019). Wallace (1990) reports that in the Eastern US, over 45% of the fishing vessels had their propellers disabled, over 30% had their gear fouled, and almost 40% had their engine cooling system clogged by plastic debris at some point during the time they are out to catch fish. In Irian Jaya, Indonesia, Nash (1992) finds that more than half of the gill net fish expeditions of a small fishery community had debris fouling their nets and as a result the community changed its fishing activities. Mcllgorm et al. (2011) report that floating debris becomes entangled in the propellers and affects the engine cooling system which may pose navigational hazards or immobility of vessels. In a survey among Scottish fishermen carried out by Mouat et al. (2010), 95% of the vessels reported to damage their nets on debris on the ocean floor, among others due to old wires on the seabed. On average, marine litter costs the Scottish fishing industry an estimated 12 to 13 million euros per year. This is equivalent to approximately 5% of the total annual revenues from fisheries (Mouat et al., 2010).

In addition, the sector also experiences indirect losses of earnings, for example due to reductions in the quality of fish. Micro-plastics can be taken up by small organisms such as zooplankton and shellfish at the bottom of the trophic chain from where they can move to the next level in the food web (Wright et al., 2013). Ingestion may block the digestive tract, alter the metabolism system and fat storage, which in turn can cause reduced feeding capacity and malnutrition. A stomach filled with plastic can create a false sense of satiation and ultimately lead to starvation. Toxic chemicals absorbed from plastics can furthermore lead to hormone disorders and reduce a fish’s reproductive capacity (Gregory, 2009; Lozano and Mouat, 2009). There is a growing body of evidence that shows that marine plastics pose human health risks through the food chain (Galloway, 2015; Lusher, 2015; Rochman, 2015; Barboza et al., 2019). Although it is difficult to establish and quantify the full extent of potential human health problems, plastics can carry toxic compounds which include persistent organic pollutants such as PCBs, DDT and bisphenol-A. These chemicals may disrupt the human endocrine system and give rise to various diseases if ingested in significant amounts (Thompson et al., 2009; Gallo et al., 2018). Once consumers become aware of these health impacts, the fishery sector may suffer significant losses if this leads to a drastic fall in demand for fish (Brouwer et al., 2015). For example, Van der Meulen et al. (2014) show that the release of information that mussels and oysters become smaller in size and absorb poisonous chemical substances in micro-plastics caused a loss of up to 0.7% of annual income in the UK aquaculture sector.

Another factor contributing to the indirect costs for fisheries is a phenomenon called “ghost fishing”. According to the United States’ National Oceanic and Atmospheric Administration (NOAA), ghost fishing occurs when derelict fishing gear, i.e. any fishing gear such as trawl nets, gill nets, traps, cages and pots discarded, lost or abandoned in the marine environment, continues to fish. The durable nature of materials used in fishing equipment means that they can continue to indeterminately trap and kill marine wildlife for decades. Ghost fishing has been identified as a key damage factor in commercial fisheries (Macfadyen et al., 2009), undermining the conservation efforts of vulnerable fish stocks (Sheavly and Register, 2007).

Finally, fisheries incur losses in revenue due to a reduction in their potential harvestable catch and the sustainability of their catch in general (Butler et al., 2013; Arthur et al., 2014; Bilkovic et al., 2014).



Methodological Approach and Novelty

Traditional economic fishery models, often called bio-economic models, can be used to study the effects of modifications in environmental quality on the commercial harvesting of fish stocks (Seijo et al., 1998; Prellezo et al., 2012). In this section, we specify how our model resembles and where it deviates from the standard bio-economic fishery model. Bio-economic models usually rely on some key assumptions, which we also utilize in our modelling framework here. We base our model on the common assumption that fishermen have the maximization of the discounted net present value of resource rents as their main objective (Arnason, 2009). They seek a long-term sustainable fish stock when deciding on their catch level (Clark et al., 2005).

Our theoretical framework is an extension of the Schaefer-Gordon model (Gordon, 1954; Schaefer, 1991) by using a dynamic specification. The dynamic approach allows us to analyze the adjustment process in which an optimal harvest level is attained, taking account of a discount rate. Compared to other dynamic modelling studies, we include the environmental quality component as an argument in the utility function rather than as an exogenous factor. This is in line with Freeman (1993), who extends the basic dynamic bio-economic model by including an additional explanatory variable to represent an environmental influence.

Contrary to previous modelling frameworks where environmental quality is not included as a control variable, changes in environmental quality occur endogenously in the model presented in this study, affecting both the objective function and the imposed constraint. Another important deviation from the standard fishery model is that the Schaefer-Gordon model specifies a profit function, while we express the optimization problem using a utility function. In this way, we are able to account for the fishery sector’s strong sense of stewardship for marine resources, as for example expressed by fishermen’s participation in voluntary initiatives such as Fishing for Litter, which is typically omitted from a conventional profit function.

The mathematical structure of our model is an application of optimal control theory to the management of fisheries. We adapt the standard optimal control model to analyze in a stylized fashion the externalities associated with marine litter and add in a “Fishing for Litter” market as an innovative solution. In the model extension, the paper is heading towards a solution for an environmentally sustainable fishery sector, which we define as the sustainable harvest of fish that can be realized based on fishermen’s efforts of litter recovery. Hence, an environmentally sustainable optimum is the maximum fish harvest, which maximizes utility of fishermen that can be sustained in the steady state subject to a constraint on ocean quality with litter catch effort. Given the objective of our study, we put special emphasis on sustaining a certain level of ocean quality while studying the economics of the fishery sector. To this end, we specify a logistic litter growth function instead of a logistic fish stock growth function usually described in the standard Schaefer-Gordon model. This constraint describes how (fast) litter in the ocean reaches its maximum capacity.



Model Building Blocks


Public Preferences for Ocean Quality

We consider an economy that supplies fish to the market which presumably has full information and no transaction costs. Market clearing conditions dictate that the equilibrium price reflects the marginal cost and utility attached to the last unit of fish traded on the market. We denote Ot as a general index for the current stock of ocean quality, which includes a wide range of factors including the quality of water and marine habitats, fish stocks, and the sustainability of ocean health; and Ht as the aggregate harvest of marine resources (fish). We assume that at any time t, the preferences of fish consumers are positively influenced by Ot. Public preferences are presented by their willingness to pay (WTP) for fish as:



where ϕ ∈ [0,1) is a measure of public preferences for ocean clean-up, and  .

Equation (1) can be interpreted as the inverse demand function for fish. Let us suppose for a moment that we have a price for ocean quality po. Then, at the optimal level of demand for fish we have:



where MRS is the marginal rate of substitution between ocean quality and fish harvest. If we assume that the price of ocean quality is 1 then equation (2) tells us that at the optimal level of demand for fish harvest, the price of fish equals marginal WTP, which measures how much a consumer is willing to sacrifice of ocean quality for a marginal amount of extra fish harvest. The trade-off between fish harvest and ocean quality plays out in our model as follows: when the level of fish harvest is small (and ocean quality is high), a consumer is willing to give up more of ocean quality to gain a little bit more of fish  . Conversely, when the level of fish harvest is large (and ocean quality is low), a consumer is willing to give up less of ocean quality for a marginal gain in fish. In short, marginal WTP reflects the general public’s diminishing marginal utility  .



Fisherman’s Utility

For simplicity, we assume that the revenues of a representative fisherman are a function of fish harvest and the price of fish, without any significant capital or labor costs. As a result, the total revenue is equal to the profit that the fishery owner obtains:



Equation (3) represents a production function of the fishery sector where Ht and Ot enter as input factors.

At the same time, the fisherman’s utility at time t is determined by his consumption level Ct and ocean quality Ot. The lifetime utility of the representative fisherman is given by an infinitely discounted sum of (logarithmic) instantaneous utility:



where ρ ∈ (0,1) is the discount rate. The concavity of the logarithmic utility function indicates diminishing marginal utility as a result of an increase in consumption level aggregated across all fishermen. The explicit functional form of the utility function is needed to obtain a close-formed solution.



The Evolution of Ocean Quality

We follow the common approach in the economic growth and environment literature, which describes environmental quality as an accumulated stock of renewable resources (Bovenberg and Smulders, 1995; Smulders and Gradus, 1996). In our case, the ocean quality is a stock variable of renewable marine resources. We adhere to another convention in the literature (Becker, 1982; Cerina, 2007), that is, we define the stock of ocean quality as the difference between the maximum tolerable level of litter   and the current litter amount Pt where  :



Differentiating both sides with respect to time we obtain the law of evolution of ocean quality:



The fishery sector accumulates litter via the accidental or deliberate act of dumping fishing gear into the seas. Hence the more fishing activities take place, the more litter there is. We assume that litter increases proportionally with harvest level at a rate α. Several studies in the environmental-economics growth modelling literature adopt the assumption that the stock of pollution is absorbed and processed at a natural rate because nature has a regenerative capacity to compensate for the adverse pollution effects. We slightly deviate from this notion in our study and assume that litter is removed by existing man-made efforts at an exogenous rate 0 < m0 < 1 due to the non-decomposable nature of most marine litter (Kershaw, 2015). Combining the two assumptions, we arrive at the change in litter in time:



Combining (6) and (7) we obtain the motion equation of ocean quality:






Optimal Solution When Internalizing Marine Litter Impacts

In this section, the fishery owner is informed about public preferences for ocean quality when solving his utility maximization problem. In this case, we assume that the fisherman is aware that the unit price of fish pH is influenced by ocean quality Ot, as described in equation (1). Consumers’ WTP for fish will fall if they become, for example, concerned about the health consequences of having micro-plastics in the food chain, including fish products. Conversely, consumers’ WTP for fish will rise if they are assured about the clean ocean environment. The fisherman solves in this case the following optimization problem: 





The externality of marine litter is internalized by substituting the explicit form of the fish price in equation (1). This is an optimal control problem with one state variable Ot and one control variable Ht. The first order condition and Euler equation are:





where μt is a period-t utility value of having one more unit of ocean quality in period t.

The resulting optimal dynamic system is described as:





The complete mathematical characterization of the system can be found in the Appendix to this paper.


Steady State

In equilibrium, there is no change in ocean quality, i.e.,  . From (13) and (14), we can see that   implies  .





The existence of a unique steady state can be proven geometrically. The two loci are two straight lines with H1(O) having a positive slope and H2(O) having a negative slope and a positive vertical intercept. Therefore, the two loci intersect in the positive orthant (O,H) plane. The unique steady state is given by:





The system exhibits instability. The equilibrium (Oso,Hso) is a local saddle point for the system (13) and (14) (see the Appendix for the complete proof). All the steady state values of the relevant variables (the control variable H and the state variable O) are now expressed as functions of the parameters of the model.



Comparative Analysis

The steady state level of ocean quality increases with the general public’s care for ocean quality  , with the fishermen’s care for ocean quality  , when litter is removed at a faster pace  , and with the maximum level of litter in the oceans  . However, it decreases when fishermen care less about future utility  .

Similarly, the steady state level of fish harvest decreases with the general public’s care for ocean quality   and fishermen’s care for ocean quality  . It increases when litter is removed at a faster pace  , ocean quality is more capable to carry a higher maximum level of litter   and when fishermen care less about future utility  .

It is interesting to analyze how the fisherman’s revenues react with regards to his preference for ocean quality β. As β grows, its total effect on revenue is ambiguous: an increasing β leads to a higher steady-state value of ocean quality O, which increases the WTP and hence the revenue. Yet an increasing β causes a lower steady-state value of fish harvest H which reduces revenue. At a low β, an increase in the fisherman’s care for ocean quality eventually leads to an increase in his revenue. This is because a low level of β means a low level of O. When O is low, the general public attaches a high marginal value to even a slight improvement in ocean quality. Therefore, their WTP grows significantly when O increases, enough to override the lower fish harvest and result in a higher revenue. By the same token, at a high enough β, the marginal value and WTP that the general public attaches to an improvement in ocean quality is no longer high enough to compensate for the reduction in fish harvest due to too much care for ocean quality from fishermen, so that the revenue inevitably decreases in this case. These findings might be particularly interesting for policymakers. When fishermen become aware of the general public’s concerns for marine litter, policies that raise fishermen’s awareness and stimulate them to participate in litter recovery initiatives might help to mitigate the issue and enhance the fishery sector’s economic development.




Solution Without Litter Externality

Unlike in the optimal case, often fishermen are not fully informed about public preferences for ocean quality. They may not realize that the marine litter externality can affect their revenues through consumers’ WTP. Hence, it is appropriate here to assume that the fisherman takes the price of fish as given. He solves the following optimal control problem with one state variable Ot and one control variable Ht:





The externality of marine litter is neglected in the fisherman’s revenue function by keeping the price of fish constant, rather than substituting its explicit form as in equation (1). The first order condition and Euler equation are:





where μt is a period-t utility value of having one more unit of ocean quality in period t. The resulting optimal dynamic system is characterized as follows:





The mathematical characterization of the system can be found in the Appendix to this paper.


Steady State

We are interested in a sustainable equilibrium in which there is no change in ocean quality  . From (23) and (24), we can see that   implies  .





The existence of a unique steady state can be proven geometrically as before. The unique steady state is given by:





This system exhibits instability. The equilibrium (Oe,He) is a local saddle point for the system (23) and (24) (see the Appendix for the complete proof). The steady state values differ from (Oso,Hso) in that the term ϕ is no longer present because the fisherman takes public preferences as given.

Compared with the optimal case in the previous section, we will always have Hso > He and Oso > Oe. When the litter externality is not accounted for in the price of fish, fishermen focus only on harvesting more fish and do not care for ocean quality. The reason lies in the absence of the elasticity of public WTP with respect to ocean quality ϕ. Without understanding the public’s care and concerns for marine litter, fishermen are not incentivized to care either.

In this case, the steady state value for O is not a function of public preferences for ocean quality (ϕ). Consequently, when β = 0 (fishermen do not care for ocean quality), ocean quality drops to 0. This is of course at the extreme, but it still shows how imperative it can be for fishermen to know that marine litter concerns can affect consumers’ WTP and in turn affect their revenues.




Creating a Market for Marine Plastics Recovery


Public Preferences for Marine Plastics Recovery

The initiative “Fishing for Litter” aims to mitigate the impacts of plastics pollution in oceans and seas by giving fishermen bags to separate litter from their fish catch. We go one step further by imagining there is societal demand and hence a WTP for this litter (e.g. for resource recovery purposes), such that the litter caught and brought ashore can be traded on a hypothetical market. In this way, fishermen are provided a direct financial incentive to start fishing for litter besides, or instead of, fishing for fish. This could be made possible through introducing a new resource recovery sector that demands the litter caught from the fishery sector (Dijkstra et al., 2021).



Fisherman’s Utility

A fisherman dedicates part of his time to catching litter which he could have spent on catching fish. This implies that the current revenue is reduced to:



where l represents the fraction of a fisherman’s revenue devoted to catch litter or the fisherman’s effort in catching litter. However, since the fisherman can trade the litter recovered in the market at a price, he can gain back some, all, or more than what he has invested (γ). The total revenue that the fisherman obtains is therefore:



The lifetime utility of a representative fisherman is given by the infinitely discounted sum of instantaneous utilities as specified in the equation below:



where ρ ∈ (0,1) is the discount rate.



The Effect of Fishing for Litter

The effort that fishermen put into catching litter is introduced such that the rate of litter removal is increased as the amount of effort in catching litter increases. Let m(m0,l) be the function of litter recovery where m0 is the exogenous removal rate (due to external factors) and l is the fishing-for-litter effort. We further assume that m(m0,l) has the following characteristics:







The first assumption (eq. 32) means that when fishermen exert no effort to catch litter, litter is removed at exogenous rate m0. The second assumption (eq. 33) tells us that if fishermen exert all effort into catching litter, the whole stock of current litter is removed. The third assumption (eq. 34) tells us that the recovery function is increasing in effort l.

We assign the following explicit form to m(m0,l) that satisfies these three assumptions:



The motion equation of ocean quality now becomes:






Fishing for Litter

We showed in the previous section that a deviation from the optimal solution occurs when the externality of marine litter is not captured in the production function. What we will see in this section is that an appropriate policy design such as a market for trading marine litter creates incentives which induce fishermen to replicate the optimal solution. The fisherman’s optimization problem now becomes: 





Similar to problem (19), a fisherman maximizes his lifetime utility taking public preferences as given. This is again an optimal control problem with one state variable Ot and one control variable Ht.

The first order condition and Euler equation are:





The resulting optimal dynamic system is:






Steady State

We are interested in an equilibrium which implies sustainability for ocean quality, i.e.  . This implies that  :





The existence of a unique steady state can be proven geometrically as before. The steady state is given by:





The equilibrium (Ofl,Hfl) is a local saddle point for the system described in equations (41) and (42) (see the Appendix for the proof). Similar to the steady state values in (27) and (28), (Ofl,Hfl) do not contain the term ϕ because the fisherman takes public preferences as given. Nevertheless, (Ofl,Hfl) contains the term l which measures fishermen’s efforts for litter recovery. This was not the case in (27) and (28).



Comparative Analysis

Comparing the fish harvest to the second model, we have:

	

This shows that an effort in fishing-for-litter by fishermen always increases the fish harvest compared to the case when marine litter is not accounted for. Additionally, the more they invest in fishing for litter, the more fish harvest fishermen have  .

The same results applied to ocean quality. We have:

	

This indicates that as long as fishermen put effort into catching litter, ocean quality will always be better compared to the case where litter is not accounted for. Additionally, the more effort fishermen put into catching litter, the better ocean quality will get  . An increase in fishermen’s fishing-for-litter efforts gives rise to an increase in fish harvest. Similarly, when O is low, the marginal economic value that fishermen assign to a slightly improved ocean quality is high, so they are expected to invest more effort in catching litter. As a consequence, an increase in ocean quality allows fishermen to catch more fish.

Clearly with a market for plastics recovery, fishermen are better off in terms of both fish harvest and ocean quality compared to a situation where plastic litter is not accounted for. The difference lies in the effort fishermen put into fishing for litter. Although fishermen are not informed about public preferences for ocean quality, the marine litter externality is directly accounted for in fishermen’s behavior. In essence, a market for litter recovery has transferred public preferences for less marine litter to fishermen and created an active response action within the sector. More specifically, public WTP for plastic litter recovery provides fishermen with a direct incentive to catch more litter. This policy has proven to tackle plastic litter issues as well as enhance the development of the fishery sector, even if fishermen do not have full information about public preferences.




Conclusions

At the heart of the global plastics problem is a linear economy. Most of the time, producers provide, and consumers buy single-use items that are disposable or have planned obsolescence. This externality of global consumption patterns has brought about tremendous costs to the oceans and seas from which we derive many benefits. Our results chart a way forwards towards a circular economy in which marine plastics are recovered and repurposed for alternative use or recycled into a new product (Dijkstra et al., 2020). The shift towards a sustainable plastics economy, i.e. an economy with plastics that have a more durable or even sustainable life cycle, can bring about better ocean quality and ultimately more marine resources for the fishery sector.

This paper analyses a solution to the marine plastics problem by presenting a dynamic economic optimization model in which the fishery sector maximizes its life-time utility as a steward of our oceans and seas. We analyze the dynamic properties of the model in two distinct versions. We find that when the plastic litter externality is not internalized through the price of fish, the fish harvest is higher and ocean quality deteriorates compared to a situation where marine litter is internalized through the price of fish. We then analyze a possible solution, namely an incentive scheme based on the existing “Fishing for Litter” initiative, where the public’s WTP for plastic litter recovery encourages fishermen to catch and remove the plastics from our oceans and seas. We conclude that a market for marine plastics recovery provides fishermen with a direct incentive to catch litter. As a result, the policy effectively tackles the global marine litter problem and contributes at the same time to the development of a more efficient and sustainable fishery sector.

We acknowledge that a possible limitation of our model is that the results might depend on the specific choice of the functional form of the utility function. This particular representation is chosen because it enables us to develop a tractable model of dynamic optimization that provides insights into the fishing for litter decision-making process over time. A more generic form would not have teased out this distinction. However, a more general constant elasticity of substitution (CES) function might allow for a simpler and perhaps different solution, which is worth exploring in the future. Another extension of the model would be the inclusion of the capital, labor and material costs in the profit function, including the damage costs of marine litter to catch rates.
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Appendix

Mathematical Characterization of the Optimal Solution Model


The Pontryagin maximum principle states that we can solve the optimization problem using a standard Hamiltonian function. We use the Hamiltonian to directly arrive at the time evolution of the system so that we can predict what state the system will evolve into after an infinitesimal interval of time elapses. In the optimal solution model, the fisherman’s problem is: 

	

	

Using the present-value multiplier λt, we define the present-value Hamiltonian: 

	

First order conditions:

	

	

Note that H explicitly depends on time. Using the current-value multiplier μt, we define the current-value Hamiltonian, which does not explicitly depend on time as follows:

	

where μt = eρt γt which implies that  .

The new first order conditions become:

	

	

From the new first order conditions, we obtain the first order condition and Euler equation:

	

	

Differentiating the first order conditions and equating it to the Euler equation, we obtain the optimal dynamic system:

	

	

Proof That the Steady State (Oso, Hso) Is a Local Saddle Point:

Rewrite system (13) and (14) as:

	

	

Linearizing the system around the steady state (Oso,Hso) we have:

	

where

	

So that 

So the unique steady state is a local saddle point. ■

Proof That the Steady State (Oe, He) Is a Local Saddle Point:

Rewrite system (23) and (24) as:

	

	

Linearizing the system around the steady state (Oe,He) we have:

	

where

	

So that 

So the unique steady state is a local saddle point. ■

Proof That the Steady State Ofl, Hfl Is a Local Saddle Point:

Rewrite system (41) and (42) as:

	

	

Linearizing the system (41) and (42) around the steady state (Ofl,Hfl), we have:

	

where

	

So that

	

So the unique steady state is a local saddle point. ■
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Marine plastic pollution represents a major problem owing to its increasing presence in the environment, persistence and ability to spread in every compartment in the form of small plastic particles, namely microplastics (MPs). Studies concerning MPs abundance in the Mediterranean Sea are growing, but their occurrence in the Southern regions remains largely unexplored. In this study, distribution, abundance, size, and polymer type of microplastics were investigated in surface water samples collected with a Manta net (200 μm mesh size) and in 118 marine specimens of commercial interests, including fishes, crustaceans, and mollusks, during Spring and Autumn 2019 EU H2020 Claim Project sampling Campaigns in the Gulf of Gabes (Southern Mediterranean Sea). Laboratory characterization showed significant plastic pollution concentrations, with an average abundance of 312,887 and 77,110 items/km2 in surface water samples collected in Spring and Autumn, respectively. A 3D hydrodynamic and Tracking Model was used to identify dispersal and transport pathways of the floating plastics, reporting a seasonal variability observed in MPs distribution between I (Spring) and II Campaign (Autumn). Despite the high values of MPs abundance found in surface water samples, an overall low frequency of ingestion among studied species was observed, with a maximum value of 20% of individuals (in Scomber scombrus) found with ingested MPs. The present study contributes to expand our state of knowledge regarding MPs pollution level in water and biota samples collected in the Gulf of Gabes, an area of particular interest for its biological resources, but still little investigated.

Keywords: microplastic (MP), Mediterranean Sea, surface waters, plastic pollution, biota, hydrodynamic dispersion


INTRODUCTION

After World War II, with the skyrocketing rise in the production and consumption of plastic products, the plastic flow into the environment appears to have been unstoppable and accelerating. Plastic products have become ubiquitous in everyday life. With an estimated global production of 368 million tons (PlasticEurope, 2020), 4.8–12.7 million tons of plastic are estimated to be released into the marine environment every year (Lebreton et al., 2019). The Mediterranean Sea is a semi-enclosed basin with limited exchanges with the Atlantic Ocean (Tanhua et al., 2013). With an high density coastal population, influx of freshwater from densely populated river catchments and a contribution of 15–30% to the global shipping activity (Compa et al., 2020), the Mediterranean Sea has been recognized as one of the most impacted regions in the world by plastic pollution (Cózar et al., 2015; Suaria et al., 2016; Zayen et al., 2020).

Once in the aquatic environment, due to a combination of chemical, mechanical, and biological processes, plastic debris tends to break down into smaller micrometric debris, namely microplastics (MPs). Most commonly, MPs have been defined as synthetic organic polymer particles, less than 5 mm in size that may differ in shape, color and chemical composition (Duis and Coors, 2016). Microplastic pollution has been reported worldwide, in different environmental compartments, including water, soil, air, and biota (Cincinelli et al., 2019; Zhou et al., 2020). Owing to their small size, MPs are potentially bioavailable to a wide range of organisms, having the potential to interact across trophic levels. There is evidence of MPs ingestion, accumulation and transfer by organisms along the food chain (Jiang et al., 2020). The ingestion of small plastics is known to cause direct adverse effects (e.g., entanglement, suffocation) and to expose organisms to plastic-associated chemical (e.g., POPs, PAHs) or microbial agents sorbed to surface (Mammo et al., 2020). MPs ingestion has been reported in different aquatic organisms, from small zooplanktonic invertebrates up to large marine mammals (Fossi et al., 2012). MPs has been identified also in species of commercial interests, including fishes, bivalve mollusks and crustaceans (Mercogliano et al., 2020), thus raising concern for potential risks to food safety and human health (Bakir et al., 2020).

Although during the last years there has been a virtual explosion of research on MPs pollution, especially in the Mediterranean Sea, there is a significant data gap for the Southern part of the basin (Anastasopoulou and Fortibuoni, 2019; Missawi et al., 2020; Wakkaf et al., 2020). According to its physical, biogeochemical, and biological characteristics, the Gulf of Gabes in Southeast Tunisia has been identified as one of the Mediterranean Sea 11 consensus eco-regions (Ayata et al., 2017). Strongly impacted by hydrodynamics, with tides and anticyclonic winds playing a major role (Béjaoui et al., 2019; Zayen et al., 2020), the Gulf of Gabes is highly productive (D’Ortenzio and Ribera d’Alcala, 2009; Ben Brahim et al., 2010), being an important nursery for several fish species (Hattour et al., 2010; Derbel et al., 2012; Enajjar et al., 2015). Overall, the area contributes approximately 40% of the national fish production in Tunisia (DGPA, 2015), thus being an anomaly in an area, the SE Mediterranean Sea, that is known to be oligotrophic (Béjaoui et al., 2019).

Despite being an important resource for biological marine resources, the growing urbanization and industrialization of the shoreline, notably in the northern (Sfax city) and central (Gabes city) regions of the Gulf of Gabes, is compromising the marine environment quality (Darmoul et al., 1980; Ayadi et al., 2014; Rabaoui et al., 2015; El Zrelli et al., 2017). Many untreated industrial and domestic wastewaters originating from the Ghannouch-Gabes industrial complex and the local municipal wastewater treatment plant, respectively, are discharged into the open sea on a regular basis, worsening coastal pollution (El Zrelli et al., 2018; Zayen et al., 2020), including plastic contamination.

Within this context, the aim of this study was to generate a baseline characterization regarding MPs pollution level in the Gulf of Gabes, an area of particular interest for its high biological and economical value but still poorly considered. More specifically, this study intended to (i) assess the evolution of MPs occurrence in coastal water samples collected during two different sampling periods (Spring/Autumn), including dynamic of MPs dispersion and accumulation in the studied area, and the correlation with water masses circulation; (ii) evaluate MPs ingestion by different marine species of commercial interests, including fishes (El Zrelli et al., 2017), crustaceans and mollusks, collected from the studied area.



MATERIALS AND METHODS


Study Area and Samples Collection

Water sampling activities were performed onboard the vessel of the fishing school of Gabes during Spring and Autumn 2019 EU H2020 Claim Project sampling Campaigns, namely I and II Campaign, respectively. Six coastal stations in the central part of the Gulf of Gabes (Figure 1 and Table 1) were selected. The stations are located near ports (stations 4 and 5), Ghannouch Gabes industrial complex (station 7 and 8), and rivers (station 16 and 17).
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FIGURE 1. Map showing the locations of the sampling stations in the Gulf of Gabes.



TABLE 1. Gulf of Gabes sampling stations.
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During both Campaigns, a 200 μm Manta net (0.6 m width 0.2 m height) was towed at an average speed of 3 knots for 15 min for each sampling transect, yielding a total of 12 surface water samples. To gather all particles into the cod-end, the net was rinsed completely with seawater from the outside after each sampling operation. The samples were then transferred from the cod-end to 500 mL glass containers using a 200 μm mesh stainless steel sieve, fixed with 70% ethanol, and transported to the CNR laboratory for analysis.

Regarding biota samples, a total of nine species of commercial interests were purchased from local fishermen in different periods (Spring/Autumn). Organisms were selected since they were representative of different species (including fishes, crustaceans and mollusks), habitats (pelagic, benthic, demersal, and benthopelagic) and trophic levels (TL). The list of collected species are given in Table 2. All the samples were kept at −20°C and stored for subsequent MPs analyses.


TABLE 2. Species (common name), Feeding Habitat (FH), Trophic Level (TL), Sampling area and season, number of analyzed organisms, frequency (%) of ingestion, MPs ingested per individual obtained in the present study (in bold) and from literature.
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Surface Water Samples Analysis

A total of 12 surface water samples were analyzed at the CNR IAS Laboratory in Genoa (Italy) using a stereomicroscope (Olympus SZX7, 8x-56x) coupled with a digital camera (Nikon, DSL3). All potential particle items were identified and manually sorted out from the sample and categorized by color, shape (fragment, fiber, pellet, film, and foam) and size (macroplastics: > 5 mm; microplastics, MPs: 5–3 mm; 3–1 mm and < 1 mm) following the criteria reported by Imhof et al. (2012) and Morgana et al. (2018). Then, each particle was manually transferred onto a microscope slide for the subsequent chemical analysis. A PerkinElmer Spectrum Two Fourier Transform Infrared (FT-IR) spectrometer, coupled with Universal ATR (UATR) was used to define the chemical nature of the isolated items. After analysis, the spectrum created by FT-IR from each particle analyzed was compared to the reference spectra library supplied by Perkin Elmer, with a > 70% similarity threshold. The MPs abundance in surface water samples was expressed as items/m3 and then converted to items/km2



Biota Samples Analysis

Out of 9 species, a total of 118 specimens were analyzed for their MPs content at CNR laboratory in Genoa (Italy). For each species, the feeding habitat and Trophic Level were established by Fishbase or FAO database1 as reported in Table 2. For each individual, morphometric characteristics were measured, including: Total Length (TL), Standard Length (SL), Weight (W), Gutted Weight (GW) for fish; Cephalothorax Length (CL), Weight (W), Gutted Weight (GW) for crustacean; Dorsal mantle length (DML), Weight (W), Gutted Weight (GW) for cuttlefish. In addition, visible deformations and external conditions were observed and for the individuals without tail, the TL was not measured. For each organism, the digestive tract was removed with surgical forceps and a scalpel (previously cleaned with deionized water), placed into a glass Petri dish, and put in an oven dried at 50°C for 24 h. The sample was carefully covered with aluminum foil to prevent airborne contamination. According to protocol recommended by literature (Avio et al., 2015; Bour et al., 2018; Bessa et al., 2019; Cau et al., 2019), a density separation with a NaCl hypersaline solution (density > 1.2 g/cm3) added to the dried sample was used to extract the MPs. After that, the supernatant was filtered using 0.45 μm nitrate cellulose filters (SARTORIUS) using a filtration system coupled with a vacuum pump. The sample was then placed in a Petri dish with a 15% H2O2 solution for partial digestion of remaining organic materials before being dried in the oven (at 50°C overnight). The filter membranes were observed at the stereomicroscope (Olympus SZX7, 8x-56x) coupled with a digital camera (Nikon, DSL3). All putative MP particles were manually sorted out from the sample and categorized by the same criteria (colors, shape, and size) applied during water sample analysis. In order to confirm the chemical nature of the isolated items, a μ-Raman analysis was carried out in collaboration with the Regional Agency for Environmental Protection- Liguria (ARPAL). The number of MPs found in biota samples was expressed as the percentage of organisms for each species found with ingested MPs. This value represents the frequency of occurrence of plastic ingestion.



Contamination Control

In order to avoid potential contamination during sample analysis, several precautions need to be taken into account as recommended by scientific literature and guidelines (Gago et al., 2018; Bessa et al., 2019; GESAMP, 2019; Morgana et al., 2021). All consumables were taken directly out from their packaging and all equipment was carefully rinsed with Milli-Q before and after use. Samples and equipment were covered with aluminum foil where possible. In addition, filter blanks were run in parallel to verify airborne contamination occurring during both water and fish sample processing. Particles or fibers detected on filter blanks were analyzed for color and size and then compared to those found in the analyzed samples in order to avoid false results.



Modeling Influence of Hydrodynamics on Microplastic Distribution

To understand the role of the hydrodynamics on MPs distribution, we adopted a particle tracking approach based on a two-step procedure. First a three-dimensional hydrodynamic model (ROMS, Shchepetkin and McWilliams, 2005)2 was forced by all the forcing likely to contribute to the hydrodynamics of the Gulf of Gabes. Secondly, a 3-h 3D velocity fields extracted from ROMS are then offline coupled to the Lagrangian particle tracking model Ichthyop (Lett et al., 2008),3 which is used to track the floating virtual microplastic particles. In the Ichthyop model, virtual microplastic particles behave as a Lagrangian drifter under the effect of horizontal and vertical advection, horizontal and vertical dispersion, and also a buoyancy force due to the difference between the particle and surrounding water density. Ichthyop was used by many authors as a Lagrangian particle tracking model to study the coastal accumulation of microplastic particles (Atwood et al., 2019; Miladinova et al., 2020; Soto-Navarro et al., 2020; Bouzaiene et al., 2021). The modeled area including the Gulf of Gabes extends from 32.5 to 35.5°N and from 10 to 12.5°E. For a more accurate depiction of small-scale processes, a high spatial resolution of nearly 1 km (1/96°) in both longitudinal and latitudinal directions was adopted, which is largely below the first internal Rossby radius of deformation (10 km, Send et al., 1999). Such configuration allowed not only a better resolution of the main small-scale patterns of the circulation but also a good representation of the bathymetry. The spatial discretization on the vertical uses the generalized sigma coordinates which follow the bathymetry variations of the seabed and allow to have the same number of vertical levels. In this study, we used 25 vertical levels, a sufficient resolution since the bathymetry in the Gulf of Gabes does not exceed 40 m. The model bathymetry is deduced from Smith and Sandwell (1997) topography database by a bilinear interpolation onto the model grid. The model was initialized using the MEDATLAS (MEDAR/MEDATLAS Group, 2002) monthly climatology of observed temperature and salinity fields. The open boundaries are prescribed from the daily output (elevation, velocity, temperature, and salinity) of MED12 simulations with a spatial resolution of 1/12° (Lebeaupin Brossier et al., 2013) through a one-way off-line nesting. The model simulations were forced by wind, atmospheric pressure, heat fluxes, and also tides since their effects could not be neglected.

A particle-tracking 3D model (Ichthyop; Lett et al., 2008) was used to investigate the influence of hydrodynamics in the spatial distribution of MPs through an offline coupling to the high resolution (1/96°) hydrodynamic model (ROMS). The Ichthyop model allows researchers to investigate how physical and biological factors influence ichthyoplankton dynamics. In this study, we are interested in identifying the role of 3D marine currents in the MPs dispersion and accumulation. The surface currents play a potential role in the distribution of floating marine particles (Kubota, 1994; Martinez et al., 2009; Miladinova et al., 2020) and, according to Kubota (1994), Stokes drift has a negligible impact on debris transport. For these reasons, Stockes drift was not considered, and a backward simulation was carried out to determine MPs potential sources that have accumulated at the sampling stations and how these have reached the stations. In each station, 1,000 particles considered as passive tracers, were advected backward in time for 2 months and the positions of each particle was recorded every 3 h.




RESULTS


Quality Control

In the control membranes, only textile microfibers, mainly in blue and black colors, were found, with an average value of 3 fibers/h. Consequently, the final MPs abundances in water and biota samples reported in this study were given as subtracted of blank values (MPs in control membranes), in order to avoid overestimation (Avio et al., 2020).



Surface Water Samples

Throughout the I Campaign and II Campaign, microplastic particles were found in all sampled stations (Table 3). During the I Campaign, the abundance of MPs ranged between 6.2 × 104 items/km2 (station 8) and 6.8 × 105 items/km2 (station 7), with an average of 3.1 ± 2 × 105 items/km2. Within the II Campaign, a mean value of 7.8 ± 8 × 104 items/km2 was found, with a minimum of 1.8 × 104 items/km2 (station 16) and a maximum of 2.2 × 105 items/km2 (station 4). Figure 2 reported results on MPs characterization. Bar graphs showed the relative contribution (%) of each shape, size class and polymer considering the overall MPs isolated from water samples collected during the I and II Campaign. Different MPs shapes were detected, with fragments being the most abundant plastic-shape from both the I and II Campaign (97 and 80%, respectively), while fibers, pellets, films, and foams constituted only a small fraction of the total. Identified particle size varied between 0.2 and 9.4 mm, with an average size of 1.56 mm (± 0.22) and 1.83 (± 0.59) mm for the I and II Campaign, respectively. Most of the sorted items belonged to 1–3 mm class size, specifically 67% (I Campaign) and 69% (II Campaign). The chemical composition of sorted items (>700 μm) was confirmed by FT-IR analysis. Throughout both Campaigns, 11 different polymer typologies were identified. Polyethylene (PE) made up the majority of MPs, with 75% (I Campaign) and 67% (II Campaign), respectively, followed by polypropylene (PP) (8 and 26% from samples of the I and II Campaign, respectively). Less frequent polymers included (<6%): polystyrene (PS), polyvinyl alcohol (PVA), polyamides (PA), acrylic (Acr), ethylene-vinyl acetate (EVA), polyvinyl chloride (PVC), ethylene propylene diene monomer (EPDM), polyesters (mainly PET).


TABLE 3. Abundance of microplastics (items/km2) found in the samples collected during the I Campaign (Spring) and II Campaign (Autumn) in the Gulf of Gabes.
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FIGURE 2. Frequency (%) of particle shape, size classes and polymers extracted from water samples collected in Gulf of Gabes during I and II Campaign. PE, Polyethylene; PP, Polypropylene; PS, Polystyrene; PVA, Polyvinyl.




Biota Samples

Microplastic particle ingestion was characterized in 118 marine organisms (75 specimens of fish belonging to 6 species, and 43 specimens of invertebrates belonging to 3 species). For fish, SL (± SD) averaged 16.43 (± 2.48) cm, varying from 11.3 to 22.6 cm, and average BW was 94.78 g (± 43.85) ranging from 30.3 to 221.35 g. Out of 6 species collected in the I Campaign (Spring), only Scomber scombrus was found with ingested anthropogenic particles, specifically 20% of the analyzed organisms, containing between 1 and 4 particles (consisting of a glomerulus of fibers), with an average of 2.5 ± 2.1 items/individuals (Table 4). Within the II Campaign (Autumn), MPs were detected in Sardinella aurita and Lithognatus mormyrus with an ingestion frequency of 10%, with an average of 1 item/individual) (Table 4). Ingested MPs were mainly represented by fragments, with the exception of a knot of 4 fibers found in S. scombrus’ gut. The size of ingested MPs ranged between 0.13 and 6.8 with an average size of 2.51 ± 3.71 mm (Table 4). The spectra obtained with DXR™ 2 Raman Microscope allowed us to identify a mixture of dye additives (n = 2), Polyethylene (n = 1), and Ethylene-vinyl acetate (n = 1). A summary of the main plastic characterization output species is shown in Table 4.


TABLE 4. Seafood species with ingested MPs, morphometric measure (standard length SL and gutted weight GW) and plastic characteristics (shape, color, size, polymer). n.a, data not available.
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The Impact of Hydrodynamics on Microplastic Dispersion

Because high kinetic energy can increase litter concentration or scattering, it’s important to understand the distribution of kinetic energy and measure the contributions of mean kinetic energy (MKE) and eddy kinetic energy (EKE) to total kinetic energy. In order to do so, we calculated the logarithm of the EKE/MKE ratio. It is determined by the following parameter:

Φ = log(EKE/MKE)

According to the sign of Φ we can deduce if the EKE dominates MKE (Φ > 0) or rather MKE dominates EKE (Φ < 0).

The spatial distribution of the parameter Φ shows that the EKE can be, in logarithmic scale, around four times higher than MKE over a major part of the shelf and Boughrara lagoon (Figure 3). This means that the Gulf of Gabes is almost controlled by fluctuating currents. The high values of EKE can be due to the effect of sudden reversals of the direction of currents in this region (Figure 4). The origin of water sampled in station 16 and 17 is different from the other stations and depends on seasons. During the autumn-winter period, it comes mainly from Tunisian coastal current, while during spring-summer period it could also come from the Libyan coast due to the current reversal between winter and summer (Figure 4). As a result, the hydrodynamic circulation in the Gulf of Gabes indicates that the MPs in the Gulf of Gabes could originate from many remote locations of the Mediterranean basin, as well as from coastal regions such as Sfax and Gabes, which are important industrial centers with ports.
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FIGURE 3. The logarithmic of the ratio between EKE over MKE on the annual scale.
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FIGURE 4. The Gulf of Gabes surface circulation based on monthly mean velocity vectors averaged over upper 10 m in April (upper) and in November (lower). The sampling stations are indicated by red points.


The overall lower accumulation rates of MPs in November, compared to those in April (Table 2), may be explained by the fact that in winter the surface currents are more energetic (Boukthir et al., 2019), thus preventing the formation of offshore MPs accumulation patterns. Moreover, according to the surface currents distribution and the Lagrangian model used to track floating debris, the accumulation rates of MPs in April come from two potential zones (Figure 4), namely coastal industrial cities (Sfax and Gabes), a touristic city (Djerba Island) and even from remote regions such as Libyan coast. In contrast, during November it seems to originate mainly from Tunisian industrial cities due to the current reversal between autumn-winter and spring-summer periods (Figure 4) as mentioned by Boukthir et al. (2019). This behavior of the current reversal is coherent with the paths of two drifting buoys launched in November 2017 and July 2018. The sampling stations are in a convergence zone of current during April coming from the Tunisian coast and the Libyan coast after having bypassed the island of Djerba (Figure 4), which may advect MPs from surrounding Tunisian cities and from remote zones and consequently would favor the accumulation of plastic debris.




DISCUSSION

The current study fills a data need on microplastic pollution in the Gulf of Gabes (Southern Mediterranean Sea) by characterizing the evolution of microplastic distribution and dynamics in surface water samples and analyzing MPs ingestion in commercially important species. The Gulf of Gabes is a rich coastal, marine, and freshwater ecosystem with major biological resources, but it is currently under severe anthropogenic strain, especially as a potential source of plastic pollution. Along Tunisian coasts, studies on MPs presence have been mainly carried out in sediment samples (Abidli et al., 2017, 2018; Chouchene et al., 2019; Missawi et al., 2020), whereas studies on MPs in waters are limited to few examples, including the waters from an urban lagoon (Bizerte lagoon, northern Tunisia, Wakkaf et al., 2020) and preliminary data from the Gulf of Gabes (Zayen et al., 2020).

In this work, we reported a remarkable MPs presence in all surface water samples, with an average abundance of 3.1 ± 2 × 105 items/km2 in Spring and 7.8 ± 8 × 104 items/km2 in Autumn. Our findings are in line with the recently published work of Zayen et al. (2020), showing comparable MPs abundance in surface water samples collected in Autumn 2017 from the Gulf of Gabes. Despite differences among studies conducted in the Mediterranean basin (e.g., net, sampling time, measure unit), overall our values are higher than MPs content found in mostly regions of the Mediterranean Sea (Table 5), thus confirming that the Gulf of Gabes is an area particularly sensitive to plastic pollution.


TABLE 5. MPs abundance values found in surface waters from Mediterranean Sea.
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The sampled stations considered in this work were located close to coastline, in the proximity of important entry points for MPs (i.e., ports, rivers, industrial complex). The high level of anthropogenic pressure along the studied area contributes to explain the high concentration of MPs found. In this area, human activities, including industry, fishing, agriculture, and domestic waters, are likely to play a major role as MPs input (Fourati et al., 2018). In that regard, Liubasteva et al. (2018) have demonstrated by an exhaustive numerical modeling study that plastic emissions from Tunisia contribute more than 80% of their own coastline plastic pollution, defined as a “boomerang effect” (Liubasteva et al., 2018).

The approach used in this study to investigate the influence of hydrodynamics in the spatial distribution of MPs has been already applied in several studies and has given satisfactory results in terms of identifying potential areas of floating particles accumulation and their dispersion in the Mediterranean Sea (Macias et al., 2019) and in the Black Sea (Miladinova et al., 2020). The circulation in the Gulf of Gabes is influenced by the meteorological forcing and tides, being the most important tidal range in the Mediterranean Sea (2 m) as a result of a tidal resonance phenomenon (Abdennadher and Boukthir, 2006). Above all, the circulation is strongly forced by the mesoscale ATC with an Atlantic origin (Boukthir et al., 2019). The ATC is divided into two branches: one flows toward the gulf and the second one toward the south-east and forms a strong jet particularly in winter, namely the Atlantic Libyan Current (Sorgente et al., 2003; Ben Ismail et al., 2015). The main characteristics of the surface circulation scheme have been faithfully reproduced in our simulations.

The hydrodynamic models used in this study, on the other hand, suggest that the surface water samples taken at various locations came predominantly from outside the Gulf of Gabes and were advected by coastal current. As shown in Figure 5, the first source (the Atlantic Tunisian Current, ATC) entered the Gulf 2–3 months before the sampling date, and then carried to sampling stations by coastal currents (Tunisian Coastal Current). As a result, while the majority of the water analyzed came from near the coasts, some of it is likely to have come from further away. Moreover, the models show that stations 16 and 17 are in a distinct convergence zone than the other stations and are substantially influenced by seasons. At most stations a difference of one order of magnitude was reported between I and II Campaign, that can be partly explained by the high rainfall recorded in November 2019 (during the II Campaign) in addition to the accumulation effects of currents features inversion highlighted by the hydrodynamic models. This evidence a seasonal effect on MPs distribution in the area, as indeed the Gulf of Gabes is characterized by important seasonal variation due to the surface current circulation. In that regard, the Lagrangian model used to track floating debris from two sources located offshore and onshore of the Gulf of Gabes shows that during April month (Campaign I) floating debris accumulates entirely along the Gulf of Gabes coastline and especially in the area where the sampling stations are located (Figure 5). On the other hand, during November (Campaign II), floating debris accumulated not only along the Gulf of Gabes coastline, but there are also transported toward the coast of the Djerba island and Boughrara lagoon (most in the south off the Gulf of Gabes) (Figure 5). This is explained, in part, why the accumulation rates of floating debris at all sampling stations are higher in April than in November.
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FIGURE 5. Accumulation of virtual particles (blue points) coming from onshore and offshore virtual sources from numerical simulations after 2 months advection time in April and in November corresponding to the sampling period of the first and second campaign, respectively.


Microplastic items identified from water samples were mainly fragments, and this trend was confirmed during both the sampling Campaigns (Figure 2), which is in line with data from literature in other Mediterranean regions (Table 5). As suggested by Zayen et al. (2020), the highest presence of fragments could be due to the high rate of fragmentation of large plastic objects rather than MP primary input (i.e., direct release of particles in the form in which they are originally manufactured or from wastewater circuit discharge). In addition, the predominance of smaller MP (<1 or 1–3 mm; Figure 2) can be explained with the rapid breakdown of the particles occurring along the shoreline, considering that all stations sampled were located close to the coast. Considering MPs polymeric composition, a great variability of plastic types during both sampling campaigns were found, with a large predominance of PE, followed by PP, which is in line with other studies in the Mediterranean Sea (Table 5). PE and PP have the highest frequency due to their low density, which allows them to easily travel on surface water, as documented in literature studies (Pedrotti et al., 2016), as well as the fact that they are the most commonly used polymer types in various consumables such as packaging, domestic plastic waste, and various personal care and cosmetics products (Cole et al., 2011; PlasticEurope, 2020). To our knowledge only few studies focused on MPs occurrence in aquatic organisms sampled from the Gulf of Gabes area, specifically in the teleost Serranus scriba (Zitouni et al., 2020) and in the sea worm Hediste diversicolor (Missawi et al., 2020). Such lack of data limits comparisons with our results. To expand the current state of knowledge, this work assessed the presence of MPs in the digestive tracts of several species of commercial interests, including fishes, crustaceans and mollusks sampled in the Gulf of Gabes. Conversely to the high values reported in surface water samples, microplastics were found only in 3% of the total individuals analyzed, specifically in S. scombrus (20% of the analyzed specimen), M. surmuletus (10% of the analyzed specimen), and S. aurita (6% of the analyzed specimen). S. scombrus and S. aurita are pelagic, displaying planktivorous feeding habitat (Neves et al., 2015; Shabaka et al., 2019), while M. surmuletus is demersal, feeding on benthic organisms (Filgueiras et al., 2020; Gündoğdu and Çevik, 2020). The other species considered in this study included both pelagic and demersal organisms. From our results, it is difficult to relate organism feeding behavior to MPs ingestion. Previous studies have deeply investigated such correlation, but the results are often contrasting. For instance, some authors suggested that pelagic species ingest more MPs when compared to demersal species (Rummel et al., 2016; Güven et al., 2017), while on the contrary others reported that pelagic and demersal species did not differ in MP content (Neves et al., 2015; Lusher et al., 2017). Nevertheless, considering that sediments are considered as a major sink for MPs pollution (Woodall et al., 2014), many studies reported that demersal species have more probabilities of being in contact with microplastics than pelagic species (Filgueiras et al., 2020). For instance, Bellas et al. (2016) focused on MPs ingestion in three commercially, relevant demersal fish species (Scyliorhinus canicula, Merluccius merluccius, Mullus barbatus) from the Spanish Atlantic and Mediterranean coast, thus being selected as that are used as indicative species for marine pollution monitoring within the Spanish Marine Pollution Monitoring Programme (SMP). Besides, this study reported a frequency (16%) of MPs ingestion by M. surmuletus, that was comparable to our finding. To provide data on MPs ingestion in species of commercial interests is crucial considering their high economic importance worldwide, and representing the bulk of fish biomass, particularly in upwelling regions (FAO, 2016). Such species play a key role in pelagic food webs, by having an important effect on lower trophic levels (i.e., planktonic organisms) and, at the same time, controlling predatory fish (Cury et al., 2000; FAO, 2016). Among them, S. scombrus represent a widely studied species, and different frequencies of MPs occurrence (Nelms et al., 2018; Lopes et al., 2020) have been reported, both in Atlantic regions (Nelms et al., 2018; Lopes et al., 2020) as well as in Mediterranean Sea (Avio et al., 2020).

Overall, an average of 1 particle/individual was found in the digestive tracts, which is in line with data from literature (Table 2). All the identified MPs were fragments according to other works (Digka et al., 2018; Savoca et al., 2019; Avio et al., 2020), as well as being reflected in the high percentage of fragments found in seawater surface samples (Cole et al., 2011; Zitouni et al., 2020). In that regard, several investigations on MPs ingestion by aquatic vertebrates and invertebrates reported fibers as the most ingested particles (Avio et al., 2020). Also in our study, many fibers were identified during biota analysis, but these were not considered to avoid false results since we cannot exclude that contamination occurred during laboratorial analysis, although several precautional methodologies have been applied as recommended by literature (Rummel et al., 2016; Wesch et al., 2017; GESAMP, 2019). This conservative approach might in turn lead to underestimation of the plastic pollution level, thus contributing to explain, for example, differences found in this study with data from literature on MPs ingestion by aquatic organisms.

Ingested particles were constituted by PE and EVA, and two particles were identified as dye additives, thus confirming their anthropogenic origin. This data is in agreement with Zitouni et al. (2020) that have reported in Serranus scriba ingested particles made by a wide range of additives such as lubricants, stabilizers and plasticizers. These are known as “plasticizers,” not properly plastic. The presence of these substances in the digestive tract of aquatic organisms is, however, an indication of plastic ingestion by organisms, probably attracted by their color Koelmans (2015), and for this reason these particles were included in the estimation of ingested items.

The low frequencies of MPs ingestion found in this study appear to be in contrast with the high level of plastic debris found in water samples. In that regard, the low number of analyzed individuals per species (10 on average) may explain the low frequencies found, as indeed previous works highlighted that a high number of individuals to be analyzed is essential to find a robust indicator regarding trends of ingested litter in a specific area (Neves et al., 2015; Avio et al., 2020). In addition, it should be also highlighted that these investigations should be considered a snapshot of MPs currently trapped as well as those yet to be egested or translocated (Parker et al., 2021), thus being representative of MPs contamination level at a given point in time and in space.



CONCLUSION

This research contributes to expanding our state of knowledge on microplastic pollution levels in a region, the Gulf of Gabes, that still poorly considered, but of great importance for its high ecological value. Our results confirmed the ubiquitous nature of MPs in the marine environment, by polluting the southern region of the Mediterranean basin.

This study reported a high level of MPs in surface water samples, with a seasonal variability in MPs distribution observed between the sampling campaigns. Despite high presence in waters, low frequencies of plastic ingestion by investigated species were reported, thus claiming for further and long-term investigations.

Considering the severe anthropogenic pressure insisting on the studied area, future work is recommended in order to define plastic pollution levels in the area and its reliable threat to marine ecosystems, that are essential to set effective management measures to face this emerging global threat.
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This work presents the most important aspects that should be considered for assessing new marine litter reduction and processing technologies. The most relevant technology features are highlighted using a Delphi method capable of gathering and handling a large quantity of valuable data in areas where information is lacking. This relies on judgements provided by recognized experts in a particular area of knowledge, through an organized procedure based on a structured questionnaire and its reiterations. The Delphi process developed in this study completed two rounds. In the first round, a questionnaire with 55 statements (potentially important aspects) was shared with experts and stakeholders from different types of institutions (Administrations, Marinas and Ports; Associations; Companies; Universities; and Research Centers). Appropriate statistical analysis of the responses determined the degree of consensus and the level of importance perceived for each aspect. Feedback information based on analysis of the answers provided during the first round was included in a second round of the survey that focused on the statements that did not gather enough consensus, and therefore needed to be reevaluated by the expert group. After checking the stability of the results between rounds, the conclusions are set out and a list of the aspects to be considered in different decision-making contexts is drawn (from technology development, investment to marketing and policy making) taking into account technical, environmental, socio-economic, and political issues.
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1 Introduction

Marine litter is a worldwide problem and is defined by Williams-Wynn and Naidoo (2020) as “any persistent manufactured or processed solid material that is discarded, disposed of or abandoned in the marine and coastal environment”. Plastic debris is the main contributor to marine litter and the tendency is for it to grow still more following increases in the production of plastic (367 million tonnes in 2020 as mentioned in Plastics Europe, 2020). Plastics are estimated to account for approximately 73% of the total waste in the ocean, while 8 million tonnes of plastic arrive in the oceans every year (Parga Martínez et al., 2020). Hohn et al. (2020) mention future projections according to which the amount of plastic waste could double by 2050 if no strategies to reduce waste are implemented. The pollution of oceans by plastics is severe (Riechers et al., 2021), because they persist for long periods of time. In fact, some plastics incorporate hazardous chemicals that can be released, some that are heavier than water sink to the ocean floor and cannot be recovered, and microplastics from wastewater treatment plants and the macro plastics broken into small particles end up as persistent pollution (Besseling et al., 2017; Lebreton et al., 2017; Thiel et al., 2018). Concern is therefore growing because of the different impacts they can have, such as harming different marine species (which ingest them or become entangled in them, as mentioned in Hohn et al., 2020). They are equally harmful to aquaculture and fishing activities and vessels, as well as ecosystems (both freshwater and marine). Therefore, there is considerable pressure to try to minimize these problems by implementing appropriate reduction technologies at the source, especially technologies that can contribute to the circular economy.

Schmaltz et al. (2020) identified 52 technologies that either prevent plastics from entering waterways (14) or collect marine and riverine plastic pollution (38) and range from household wastewater filters and laundry balls to large-scale skimmers and booms. The list continues to grow and there are more than 400 ideas and solutions listed in the toolbox of the AQUA-LIT project (https://aqua-lit.eu/toolbox) for preventing marine litter from entering the sea. UNEP classified the technical solutions for waste management in four groups: 1) upstream preventive solutions to prevent wastewater contamination at the source (enhancing macroplastic waste management to reduce impacts; plastic recycling (mechanical, chemical and incineration); policy tools and behavioral change campaigns (design of quality textiles, treatment of effluents from household washing machines or laundromats); 2) upstream wastewater treatment (booms, debris fins and deflectors, trash racks/meshes, stormwater retention ponds, gully pots and infiltration basins); 3) wastewater treatment plant (WWTP) interventions (sewage sludge treatment, industrial or leachate wastewater treatment); and 4) downstream water treatment solutions (clean-up boats, debris sweepers, seabins) (Nikiema et al., 2020). Gkanasos et al. (2021) demonstrated that if we do intervene with technologies that retain macroplastics in river estuaries and microplastics in WWTPs, i.e. at the main input sources, a significant reduction can be achieved.

This paper presents a study developed under the Horizon 2020 project CLAIM (Cleaning Litter by developing and Applying Innovative Methods in European seas) funded by the European Union. The main purpose of CLAIM is to develop new technologies to reduce marine plastic pollution and process the collected litter (microplastics and macroplastics). This project encompasses many different perspectives to assemble a range of knowledge sourced from different areas, thus: from research (in chemistry, materials, hydrodynamics, ecosystem functioning, engineering, economy, consumer behaviors and social sciences) to industry, and to the governmental, regulatory, and business worlds.

It is important to explore the diversity of opinion of experts for enriching details and for a deeper understanding of issues at stake. However, this exploration will only be a fruitful exercise if structured knowledge is pursued.

For this purpose, the Delphi method, a systematic approach, can be used to reach expert consensus on different aspects that are relevant to characterizing a new technology.

Delphi was developed in the 1950s by the Rand Corporation and is based on the assumption that “group judgments are more reliable than individual’s” (Giannarou and Zervas, 2014). One of the first published applications of Delphi was the work of Gordon and Helmer-Hirschberg (1964) about the future developments expected over the following 50 years in different contexts, such as war prevention and its probability, future weapon systems, space exploration progress, population growth, and automation. Delphi is an iterative process structured by successive rounds of questionnaires with controlled feedback for collecting information from a panel of informed experts. The experts do not know each other, and their judgements remain anonymous during the development of the survey. The sequential rounds and the reporting from each round with regard to the aggregation of the information collected and feedback to experts is managed by a facilitator. According to Marchau and Linde (2016), the Delphi method can be used not only to reach consensus between experts but also to identify diverging opinions and to estimate the consequences and acceptability of options open to adoption. Marchau and Linde (2016) argue that two essential premises are required for the success of a Delphi study: the quality of the survey questions and the availability of expert respondents to answer questions and share arguments in support of their opinions.

The Delphi method has been applied to a diversity of decision fields, including urban planning, health, business, transportation, education, technologies, and others. The following short review provides some examples that show why the Delphi method is used in widely differing areas, emphasizing which features make it such a versatile tool for research and for practical applications.

In urban planning (Novakowski and Wellar, 2008; Musa et al., 2019) the opportunity offered by the Delphi method to all respondents to share their opinions has been stressed, along with the fact that these opinions are treated in the same manner, thus ensuring a fair contribution of expertise from different backgrounds. Delphi has been increasingly applied in the health area (Santaguida et al., 2018; Mubarak et al., 2019, and Huang et al., 2020) thanks to its interesting features, namely its ability to ensure that respondents from around the world can participate, to guarantee anonymity in controlling the dominant participants and to see that consensus is gained about healthcare aspects where there are limited or conflicting opinions (Taylor, 2020). Delphi has proved to be valuable for dealing with solutions for urban transportation systems (Julsrud and Priya Uteng, 2015; Karakikes and Nathanail, 2020) and to evaluate the most appropriate alternative involving different groups of stakeholders. In the technology area, Delphi has been used as a robust method to provide support for designing a technology strategic plan (Da Silveira et al., 2016) and for identifying the most important performance indicators to evaluate the sustainability of the industry (Ivascu, 2020). Concerning litter reduction and recycling, Kim et al. (2013) considered Delphi to identify equipment that should be disposed of and recovered by a regulated system that extended the producer’s responsibility, according to the impact that its disposal has on the environment. The same type of objective can be found in Singh et al. (2018) for establishing and validating a group of parameters to assess the environmental impacts caused by the product packaging industry.

With regard to marine environments, three studies conducted using a Delphi method were found: Mazarrasa et al. (2019) who studied the impacts of marine litter accumulation in habitats in three estuaries along the Bay of Biscay, according to litter typologies (size and materials); Deshpande et al. (2019) who collected data that could be useful to draft new strategies to prevent the impacts of abandoned, lost or discarded fishing gear; and Hofman et al. (2020) who identified actions to protect marine environments from tourist behaviors on the great barrier reef of Australia.

As far as the authors’ search of the literature was concerned, no Delphi study has yet been applied with respect to technologies aiming to reduce and process marine litter. The structured appraisal of new technologies can provide organizations, market and citizens in general with assurances as to their effectiveness and the positive impacts of different types of technology (environmental and socio-economic, for instance). Therefore, policymakers can be confident that technological solutions capable of contributing to a better marine environment are available and regulatory measures have to be established to fulfil society’s expectations. Delphi methods combined with statistical and decision-support techniques can provide considerable confidence in the development and implementation of new technologies. In fact, Delphi could be seen as an important tool for emerging knowledge fields by helping “to derive foresight on future innovation scenarios” (Birko et al., 2015).

The present study evaluates the most important aspects to be considered when assessing a new marine litter reduction and processing technology using a Delphi method. This can be part of decision-making issues which will be addressed at different points during the application of the technologies (from technical decisions to business and policy decisions).

The study presented is organized into four sections. After this introduction, the second section presents an overview of Delphi method implementation. It introduces the background to the development of a Delphi research approach, the information needed, and the methods used for conducting the statistical analysis. The third section deals with the characterization and exploration of the information gathered as the process takes place, using descriptive statistics as well as inferential statistics. Specific issues relating to the application of the Delphi procedure based on an expert judgement method for each round are explained, and the systematization of the results is described. Finally, a list of the most relevant aspects to be considered is compiled. The fourth and last section presents the conclusions and makes some recommendations for future research.



2 Materials And Methods

The above information about the Delphi method shows that it can be valuable in producing support for decision making. In fact, it is considered a flexible method with different modified structures proposed in the literature (Hasson et al., 2000). This is an appropriate method as it enables experts to arrive at a consensus, even though each expert could express a different opinion from the group that is handled anonymously. Furthermore, a Delphi method can gather a large quantity of valuable data in areas where information is lacking.

The implementation of the Delphi method follows the phases summarized in Figure 1, which are detailed in the next sections.




Figure 1 | Delphi method overview.




2.1 Design of the Survey

One of the most important phases of the Delphi method is related to drafting the survey questions that could explore the participants’ views about the development of marine litter reduction and processing technologies. These research questions, based on statements about the aspects to be considered, should be concise, clear, and also cover different perspectives of evaluation (physical and operational characteristics of the technologies and their impacts in terms of environmental, economic, social, and political issues). The questions were first developed by the researcher responsible for the survey, who later became the facilitator. To validate and consolidate the questionnaire, the CLAIM members were asked to give their own views about the content of the survey. Some bilateral meetings were also held, involving experts from the administration (including ports and institutions responsible for implementing marine strategies), tourism agency managers, and plastics industry specialists. This brainstorming activity was designed to gather as many ideas as possible and involved different types of stakeholders; it has been very fruitful. The discussions that took place were useful for stabilizing the questionnaire, and the outcome was a set of 55 statements (Table 1), corresponding to potentially important aspects.


Table 1 | Delphi questionnaire.



These 55 statements were classified into groups according to five different areas (Supplementary Materials Table S1):

	i) Environmental - core purpose (5 statements), including the features of the technologies most closely related to the objective of their implementation;

	ii) Environmental - other effects (10 statements), including other possible environmental effects produced by the implementation of the technologies;

	iii) Economic - promoter perspective (7 statements), including the views of those who develop technologies and might be engaged in their commercialization;

	iv) Socio-economic and political (21 statements), including the wider impacts of the technologies in these indicators;

	v) Technical operation (12 statements), including different aspects related to the operational features of the technology that might make its implementation more or less attractive.



Groups iii) and v) reflect the business concerns of the technology developers and their direct clients: that it does not cost too much and that it allows a smooth technical operation. Groups i), ii) and iv) broaden this perspective by covering the wider environmental and socio-economic concerns of sustainable development. Since a positive impact on the plastics pollution of the seas is the core objective of these technologies, a distinction was made between these impacts (group i) and other environmental externalities (group ii).

Creating these groups made it possible to extract additional information in a field with significant knowledge gaps. In fact, this indicated the way to structure additional information about the importance assigned to the various groups of questions by the various types of experts.



2.2 Expert Panel

The analysis of literature reviews (Torrecilla-Salinas et al., 2019 and Zartha Sossa et al., 2019) on criteria to size and select expert panel members reveals that there is no clear consolidated framework to deal with these issues. In fact, many sizes are reported between 10 and 20, but a few can be found with 280 (Julsrud and Priya Uteng, 2015) or even 628 (Barrios et al., 2021). In general, it can be said that the number of panel members should be large enough for all angles to be represented, but never losing the idea that the process must be manageable. Expert panel profiles are not clearly defined in the existing literature because this depends very much on the subject and aim of the Delphi method. The expert panel in a Delphi study should be selected so that a group of persons from the practice or research areas with sound knowledge about the topic are involved. The selection of an appropriate panel is essential to ensure the robustness and validity of the results (Stewart et al., 2017). Their willingness to participate is another important aspect. In this work, the respondents were selected from professional networks approached by the CLAIM project’s research team and from experts suggested during the contacts already established for the development of the project. Prominent experts and stakeholders involved in plastic pollution and environmental management from different types of institutions were selected and then an e-mail list was created to be used through-out the development of the application of the Delphi method.



2.3 Delphi Rounds

There is no consensus in the literature about the number of rounds that should be performed in a Delphi study. In most cases two or three rounds are used, as reported in the literature review by Zartha Sossa et al. (2019). According to Aghimien et al. (2020), more than three rounds could lead to problems related to the fatigue of experts and a tendency to obtain fewer responses after the second round. Based on these reasons they propose two rounds. The Delphi study presented in this paper also consists of two rounds, although it was planned that more rounds could be performed if necessary. The explanation of the process developed, including the construction of the rounds and the analysis of their results is as follows.

After setting the questions to be included, the first-round questionnaire was constructed, including an introductory letter to welcome the respondents with some information and instructions. The introductory letter can be found in the Supplementary Materials Text S1. This letter specified that the survey, in the round, could only be completed once and that anonymity was ensured as only the facilitator would deal with the answers.

After the introductory letter, the survey asked contributors to share their opinion about the general question/issue: “How important in your opinion are the following aspects when it comes to assessing a new marine litter reduction or processing technology?” The respondents should rate the 55 statements according to a five-point Likert scale with the following options: Not important, Slightly important, Important, Very important, and Extremely important. Respondents had the opportunity to include pertinent comments in each statement along with their answer. An example of the layout of the online survey can be found in Supplementary Materials Figure S1. At the end of each page of the survey (7 in total) there was a button to save the page responses and go to the next page. This allowed respondents to complete the questionnaire at a later time. The last requests of the questionnaire relate to the respondent being able to propose additional aspects that should also be assessed, their contact information and the option of being quoted in the final report of the project. The layout of the survey of these final steps is shown in Supplementary Materials Figure S2. This survey was available online on the SurveyMonkey® platform, following an invitation asking experts to share their opinion. Reminders were sent aiming to increase the number of responses.

After closing the online questionnaire of the first Delphi round, the responses were analyzed. The statements that did not achieve sufficient consensus (explained in the next sections) were reconsidered for a second round. For this additional round, the survey was designed on the same platform and with a new introductory letter giving some information and instructions for participants. It also explained that only the set of questions that did not achieve consensus in the first round were kept in the second round, and mentioned the additional information provided for this new round. This letter is in Supplementary Materials Text S2.



2.4 Data Analysis

The second-round Delphi questionnaire was shared with the group of respondents who answered the first round and added their contact information. The respondents rated the statements to be considered according to the same five-point Likert scale and again had the opportunity to include comments about each one. In this second round, respondents received feedback information for each question from the first round with a summary of important comments associated with high rated and low rated statements, and also the statistical distribution of ratings for each question. An example of the layout of the online survey of the second-round questionnaire is given in Figure 2.




Figure 2 | Online questionnaire of the second Delphi round on the SurveyMonkey® platform.



The analysis of data collected from the responses in the survey rounds during the Delphi implementation is of utmost importance for its success. There is a large body of literature which includes many possible measures that can be used to analyze the data. The work by Zartha Sossa et al. (2019) includes a literature review on the Delphi method that systematizes different types of statistical analyses based on descriptive statistics (related to central tendency, dispersion, or percentage of agreement) and inference statistics.

However, in many cases, the types of measures and statistical procedures to be used in the different phases of the analysis of the collected data are misleading and not obvious. With this in mind, it is crucial to clarify two key concepts to analyze gathered data, namely, consensus and stability.

The main objective of Delphi is to achieve consensus and the level of consensus is an important issue that has to be defined (Ju and Jin, 2013). In this work, consensus is used to classify the results obtained by the aggregation of the survey’s individual responses for each round and then to move forward to another round if consensus is not obtained. The literature review shows that consensus measurement includes percentage of agreement and other descriptive statistics, such as mean, median, standard deviation, and interquartile range (IQR). It includes various approaches, considering just one type of measurement or considering an accumulation of information produced by more than one measure. As examples of works using just a single measure, we have the following: percentage of agreement (Mubarak et al., 2019; Bhandari et al., 2020; Nasa et al., 2021; Frew et al., 2021; Shaw et al., 2021); mean (Barzekar et al., 2011). Examples of works using cumulative measures are: IQR and mean (De Brito et al., 2017); IQR and median (Rezapour et al., 2019; Everink et al., 2020); IQR and percentage of agreement (Chen and Jiang, 2020; Guerin et al., 2020); percentage of agreement and median (Ahmed et al., 2021); percentage of agreement and mean (Santos et al., 2018); mean, median and percentage of agreement (Lima-Rodríguez et al., 2013); IQR, median and percentage of agreement (Bentley et al., 2016; Price et al., 2020).

The IQR is a measure of spread for the middle 50% of the observations (Birko et al., 2015; Sekaran and Bougie, 2016). It is given by the difference between the third quartile and the first quartile. For Likert scale data, an IQR value lower than 1 means that more than 50% of the responses fall in the same point of the scale. According to Wagner et al. (2016), IQR can be viewed as a “measuring unit of consensus”. There is a vast body of literature using an IQR value equal to or lower than 1 in a five-point Likert scale as consensus level. Bentley et al. (2016); Huijben et al. (2019); Rezapour et al. (2019), and Everink et al. (2020) are among such studies. Supplementary Materials Figure S3 gives additional insights about the meaning of IQR.

Besides assessing how much respondents agree with each other (degree of consensus), the analysis also assessed how much respondents agree with each statement. The level of agreement or importance assigned to a statement is used to keep or discard statements that already reached consensus. Many different measures have been proposed for defining agreement or disagreement thresholds. One of the most common is the percentage of responses in the Very Important and Extremely Important levels of the Likert scale. Santos et al. (2018) state that, in the literature, the levels of these percentages in a 5-point Likert range from 60% to 80%. The mean of the responses is also a common measure with values typically around more than 3.5 to 4, even though that requires regarding the Likert scale as a cardinal one. The works of Barzekar et al. (2011); Lima-Rodríguez et al. (2013); Kaijser et al. (2018); Santos et al. (2018) and Torrecilla-Salinas et al. (2019), consider mean values in this range. The work of Torrecilla-Salinas et al. (2019) uses two levels for these measures: strong/key statements are those with a mean equal to 3.7 or higher and percentage of agreement equal to 60% or higher; and important ones are those with mean values equal to 3.5 or higher, and percentage of agreement equal to 45% or higher. Van Der Linde et al. (2005) also use threshold levels of percentage of agreement between 60% and 75%, on a five-point Likert scale.

In this work, two levels of important statements are used: those that are key and those that are advisable or worthwhile to recommend. The threshold of the statistical measures to define these levels will be detailed in the sections on the rounds’ results (Figure 3 gives an overview about these issues).




Figure 3 | Synthesis of all steps of round data full evaluation (M, Mean; IQR, Inter-quartile range; PA, Percentage of agreement).



In many Delphi studies, the number of rounds is pre-defined without verifying the stability among experts’ responses (Barrios et al., 2021). This may produce cumbersome results. It is important to ascertain whether there is consistency across consecutive rounds. This can only be evaluated after the conclusion of at least two rounds. When statistical evidence shows no relevant change in the responses between consecutive rounds, the Delphi process can end. One of the simplest ways to analyze the stability of the responses across rounds is to compute the difference between statistical measures and check whether the tendency is consensus increase or decrease. However, as Dajani et al. (1979), pointed out through some examples, “These criteria are generally either subject to subjectivity and arbitrariness or are in violation of statistical theory”.

That is why the literature indicates inference statistics (Kalaian & Kasim, 2012) such as Chi-squared (Dajani et al., 1979 and Nasa et al., 2021), Wilcoxon signed-rank (De Vet et al., 2005; De Brito et al., 2017; Brunt et al., 2018; Mubarak et al., 2019; Bhandari et al., 2020; Chen and Jiang, 2020; Guerin et al., 2020; Price et al., 2020), McNemar (Lambat et al., 2019) and Kappa coefficient (Barrios et al., 2021) tests to evaluate the stability of respondent answers between consecutive rounds. If no changes are detected for any statements, the Delphi is stopped. Otherwise, a new round should be promoted. If stability is reached, the rules defined for settling the selection of statements should be applied so that the group of statements to be considered is finally established (Dajani et al., 1979).

This work makes use of the IQR measure to evaluate consensus for the round. This is one of the measures most used to define consensus (Zartha Sossa et al., 2019). Mean and percentage of agreement are applied to keep or discard statements (Figure 4).




Figure 4 | Percentage of responses by institutions in round 1 and round 2.



The Wilcoxon signed-rank paired differences test is used as a measure of consistency between consecutive rounds (Figure 3). It is a reliable procedure to confirm the stability of responses between rounds and to avoid more rounds of questionnaires that would not significantly increase the level of consensus (Mubarak et al., 2019).




3 Results And Discussion


3.1 Panel Participation

A total of 137 experts were invited to participate in this survey. In the first round, the survey was opened by 106 participants (this is discussed in section 3.2). In the second round, the responses were received from 42 participants. The distribution of respondents across countries is shown in Table 2.


Table 2 | Number of responses by country in round 1 and round 2 of the survey.



In the first round, respondents from 22 countries participated in the survey, with Greece, Tunisia and Portugal being the top 3 countries with the largest number of replies. In the second round, respondents from 16 countries participated, and Greece, Portugal and Germany were the most represented countries.

The panel participation by institution type and round is described in Figure 4. The institution types considered were: Administrations, Marinas and Ports; Associations (environmental non-profit); Companies; Universities; and Research Centers. The large proportion of research experts was expected, as we are dealing with a rather new subject that has become an active area of research. Even if plastic in seas and oceans is turning out to be a growing matter of concern, recently appearing often in the media, it is clear that there is still a lack of awareness of and formal legislation for implementing sustainable practices in this domain.



3.2 Data Collected in the Delphi Rounds

In the first round, the questionnaire was organized into 55 statements and the average time respondents took to complete it was 18 minutes. In the second round, 17 questions were distributed, and the average response time was also 18 minutes. In the first round, 106 respondents started the survey, but 24 of them only responded to one or two questions and were disregarded when computing statistics. Of the responses collected in the first round, 39 questionnaires included comments. In the second round, 56 respondents from the first round were contacted (the number who expressed their availability to participate in this round) and were asked to share their opinions in an additional round. Of those, 42 responded to the survey (75% of the invited respondents) and 26 added comments supporting their opinion.


3.2.1 Data Collected in Round 1


3.2.1.1 Characterization of the Responses

The responses of Round 1 in the five-point Likert scale with the options “Not Important”, “Slightly Important”, “Important”, “Very Important” and “Extremely Important” are represented by a diverging stacked bar chart in Figure 5 (underlying data available in Supplementary Table S2):




Figure 5 | Diverging stacked bar chart for Round 1.



The representation in Figure 5 is recommended for Likert scales by Heiberger and Robbins (2014). From the analysis of the figure, Statements Q1 and Q2 are those with the highest number of responses on the positive side of the scale (blue), which covers the levels “Important”, “Very Important” and “Extremely Important”. On the negative side (red), statements Q11 and Q49 are the ones with a higher number of responses. Statement Q34 has practically all responses on the positive side. This is also true for Q38, Q40 and Q54. In the case of Q37, the responses on the positive side fall mainly in the “Important” level as well those for Q46. Others, like Q54, have a higher number of responses in the “Very Important” level than in the other levels, and for Q1 the largest number of responses fall in the “Extremely Important” level. These response distributions are the basis for the statistical analysis developed below.

The distribution of the responses given by all respondents in the first round according to the five statement groups is illustrated in Figure 6 (Data in Supplementary Table S2). The Very important level is the most common response for almost all groups of statements, except for the Economic – promoter perspective case, where the Important level has the highest percentage. The levels Not Important and Slightly Important are not common responses as low percentages of responses fall in these levels. But for the Economic – promoter perspective group, the percentage of responses in the Slightly Important level is very similar to that in the Extremely Important level. This is not observed in the other statement groups, and it is clearly less important than the other statement groups. The Environmental – core purpose group includes a high percentage of responses in the Extremely important level, higher than the Important level, as is also the case of the Environmental – other effects group. This reflects a high level of importance given to the environmental statements.




Figure 6 | Distribution of the responses according to the groups of statements.



The distribution of responses is also analyzed considering the statement groups and the groups of respondents by institution and illustrated in Figure 7. The boxplots of this figure denote how the responses are well spread out. They refer to six measures for each statement group: minimum, limit of first quartile, mean, limit of third quartile, maximum, and outliers. The crosses inside the rectangles are the mean values and the points outside the rectangles are the outliers. The “whiskers” below and above the rectangle are the minimum and maximum values (excluding outliers) and the rectangle divides the responses into quartiles.




Figure 7 | Distribution of the responses according to the institution of the respondents [(A) Administrations, Marinas and Ports; (B) Companies; (C) Universities; (D) Research Centers; (E) Associations] by groups of statements (represented by coloured squares).



The distribution of responses given by Administrations, Marinas and Ports (Figure 7A) indicates that more importance is attributed to the Environmental – core purpose group than to the other areas, since the highest mean is obtained, and the third quartile is equal to 5 (in the other areas it is equal to 4). The boxplots of the other areas are similar (all the responses are equal to or above importance level 3) with the lowest mean value of responses corresponding to the Economic-promoter perspective.

The most important groups of statements for Companies (Figure 7B) are Environmental - core purpose and Environmental - other effects, and the same happens for Universities (Figure 7C) and Research Centers (Figure 7D). This means that these three groups of stakeholders are very concerned with environmental matters. In fact, the research concerning the effects of plastics is mainly carried out in Universities and Research Centers, and Companies are very aware of future requests regarding this issue. However, the distance between quartile 1 and quartile 3 (the height of the box) that measures the variability of data is larger for Universities. For the other statement areas, the values are similar except with respect to Technical Operation. In this case, Universities reach the upper values, and Companies and Research Centers have the highest mean values. For Associations (Figure 7E), the distribution of responses is very different, and the variability of responses is also high for almost all groups of statements. Environmental – core purpose is not the most important group. The third quartile is equal to 5 for Environmental – other effects, Economic – promoter perspective and Socio-economic and political groups. The Technical Operation statements are the least important. This is in line with the objectives of these Associations, which are especially aware of environmental issues and less interested in technical issues related to technologies.

The distribution of responses given to each of the statements organized by areas is shown in Figure 8. The Environmental – core purpose (Figure 8A) includes a single statement (Q3) with an interquartile range higher than 1 (the rectangle of the boxplot goes from level 3 to level 5). The same occurs for Q47, which is the single statement of the Economic – promoter group with an IQR higher than 1 (Figure 8C). These are the statements with the largest variability in these two groups. On the opposite side, most statements in the Environmental – other effects group include an interquartile range greater than 1 (Figure 8B), and only statements Q4, Q7, and Q15 reach an IQR equal to 1. In the Economic-promoter perspective, Socio-economic and political and Technical operation groups, a large number of statements have in common the same whiskers (2 and 5) and boxes (3-4). These are statements with an IQR equal to 1, but with different means, such as the low value close to 3 of Q17 and the high value close to 4 of Q23. Q49 in the Socio-economic and political group is the only statement where the quartile range is at the 2 and 3 levels. Therefore, this is not an important issue for respondents.




Figure 8 | Distribution of the responses per area.





3.2.1.2 Mann-Whitney U Tests

Additional analysis is developed using Mann-Whitney U tests to assess whether respondents from Universities and Research Centers respond statistically differently from all other respondents. In Table 3, the results from these tests include all the groups of statements. A p-value higher than 0.05 means that the responses from Universities and Research Centers are not statistically different from the others, except for Technical Operation (p-value = 0.001). In fact, this group of statements is fundamental to Universities and Research Centers (see Figure 7) and is less important for respondents from Administrations, Marinas and Ports, and Associations.


Table 3 | p-value of the Mann-Whitney U tests.






3.2.2 Statistics From Round 1


3.2.2.1 Consensus

The different levels of the Likert scale were converted into numbers between 1 and 5, as for the development of statistical analyses. The IQR consensus measure is evaluated based on the data collected and systematized in Figure 5. Figure 9 includes the value of this measure for Round 1 (Data available in Supplementary Materials Table S3).




Figure 9 | IQR measure for all statements at Round 1.



The statements that achieve consensus in the first round are those with an IQR value equal to 1 or lower (i.e., the horizontal line in the Figure 9). Of the 55 statements, 38 achieved consensus while 17 did not and were considered for a second round. Figure 10 displays the percentage of questions in each area that achieve consensus in the first round (Data available in Supplementary Materials Table S3). Respondents seem to have more similar opinions (as they reach consensus) in areas such as Environmental – core purpose (80%) and Economic – promoter perspective (86%), and different views on Environmental – other effects (30%) statements.




Figure 10 | Percentage of consensual statements in each group (IQR equal to 1 or lower) in Round 1.



That is why this is the group with the lowest percentage of statements achieving consensus. As examined by Figure 6, the Environmental-other effects group of statements include a high percentage of responses in the Extremely important and Not important levels relative to the other groups. This kind of response distribution, with high percentages in the extreme levels of the Likert scale, leads to statements without consensus, which are the commonest in this group of questions.



3.2.2.2 Importance of Statements

Two levels of agreement are considered to organize the statements: those that are key and those that are advisable. These levels are defined based on threshold levels of the percentage of responses of Very/Extremely important and the mean value of statements. In the Delphi rounds the key statements selected are those with a percentage of responses of Very/Extremely important equal to 70% or higher and mean values equal to 4 or higher. The advisable values are those with a percentage of responses of Very/Extremely important equal to 60% or higher and mean values equal to 3.5 or higher.

The values for these metrics for Round 1 are represented in Figure 11, with dark blue bars for the percentage of acceptance and light orange bars for the mean (Data available in Supplementary Materials Table S3). This figure also includes two horizontal dark blue lines at percentages 60% and 70% and two horizontal light orange lines at means 3.5 and 4. These lines define the threshold values to select the key and the advisable statements. The statements that did not reach consensus in the first round are not included in this figure as they will be reassessed in an additional round.




Figure 11 | Percentage of responses of Very/Extremely important and mean values of the statements that reach consensus at the first round.



Apart from 17 aspects to be reassessed in a second round, consensus was deemed to be sufficient to classify 38 aspects. According to the guidelines (Figure 3), the key aspects to be evaluated are those represented by Q1, Q2, Q7, Q15, Q23, Q40 and Q54. The advisable aspects are Q10, Q12, Q20, Q22, Q26, Q31, Q32 and Q55. The other 23 statements that show consensus but do not reach these threshold values (Figure 11) can be discarded as respondents did not attribute enough importance to them.




3.2.3 Data Collected in Round 2

The 17 statements that did not reach consensus in Round 1 (Figure 11) were reevaluated in a second round. The responses of Round 2 are represented in Figure 12 (Data available in Supplementary Materials Table S4). Statements Q16 and Q43 are those with the highest number of responses on the positive side and statements Q11 and Q13 on the negative side. In this round, the Very important level is the commonest for a large group of questions.




Figure 12 | Diverging stacked bar chart for Round 2.





3.2.4 Statistics From Round 2


3.2.4.1 Stability

In the second round, the stability of responses between the two rounds is evaluated using Wilcoxon signed-rank test. In this test, the null hypothesis can be accepted if there is no difference in the responses of the experts between Round 1 and Round 2. For each statement of the second round Table 4 includes the p-value of the Wilcoxon test.


Table 4 | p-value of the Wilcoxon signed rank test.



The null hypothesis of the Wilcoxon test is accepted as the p-value is much higher than 0.05 for all the 17 statements. In this circumstance stability was reached and no additional Delphi rounds were necessary. The stability of responses between rounds determines that further rounds will not significantly increase the level of consensus (Mubarak et al., 2019) and the rules for the selection of the final list of statements (Figure 3) can be applied (Dajani et al., 1979).



3.2.4.2 Importance of Statements

After reaching stability, we come to the rules for selecting additional key and advisable statements. Figure 13 includes bars with the percentage of response values in green and yellow bars of the mean (Data available in Supplementary Materials Table S5). The two horizontal green lines represent the percentages 60% and 70% and the two horizontal yellow lines, the means 3.5 and 4. From this figure, the key statements selected in the second round are Q6, Q16, Q34, Q38 and Q43 and the advisable statements are Q3, Q5, Q25, Q28 and Q39.




Figure 13 | Percentage of responses of Very/Extremely important and mean values of the statements at the second round.







3.3 Summary of the Delphi Rounds Results

The analysis of the importance of the 55 aspects based on the percentage and mean measures leads to a definition of 12 key aspects and a further 13 are considered advisable. The remaining 30 questionnaire statements can be discarded as respondents did not attribute enough importance to them over the two rounds.

Figure 14 lists the selected statements that can be used in the future in a variety of areas where decision making is the issue. The key aspects as well as the aspects included in the advisable set cover different perspectives grouped in the areas previously defined. However, it is clear that matters related to business aspects did not receive a great deal of consideration from the panel of evaluators. In fact, the Economic-promoters perspective does not include any key or advisable statement.




Figure 14 | Key (darker) and advisable (lighter) aspects selected according to the groups of statements.



The survey design embraced all the perspectives to collect information on the most important characteristics for new marine litter reduction and processing technologies. However, this is a rather new subject and therefore it has been challenging to draw up an exhaustive list of aspects to be analyzed or to cover the variety of stakeholders with affinity for this topic.

Depending on the objective of the activity that will use this list and the Delphi method, besides the key and advisable questions, other questions can be added to cover specific aspects. Particular attention could be paid to checking the questions that did not complete the thresholds defined for the classification and do not belong to the final list but that did reach a non-negligible level of agreement (Supplementary Materials Table S1).




4 Conclusions And Discussion

In this work, a Delphi method is used to gather data and identify the most important aspects that should be considered when planning, designing or evaluating new marine litter reduction and processing technologies. Plastic debris in the oceans is a worldwide problem and the current tendency for it to increase should be reversed by the use of appropriate technologies.

This is a rather new subject, and this work presents an exploratory exercise to create guidelines for future work in the field. A comprehensive list of statements to fully characterize various aspects, that can be grouped as Environmental – core purpose; Environmental – other effects; Economic – promoter perspective; Socio-economic and political; and Technical operation, is proposed.

A large spectrum of respondents from 22 countries has participated in this survey. They were subdivided into five groups, namely, Administrations, Marinas and Ports, Associations, Companies, Universities, and Research Centers. The Research Centers contributed the most and the Associations the least.

The data from the responses in the survey rounds were analyzed using statistical measures according to the groups of respondents and the groups of statements. The Very important level of the Likert scale was the most common response for all groups of statements, except for the Economic-promoter perspective, where the Important level got the highest percentage. The Not important level was the least frequent. The University respondents gave more responses on the Extremely important level than the other groups and fewer responses on the Important and Very important level.

In general terms, it is clear that environmental issues are the most important for all types of stakeholders. Technical operation is also very valuable for Companies, Universities and Research Centers. This is in line with the mandates of research for these two last groups and the requirements for Companies.

The results from the two Delphi rounds reach 12 key and a further 13 advisable statements. It is clear that Universities, Research Centers (units developing proposals for new technologies) and Companies (technology producers) should take effectiveness issues about the new technologies into account, together with environmental impacts on ecosystem services, and the emissions of carbon and other pollutants (particulate matter or volatile organic compounds). The robustness of a technology under extreme weather events should also be a concern for the technology producers. The local application and the operational conditions of technologies should be well thought-out by Marinas and Ports, and the same applies to Companies promoting activities that can be improved or somehow impacted by the new technologies, which might well include tourism, nautical sports, fishing and aquaculture activities. Overall well-being has to be a matter for regulation targeted by the Administration in the context of applying the new technologies. Associations can get involved with social acceptance whenever new technologies go to the market and are planned to be used in specific situations.

This is nevertheless a fairly new subject, and we should be careful about delivering definitive conclusions. The constructed checklist can be very helpful for different types of decision-making processes (from technical decisions to business and policy decisions) and for a variety of stakeholders.

This is why in each application, the questions to be used should be well thought-out and the need for additional specific questions should be analyzed. In fact, the results show that the Economic-promoters perspective did not get a place among the key or advisable questions. In fact, the experts assigned low values to the questions relating to this type of area. It seems that at the moment it is still very challenging to find promoters of the technologies to respond to the questionnaire.

Additionally, choices depend on the thresholds used for the statistical analysis. Thresholds are critical and there are no definitive frameworks for performing the evaluations. This means that the results should be taken in the light of the endeavors that should be pursued in this field. We hope this work is an inspiring contribution to the flow of knowledge that is developing in this emerging area.
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Microplastic (MP) pollution is present in all aquatic environments and is gaining critical concern. We have conducted sea surface MP monitoring with a Manta trawl at 16 sampling stations in the eastern Baltic Sea in 2016–2020. The concentrations varied from 0.01 to 2.45 counts/m3 (0.002–0.43 counts/m2), and the mean was 0.49 counts/m3 (0.08 counts/m2). The fibers and fragments had, on average, an approximately equal share in the samples. Correlation between the concentration of fibers and fragments was higher near the land and weaker further offshore. The following spatial patterns were revealed: higher mean values were detected in the Baltic Proper (0.65 counts/m3) (0.11 counts/m2) and the Gulf of Finland (0.46–0.65) (0.08–0.11) and lower values were detected in the Gulf of Riga (0.33) (0.06) and Väinameri Archipelago Sea (0.11) (0.02). The difference between the latter three sub-basins and the meridional gradient in the Gulf of Riga can likely be explained by the degree of human pressure in the catchment areas. The MP concentration was higher in autumn than in summer in all regions and stations, probably due to the seasonality of the biofouling and consequent sinking rate of particles. A weak negative correlation between the wind speed and the MP concentration was detected only in the central Gulf of Finland, and positive correlation in the shallow area near river mouth. We observed a 60-fold difference in MP concentrations during coastal downwelling/upwelling. Divergence/convergence driven by the (sub)mesoscale processes should be one of the subjects in future studies to enhance the knowledge on the MP pathways in the Baltic Sea.
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Introduction

Plastic pollution is ubiquitous in the marine environment. Plastics, due to their durability, low cost, and lightweight, are important in our lives and have been shed to the environment in the last few decades like never. Since the beginning of plastic production in the early 20th century, it has continuously increased and reached 368 million tons globally in 2019 (Plastics Europe, 2020). Microplastics (MPs) are frequently defined as particles with lengths of less than 5 mm (Arthur et al., 2009; Cole et al., 2011).

MPs’ sources and pathways are of utmost importance to control and prevent plastics from entering the ecosystem (He et al., 2019). The exuberance of MPs in the aquatic environment is due to inappropriate human behavior and improper waste management (Jambeck et al., 2015). There is limited information on the amount of plastic waste entering the oceans, but it is widely cited that land sources contribute approximately 80% of the marine plastic debris (Jambeck et al., 2015). Rivers, surface water runoff, sewage treatment, and wind-induced air transport are the major gateways of plastic debris in the aquatic ecosystem (He et al., 2019). In addition, the plastic manufacturing industries release plastics in the form of pellets and resin powders that, via air-blasting, can contaminate the aquatic environment (Eriksen et al., 2013). Plastic pellets are also released from marine accidents during handling and transportation (Veerasingam et al., 2016). Coastal activities, including fisheries, aqua tourism, and marine industries, are also the sources of MP pollution in the marine environment (Eriksen et al., 2013).

MPs can be of two types, primary and secondary MPs. Primary MPs are produced as microscopic particles present before entering the environment and exist as microbeads found in personal care products and plastic pellets (or nurdles). Secondary MPs are formed by physical, biological, and chemical degradation of macroscopic plastic parts and are the main source of microparticles released into the environment (Boucher and Friot, 2017; Zhu et al., 2020). They are formed by the degradation of improperly disposed plastic waste, tire abrasion, and washing of synthetic textiles (Boucher and Friot, 2017; Zhu et al., 2020).

MP particles have different shape classes: fragments, films, filaments, foams, and pellets (GESAMP, 2019). In this study, we divided all MP particles into fibers and fragments. The fragments category includes all non-filament particles like films, foams, and pellets, and the fibers category includes both filaments and fibers. Some polymers, such as PVC, polyester, polyamide, and acrylic, are denser than seawater and, thus, sink to the bottom of the sea (Hidalgo-Ruz et al., 2012). Polymers with a lower density than seawater usually float on the surface, including polyethylene, polypropylene, and expanded polystyrene (Hidalgo-Ruz et al., 2012). Low-density MP accumulates especially within a layer of a few cm below the air–water interface (Andrady, 2011). Thus, most studies target MP abundance and distribution confined to the surface layer (Collignon et al., 2014). Plastic products, traditionally made of monomers, are linked to the form of the polymer structure. During plastic production, several additives are added for promoting specific properties towards its use (Lithner, 2011). As the plastics degrade over time, these chemicals tend to leach out, including coloring agents, and accumulate in animals’ stomachs, resulting in bioaccumulation and biological effects (Mato et al., 2001; Teuten et al., 2009). Worldwide, individuals are accustomed to seafood consumption, which makes it possible for people to be exposed to MPs (Wright and Kelly, 2017). Chemical additives or remaining monomers can pose a potential danger to human health and the ecosystem (Lusher et al., 2017).

Colored plastics impose a high threat to aquatic species (Li et al., 2021). From one side, marine species have difficulty distinguishing between transparent and colored plastics, which increases the risk of MPs ingestion. Moreover, colored MPs may be accidentally ingested by fishes, turtles, and birds (Zhao et al., 2016; Gago et al., 2019). On the other hand, the impact of color affects the selection of food made by aquatic species.

As demonstrated by studies from different Baltic Sea basins, the occurrence of MPs in the Baltic Sea is evident (Setälä et al., 2016; Tamminga et al., 2019; Uurasjärvi et al., 2021). However, the knowledge about the spatial distribution and temporal variability of MPs in the Baltic Sea is limited (Aigars et al., 2021). Also, the methodology used to collect MPs varies by instruments, mesh size, sampling depth, and sampling area.

The main objective of the present paper is to assess the spatiotemporal variability of MPs in the eastern Baltic Sea and analyze environmental drivers affecting it. We report and analyze 5-year measurements of MPs in the surface layer in the eastern Baltic Sea. Specifically, we address the following main questions in this study: What is the mean spatial distribution of MPs in the eastern Baltic Sea? Is there seasonality in the MP concentrations? What is the share of fibers/fragments, different particle sizes, and colors in the MP pool? What processes cause the short-term variability in the MP concentration?



Materials and Methods


Study Area

MP sampling was performed during monitoring cruises from 2016 to 2020 onboard the research vessel Salme in the four sub-basins of the Eastern Baltic Sea (Figure 1): the Gulf of Finland (GOF), the Gulf of Riga (GOR), the northern Baltic Proper (BP), and the Väinameri Sea (VS).




Figure 1 | Map of the eastern Baltic Sea with 16 stations of surface water sampling in the BP region (85), GOR (G1, K5, and 125), VS (V15 and V35), GOFW (Paldiski, Suurupi, BLRT, Paljassaare, and Pirita), GOFC (14), and GOFE (N12, Sillamäe, and N8). The locations of Narva and Pärnu river are highlighted in green.



The GOF is an elongated estuarine basin located in the northeastern part of the Baltic Sea with an average depth of 37 m and a maximum depth of 123 m (Leppäranta and Myreberg, 2009). The gulf is about 400 km long, and its width varies between 48 and 135 km (Alenius et al., 1998). There is a free water exchange between the GOF and BP at the western border, and fresh water is discharged mostly to the eastern part of the GOF. The western Estonian coast has two semi-enclosed sub-basins. The GOR covers an area of 140 km from west to east and 150 km from south to north. The surface area of the VS is 2,243 km2. The average depth of GOR and VS is 23 m and 4.7 m, respectively. These sub-basins are interconnected and connected with the BP via five straits.

In total, 16 sampling stations were visited in the western Gulf of Finland (GOFW), eastern Gulf of Finland (GOFE), central Gulf of Finland (GOFC), GOR, VS, and northern BP (Figure 1). Stations in the GOFW and GOFE were quite close to shore, while stations in the BP, GOFC, and GOR (excluding Station K5) were offshore. The station network was not the same each year. Visited stations in different years are shown in Table 1. Sampling stations N8 (visited 15 times), 14 (15), Sillamäe (Sill) (14), Paljassaare (Pal) (13), 2 (12), and K5 (11) were sampled more than ten times during the 5-year period. The frequency of sampling times in other stations is as follows: V15 (6), V35 (6), 125 (5), N12 (4), G1 (3), Pirita (Pir) (2), Paldiski (Pald) (1), Suurupi (Suu) (1), and BLRT (1). Please note that station Pal is located close to the largest city wastewater treatment plant outfall in the study area, station N8 close to the Narva river mouth, and station K5 close to the Pärnu river mouth. The detailed observational periods at each sampling site are mentioned in Supplementary Table 1.


Table 1 | MP sampling sites for each year.





MP Sampling and Sample Processing

Surface water samples were collected with a Manta trawl (mesh size 330 µm). The net was deployed 5 m from the side of the ship using a crane and towed at the water surface (not totally submerged) for 15 to 60 min at a speed of approximately 2 knots. The samples were collected in the cod end of the net. The content of the cod end was rinsed with tap water to a metal bucket and sieved through a set of stainless-steel sieves (5,000 µm, 1,000 µm, and 330 µm). Thereafter, particles from each sieve were flushed into a separate glass jar with ultrapure water. Formaldehyde (37%) was added in the proportion of 1 to 100 ml of sample. Samples were kept at room temperature until analysis in the lab.

If the samples contained a lot of organic material, they were left to settle. The solution on top of the settled organic material was pipetted and vacuum filtered onto a 1.6-µm pore size (VWR) glass fiber filter (47 mm diameter). Hydrogen peroxide (34.5%–36.5%) was added to the settled organic material in a proportion of 1:1 and left for oxidation under the ventilation cabinet for up to 7 days. After oxidation, the samples were diluted with ultrapure water and vacuum filtered as described above. The filters were dried in glass Petri dishes in a drying oven (SANYO MOV-212F) at 60°C for 15 min, and the particles remaining on the filters were analyzed using a stereomicroscope (Leica M205 C or Olympus SZX16). All MP particles were counted, partially photographed, and tested with a hot needle to distinguish plastics from other microliter particles (Devriese et al., 2014). The results were calculated by summing the number of MP particles in the analyzed water sample.

In this study, we divided all MP particles into fibers and fragments. The fragments category includes all non-fiber MPs: films, foam, and pellets, and in general, we have identified fibrous plastics. As the MPs monitoring was carried out by the Manta trawl with a mesh size of 330 µm, we categorized them into two size classes (330–999 µm and 1,000–4,999 µm) according to their longest dimension. The water volume was calculated by multiplying the whole area of the trawl mouth with the ship speed and towing time. MP concentration is presented as the number of MP counts per cubic meter (counts/m3). In addition, concentration per square meter (counts/m2) is given in brackets throughout the text.

The 8-color classification scheme by the European Marine Observation and Data Network (EMODnet) was used for color identification that combines similar colors into one group (Galgani et al., 2020). Black/gray, white, blue/green, red/pink/orange/purple, yellow, brown, transparent, and others (golden/silver/multicolor) distinguished from colors.



Reduction of Cross-Contamination

Reduction and monitoring of potential airborne cross-contamination are crucial during sampling, sample processing, and analysis in the laboratory. To detect MP airborne contamination during sampling, samples of plastic-free water were kept in glass jars open on the deck near the sample collection area and later analyzed in the laboratory.

Non-synthetic clothing and cotton lab coats were worn, and glass or metal laboratory supplies were used as much as possible throughout the laboratory analysis. All labware was thoroughly rinsed with ultrapure water before use. Sample processing was done in a ventilation cabinet, except for the filtering through the sieves. Samples were covered with aluminum foil or glass lids from Petri dishes whenever possible.

For the contamination assessment during sample processing in the lab, 100 ml of ultrapure water was filtered through a clean glass fiber filter before each sample processing and analyzed as real samples. Also, one dry blank filter was placed under a ventilation cabinet during filtration and on the table near the stereomicroscope during microscopic analysis. Both blanks were analyzed as samples. In the blank samples, only fibers were found, and blank filter contamination was only a few percentages. Blank samples were used only as a reference. Hence, the overall contamination was less than one plastic fiber per sample on average. The fibers found in the blank samples could be related to airborne contamination from textiles.

Paint flakes were often observed in the samples. All paint flakes data were removed from the dataset for the analysis as their potential sources could not be confirmed.



Statistical Analysis

One-way analysis of variance (ANOVA) was performed to analyze MPs’ spatial and temporal variability. When a substantial difference was discovered, a pairwise comparison using regression test was applied to determine whether the difference was statistically significant. The significance level was set to 5%.

The hourly wind speed components were extracted from ERA-5 (Hersbach, 2020) for seven monitoring stations and bi-linearly interpolated to the exact coordinates using CDO (climate data operators) software (Schulzweida, 2021). Linear regression analysis was used to relate the observed MP abundances to prevailing meteorological conditions (e.g., wind speed). Since the data series were relatively short, as an alternative to linear regression, the conditions during the sampling of lowest and highest MP concentrations were compared.

The sea surface temperature and salinity are taken from the long-term model simulations to understand the hydrophysical conditions during sampling dates. From the model output, two diagnostic parameters are calculated:

	the lateral gradients of temperature and salinity as |∇HT| and |∇HS|

	the divergence of the current field as ux+vy normalized with Coriolis parameter f





Numerical Modeling

The General Estuarine Transport Model (GETM) (Burchard and Bolding, 2002) has been applied to estimate temperature and salinity distributions. GETM is a three-dimensional primitive-equation hydrostatic model with a free surface and built-in vertically adaptive coordinate scheme (Hofmeister et al., 2010), which can significantly reduce numerical mixing in the simulations (Gräwe et al., 2015).

Vertical mixing is calculated using the General Ocean Turbulence Model (GOTM) (Umlauf and Burchard, 2005) using a two-equation k−ϵ model coupled with an algebraic second-moment closure (Canuto et al., 2001; Burchard and Bolding, 2002) to obtain the eddy viscosity and diffusivity. Sub-grid horizontal mixing is parameterized using the Smagorinsky approximation (Smagorinsky, 1963).

The model domain consists of the whole Baltic Sea (Figure 1), and horizontal grid spacing of 0.5 nm (approximately 926 m) is used with 60 vertically adaptive layers. The vertical resolution of the model during simulations is controlled by using the same parameters as in Hofmeister et al. (2010) and Gräwe et al. (2015). Baltic Sea Bathymetry Database (http://data.bshc.pro/, last access: 18 January 2022) with additional data for the GOF from Andrejev et al. (2010) has been used to construct the model bathymetry. The atmospheric forcing (wind stress and surface heat flux components) was calculated from the operational forecast model HIRLAM (High-Resolution Limited Area Model) maintained by the Estonian Weather Service with a spatial resolution of 11 km and a daily forecast interval of 1 h (Männik and Merilain, 2007). The model simulation was performed from April 1, 2010, to December 31, 2020, but the results for 2016 to 2020 have been used in this study.

An open boundary is located at the Danish Straits. Inflow and outflow from the model are calculated using the sea surface height measurements from Gothenburg Station with Flather (1994) radiation. Temperature and salinity at the boundary are relaxed towards climatological profiles by Janssen et al. (1999). Freshwater input from the 54 largest Baltic Sea rivers with basin-wide interannual variability corrected towards values as reported in HELCOM (Johansson and Jalkanen, 2016) has been used. Constant salinity of 0.5 g kg−1 and target cell sea surface temperatures are used for the riverine values.

Initial temperature and salinity fields were taken from the Copernicus reanalysis of the Baltic Sea for the period 1989–2014 (https://doi.org/10.48670/moi-00013, last accessed February 14, 2022). As the product used lower resolutions both in the horizontal and vertical, the thermohaline fields were interpolated to the model grid. The simulation started with sea surface height and current velocities set to zero, i.e., the motionless state, but as previous studies (Lips et al., 2016) have shown, the wind-driven circulation of the Baltic Sea adjusts to forcing within 5 days. More information about the model setup and validation is available from Zhurbas et al. (2018) and Liblik et al. (2020).




Results

MPs were found at all 16 sampling stations. In total, 9,414 MP particles were extracted from 23,199 m3 water of 122 surface water samples. When total MP particles were divided by the total water volume, the mean was 0.41 counts/m3. However, the arithmetic mean of MP concentrations in samples was 0.49 counts/m3 (0.08 counts/m2), and in the regions of BP, GOFC, GOFW, GOFE, GOR, and VS, the mean concentrations were 0.65, 0.59, 0.65, 0.46, 0.33, and 0.11 counts/m3 (0.11, 0.10, 0.11, 0.08, 0.06, and 0.02 counts/m2), respectively. The results show high variability in concentrations (STD ±0.46 counts/m3) and heterogeneity in distribution patterns of MPs in the eastern Baltic Sea. The relative abundance of MP fibers and MP fragments at different sampling sites is presented in Figure 2. The average concentration of MP fibers and MP fragments across the dataset was almost the same: 0.25 and 0.24 counts/m3 (0.04 and 0.04 counts/m2), respectively. The annual mean of the share of fibers was higher in 2016, 2019, and 2020 (Figure 2).




Figure 2 | Variability in concentration (A–E) and relative abundance (%) (F–J) of two shapes of MPs at sampling stations in the eastern Baltic Sea.




Spatiotemporal Distribution of Microplastics

Relatively high annual mean MP concentrations (Figure 3; concentrations are shown if the station was visited more than once) were observed in 2016 (Figure 3A). The highest mean concentrations (>1.0 counts/m3) were observed in the GOR (station G1) and the BP (station 85) and at station Pal. Lower values were observed at the GOFE stations. Mean concentrations were in a quite narrow range (0.39–0.58 counts/m3) (0.07–0.1 counts/m2) in the whole area in 2017; only in the GOFC was the value higher (Figure 3B). The highest mean concentration (>1.0 counts/m3) was observed in the BP, while concentrations were 20-fold lower in the GOR and VS in 2018 (Figure 3C). Spatial distribution of the MP concentrations in the GOF had a large range, varying from 0.11 to 0.76 counts/m3 (0.02–0.13 counts/m2) (Figure 3C). Very low mean values (<0.08 counts/m3) were observed in the GOR and VS in 2019 (Figure 3D). Quite low values, except at station 2, were observed in the GOF and BP as well (Figure 3D). A similar pattern was observed in the study area in 2020 (Figure 3E).




Figure 3 | Average MP counts/m3 at each sampling station (A–E). The overall average for 2016–2020 was calculated as an arithmetic mean of all individual concentrations in the sampling location (F). The highest MP concentration (counts/m3) at sampling station is shown in parenthesis (F).



Despite high temporal variability, tendencies in the mean 5-year period spatial pattern can be found (Figure 3F). Significantly higher mean MP, MP fiber, and MP fragment concentrations occurred in the BP and the three areas of GOF compared to the GOR and VS (Figures 4A–C). It is noteworthy that the annual mean concentration in the VS was lower than in the BP in all 3 years (2018–2020) when the VS was sampled (Figures 3C–E). The 5-year mean concentration in the vicinity of Pärnu and Narva river mouths [stations K5 and N8, 0.21 and 0.39 counts/m3 (0.04 and 0.06 counts/m2), respectively] was lower than at the open sea stations (0.59–0.74 counts/m3) (0.10–0.13 counts/m2).




Figure 4 | (A) The variability of MP concentrations in different regions of the eastern Baltic Sea in 2016–2020. (B) The variability of MP fiber concentrations in different regions of the eastern Baltic Sea in 2016–2020. (C) The variability of MP fragment concentrations in different regions of the eastern Baltic Sea in 2016-2020.



The maximum concentrations >1.6 counts/m3 were registered at offshore stations in the BP, GOF, GOR, and at station Pal. The highest MP concentration (2.45 counts/m3) (0.43 counts/m2) for the entire study period was recorded at station G1 in the GOR. Maxima were lower (0.6–1.2 counts/m3) at the GOFE stations and near the Pärnu river mouth (station K5). The maximum was only 0.15 counts/m3 (0.03 counts/m2) in the central VS (station V15). However, the latter station was visited only three times.

The mean share of fibers and fragments for the whole area in the 5 years was almost equal (Figure 2). The latter also roughly holds when considering the means of the regions (Figure 5). Thus, the mean spatial distribution of fibers and fragments taken separately (Figures 5A–F and Figures 5G–L) is similar to the total MP concentration (Figure 3F). This means 5-year mean concentrations of fibers and fragments in the vicinity of Pärnu and Narva river mouths are lower than at the open sea stations.




Figure 5 | Average MP fiber counts/m3 (A–F) and average MP fragment counts/m3 (G–L) at each sampling station. The overall average for 2016–2020 was calculated as an arithmetic mean of all individual concentrations in the sampling location (F, L). The highest MP fiber and MP fragment concentration (counts/m3) at the sampling station is shown in parentheses (F, L).



The correlation between the concentrations of fibers and fragments in the whole dataset was significant, but rather low (r2 = 0.21, p < 0.01, n = 122). Thus, often the spatiotemporal changes of fibers and fragments were not related. However, some of the stations separately revealed quite a strong correlation. High correlation was found at station K5 (r2 = 0.87, p < 0.01, n = 11) and Pal (r2 = 0.60, p < 0.01, n = 13). Weak but significant correlations were observed at stations 14, Sil, and N8. No correlation was found at stations 2 and 85. For instance, fibers (0.81 counts/m3) (0.14 counts/m2) had the major share at station 85 in the BP in 2016 (Figure 5A). Next year, the concentration of fragments was similar (approximately 0.2–0.3 counts/m3), but the fiber concentration was 0.20 counts/m3 (0.04 counts/m2) (Figure 5B). The share was reversed (compared to 2016) in 2018 when fragments (0.87 counts/m3) (0.15 counts/m2) had the major contribution (Figure 5I). Thus, the highest annual mean concentration of fragments and fibers in the study area was measured in the BP, but in different years. The annual share of fragments higher than 70% occurred only at the coastal stations in the GOF (five occasions) and once at station 85 in the BP. Other stations had a fiber share approximately 50% or higher. The annual mean shares of fragments were lowest in the VS. Note that the total MP concentrations were low there as well.



Microplastics Morphology

The MPs were assorted into eight colors. The most occurred MP color was gray/black (29.7%), followed by white (22.6%) and blue/green (22.4%). Other colors such as red/pink/purple (9.9%), transparent (9.8%), yellow (3.6%), and brown (1.5%) had a lower proportion. Gold-stained plastic was the rarest out of the eight colors, having a percentage share of less than 1%. The maximum share came from white particles when the highest concentrations were detected at stations Pal, 2, 85, and 14. The dominant color for the MP fragments was white and blue/green, and for MP fibers, it was gray/black and blue/green.



Seasonal Variability of Microplastics

The mean concentration in spring and summer was 0.46 counts/m3 (0.08 counts/m2) and 0.36 counts/m3 (0.06 counts/m2), respectively. This tendency of higher concentration in spring compared to summer was revealed at most of the stations (Supplementary Figure 1) except at stations 85, G1, Pir, and V35. The highest seasonal mean concentration (0.81 counts/m3) (0.14 counts/m2) in the study area occurred in the autumn. The mean concentration was higher in autumn than summer at all stations (Supplementary Figure 1). This is reflected in the seasonal pattern across all regions as well (Figure 6). Moreover, the only observations from winter in the GOFC confirm the increasing concentration trend from summer to the cold season. However, due to high variability within each season, the differences between the seasons were statistically not significant. MP fiber concentration differed significantly across all seasons; however, no significant difference was detected for MP fragments. Seasonally, no significant difference was observed between the two size classes—MP (330–999 µm) and MP (1,000–4,999 µm).




Figure 6 | Seasonal variability of MP concentration across different regions in the Baltic Sea.





Impact of Physical Processes on the MP concentration

The impact of physical processes on the MP concentration was studied using the stations with the most consistent observations. Over the 5 years, seven stations had a higher number of samples. We selected two coastal (N8 and K5) and two offshore (14 and 85) stations for further analysis.

The wind is the most obvious physical parameter to affect concentrations on the sea surface, as with increasing wind speed, the particles are mixed deeper. Significant negative correlation between the wind speed and MP concentration was found only at station 14 for MP fragments (r2 = 0.35, p = 0.01, n = 15). For the whole dataset and most individual stations, the correlation was low and insignificant. A significant positive relationship between the wind speed and MP abundance was found at the coastal station K5 (r2 = 0.47, p = 0.01, n = 11).

At coastal stations K5 and N8, one can assume some effects of freshwater discharge and related MP input due to the vicinity of large rivers. Furthermore, not only the wind speed but also its direction could be critical via influencing convergence/divergence of surface waters. We selected the highest and lowest concentration cases for both stations to compare the effect of the river discharge and wind direction.

At coastal station N8, the highest MP concentrations were detected (1.18 counts/m3) (0.2 counts/m2) when the 3-day mean discharge (589 m3/s) from the Narva river prior to the sampling date was greater than the long-term mean discharge (440 m3/s). Moreover, before the observation of the highest MP concentration, the wind speed and direction at station N8 were favorable for the coastal downwelling (westerly winds with a maximum speed over 8 m/s), which supports the accumulation of MPs along the coast, thus resulting in a high MP concentration (Figure 7A).




Figure 7 | Mean surface current vectors and current speed averaged 3 days before observations of (A) highest concentrations at station N8, (B) lowest concentrations at station N8, (C) highest concentrations at station Pir, and (D) lowest concentrations at station Pir.



In contrast, when the MP concentration was the lowest (0.02 counts/m3) (0.004 counts/m2), the wind conditions before observation indicated the occurrence of coastal upwelling in the area (north easterly winds) (Figure 7B). This water mostly originated from the subsurface, which explains the low MP concentration. Thus, we suggest that variation in coastal mesoscale processes, leading to convergence and divergence of surface waters, could cause both extremely high and low MP.

The impact of coastal upwelling and downwelling events was also visible at the coastal stations in the Tallinn Bay. The highest concentrations at station Pir were measured under the coastal downwelling and the lowest concentrations were measured under the coastal upwelling conditions at the southern coast of the GOF (Figures 7C, D). There is a clear downwelling jet along the coast directed to the east with relatively large current velocities during the high-concentration case (Figure 7C) and an upwelling jet in the opposite direction to the west during the low-concentration case (Figure 7D). Obviously, the large-scale coastal divergence and convergence have a significant impact on the distribution of MPs in the coastal sea.

When comparing the conditions for the lowest and highest MP concentrations at coastal station K5 (depth 5m), strong winds prevailed before the highest MP concentrations were observed. Strong winds cause resuspension of bottom sediments and force MPs to migrate from sediments to the surface, thereby resulting in high MP concentrations at the sea surface. On the other hand, weakened wind-induced resuspension leads to lower MP concentrations at the sea surface in shallow areas.

In order to better understand the hydrodynamic conditions in the offshore stations 85 and 14, we looked at the simulated sea surface temperature and salinity fields in the vicinity of the stations along with the convergence and divergence based on the modeled current components during dates with the observed highest and lowest MP values (Figure 8). The statistical parameters of different fields are summarized in Table 2.




Figure 8 | Snapshots of surface temperature (A, D, G, J), surface salinity (B, E, H, K), and current field divergence, ux+vy/f, in the surface layers (C, F, I, L) during the highest and lowest measured concentration of MPs at selected stations. The gray box indicates the location around measurement location with 10-km distance.




Table 2 | Statistical values of different surface parameters around the monitoring stations during the observed highest and lowest value of MPs.



In the high-concentration cases at both stations, strong lateral gradients in the salinity and temperature fields in the vicinity of the stations are seen (Figures 8G, H). During low-concentration cases, the lateral gradients are much weaker, and the variance of the fields is much smaller. In addition, the divergence during the high-concentration case was mostly negative, suggesting convergence, i.e., accumulation of the matter in the surface layer. During the low-concentration case, the divergence was mostly positive in the vicinity of the station.

Although the mean temperature and range during the high-concentration case was smaller than during the low-concentration case at 85, the range and variability of salinity was at least two times larger (Table 2). The variability of the salinity gradient around the station was almost 6 times larger. At station 14, the variance (shown as standard deviation in Table 2) of all parameters are greater during the high-concentration case.




Discussion

We have reported results from the 5-year MP observations in the eastern Baltic Sea. Next, we compare our findings with previous studies that collected data using surface trawling (Manta trawl) like us in the Baltic and global oceans. In the sea surface layer of the Baltic Sea, Aigars et al. (2021) detected an MP concentration of 0.09–4.43 counts/m3, Karlsson et al. (2020) found 0.18–0.92 counts/m3 in the Gullmar fjord at the Swedish west coast, 0.05–0.09 counts/m3 were observed in the South Funen Archipelago (Tamminga et al., 2018), Gewert et al. (2017) measured 0.19–7.73 counts/m3 in the Stockholm Archipelago, and 0–0.8 counts/m3 were found in the GOF (Setälä et al., 2016). In the Arctic waters, Lusher et al. (2015) revealed MP concentrations of 0–1.31 counts/m3, 0.07–9.25 counts/m3 were measured in the Eastern Mediterranean Sea (Adamopoulou et al., 2021), 1.82 counts/m3 were observed in the Mediterranean Sea (Zeri et al., 2018), and 0.06–25.9 counts/m3 were found in the Eastern Indian Ocean (Li et al., 2021).

Although Aigars et al. (2021) collected samples at numerous stations during 1 year, while we conducted measurements at three stations, during 5 years, the mean concentrations in the central GOR were roughly in the same order. Our observations revealed lower concentrations in the northern GOR and the Pärnu Bay; however. Setälä et al. (2016) identified an average MP concentration of 0.3 counts/m3 in the GOFC region, and our investigation revealed 0.59 counts/m3. We can conclude that the concentrations registered in our study—in the range of 0.01 to 2.45 counts/m3 (0.002–0.43 counts/m2) with a mean concentration of 0.49 counts/m3 (0.08 counts/m2)—are in the same order as previous studies in the Baltic Sea.

The mean concentrations in the three subregions in the GOF were in the range of 0.46–0.65 counts/m3, while it was 0.33 counts/m3 in the GOR. The difference between concentrations in the GOR and GOF could be explained by human pressure. Population in the catchment area per surface area of the GOF is ca. 400 inhabitants km−2 while it is 150 inhabitants km−2 in the GOR catchment (HELCOM, 2004). Note that in the easternmost part of the GOF, in the area we did not cover, the MP concentrations are probably higher than we observed due to the impact of river Neva (Martyanov et al., 2021). If we combine our results with Aigars et al. (2021), a meridional pattern is revealed in the GOR: higher MP concentrations in the south and lower MP concentrations in the north. This could be related to the population in the catchment areas as well. The water entering the southern part of the GOR is impacted by ca. 2.4 million inhabitants while the total population in the catchment area of the GOR is ca. 2.7 million.

The low human pressure is a likely reason behind the small mean concentration in the VS. The catchment area of the VS has an extremely low population, and there are no larger towns or other considerable point sources at the coast of the VS. Low MP concentrations in a similar area, in the South Funen Archipelago in Denmark, were explained by the sheltered position of the study area, low human pressure on adjacent islands, and the absence of any major potential point sources (Tamminga et al., 2018).

We registered considerable amounts of MPs at stations Pal (2.10 counts/m3) and 2 (1.49 counts/m3) in proximity to the city of Tallinn. Our observations follow previous studies that reported that the MP particle concentrations are frequently greater near densely populated urban areas with pollution sources such as industry and wastewater treatment plants (Yonkos et al., 2014; Gewert et al., 2017; Schönlau et al., 2020).

High mean MP concentration was detected at offshore station 85. This is a somewhat controversial result as earlier studies have reported higher values near coasts and rather low values offshore in the BP (e.g., Aigars et al., 2021). No major rivers enter the area, or remarkable point sources (cities and towns) are nearby. On the one hand, a possible explanation could be that the northern BP is the accumulation zone, where the discharge and buoyant particles from different basins (the GOF, GOR, Bothnian region, and south- and eastern BP) are concentrated. Secondly, the mean cyclonic current structure of the BP (Placke et al., 2018; Liblik et al., 2022) recirculates/traps the surface water in the basin for a longer period. In addition, MPs exhibit different buoyancy characteristics based on their density, shape, size, and biofouling rate (Adamopoulou et al., 2021). Convergence and downwelling act as a sorting mechanism, with relatively larger particles staying in the surface layers and smaller particles getting transported deeper in the water column (van Sebille et al., 2020). The biofilm growth is generally faster for smaller particles due to their high surface-to-volume ratios (Tsiaras et al., 2021). Thus, the buoyancy patterns described above and the fact that nearly 81% of MPs detected were smaller than 1 mm allow us to justify the high mean MP concentration at station 85. Recently, it has been shown that the region is prone to be affected by the submeso- and mesoscale activity (Väli and Zhurbas, 2021; Zhurbas et al., 2022), which can contribute to the convergence and divergence of MPs in the surface layers. We showed that high variability and convergence at the (sub)mesoscale could be a factor leading to high MP concentrations, but further investigations are needed to understand the pathways and reasons behind the phenomenon.

We considered two shapes of the MP particles in the current study: fibers and fragments, which accounted for 96% of the encountered particles in the eastern Baltic according to the recent study (Aigars et al., 2021). MP fragments are more likely to break up into smaller pieces and are caught in the Manta trawl than other MPs (Li et al., 2021). Synthetic fibers derived from textile materials could enter the aquatic ecosystem through sewage systems, surface runoff, or atmospheric transport and deposition (Bai et al., 2018; Liu et al., 2019; Wang et al., 2020).

The share of fibers (51%) and fragments (49%) was approximately equal in the current study. The latter is valid for the whole dataset, as well as the subregions. However, the share of shapes and concentrations might be influenced by the sampling method: Manta trawling with the mesh size of 330 µm. Many studies reported more fibers on the sea surface (Setälä et al., 2016; Bagaev et al., 2017; Gewert et al., 2017; Tamminga et al., 2018;  Aigars et al., 2021), compared with fragments. On the other hand, some studies showed a lower proportion of fibers (Zhang et al., 2017; Pan et al., 2019; Karlsson et al., 2020). When samples are collected using the Manta trawl, MP fibers might leak in high numbers through the 330-µm mesh but could be more efficiently trapped when the mesh size is smaller (<100 µm; Setälä et al., 2016). However, even when a smaller mesh size (100 µm) is used, the number of fibers does not appear to rise, as fiber size, particularly from clothes, is less than 20 µm (Setälä et al., 2016).

Despite the equal share of fibers and fragments, the correlation between the concentration of the two shapes in the whole dataset was weak, although significant. However, high correlations were found near the Pärnu river mouth at station K5 (r2 = 0.87) and near the outlet of the Paljassaare wastewater treatment plant, at station Pal (r2 = 0.60). In the rest of the stations, there was a significant weak correlation, except at station 2 in the GOF and offshore station 85 in the BP, where the correlation was not found. Due to disturbance-induced vertical transport, small size MPs get resuspended to the surface layer (Xia et al., 2021). As K5 is a shallow station (depth, 5 m), and nearly three-fourths of MP detected are small, we suggest that the high correlation is related to the resuspension of MP to the sea surface layer. Correlation further off the sources was weaker due to the impact of marine processes, e.g., biofouling and vertical mixing, which could have a different effect on the fibers and fragments.

The MP fragments were mostly white, blue/green, and gray/black, whereas MP fibers were mostly gray/black and blue/green in the current study. This result is consistent with other studies where MP fragments and MP fibers were reported (Zhang et al., 2017; Karlsson et al., 2020; Aigars et al., 2021). The share between the two size classes 330–999 µm and 1,000–4,999 µm was 75% and 25%, respectively. The higher number of particles with decreasing size has been documented earlier in the eastern Baltic Sea (Setälä et al., 2016; Aigars et al., 2021).

The mean concentration was higher in autumn than in summer in all regions and stations. This seasonal signal is likely related to the biofouling and consequent sinking of the MP (Kaiser et al., 2017). Spring and summer are biologically active seasons in the Baltic Sea (Lips et al., 2014; Kahru et al., 2016; Purina et al., 2018). Decay and deepening of the seasonal thermocline and cooling of the upper mixed layer water start in the second half of August in the eastern Baltic Sea (Liblik and Lips, 2011; Skudra and Lips, 2017), which leads to the decrease of organic matter production (e.g., Gasiūnaitė et al., 2005), reduced biofouling, and consequently declined sinking rate of the MP. Moreover, the density of the upper mixed layer increases in autumn, which increases the buoyancy of the MP and reduces the sinking probability as well.

The shorter-term and smaller-scale spatial variability of the MP concentration in the sea surface is shaped by various processes such as advection, divergence, convergence, and vertical mixing (Auta et al., 2017; Lebreton et al., 2018; Zhang et al., 2020). The wind mixing distributes the MP vertically (Kukulka et al., 2012); thus, the MP concentration in the surface layer and wind speed can be negatively correlated (e.g., Schönlau et al., 2020). We found a significant negative, but weak correlation between the wind speed and the MP concentration only at offshore station 14.

The highest concentrations of the MP at the coast of Narva Bay were observed during the downwelling event while the lowest value was detected during the coastal upwelling event. There was a 60-fold difference between the highest and lowest case. The low values during upwelling can be explained by the subsurface origin of the water. The upwelling water originates from the cold intermediate layer in the GOF (Lips et al., 2009). The downwelling causes convergence of the upper layer water and the upper mixed layer in summer could deepen over 40 m (Liblik et al., 2017). Despite the downward movement, the buoyant-enough particles tend to stay at the surface and accumulate (Kooi et al., 2016; Waldschläger and Schüttrumpf, 2019). Thus, in the enclosed sea, where wind from any direction causes downwelling/upwelling along some coastal sections (Myrberg and Andrejev, 2003), the coastal mesoscale processes can potentially cause remarkable variability in the MP concentrations. Moreover, mesoscale eddies could redistribute the MP. The anticyclonic eddies converge the debris, and thus, concentrations there can be much higher compared to cyclonic eddies as shown in other areas (Brach et al., 2018). It is probable that the submesoscale processes, which are evident in the observations (e.g., Lips et al., 2016) and which converge and diverge tracers according to simulations (e.g., Zhurbas et al., 2022) in the smaller spatiotemporal scale, affect the MP concentrations and pathways as well in the Baltic Sea. Our samples were collected along a 1- to 4-km long line; thus, to study the MP in the submesoscale in more detail, other measurement methods, e.g., in situ pumping (Karlsson et al., 2020), should be implemented.



Conclusions

The dataset analyzed in the present study provides the first view on MP pollution and its spatiotemporal variability in the surface water of the eastern Baltic Sea. MPs were found in all 122 samples, and their concentration varied from 0.01 to 2.45 counts/m3 with a mean concentration of 0.49 counts/m3. The obtained concentration ranges, the share of the MP fragments and fibers, and the color composition of MPs generally agree with previous studies in the neighboring areas. The regional differences in the mean MP concentrations in the GOF, GOR, and Väinameri Archipelago Sea are likely related to the human pressure (population) in the catchment areas. The seasonal increase in the concentration from summer to autumn can likely be explained by the decline in the biofouling in autumn and related decrease in the sinking rate of particles.

The high variability in the observations was probably the result of multiple processes, which could not be fully captured by the design of the monitoring program. However, we managed to show that upwellings and downwellings, and wind mixing play a role in the variability of the sea surface MP concentration. It is likely that other (sub)mesoscale processes alter the MP concentrations in the surface layer as well. To improve the knowledge on the pathways of the MPs, the processes in the (sub)mesoscale from the sources to offshore should be addressed by further dedicated observational and modeling studies. Likewise, the measurement and modeling effort to estimate the land–sea and water column–sediment fluxes of MPs should be sought.
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This paper aims to quantify data uncertainties in marine microplastic measurements, including spatiotemporal sampling error and sample volume estimation error, identify impacts of varying mesh sizes, sampling and analysis methods, and evaluate consistency in multiple microplastic observation datasets. Twenty-seven datasets on surface marine microplastics with particle size >100 µm in the Baltic Sea are compiled. Results show that the trawl datasets have a spatiotemporal sampling error of 25% for microlitter concentration, 36% for microplastic fiber concentrations and 40-56% for microplastic particle concentration. By taking surface currents and wave-induced Stokes drift into account, the sample volume of the trawl measurements is corrected, leading to a mean microplastic concentration correction of 12%. The differences of microplastic concentration between datasets with varying mesh sizes from 100 – 500 µm are not statistically significant. Analysis methods, however, can lead to significant differences in microplastic datasets. The dataset consistency is further examined among the three dataset categories using trawl, pump and bulk sampling techniques. It is found that an individual dataset is often self-consistent. Most of the datasets within one monitoring category are more consistent than those from different categories. More than 70% of the datasets within individual categories are consistent, which have mean microplastic concentration significantly smaller than the rest of the datasets. Significant inconsistencies are identified between different data categories. Six out of eight highest relative standard deviations are found in the pump and bulk datasets. The median value of the mean microplastic concentration from the 10 pump datasets is about 4.5 times as much as that of the 14 trawl datasets, both for fiber and non-fiber particles. Significant differences are also identified on microplastic fiber fraction in different dataset categories. Two thirds of the 13 bulk and pump datasets have a microplastic fiber fraction >85% while the 14 trawl datasets show much lower microplastic fiber fractions between 45-70%. In addition, the particle collection efficiency, potential leakage of particles with irregular shapes, clogging, the false zero samples and related lower limit of the detectable microplastic concentration for given sampling methods and water environment, are also discussed.




Keywords: marine microplastic monitoring, Baltic Sea, sampling error, water flow correction, trawl and pump sampling, microplastic fiber fraction, microplastic data uncertainty, consistency in multiple microplastic datasets



1 Introduction

“Micro-litter” refers to a diverse group of particulate materials originating from human activities. The Marine Strategy Framework Directive (EC, 2008) defines microlitters (ML) as objects with the largest measurement below a limit of 5 mm (Hanke, 2013). Part of ML is made of microplastics (MP), released from e.g., laundry, wearing of tyres and use of personal care and cosmetic products. The shapes of MP particles involve filaments (fibres), beads, fragments etc. In this paper, the MP particles are categorized into two types: the MP filament hereafter being referred as MP fiber (MPF) and the rest of the non-fiber microplastics, referred as MP particles (MPP).

The Baltic Sea is a semi-enclosed sea, carrying pollutants emitted from the Baltic Sea catchment with a population of more than 80 million people. Due to a water renewal period of about 30 years (Leppäranta and Myrberg, 2009), the pollutants in the Baltic Sea have a relatively long residence time which worsens the marine environment. Marine microplastics have received much public and scientific attention over the past decade due to its possible consequences on marine ecosystems (Ajith et al., 2020). Monitoring of the MP litter in the sea is an important area of research as it provides a basis for environment assessment and protection.

The MP litter in the sea can be measured by filtering water samples from the sea using a net with a certain mesh size and then analyzing, categorizing and counting the collected particles in the laboratories. Although, in the Baltic Sea, microplastic litter has been widely monitored in coastal, estuary and open waters (Norén, 2007; Magnusson and Norén, 2011; Norén et al., 2015; Setälä et al., 2016; Bagaev et al., 2017; Tamminga et al., 2018; Beer et al., 2018; Zobkov et al., 2019; Schönlau et al., 2020; Aigars et al., 2021), common technological standards, both on sampling and analysis methods, are still under development. Existing research have shown large discrepancies between different datasets. For example, most of the trawl samples showed a MP concentration of 10-2-100 particles per cubic meter (pcs/m3) (Magnusson and Norén, 2011; Norén et al., 2015; Setälä et al., 2016; Tamminga et al., 2018; Karlsson et al., 2020; Schönlau et al., 2020; Aigars et al., 2021; Mishra et al., 2022), while some pump and bulk samples measured up to 102-3 pcs/m3 (Bagaev et al., 2017; Tamminga et al., 2018; Schönlau et al., 2020). In addition, pump datasets often have many samples with false-zero concentrations (Setälä et al., 2016; Schönlau et al., 2020). Even replicate samples from the trawl and pump sampling can have big differences (Schönlau et al., 2020). In an effort to analyze spatial distribution of the microplastic particle concentration using a basin scale sampling in the Baltic Sea, Schönlau et al. (2020) found that spatial distribution derived from the pump data is not consistent with the trawl data. Although the differences in the multiple datasets can be caused by sampling locations, field surveys with replicated pump and trawl samples (Setälä et al., 2016; Schönlau et al., 2020) suggested that such significant differences in the datasets are mainly caused by the sampling methods. However, existing research on the data consistency are mainly based on individual datasets, a systematic study on the data consistency using multiple datasets is needed to quantify both the significant differences and synergy between different datasets.

The uncertainties in MP litter measurements from the sea can be caused by three major error sources: sampling error, instrument error and laboratorial analysis error. Some error sources are common to all monitoring methods thus, can be quantified in a common way such as net contamination and spatiotemporal sampling error. However, there are also a few error sources related to analyzing methods, such as uncertainties in particle collection, sample water volume and sample size. Below we will streamline the existing studies and knowledge on the MP litter measurement according to the three error types (sampling, instrument and analysis error) and analyzing methods.

Sampling error - it is a measure of repetitiveness or randomness of data when sampling from a stochastic spatiotemporal field, which can be estimated as the difference between the estimated sample mean value from observations and the real mean. The sampling error depends not only on the probability distribution of MP concentration but also on the sample size or the number of MP particles per collected sample. To ensure that the sample represents the local mean condition of MP (i.e., with small standard deviation), a recommendation of a minimum of 26 particles in one sample was made based on an assumption of Gaussian distribution of the MP concentration with particle size > 300 µm (Karlsson et al., 2020). A lower number of particles will increase the randomness of the measurements. The spatiotemporal randomness in the sampling also affects the sampling error. The real value of this uncertainty cannot be obtained at a given spatiotemporal position since only one measurement can be made. However, the spatiotemporal sampling error can be approximated by using variance in a small spatiotemporal box which can be estimated by using multiple measurements in the box. The spatiotemporal MP sampling error has rarely been quantified in previous studies.

Instrument error - the second category of observation error, i.e. the instrument error, is attributed to uncertainties from using different sampling instruments during the sampling. This can be described instrument-wise. The trawl method uses a net, e.g., a manta trawl or bongo net, tailored to a ship. When the ship is moving, water flows through the net and marine litter in the surface layer is collected, where the sampling layer thickness depends on the height of the manta, often 20-70 cm. Since the ship can move a long distance, sufficient amounts of MP particles can be collected to avoid false zero samples and reach a statistically stable result (Karlsson et al., 2020). For relatively low concentration of 10-2 – 100 pcs/m3, an effective sampling to catch a minimum of 26 particles needs to sample a water volume of 102 cubic meters. Thus, trawl method represents a good choice: towing a manta net with a ship speed of 2 knots for 15-60 minutes can normally meet the requirements.

The main instrument error of the trawl method includes several sources, e.g., atmospheric contamination which mainly affects fiber data, uncertainties in the sample water volume estimation and particle collection efficiency. The sample water volume is calculated from the ship’s moving distance and the area of the trawl mouth. In most of the cases, a flow meter is not used. Several potential error sources for sample water volume estimation should be considered. As pointed out by Karlsson et al. (2019), the net may not always be submerged in the water, especially in high seas, thus a few percentage underestimation of the sample volume may be made. Another error source is the neglect of the impacts of flow velocity in the water volume calculation in the trawl sampling, including surface currents, wave-induced Stokes drift and maybe turbulence flow in the wake area of the moving ship. This error source has not been well quantified in previous studies. The particle collection efficiency is another source of error, caused by leaking of particles with irregular shapes, clogging due to biomass accumulation etc.

The pump method has been developed to provide more accurate sample volume estimation with a flow meter (Magnusson and Norén, 2011; Setälä et al., 2016), and also the capacity to measure the smaller particles between 10-100 µm (Norén et al., 2015; Schönlau et al., 2020). This smaller fraction is the major part of the MP particles from sources such as wastewater treatment plants (WWTPs), as shown by Lassen et al. (2015). The water is pumped through a filter to collect MP litter. This can be made on board either in a moving or standby ship. The main weakness of the pump method is its small sample volume, normally 10-3-100 m3 depending on the mesh size. For large particles (> 100 µm), the pumping method gives more false-zero values than the trawl method, especially for the MPPs. For example, the pump samples from Setälä et al. (2016) only gave 13% of the samples with non-zero MPP concentration. It should also be noted that the pump method does not permit sampling from a microlayer of the surface layer where the highest MP concentration is found (Song et al., 2014), and the maximum sampling depth is also limited to several meters because of the submersible pump’s water resistance rating. Zobkov et al. (2019) further improved the pumping method so that it can be used to measure microplastic concentration for the entire water column.

In addition, a bulk method has also been frequently used where water samples are directly taken from a given depth using a water container, such as Niskin bottles. The volume of water is generally low (between 100-101 liters) compared to the trawl methods. Such an amount of water is sufficient for detecting smaller particles, e.g., with a size ranging from 10-50 µm, but it can be insufficient for particles larger than 100 µm with a relatively low concentration. The low water volume used in the bulk method may lead to large statistical errors in low concentration waters and end up with very high concentrations, for example, 101-3 pcs/m3 with minimum sizes of 80-300 µm were reported by using this method (Norén, 2007; Gorokhova, 2015, Bagaev et. al., 2017) in the Baltic Sea.

Another major source of instrument error in MP monitoring is the “efficiency of particle collection”, as mentioned above. The MP shape involves beads, fragments, fibres and films. The MP monitoring collects MP particles using a filter with a certain mesh size l (µm), then only particles with a size between l-4999 µm are considered as valid. Here, the “size” means the length in the largest dimension of the particle. Such a practice is perfect for spherical particles, but will lead to potential leakage of valid particles with irregular shapes. Microplastic fibres (MPFs) are a typical example. The average diameter of MPFs released from a washing machine is 12-18 µm (Napper and Thompson, 2016) while their length is often much longer than 300 µm. Therefore, they can be either collected or leaked from the filter with a mesh size > 100 µm, depending on the situation of the litter collected in the net and water flow. In principle, particle leakage can happen in different monitoring methods. The trawl methods, due to its long sampling time and large size of the trawl net, may be mostly affected by this factor. The bulk and pump methods, on the other hand, may be less affected compared to the trawl method. Especially, when a filter with fine mesh (e.g. 20 µm) is used, the efficiency of collecting large MP particles will be high. However, there is still a lack of studies on the quantitative impact of the particle leaking.

Another issue related to the efficiency of particle collection is the potential clogging of the mesh. For the trawl method, the mesh size of the net should not be too small as this can lead to frequent clogging. Due to these reasons, the trawl method is mainly used with a mesh size > 100 µm, most often 300 or 330 µm. In general, the sampling should also avoid periods of microbiota and/or gelatinous plankton bloom which can quickly clog the filter.

Analysis error - After the samples are taken to laboratories, the filters are rinsed and/or digested with oxidizing agent to remove organic matter and microbiota, then microlitter is sorted out from the sample, categorized and counted (GESAMP, 2019), using either FTIR and/or visual counting under a microscope together with hot needle test. The visual counting together with the hot needle test allows the quantification of fibres. FTIR analysis, instead, enables plastic polymers identification avoiding bias from other materials, such as natural particles. However, FTIR may not be so efficient and accurate in identifying MPFs, and a specific algorithm will be needed for MPF detection (Primpke et al., 2019). Furthermore, the analysis error of the visual counting method is also analyst-dependent. An experienced analyst may generate more consistent observations with lower uncertainties. However, the analysis error of these two kinds of analysis methods has rarely been quantitatively documented.

As a summary, there is still a lack of study on the quantification of the different kinds of MP data uncertainties, and consistency between different datasets. The lack of knowledge on these two issues has hampered creation of common technological standards for microplastic monitoring and integrated use of multiple MP datasets for spatiotemporal pattern analysis and for model calibration and validation. The purpose of this research is two-folded: the first is to quantitatively assess a few kinds of measurement errors in the MP data which have not been well examined before, including spatiotemporal sampling error, sample volume error in the trawl data due to neglecting surface water flow; the second is to investigate consistency of MP data in multiple datasets, related to both sampling and analysis methods. In section 2, methods and data used in the study are described. The results on the uncertainty estimation and consistency between different datasets are given in section 3. Based on the findings, discussions are made on some technical issues and recommendations are given for using multiple observation datasets for large scale MP observation studies in section 4. Conclusions are given in section 5.



2 Methods and Materials


2.1 Spatiotemporal Sampling Error Analysis

Spatiotemporal sampling error is the uncertainty raised when using a local observation to present the mean value of a spatiotemporal sampling box. It reflects the level of small scale variability of the measured parameter and representativeness of the observation. For a given spatiotemporal sampling box, the relative sampling error 𝞮 can be defined as



Where “SD” is the standard deviation and “Mean” is the mean value of the measured parameter in the box.

The sampling error can be estimated by using high density and frequency observations, such as satellite measurements for sea surface temperature (She and Nakamoto, 1996; She et al., 2007). In this study, the spatiotemporal box is defined as 15km by 15km in space and 24hours in time. First, we search available observations in the defined sampling box. If multiple observations are available in the same box, they can be used for estimating the sampling error.

Datasets from TalTech cruises, EU H2020 CLAIM (Cleaning Litter by developing and Applying Innovative Methods in European seas) project and Schönlau et al. (2020) have replicated trawl samples or spatially close samples which are suited for the local sampling error calculation. Sampling locations of the three datasets are shown in Figure 1.




Figure 1 | Station locations and IDs from three microplastic datasets: CLAIM dataset - green; Data from Schönlau et al. (2020) - black and TalTech dataset - blue. Locations and station names are given in Table S1 in Supplementary Material.



The TalTech microlitter monitoring data were collected in 2016-2020, mainly during April – October. Microlitter monitoring was carried out using a research vessel Salme with a manta trawl with mesh size of 330 µm, in the eastern Baltic Sea in a geographical area (20.9-28.0°E, 57.6-59.9°N). Microlitter samples were collected at 16 stations (Figure 1). In total 122 data points were collected. A detailed introduction to the TalTech dataset can be found in Mishra et al. (2022). In total, 42 sampling boxes are identified with two data per box from the Taltech dataset (Table 1). Some locations have three replicated data, in such a case, three data pairs are obtained by blending different data.


Table 1 | Microplastic datasets used in sampling error calculation.



In the CLAIM project, two field campaigns were carried out in the Gulf of Finland with a manta trawl: one in 24/9/2018 and the other in 17/4/2019. During each cruise, two replicate samples were taken at each of the five stations (Figure 1), among which four of them overlapped with TalTech stations. The samples were collected with a manta trawl with varying mesh sizes from 100 to 330 µm. When using these data to estimate the spatiotemporal sampling error, the differences due to particle size were also included. Data from Schönlau et al. (2020) consist of MPP and MPF concentrations in the Baltic Sea scale with replicates at 12 stations (Figure 1). The datasets used in sampling error calculation are summarized in Table 1.



2.2 Uncertainty in Volume Estimation in Trawl Method

One major error in the trawl method is the uncertainty in measuring and calculating the water volume through the net. In practice, the water volume V is calculated from 



Where L is the towing distance and Snet the open area in the mouth of the manta trawl. The formula assumes that the manta trawl is always below the water surface. In many cases, there is no flowmeter attached to the manta trawl, thus, the surface water movement from currents and Stokes drift is neglected. In such a case, missing water flow will affect the final results of the water volume calculation and then estimated MP concentration. Karlsson et al. (2020) observed that concentrations of microlitter in the trawl samples were sensitive to the trawl direction, i.e., the samples that were sampled in the same direction had similar concentration values. This may reflect the impact of water flow. In this study, simulated hourly surface currents and wave-induced Stokes drift are used to calculate the impact. First, for a given sample, the surface currents and Stokes drift are projected on the ship transection. Then a corrected sample volume can be calculated:



Where Vc is the corrected sample volume, Wship is the ship speed, T the towing time, Wc the surface current speed, Ws the Stokes drift, θ1 and θ2 the angles between ship direction and surface currents and Stokes drift, respectively. In practice the hourly surface currents data are obtained from an operational three-dimensional ocean forecast which are provided by Danish Meteorological Institute, and the hourly Stokes drift data are extracted from Copernicus Marine Environment Monitoring Service (CMEMS) wave forecast product (Lindgren et al., 2020). With this information, we can make corresponding corrections on sample volume estimation and also the final estimation of the MP concentration.

The flow correction is applied to the TalTech dataset in 2016-2020 to estimate its impact on the volume and concentration estimation.



2.3 Uncertainty Related to the Analysis Methods

The uncertainty in the analysis can be studied either by estimating different types of analysis error in an individual dataset, e.g., MPP or MPF counting errors in the trawl method or intercompare analysis results from using different analysis methods on the same samples. During the two cruises in September 2018 and April 2019, the TalTech and CLAIM datasets are sampled closely in space and time and locations but analyzed with different methods. The TalTech data was derived from visual counting together with the hot needle test. The CLAIM data was derived by using the visual counting coupled with the FTIR analysis. Both datasets applied blank sample calibration but with different standards. TalTech blank sample is used as a reference and it was found that only a few percentage uncertainties were attributed to the filter contamination. CLAIM partners, however, applied a very strict blank sample test. If one color of MPF was found in the blank sample, MPF with this color was counted as zero. Due to this reason, MPF data in CLAIM are not used in the analysis. The data are displayed in the supplementary materials (Table S2). One can find that, at each location, there is one observation using visual counting together with hot needle test and two observations with different mesh size using visual/FTIR method. The two datasets are inter-compared and potential reasons for their differences, such as spatiotemporal sampling uncertainties, mesh size, local singularities and the analysis methods, are analyzed.



2.4 Consistency in Data and Datasets

In this part, several issues, including self-consistency of data in individual dataset, consistency between multiple datasets with same monitoring method and with different monitoring methods, are investigated. Mean or median, relative standard deviation (RSD), i.e., standard deviation (SD) divided by mean as well as outlier data are estimated and analyzed both within individual dataset and between multiple datasets. Considering the significant leaking effect of MPFs, MP litter is divided into two groups: MPFs and MPP. In addition to mean and RSD, consistency of MPF fraction, i.e., percentage of MPF in total amount of MP litter, is also investigated.

To quantitatively analyze consistency in multiple datasets, in addition to TalTech, CLAIM and Schönlau et al. (2020) datasets, more than 20 other research datasets were also collected from existing publications and used (Table 2), among which 14 datasets use trawl method, 10 use pumping and 3 use bulk method. For some datasets, raw data are not available, thus only mean value and MPF fraction are cited. Only observations from upper 1 m with mesh sizes >100 µm are considered in the present study.


Table 2 | Multiple microplastic datasets and statistics.






3 Results


3.1 Spatiotemporal Sampling Error Analysis

The sampling error is estimated using 64 data pairs sampled in spatiotemporal boxes of a few kms by hours. With 42 data pairs from the TalTech dataset, the sampling error is calculated for concentrations of MPP, MPF, MP and ML. It is found that ML has the least mean sampling error that is 25%, MPP has the largest which is 40% and MP and MPF with 36% in between. This is true for each of the five years (Figure 2). The standard deviation of the sampling error also shows a similar feature as the mean sampling error: 19% for ML, 23% for MP, 27% for MPF and 30% for MPP (Table S3). Considering that MP is retrieved from ML, and MPP/MPF are retrieved from MP, the escalated mean sampling error from ML to MPP reflects that sampling uncertainties increase with the amount of particles per sample. There is an interannual variability of the sampling error: 2020 has the smallest sampling error and 2018 has the largest, which is true for all four types of litter except that the highest MPF sampling error is found in 2019 (Figure 2). Reasons for this variability are not yet known. It is noted that the number of data pairs and the size of the boxes where the data were sampled are also different. Half of the data pairs are replicated samples in 2017 while other years have less data pairs and larger box size for sampling error estimation (Table 1). It is also found that sampling errors of MPP and MPF are not correlated although MPP concentration is correlated with MPF concentration (correlation coefficient = 0.55, p-value <0.0001). The uncorrelated spatiotemporal sampling error between MPP and MPF indicates that their spatiotemporal variability is independent on a small scale.




Figure 2 | Yearly spatiotemporal sampling error estimated from TalTech data during 2016 – 2020 for ML (microlitter), MP (microplastics), MPF (microplastic fiber) and MPP (non-fiber microplastic) concentrations.



The frequency distribution of the sampling error from the TalTech data is shown in Figure 3, which gives richer information on the frequency of the sampling error in 0.1 sampling error intervals. It shows that more sampling error values are found in the lower end: about 75% of the samples have a sampling error smaller than 40%. However, since the sampling error is calculated as a percentage of concentration differences between the sample pairs to the mean concentration, the sampling error can be sensitive to very small concentration values which may lead to high values of the sampling error. There are indeed a few sampling error values found in the high end (Figure 3). This is also reflected by the fact that the annual medium sampling error is 10-16% lower than the mean value (Table S3).




Figure 3 | Frequency distribution of sampling error in the sampling boxes of a few kilometers by a few hours from TalTech data. The frequency is calculated for a sampling error bin of 0.1 interval.



With the CLAIM dataset, the MPP sampling error is estimated for samples obtained from 2018 and 2019 cruises. The CLAIM data gives a MPP sample error of 33.8% and 77.0% for 2018 and 2019, respectively, which is comparable to the ones obtained from the TalTech data, i.e., 47.2% and 50.5% (Table S2). Such a difference is understandable as TalTech samples use the same mesh size of 330 µm while CLAIM samples use three different mesh sizes: 100 µm, 200 µm and 330 µm.

In addition, sampling error is also estimated by using MP measurements in Schönlau et al. (2020). The data cover Swedish waters in Baltic Sea, Kattegat and Skagerrak in August 2014 (Figure 1). The sampling error estimated from the trawl dataset is 54% for MPP concentration which is at a similar level as obtained from CLAIM and TalTech datasets in 2018 and 2019 (Table S3). For MPF concentration, data from Schönlau et al. (2020) gives a mean sampling error of 52%, which is comparable to the highest yearly mean sampling error in TalTech data, i.e. 53.8% in 2018 (Table S3).



3.2 Impact of Water Flow on MP Concentration Estimation

The impact of the water flow on the MP concentration estimation is determined by the amplitude and direction of surface currents, Stokes drift and ship movement. The water volume and MP concentration of the TalTech dataset was re-calculated by using hourly surface currents and Stokes drift from the ocean and wave models. The mean relative correction of the MP concentration is 12.1% ± 12.2% and the individual correction varies between -0.55 – 0.58 pcs/m3, with a mean of -0.0046 pcs/m3. Occasionally, in rough conditions with high surface current speed and wave-induced Stokes drift, the correction can be 40% high of the measured concentrations. The linear correlation between the original and corrected MP concentration is 0.97, thus the correction does not change the statistical features e.g., temporal variability of the dataset, as shown in Figure 4.




Figure 4 | MP concentrations from TalTech dataset during 2016-2020: blue – original estimation by using ship distance; red: corrected estimation by considering the surface currents and Stokes drift; green: the corrections.





3.3 Uncertainties Related to Analysis Method

Here we focused on the difference between visual counting method and visual/FTIR analysis method by comparing the sample pairs from TalTech and CLAIM datasets. The samples were collected at almost the same time and location but analyzed with visual counting with hot needle test for TalTech samples and visual/FTIR method for CLAIM samples. Using TalTech-CLAIM data pairs in Table S2, it is found that, for MPP concentration, the mean value of TalTech data is 7.4 times higher than CLAIM data in 2018 and only 60% higher in 2019, based on data in Table S2. The higher MPP concentration in TalTech data cannot be explained by differences in mesh size as CLAIM samples were measured with smaller meshes than TalTech. Can this difference be explained by spatiotemporal sampling error? As shown in Table S3, the sampling errors of MPP concentration are 34-40% in 2018 and 58-77% in 2019, thus the difference of MPP concentration between the two datasets in 2019 (i.e., 60%) is within the range of the sampling error. It is therefore to suggest that the MPP concentration difference caused by the analysis methods in 2019 may be small, compared to the sampling error. However, the difference in 2018 is well beyond the range of sampling error thus cannot be explained by the sampling error. The largest differences for 2018 data is found between station Prita (1.463 pcs/m3) and 57a (0.073m3). Pirita sample was taken exactly from the river mouth to estimate the microplastic inflow from Pirita river and yacht harbor. Station 57a, also close to station Prita, is in the inner bay. Considering that the pollution transport in this area largely depends on the highly variable currents in the river mouth, the difference between the CLAIM and TalTech data in 2018 may be partly explained by the local variability.



3.4 Differences in Data Measured With Multiple Mesh Sizes

The lower limit of the particle size selected in this study is set as 100 µm since this will widen the data coverage. In the 27 datasets compiled, seven of them have a size lower limit below 300 µm. We have combined these datasets in the analysis. A natural question to ask is how much differences will be caused by using different mesh sizes above 100 µm? With the CLAIM data, we found that the differences between data using different meshes are not statistically significant. In total, the CLAIM datasets (T11 and T12 in Table 2) have 20 data samples at five stations measured from two cruises. At each station, two replicate samples were collected, but with different mesh sizes. The data can be divided into two groups. In Group I, the samples used 200 µm and 300 µm meshes while in Group II, 100µm and 200µm mesh sizes were used. The two-sample t-test (Snedecor and Cochran, 1989) is used to determine if two population means are equal. It is found that the difference of mean MPP concentration between data groups with different mesh sizes is not significant (p values >>0.05), in both data groups (Table 3).


Table 3 | Inter-comparison of microplastic datasets using nets with different mesh sizes.



This issue can also be investigated by using the pump data. The pump data from Setälä et al. (2016) were measured with mesh size of 100 and 300 um, each with 12 samples (datasets P3 and P4, Table 3). This allows a similar analysis to the CLAIM data. It is found that differences between the two datasets are much larger than those obtained in the CLAIM datasets. However, due to high standard deviation in the data samples, such a difference is not statistically significant (p value >> 0.05). Similar analysis can also be made for ferrybox data from NIVA Denmark (data ID – P10, Van Bavel et al., 2020) but with 100 µm and 500 µm mesh sizes. For 11 samples, the total number of collected MP particles are 20 for the 100 µm mesh size and 18 for 500 µm mesh size. Again, the difference of the two dataset is not statistically significant (p value >> 0.05).



3.5 Variability in MPF Measurements


3.5.1 MPF Concentration

Existing research (Setälä et al., 2016; Tamminga et al., 2018; Schönlau et al., 2020) has shown that the trawl method measured significantly less MPF concentration than the pump and bulk methods. This is further confirmed as a general feature by comparing the 14 trawl datasets and 10 pump datasets. The median MPF concentration in the 10 pump datasets is 4.6 times as much as that from the 14 trawl datasets (Figure 6); among 10 datasets with the highest MPF concentrations, only two use the trawl method, suggesting that the latter may leak more MPFs than the non-trawl methods.

More detailed features on MPFs can be revealed from the TalTech dataset during 2016-2020. It is found that MPF concentration is actually less variable than MPP concentration. The relative standard deviation during 2016-2020 is 120% for MPP concentration and 78% for MPF concentration, respectively. In addition, ML concentration is linearly correlated with MPF concentration (Figure S1). This means that when more ML particles are collected in a sample, there is a tendency to collect more MPFs. However, this is only partly true for MPP (Figure S2). When MPP concentration is <0.5 pcs/m3, part of the samples can have quite high ML concentration (> 2 pcs/m3) and MPF concentration.



3.5.2 MPF Fraction

The MPF fraction represents the relative amount of MPFs detected in the total amount of MP particles. It shows a large variability ranging 6 – 95% in the 27 datasets used in Table 2, which can be categorized into three groups: five datasets have MPF fraction below 35% and 11 datasets in 45-70% and the other 11 datasets in 85-95%. On average, the MP fraction is 64% ± 29%. Among the five datasets with less than 40% of MPF fraction, the low MPF fraction in two CLAIM datasets (T11 and T12) is caused by the counting methods used, which removed the fibres with colors occurring in the blank sample. The P1 dataset from Magnusson and Norén (2011) measured extraordinarily high MPP concentration, hence the MPF fraction is low. The additional two low MPF fractions are from Karlsson et al. (2020), in which the MPF concentrations were quite low (0.017 – 0.026 pcs/m3). The 11 datasets with MPF fraction > 70% can be divided into two categories: the first category measured very high MPF concentrations (24.4-710 pcs/m3), containing 3 datasets B2, P1 and P10; the second category has MPF concentrations in an ordinary range (0.195-1.175 pcs/m3), containing eight datasets (Table 2).

The pump and bulk datasets measure much higher MPF fraction than the trawl datasets. If only considering the 24 datasets with MPFs >10%, two thirds of the bulk and pump datasets have a high MPF fraction between 85-95% but only one fourth of the trawl datasets fall in this range.

Details of MPF fraction can be investigated with a more homogeneous, long-term dataset from TalTech in 2016-2020. The 122 samples give a mean MPF fraction of 47%. It is found that MPF fraction differs greatly in samples with extremely high or low MP concentration. For 10 samples with the highest MP concentrations, the mean MPF fraction is 34%; while for the 10 samples with the lowest MP concentrations, the MPF fraction is 72%. This suggests that the observed MPF distribution is more homogeneous than the MPP in the collected microplastics: when measured MP concentration is very high, the majority of the microplastics detected is particles (fragments); when measured MP concentration is very low; the majority of the measured microplastics is fibres (figures not shown).




3.6 Consistency in Multiple Datasets


3.6.1 Self-Consistency of Data in an Individual Dataset

Although a single dataset is often regarded as self-consistent since the same monitoring method and standards are applied, however, due to differences in natural variability, sampling errors, instrument errors and analysis errors in the samples, there can be outliers on the individual dataset. It is also expected that some datasets are less consistent than others are.

Outliers in a single dataset can be identified using a Grubbs’ test (Grubbs, 1969) if the population of the dataset is regarded as valid. They are often valid observations but just significantly differ from the majority of observations. For example, Magnusson and Norén (2011) measured MP concentrations in the Swedish coastal waters with a pump and filter mesh size of 300 µm. Among 21 valid samples, one sample shows a high MPP concentration of 13 pcs/m3 while the rest of the samples have a mean MPP concentration of 1.37 ± 2 pcs/m3. The particles in the outlier are identical, yellowish-white and oval, approx. 500 μm * 300 μm in size. These were found nowhere else and no explanation for their origin was given. In another occasion, Norén et al. (2015) measured 7.97 and 35.03 pcs/m3 for MPP and MPF concentrations, respectively at a station near a pollution source while the rest of the 15 stations showing 0.059 ± 0.068 pcs/m3 for MPP concentration and 0.116 ± 0.168 pcs/m3 for MPF concentration. In observation analysis, the outliers in an individual dataset can significantly change the statistical features of the dataset, so they should not be jointly used with the other data.

RSD is one of the measures of self-consistency in individual datasets. Lower RSD may suggest a high self-consistency in the data. Figure 5 displays RSD of MPP concentration from 22 datasets, including 13 trawl datasets, 7 pump datasets and 2 bulk datasets. Half of the 22 datasets have RSD < 100%. The other half of the datasets has an RSD ranging 111-332%.




Figure 5 | Relative standard deviation of microplastic particle concentration derived from 22 microplastic datasets.



It was found that, among the eight highest RSD values, only two of them are derived from trawl datasets (T10 and T14): one is TalTech (T10) and the other is from Schönlau et al. (2020). Their high RSD values can be attributed to their highest spatial and/or temporal coverage of the dataset: T10, TalTech data, covers a 5-year period in Gulf of Finland, Gulf of Riga and Northern Baltic Proper and T14, from Schönlau et al. (2020), covers a wide area from Skagerrak to Bothnian Sea. When a sub-dataset in a smaller geographic area and less number of years is used, e.g., for a sub-dataset of TalTech data on a cruise in the Gulf of Finland, it is found that RSD can be reduced significantly to 60-70% (results not shown).

High RSD values in the pumping and bulk datasets indicate that these datasets are of more randomness than the trawl datasets. Due to small sampling volume, normally a few cubic meters of water, pump samples have more false zero measurements than the trawl samples, which can be an important reason for the high RSD values in the pump datasets.



3.6.2 Multi-Dataset Consistency

The first step is to divide multiple datasets with the same monitoring method into multiple populations or categories so that datasets in one population are consistent and inter-comparable, i.e., the mean value difference between different populations is maximized and variance within one population is minimized. Then the populations from trawl and pump datasets can be compared.


3.6.2.1 Trawl Datasets

14 trawl datasets can be divided into two populations: one with larger mean value and the other with smaller mean value. For MPP concentration, the population with large mean contains only dataset T1, with a mean value of 2.56 pcs/m3. Samples in dataset T1 were collected in Stockholm city center waters (Gewert et al., 2017), which are not representative of coastal and open sea water conditions. The population with small mean contains the remaining 13 datasets with a mean ± SD of 0.12 ± 0.12 pcs/m3 and a range of 0.02 - 0.39 pcs/m3. This population represents MPP conditions in the Baltic Sea measured by trawl method.

For MPF concentration, due to different counting methods for MPFs, the two CLAIM datasets (T11 and T12) should not be used in the consistency analysis. Similarly, the rest 12 datasets can be divided into two populations: datasets T1 and T6, measured in Stockholm city center and harbor waters (Gewert et al, 2017) constitute the population with large mean 1.94 pcs/m3; the rest 10 datasets fall in a population with smaller mean ± SD 0.20 ± 0.16 pcs/m3, representing MPF condition measured by trawl method in Baltic Sea.



3.6.2.2 Pumping Method

10 datasets use pumping method, including one using PLEX (P9) and another using Ferrybox (P10). The 10 datasets can also be divided into two populations, one with a smaller mean and one with a larger mean. For MPP concentration, datasets P1, P8 and P9 form a large-mean population with a mean ± SD of 2.64 ± 1.562 pcs/m3 and a range of 1.5 – 4.42 pcs/m3, and the remaining 7 datasets form a small-mean population with 0.21 ± 0.17 pcs/m3 and a range of 0.06 – 0.5 pcs/m3.

For MPF concentration, P8 and P9 form a large-mean population with a mean ± SD of 26.33 ± 2.74 pcs/m3, and the remaining 7 datasets form a small-mean population with 0.71 ± 0.53 pcs/m3 and a range of 0.02 – 1.65 pcs/m3.



3.6.2.3 Bulk Method

The three bulk datasets have quite different mean values. Dataset B3 contains vertical averaged MPP and MPF concentrations from a long-term sampling in 28 years in Bornholm Basin (Beer et al., 2018). It shows similar mean values of MPP and MPF concentrations as the trawl datasets (Table 2). The other two datasets, one sampled in Danish Strait and another in the Baltic Proper, give very large numbers: 35-569 pcs/m3 for MPP concentration and more than 700 pcs/m3 for MPF concentration.



3.6.2.4 Differences Between Pump and Trawl Data

Several studies have collected the trawl and pump data at the same time and location and conducted intercomparison between the two methods, including T9 and P3 collected by Setälä et al. (2016) in northern Gulf of Finland, T13 and P7 collected by Karlsson et al. (2020) at a station in Kattegat and T14 and P8 collected by Schönlau et al. (2020) in 12 stations in Skagerrak, Kattegat and open Baltic Sea. The three intercomparison studies show controversial results. Setälä et al. (2016) showed that MPF concentration from the pump data is four times as much as the trawl data but the MPP concentration of the pump data is just half of the trawl data. The pump data from Schönlau et al. (2020) resulted in notably higher concentrations than the trawl in four locations: Skagerrak, Kattegat, the Southern Baltic Proper and the Bothnian Sea. Overall, the MPP concentration was higher in pump samples than trawl samples in ten out of eleven sampling sites. MPF concentration from pump data is also 7 times higher than the trawl data. In another study, however, Karlsson et al. (2020) found that the trawl data have a bit higher concentration of MPP than the pump data.

Considering controversial results from the above intercomparison studies, it is useful to compare the multiple pump and trawl datasets. Small-mean populations represent 10-13 trawl datasets and 7-8 pump datasets. It is worthy to note that the pump datasets show higher values in mean, median and standard deviation of MP concentration than the trawl datasets (Figure 6). For MPP concentration, the pump small-mean population is 1.8 and 2.3 times as much as the trawl small-mean population for the mean and median, respectively. For MPF concentration, the pump small-mean population is 3.5 and 3.1 times as much as the trawl data for the mean and median, respectively. It should also be noted that some pump datasets could have much higher concentrations: the pump large-mean population has a mean value that is 21.9 and 132 times as much as that of trawl small-mean population, for MPP and MPF concentrations.




Figure 6 | Mean, median and standard deviation (SD) of the multiple microplastic datasets. Left panel: MPP, right panel: MPF. Blue: trawl small-mean population, red: pump small-mean population.








4 Discussions


4.1 Compilation and Use of Multiple Datasets

In this study 27 datasets from existing research and databases are compiled and used for the consistency study, including 25 published datasets and 2 unpublished ones (CLAIM data). The datasets cover a period of 10 years (2011-2020). The seasonal distribution of the existing datasets are rather uneven: most of the datasets were measured during summer (June-September), however, few observations were collected in winter seasons (November-March). The spatial coverage of the datasets is rather wide: a basin scale survey using both trawl and pump sampling was analyzed in Schönlau et al. (2020); sub-basin scale data were collected in Setälä et al. (2016); Bagaev et al. (2017); Beer et al. (2018), TalTech (2016-2020), CLAIM (2018-2019), Zobkov et al. (2019) and Van Bavel et al. (2020); while data in harbor, estuarial and coastal waters are collected in Norén et al. (2014); Norén et al. (2015); Gewert et al. (2017); Tamminga et al. (2018) and Magnusson and Norén (2011). Data from Magnusson (2014) and Karlsson et al. (2020) are mainly local offshore observations. Among the 27 datasets, three are sampled with bulk method, 10 with pump method (including PLEX profiler by Zobkov et al., 2019 and ferrybox by Van Bavel et al., 2020) and 14 with the trawl method. It is noted that not all published data are included, e.g., trawl observations in eastern Baltic Sea and southern Gulf of Riga (Aigars et al., 2021). Adding more observations would certainly enrich the results but we do not think it will change the major outcomes of the study.



4.2 Spatiotemporal Sampling Error

The error is estimated by using observation pairs sampled in small spatial and temporal intervals by assuming that all other measurement errors (e.g., instrument and analysis errors for the individual observation pairs) are equal. Sampling error is the lowest in ML concentration (25%) and highest in MPP concentration (40-56%), reflecting impacts of the number of litter particles per sample on the sampling error. Even for replicating data pairs from CLAIM and Schönlau et al. (2020), the sampling error is in the similar level as from TalTech data. This means that such a level of randomness exists in individual MP observations, which should be taken into account when the observations are used for model validation or spatiotemporal analysis. The replicate observations include valuable information. However, there is a lack of sampling error estimation for the pump data, it is important to make such an estimation via replicate samples considering large variability in the pump data.



4.3 Impact of Different Analysis Methods

Impact of different analysis methods is estimated by comparing two datasets sampled at the similar time and locations but analyzed with different approaches: one uses visual analysis with hot needle test (i.e., TalTech dataset) and the other uses visual and FTIR analysis (i.e., CLAIM dataset). The results can be quite different when different analysis methods are used, as was found in the year 2018 cruise: the visual counting resulted in 7.4 times higher MPP concentration than the FTIR method. While in the year 2019 cruise, the difference between the two datasets is within the range of the sampling error. The differences between the two datasets consist of not only analysis error, but also spatiotemporal sampling error and differences caused by different mesh size. CLAIM data has a mixed mesh size from 100-330 µm while TalTech data has a single mesh size of 300 µm. It should be noted that this study is just a rough estimation. More strict investigation should use exactly the same samples but then analyzed by using different methods, as done by Song et al. (2015).



4.4 Consistency in Individual Dataset and Between Different Datasets

This is an important issue when using multiple MP observation datasets, e.g., for model validation or spatiotemporal pattern analysis. By using the 27 datasets, the data consistency is examined at three levels: data, individual dataset and categorized dataset for different monitoring methods. In data level, it is not so exceptional to find outliers, which can be valid data but indicate a high local MP concentration. Some outliers may not be regarded as valid data if they are below the lower limit of the detectable concentration. In the observation analysis, outliers should be treated separately as they can largely change the statistical feature of the entire dataset. For the consistency at dataset level, results show that 6 out of 8 datasets with the highest relative standard deviation are from pump and bulk methods. When using multiple datasets for joint observation analysis, it is important to use consistent datasets. Therefore both the pump and trawl datasets are divided into different populations with small and large mean values. An encouraging outcome is that, for datasets using the trawl or pump method, 10-13 trawl datasets and 7-8 pump datasets fall in small-mean populations, which can be regarded as consistent datasets. The difference of mean value of the small-mean and large-mean population are more than 10 times. By comparing the small-mean pump and trawl populations, it is found that MPP concentration of pump data is about 2 times as much as the trawl data while for MPF concentration it is more than 3 times. The large-mean pump population gives much higher differences with the small-mean trawl population.

Reasons for the significant differences between the trawl and pump datasets have been attributed mainly to the different sampling volume that leads to low representability and more false-zero samples in the pump data. However this cannot explain the systematically higher MP concentration obtained by the pump sampling. It is suggested that future research may further investigate differences on particle collection efficiency between different sampling methods.



4.5 Data Measured With Different Mesh Sizes

In this study, most of the datasets used a net with mesh size of 300 or 330 µm. However, seven datasets use mesh sizes smaller than 300 µm and the ferrybox dataset (Van Bavel et al., 2020) used both 100 and 500 µm. The results of the inter-comparison study show that the differences between datasets with different meshes are not statistically significant (p value >> 0.05). This suggests that the differences made by varying particle sizes from 100 – 500 µm are not significantly larger than other error sources such as the sampling error.



4.6 MPF Fraction

The MPF data show a large fraction of presence in the MP litter data, however, depending on the sampling methods used. Two thirds of the 13 bulk and pump datasets measured MPF fraction >85%. However, the 14 trawl datasets show much lower MPF fractions, with a majority between 45-70%. In addition, multi-datasets analysis also show that the measured MPF concentration is much more variable than the microplastic particles, ranging from 0.20 ± 0.16 pcs/m3 in the 10 trawl datasets, to 0.71 ± 0.53 pcs/m3 in the 8 pump datasets, 26 pcs/m3 in the 2 pump datasets and above 700 pcs/m3 in the two bulk datasets. The differences are so large between the three monitoring methods which cannot be explained by sampling and analysis error, or spatiotemporal variability. Potential leakage of MP litter with irregular shape may provide an explanation. With a width much smaller than the mesh size 100 µm, MPFs are typical ones which can leak from the meshes. Our results support the hypothesis that trawl sampling can lead to more leakage than the pump and bulk sampling. The leakage of MPFs presence is dependent on several factors such as clogging and entanglement which are related to mesh size and presence of biolitter etc. The leakage of MPFs may be reduced in a high microlitter concentration environment, as is shown in Figures S1, S2 where high ML concentration is positively correlated with high MPF concentration but may not with high MPP concentration.

Due to the potential leakage of MPFs in MP monitoring, MPFs may not be properly measured especially in the trawl data. It is recommended not to use existing MPF data for model validation and spatial pattern studies.



4.7 Measurement Precision and Representativeness

Measurement precision and representativeness is less addressed in this paper but a general analysis can be given for particle size > 100 µm. As pointed out by Karlsson et al. (2020), in order to be statistically representative, a sample should contain a sufficient number of MP particles which was 26 in their case. For trawl monitoring with a set of typical parameters, e.g., ship speed of 2 knots, towing time of 15 - 60 minutes and a net opening size of 60 cm by 17 cm, a minimum MP concentration of 0.07 - 0.28 pcs/m3 has to be reached. For pump samples, with the water volume of 2 – 10 m3, the number of particles collected by pump method is lower than 26 per sample. A more straightforward measure for the measurement precision is the lower limit of the detectable MP concentration. If MP concentration is below this limit, the sample will contain zero particles. With the typical monitoring setup mentioned above, the lower limit of the detectable MP concentration is 0.003 – 0.012 pcs/m3. When the pump method is used, the lower limit of the detectable MP concentration is 0.1 – 0.5 pcs/m3 corresponding to a sample water volume of 2 – 10 m3. For the bulk method, normally 10 liters of water is sampled. This corresponds to a lower limit of the detectable MP concentration of 100 pcs/m3. This is also why, in general, for microplastic particles, the pump data have much more false zero samples than the trawl data and bulk data have even more false zero samples than the pump data. In principle, if the real MP concentration is lower than the lower limit of the detectable MP concentration, the sample should not be regarded as a valid one for representing the condition in the sampling time and location. However, the sample can be used to generate valid mean values with other samples.

It is recommended that future microplastic monitoring in the sea should further improve and harmonize the monitoring and analysis standards so that data from the pump and trawl methods are comparable and wide particle size spectrum should be resolved so that the leakage of pliable and irregular shape microplastic litter is no more a major issue.




5 Conclusions

With 27 MP observation datasets compiled from existing publications and projects in the Baltic Sea, uncertainties and consistency in surface MP measurements with particle size > 100 µm are investigated by using multiple observational datasets. Specific issues related to sampling error, instrument error, analysis error, variability in MPF measurements, and data consistency within individual dataset and between different datasets, are explored.

Spatiotemporal sampling error reflects randomness of data due to small errors in sampling location and time. Based on 64 data pairs from the trawl datasets of TalTech, CLAIM and Schönlau et al. (2020), it is found that the sampling error is the least for ML concentration (25%), increase to 36% for MPF and MP concentrations and 40-56% for MPP concentration.

The surface currents and wave-induced Stokes drift have an impact on the sample volume estimation, which has not been taken into account in previous studies. The error in the sample volume in the trawl monitoring due to neglecting water flow impacts is estimated by using operational model data and the five-year TalTech dataset. This leads to a correction on MP concentration of about 12% in the calm weather conditions. In the high sea, the flow correction can be up to 40% or more.

Variability of MP concentration due to changing mesh sizes from 100 – 500 µm is also examined using multiple datasets. The results showed that the differences between datasets with different mesh sizes are not statistically significant.

The multiple datasets show both consistency and inconsistency in MP concentrations. The data from an individual dataset are often self-consistent. Within one data category, i.e., using the same sampling method, more than 70% of the datasets can be regarded as statistically consistent, with relatively small mean MP concentration. Up to 30% of the datasets may be regarded as statistically inconsistent, with mean MP concentration 10 times larger than the consistent datasets. In addition, datasets between different categories are significantly inconsistent, reflected in MP, MPF and MPP concentrations, and MPF fraction. This inconsistency is mainly caused by different sampling methods, e.g., trawl and pump sampling. The dataset inconsistency can also be caused by using different analysis methods, e.g., visual and FTIR methods, as shown in the inter-comparison of two datasets sampled at the similar time and locations but analyzed with different approaches: one uses visual analysis with hot needle test (i.e., TalTech dataset) and the other uses visual and FTIR analysis (i.e., CLAIM dataset). However, the reasons are still unknown for the occurrence of this analysis method-related difference.
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This study considers the transport of microplastics (MPs) from inland waters (rivers and lakes) to coastal waters and then to the open sea. A three-dimensional MP Eulerian tracer model based on the HIROMB-BOOS model (HBM) with wave-induced transport and biofouling process is used. Multilayer two-way nested model grids with 3–0.5–0.25–0.05 nautical mile resolutions are applied to resolve relevant riverine–estuarial–coastal hydrodynamics with a focus on the southern waters in the Gulf of Riga. The major river of the Gulf of Riga, Daugava, is governed by the Riga Hydro Power Station (RHPS) with high daily and weekly variability of the runoff creating more intense outflows during its working hours. This gives additional complexity when calibrating this model. The model results are validated against MP observations that are collected on various cruises in the summer of 2018 in the Gulf of Riga. There exists a strong synoptic variability in the observations, which are also reproduced. As the rivers are the primary source of MPs, a special backtracking algorithm was developed to find the most possible source of pollutants at a given location and time. The backtracking algorithm includes optimization with respect to salinity in order to prefer trajectories coming from freshwater and, consequently, MP sources. Lagrangian drift studies are performed for events with high precipitation in the estuary domain when sewer overflow at wastewater treatment plants (WWTPs) can occur, and the results are compared with different MP components in observations.




Keywords: two-way nesting, microplastics, biofouling, riverine–estuarial–coastal modeling, marine plastic modeling



Introduction

Research on microplastic (MP) pollution is accelerating in oceanographic science because of its uncertain and potentially devastating influence on ocean health in the long term. Most of the MPs enter the seas and oceans from the land and typically exceed the MPs created either by the shipping industry or disintegration of macroplastics in the sea (Boucher and Friot, 2017; Coyle et al., 2020). On the other hand, coastal zones are among the most vulnerable environments with a large variety of marine species. Therefore, the transport and fate of MPs in the land-to-ocean aquatic continuum (LOAC) has to be investigated more in detail, either by monitoring, modeling, or integrated monitoring–modeling approaches. Although MP monitoring-related research has been extensively carried out in the last decade (e.g., Setälä et al., 2016; Karlsson et al., 2020; Aigars et al., 2021), MP observations are still far from sufficient to resolve MP transport processes in the LOAC system, especially in the river mouth, estuary, and inland waters. The observation research also faces significant challenges on the uncertainty and consistency between different datasets due to varying monitoring methods and standards (She et al., 2022). Since MP particles are so small that they can be treated as suspended particle matter (SPM) in hydrodynamic models, modeling has become an important tool to understand the pathway and fate of the MPs in the sea. Modeling of SPM has been developed by implementing an SPM module in a three-dimensional (3D) hydrodynamic model, including the driving force from weather and wave models (Pleskachevsky et al., 2005; Gayer et al., 2006). A similar method has been used to simulate MP transportation in the Baltic Sea. A 3D MP model (Osinski et al., 2020; Schernewski et al., 2021) in the Baltic Sea was made based on the GETM ocean circulation model, with the inclusion of resuspension of MP floating and non-floating fractions. However, biofouling of MP particles is not included in these studies, which leads to an increasing fraction of floating MPs, especially in the surface layer. Biofouling is regarded as a major sink term for floating MP particles in the sea; thus, it needs to be resolved in the MP models. Some other recent modeling studies in the Mediterranean (e.g., Tsiaras et al., 2021) and Baltic Seas (Murawski et al., 2022) have included parameterization of biofouling of MP particles. The results show that the models are capable of simulating general spatial patterns of MPs in the seas.

However, existing 3D MP modeling focuses mainly on MP transportation from coastal areas to open seas. There are still two major challenges when using the current MP models on MP transport and transformation from inland to coastal waters. The first is that, in the current practice, the river to sea MP flux is calculated as a product of prescribed MP concentration, riverine discharge, and ocean model currents at the river source grid, which makes the detailed modeling of riverine MP retention and riverine–estuarial MP exchange, and also related phenomenon such as river plumes, not possible. Inland waters (rivers, lakes) and related infrastructures, e.g., dams and hydropower plants, are major sinks of land-derived MPs in the catchments. Existing research has shown the importance of river retention rate in MP modeling (Schernewski et al., 2021). For slow-moving and non-tidal rivers, Besseling et al. (2006) found that the model with particle aggregation predicted a 100% retention rate for particles ≥50 μm. However, it should be noted that this study applied a flow speed of 0.2 m/s. The situation can be quite different for fast-moving rivers. Large river flow velocity may be caused by a large topography slope or a large amount of runoff flux as a result of either snow/ice melting or heavy rain. The increased flow velocity will generate a significant amount of resuspension and turbulence, which can both effectively move the MPs in the water body and also clean the “old” MP sedimentation. Schuchardt et al. (2013) measured MP concentrations in the Unterweser, a German river flowing into the North Sea. When considering realistic river flow rates, the observations suggest that most of the particles will remain mobile and will ultimately flow with the water into the North Sea. The flow can reach 1.4 and 1.2 m/s in the ebb stream and flood stream, respectively. In a recent study, Hurley et al. (2018) found that flooding can completely change MP transportation in the river: a catchment-wide winter flooding in 2015/2016 in northeastern England effectively flushed out approximately 70% of MPs in the riverbeds, which is equivalent to 0.85 ± 0.27 tons or 43 ± 14 billion particles. Several significant flood events will be able to effectively flush a major part of the particles stored in the riverbed. Hence, it is important to include MP transportation generated by the floods. However, detailed knowledge of MP retention in inland waters is still largely not available due to the lack of observations and advanced modeling.

The second challenge is that resolutions used in the previous 3D MP models are too coarse (1 km or coarser) to resolve complex estuary features, such as lagoons, outlets, and narrow passages that serve as connections between the rivers and coastal waters. In the Baltic Sea, these include some large river–estuary systems such as the Neman estuary (Neman River–Curonian Lagoon) and West Oder estuary (Oder River–Szczecin Lagoon) regions. Similar to inland waters, these estuary regions serve as important buffer and retention zones of MPs before they are transported to the coastal seas. The lack of model resolution in these regions can lead to inaccurate modeling on the estuarial–coastal MP exchange. It is quite often that a resolution up to tens of meters is required (Frishfelds et al., 2021). The recent development in seamless modeling has enabled a modeling capacity to resolve the LOAC system with flexible model grids (She and Murawski, 2018; Frishfelds et al., 2021; Murawski et al., 2022). For example, a 3D hydrodynamic model, the HIROMB-BOOS model (HBM), has been applied to riverine–estuarial–coastal–open sea modeling with multiple two-way nested domains (Frishfelds et al., 2021; Murawski et al., 2021).

The purpose of this study was to apply the seamless modeling tool HBM to simulate the MP transport and transformation from inland to coastal waters and to evaluate the influence of MP retention in inland waters on MP concentration in open waters. The feature of this MP modeling study is that the inland waters, including impacts of an upstream hydropower plant, will be explicitly resolved in a two-way nested MP model. The study will be performed with a focus on the transport of MPs from the Daugava and Lielupe rivers and nearby lakes into the Gulf of Riga and the Baltic Sea. Hydrographic observations in Latvian inland waters and MP observations in coastal and open waters of the Gulf of Riga will be used to validate the model performance.

The relatively isolated Gulf of Riga with estuaries of the two main rivers Daugava and Lielupe provides a characteristic testing case to consider MP dynamics from inland–coastal scales to open-sea scales. The retention time in the Gulf of Riga is 2–3 years (Håkanson and Bryhn, 2008), and the primary water exchange with the Baltic proper occurs through the Irbe Strait. The characteristic lifetime of floating MPs does not exceed a year. Therefore, the concentration of MPs in the southeastern part of the Gulf of Riga primarily depends on the contribution of MPs by the Daugava estuary. The direction of spreading of MPs from Daugava into the Gulf of Riga depends on surface currents at a particular time. There are contradicting views (Yurkovskis et al., 1993; Soosaar et al., 2014) on whether cyclonic or anticyclonic circulation dominates in the Gulf of Riga. As Suursaar et al. (2012) suggested, it largely depends on the cyclonic activity. Furthermore, significant seasonal variations exist (Lips et al., 2016). Double gyre circulation is also prominent in the Gulf of Riga (Soosaar et al., 2014).

Most of the released MPs sink to the bottom of the sea either due to initial MP-specific gravity heavier than the seawater or due to biofouling (Koo et al., 2017; Coyle et al., 2020) of lighter MP fractions. Some floating fractions of MPs get washed to the shore, but it is more likely for meso- or macroplastics (Hinata et al., 2017). It is supposed here that the concentration of chlorophyll α (CHL-a) has a main influence on the biofouling rate in the sea (Murawski et al., 2022). Strictly speaking, CHL-a should not be considered the main driver of biofouling, but it can still be regarded as a good indicator of the amount of biomaterial in the sea. Furthermore, CHL-a concentration is available through the ERGOM model for the Baltic Sea in the Copernicus Marine Environment Monitoring Service (CMEMS). CHL-a concentrations can vary considerably, but river estuaries are usually not included in the biochemical reanalysis or forecasts of the sea. In the estimates of Finnish rivers, Raike et al. (2003) suggest that the concentration of CHL-a is sufficient for the biofouling of MPs for most of the year. Moreover, CHL-a concentrations are usually higher at lower latitudes with a milder winter season. In this paper, it is assumed that CHL-a in the inland waters is always sufficient for generating MP biofouling.

The observed MP concentration is strongly dependent on the size and shape of the MP particles. Depending on their shape, they are usually classified as fibers, fragments, and films (Aigars et al., 2021). The relative fraction of fibers could be rather large (Coyle et al., 2020; Ramírez-Álvarez et al., 2020). However, the concentration of fibers can be rather uncertain because they can be leaked through a filter due to their small diameter (She et al., 2022). Open-sea observations are usually performed with the trawl method with a focus on MPs with a particle size larger than 300 μm. Thus, there are much fewer observation data about smaller-sized MP particles and also subsurface waters. MP observations are still relatively costly which prevents us to perform these observations on a regular basis. Most of the MP observations are performed from spring to autumn. Summer and autumn benefit from warmer waters, whereas MP observations in spring require less cleaning as there is less amount of floating biomaterial in the sea (Zalewska et al., 2021).

The Daugava estuary located between the Riga Hydro Power Station (RHPS) and the river outlet has a relatively low residence time ranging from a few hours to a few days depending on the upstream runoff at the RHPS. Such an interval is insufficient for the significant biofouling of larger MP particles. Therefore, the high-resolution estuary domain in the model includes also the river Jugla which enters the Daugava estuary through two lakes (Figure 1, right). The residence time in these lakes can range from weeks to months, resulting in significant biofouling there.




Figure 1 | Left: Bathymetry and mesh in the high-resolution domains of the setup. Red is part of the Baltic Sea domain, green—the Gulf of Riga domain, and blue—the fine-grid domain of the Daugava and Lielupe rivers. Right: Localization map in the estuary domain. The rectangle represents domain boundaries (blue grid in the left figure). Circles with names in italic are observation stations. The other names in black are the main rivers contributing to the estuary domain. Bullupe River connecting the Daugava and Lielupe rivers is shown with red font.



The paper is organized as follows: first, the model setup will be described; next, the modeled physical parameters and MP concentration in the riverine–estuarial–coastal area will be verified, the role of river retention in the estuary domain will be examined, and the results of MPs in the Gulf of Riga will be studied and discussed. Finally, a conclusion will be given.



Model Setup and Input Data


Model Setup

The oceanographic model on the transport of MPs is built based on the HBM which enables a seamless transition from ocean to estuary scales by using the dynamic two-way nesting (Murawski et al., 2021; Frishfelds et al., 2021) and the HBM-based MP dynamic module (Murawski et al., 2022), which includes three two-way nested domains, hereafter referred to as the three-domain model:

North Sea—coarse resolution with 3 nm (nautical miles), 50 vertical layers (Figure 2)

Wadden Sea—resolution 1 nm, 24 vertical layers (Figure 2)

Baltic Sea—0.5 nm resolution, 122 vertical layers (Figures 2, 3)

We further added two nested layers with higher resolutions in the Gulf of Riga and inland waters to form a five-domain MP model:

Gulf of Riga—0.25 nm resolution, 55 vertical layers (Figures 1–3)

Riga domain—0.05 nm resolution, 22 vertical layers (Figures 1–3)




Figure 2 | Domains of the HBM setup. Dashed line—the North Sea, dot-dot-dashed—the Wadden Sea, solid—the Baltic Sea, dot-dashed—the Gulf of Riga, and dotted—the Daugava and Lielupe estuaries.






Figure 3 | High-resolution domains inside the Baltic Sea domain. The color map represents the modeled surface concentration of 300 μm of MP particles on April 15, 2018, showing the Daugava River plume after a spring flood.



The sea-level boundary condition at the North Sea is derived from a two-dimensional wind-driven NOAMOD model in the Atlantic Ocean and adding 15 tidal components. The model is compared to a three-domain setup (the first 3 domains) where the Gulf of Riga and the Baltic Sea are resolved in the original 0.5-nm horizontal resolution. The three-domain setup is a derivative of an earlier version of the Danish storm surge setup DKSS used at the Danish Meteorological Institute, which has been validated extensively for operational forecasting. More details of this setup can be found in Murawski et al. (2022). The configuration of the fifth domain of the estuary and inland waters is derived from the HYWAS-PORT operational service (Sennikovs et al., 2021) for Latvian ports as a CMEMS coastal application.

The performance of the physical parameters is also compared with the standalone operational HBM setup for the Daugava estuary in the CMEMS coastal application (Sennikovs et al., 2021), where the northern boundary in the Gulf of Riga is placed at 57.085°N. It uses boundary conditions from the HBM operational setup designed for Latvian territorial waters at the University of Latvia with 1.6 km resolution which is optimized for stations in the Gulf of Riga. The fine-grid domain in the standalone setup has a horizontal resolution of 38 m in the Daugava estuary.

HBM is a three-dimensional, free-surface, baroclinic ocean circulation model (Frishfelds et al., 2021; Murawski et al., 2021). The model code is efficient and highly parallelized both with OpenMP and MPI interfaces (Berg and Poulsen, 2012). The HBM model allows for a full two-way nesting of grids with different vertical and horizontal resolutions as well as time resolution. Meier’s formulation (Meier, 2001) of thermodynamics is applied here which is well suited for the seas and oceans.

The bathymetry of the Gulf of Riga is derived from the EMODnet database of 2018. The Latvian territorial waters are resolved well in this database as it includes updated data from the Maritime Administration of Latvia. The bathymetry of Riga and Jurmala ports including dredged areas and shipping routes is obtained from the latest depth survey by port authorities. Daugava River is shippable up to Andrejosta. Smaller ships can use the Lielupe River with approximately 10 m depth. Kisezers and Jugla lakes are rather shallow lakes with a depth of 0–4 m. Flooding (wetting/drying cells) is enabled up to 0.41 m above zero level in the LAS-2000,5 height reference system. Enabling even higher-level wetting and drying would increase instabilities, and a lower time step has to be used in the simulations. However, flooding can deliver a large amount of MPs, which will be addressed in the next section.

Meteorological forcing is derived from a regional scale, non-hydrostatic DMI’s regional numerical weather forecast products with a high horizontal resolution of 2.5 km, which is very important for the coastal systems with strong cross-shore gradients. The atmospheric parameters comprise the hourly instantaneous values of the mean sea level pressure, the wind speed at 10 m height, the temperature and relative moisture at 2 m height, the cloudiness, and the hourly accumulated value of precipitation. Wind forcing is applied using the Charnock wind stress formulation (Charnock, 1955) at the water surface



where W is the wind speed at 10 m height, u is the surface current, and ρair is the air density. Coefficient Cd is dependent on wind speed according to Kara et al. (2000).



Dynamics of Microplastics

MP particles are considered passive tracers in the HBM model, i.e., their transport is driven by three-dimensional advection and dispersion within the ocean circulation model. They are subjected to biofouling in the presence of organic material in the sea. The methodology follows the formulation presented in Koo et al. (2017). The particles are considered to be spherical which simplifies the description of biofilm growth. One of the main constituents characterizing the amount of organic material and the rate of biofouling is CHL-a. If there is only a small concentration of CHL-a, biofouling does not occur. However, if the CHL-a concentration exceeds ≈1 mg/m3, then the organic layer starts to grow on the surface of the MP particle, making it less buoyant which leads to sinking. The sinking rate is estimated by using Stokes drag on a spherical particle. The methodology itself is described in Murawski et al. (2022). Three MP fractions are considered: tire wear particles with the size of 5 μm and household particles with diameters of 42 and 300 μm. The first fraction has a density of 1,027 kg/m3, whereas the density of the floating fractions is 965 kg/m3. The density of the biofilm is assumed to be 1,388 kg/m3. The larger particles float longer about a month as they require a longer period of biofouling to sink.

The smaller-sized fraction of tire wear is not buoyant at the start and sinks already at the start. However, the Stokes formula suggests that sinking speed is relatively small for particles with a diameter of 5 μm as compared to larger particles with a thick layer of organic material. Thus, the larger particles may sink even faster when they have gotten enough of the biofilm. The real description of the sinking of MPs is much more complicated with possible oscillatory behavior (Coyle et al., 2020). However, observations are taken predominantly in the surface water layer; thus, the simplified approach is still useful.

Freshwater inflows are considered to be the sources of MPs. Although the hydrodynamic model covers both the Baltic and North Seas, only MP sources from the Baltic Sea catchment are included. The source mapping of MPs in the Baltic Sea is made by yearly average data of MPs released into the sea that are derived from urbanization density for each coastal area (Murawski et al., 2022). MP sources are distributed along different river outlets, and each river has its own concentration of different MP fractions. Insufficient MP data for all months of the season did not allow to include seasonal variations of MP concentration for each source of MPs. Moreover, it could lead to very high MP concentrations in rivers at low runoff. Therefore, it is assumed that the release of MPs by rivers is proportional to the runoff for each of the sources. That means there is a constant concentration of each MP fraction at the river outlet, and the constants for each river are derived from the MP source mapping (Murawski et al., 2022). That assumption works well in the Baltic Sea scale. The amount of MPs at different river sections and branches depends considerably on the local density of urbanization (Yan et al., 2021). The number of observations in the coastal area is insufficient for the accurate setting of MP sources in the Daugava estuary domain. Therefore, MP source concentrations for smaller rivers in the estuary domain are put the same as for the Daugava River. Households that are disconnected from WWTPs are included in estimating source mapping of MPs in the Baltic Sea. As an example, there is still about 10% of the population not connected to WWTPs in Latvia and that could give comparable MP pollution (Schernewski et al., 2021), and its estimate is included in the source mapping of MPs (Murawski et al., 2022).



MP Observations

Observations usually include only the larger fraction as the mesh size of sieves used in the trawl method typically varies from 100 to 500 μm. Thus, there is currently a lack of data to verify the dynamics of smaller-sized particles in the Gulf of Riga and also the Baltic Sea (She et al., 2022). Observations of MPs are usually expressed as the number of particles per cubic meter, whereas the model uses mass concentration. The size of the observed MP particles is not uniform, and just the minimum size depends on the filter. The typical diameter of MP fragments with the trawl method is around 500 μm. The Pearson correlation coefficient or simply correlation does not depend on the units, and it will be used as a measure to assess the quality of MP modeling assumptions. Observations by the Technical University of Tallinn (TalTech) in the Gulf of Finland and the Gulf of Riga in the HELCOM database demonstrated that the observed MP value can differ multiple times and even by a particle per cubic meter from different transects on the same day and location within an open-sea area of a few square kilometers. The numerical model cannot reproduce these highly variable MP observations in detail. In general, the larger size of the sample volume yields better results. Unfortunately, the size of the characteristic confidence interval of MPs is too large compared to the observed MP value because of two factors: the sampling area is a thousand times smaller than the area of squared transect length and the low concentration of MP particles. Therefore, only the qualitative comparison of model runs with observations will be considered in a water body with a strong gradient of MPs as in the Gulf of Riga with a dominant source of the Daugava River. This can be addressed by the Pearson correlation coefficient as what was done in the Results section.

The Latvian Institute of Aquatic Ecology (LIAE) performed MP observations in the summer–autumn of 2018 in the Gulf of Riga and the western coast of Latvia during five monitoring cruises (Aigars et al., 2021). The transects of observations in June, July, August, and September are presented on a website (LHEI, 2018). The length of the transects in the observations is typically about 3.6 km. Some transects are shorter if there were biological remnants on the surface. Sampling was performed by using a Manta net (mesh size 300 μm) that was towed from the side of the vessel for 1 h. The average sample volume was about 639.1 m3, which is typically a few times higher than the observations by TalTech. Nevertheless, TalTech observations cover repeated year-to-year missions at Estonian stations enabling seasonal verifications (Murawski et al., 2022).



Freshwater Inflow

The freshwater inflow is estimated from the high-resolution pan-European water model (E-hype) data (Donnelly et al., 2016). River discharge locations in the model may slightly differ from real river outlets due to the limited resolutions of both the E-hype and HBM models. The E-hype model yields a reasonable estimate for total average river runoff, but it may underpredict high runoff events and yield a higher runoff value in drier periods. Fifteen major river sources are selected in the Gulf of Riga. Due to the importance of the RHPS to the Daugava River runoff, runoff data from the RHPS are used as well. It is noted that E-hype does not include the specific regimes of hydro power stations. Quick opening and closing of the RHPS gates can affect the release of MPs from the river estuary by bringing MPs from deeper layers to the surface. Runoff at the RHPS is typically higher in the rush hours of business days when the electricity price in the North European electricity market “Nord Pool” is the highest. Therefore, runoff data from the RHPS are used from the year 2020. Hourly runoff data are averaged from the 10-min data of the RHPS. The data show that runoff between gate opening and closing periods can differ more than 100 times. In order to mimic the varying runoffs in the years before 2020, the E-hype runoff is multiplied by a coefficient of 0.24 in the gate closing period (night hours), 0.45 on weekend days, and 2.25 in working hours of business days. In this way, the weekly average runoff remains the same as that of E-hype but has strong variation in time. The Daugava runoff is of high importance as it contributes more than half of all freshwater inflow in the Gulf of Riga. The contributions of smaller rivers to the Daugava River in the high-resolution estuary domain are also estimated from E-hype. The most interesting is the Jugla River with a mean runoff of about 14 m3/s, which runs into Daugava through two lakes. Therefore, it enables us to consider longer residence times of MPs in the high-resolution estuary domain.



Model Runs

As MP observations in the Gulf of Riga are present for the period starting from 2014 with most of the data for the year 2018, then the simulation period is adjusted accordingly to cover the period from July 1, 2017, to the year 2020 in seven different variants (v1–v7) (see Table 1 in the Results section). The initial conditions are derived from previous multiyear runs, assuming that MP concentration will be saturated from the year 2018 in the Gulf of Riga (variants v1, v2, v4). Additionally, the three-domain setup covers the period from July 1, 2013, up to 2020 (Murawski et al., 2022). MP distribution on July 1, 2017, is used as a new starting condition for the five-domain setup in the later runs (variants v3, v5, v6, v7). Initial conditions for temperature and salinity in the Baltic Sea and the North Sea are derived from the CMEMS reanalysis products. In order to test the influence of the estuary domain, the following simulation experiments were performed: control runs with the three-domain setup without the estuary domain (variants v1, v3), control runs with river runoff as in E-hype (variants v1, v2, v3), an adjusted run with characteristic RHPS runoff cycle but keeping the same amount of weekly runoff as in E-hype (variants v4, v5, v6, v7), a no-biofouling testing run without biofouling in the inland water domain (variant v5), and a no-sedimentation run without sedimentation in the inland water domain (variant v7).


Table 1 | Correlations between observations of MP fragments performed by the LIAE in 2018 with different variants of the model setup.





BackTracking

In order to see the possible origin of MPs and traveling time, a backward drift method is introduced. A backtrack (Øyvind et al., 2011), i.e., a trajectory that a water parcel would have traveled to reach a specific location and time, is searched for each observation in order to estimate the most probable source of MPs. A small stochastic uncertainty of currents with an amplitude of ɛ= 0.2 m/s is added to account for the dispersion as what was done in Øyvind and Allen (2008) for a Markov process:



where dx is the change in horizontal position during time step dt and surface currents v, k are two-dimensional vectors with random coordinates in a square box (-0.5,0.5) × (-0.5,0.5). Only ocean surface currents are considered in the drift calculations, i.e., wind drift and Stokes drift are neglected. A simple optimization of 9,000 backward trajectories with respect to salinity is added in order to prefer those backtracking trajectories that are originating from the river sources. Due to horizontal dispersion, the methodology could result in several river sources; therefore, those rivers with smaller backtracking duration and lower salinity (more intense freshwater source) are preferred in the optimization.




Results


Hydrodynamic Simulation in Inland–Estuarial–Coastal Waters

The transport of MPs in coastal scales largely depended on local hydrodynamics as the small particles behaved like passive tracers. As a consequence, the quality of MP transport largely relied on correct currents of the high-resolution domains. Therefore, the performance of the physical parameters of the coastal model in the inland and estuarial areas was examined first. Observation of the currents at Riga station, i.e., the channel connecting the Daugava River and Kisezers lake (Figure 1, right), was used to assess the model quality. As shown in Figure 4, the model with two-way nesting in the five-domain configuration predicts the currents at Riga station much better than the standalone inland water model with 38 m resolution, when using the RHPS river runoff data. The latter overpredicts the inflow (Figure 4). The flow at Riga station through the Milgravis channel was influenced by multiple factors such as the Daugava River runoff, Jugla River runoff, storm surge, winds, and port seiches. Both the model and observations showed that the direction of the flow changed direction irregularly due to sea-level oscillations in Kisezers lake for a period of 2–5 h. Nevertheless, it was usually either storm surge or runoff at the RHPS that triggered the change of flow direction at Riga station. The Pearson correlation coefficient between the observed and modeled flow at the Riga station was 5%–15% improved when real hourly runoff from the RHPS was used instead of E-hype data (see Figure 5). In the second half of 2020, the monthly correlation was improved from about 0.6 to about 0.7 by including specific RHPS runoff. The case with the standalone setup had the lowest correlation as it lacked two-way nesting with the Gulf of Riga despite having a higher resolution. The standalone setup did not describe momentary currents correctly at the boundaries (Frishfelds et al., 2021; Murawski et al., 2021). Therefore, proper boundary conditions can be more essential than the resolution of a coastal model, especially when estimating transport from inland waters to open seas.




Figure 4 | Flow through the Milgravis channel in Riga station (see Figure 1, right) in December 2020. The black line represents observations (secondary y-axis), red—the model with Daugava hourly runoff according to the data of the RHPS, blue—the model with Daugava runoff according to E-hype, and green—the standalone setup.






Figure 5 | Monthly correlation of total flow through the Milgravis in Riga station (see Figure 1). The red curve corresponds to Daugava runoff according to hourly data of the RHPS, blue—the Daugava runoff according to E-hype, and green—the standalone setup with Daugava runoff according to hourly data of the RHPS.



Water-level variations within the high-resolution domain were highly sensitive to the hydrology of inflowing rivers and internal flows within the domain. The HBM nested setup performed fairly well at the coastal stations (see the comparison with the observed water level in Figure 6). The water level at Andrejosta station (Figure 1, right) was strongly dependent on the runoff of the RHPS as the station was placed downstream from the RHPS at the river. However, quick changes in Daugava runoff sometimes increased the deviation when using hourly runoff instead of a constant daily value. Also, the southern part of the Daugava River (see Figure 1, right) was not resolved well in the model leading to lower hydrodynamic resistance there. Therefore, the water level at Andrejosta was not improved when using hourly runoff at the RHPS. As a reference, the result of the CMEMS Baltic Sea product “BALTIC SEA ANALYSIS FORECAST PHY 003 006” was shown at Daugavgriva station, where it had a lower performance of water level due to lower spatial resolution. The good performance of the standalone setup at this Daugavgriva station was attributed to the use of boundary conditions from the regional open-sea model based on the HBM at the University of Latvia, which was optimized for the Gulf of Riga and western Latvia.




Figure 6 | Centered root mean square error (RMSD) of sea level at stations within the high-resolution estuary domain (see Figure 1) from June 1, 2020, to January 1, 2021. Labels of the x-axis represent different models or model variants. The label “no HP” denotes the case with Daugava runoff according to E-hype, “with HP”—the hourly Daugava runoff according to the data of the RHPS, “38 m”—the standalone setup, and “CMEMS”—the sea level according to the CMEMS forecast.





MP in the Estuary Domain

The main interest of including the high-resolution estuary domain in the Baltic Sea was to study the impact of riverine inputs of MPs on the coastal MP distribution and see which formulation of MP behavior in the inland water domain works best. Unfortunately, there were not many observations of MPs directly in Daugava and Lielupe estuaries except for a few transects in Daugava and Lielupe river mouth by the LIAE. Figure 7 shows the difference in the surface 300μm concentration between the cases of the RHPS daily cycle included and excluded with the same average weekly runoff in 2018. There was a 10% lower MP concentration directly at the river mouth as well as a higher MP concentration in the upstream of the riverine domain, probably due to more intense vertical mixing in the upstream and sedimentation in the downstream during the rush hours. In addition, water-level variations in the Daugava River caused by the RHPS cycle improved water exchange with side branches of the river (see Figure 7), resulting in higher simulated MP values there. The change of overall surface transport from the estuary domain was weakly dependent on the RHPS cycle (see Figure 8), except that some more intense runoff period was expressed in the spring. The case without river retention resulted in a higher transport from the river domain especially in summer–autumn when the biofouling rate was higher and river runoff was lower.




Figure 7 | Average yearly difference of the calculated 300-μm MP surface concentration [in units (× 0.00001 g/m3)] in the estuary domain in 2018 between cases of the RHPS cycle (higher runoff in business hours and lower in other times) included and excluded applying the same weekly average release of MPs.






Figure 8 | Average weekly northward surface transport of 300 μm particles at 57.07° latitude in the southern part of the Gulf of Riga in 2018.





MP Pathways in the Gulf of Riga

The results of simulations of different variants were compared with MP observations. Only the MP fraction of the model with the largest size was considered, i.e., 300 μm particles, as the mesh size used in the observations was 0.3 mm. As expected, the highest observation and model values occurred near the Daugava outlet in the southern part of the Gulf of Riga (see Figure 9).




Figure 9 | Map of MP observations and calculated values of 300 μm particles. The color map represents the calculated surface MP concentration (×0.00001 g/m3) on August 8, 2018. Stations with bold italic names represent the average value from the HELCOM dataset 2016–2019. Stations with the name of the month represent instantaneous observation data from the LIAE in the year 2018. Yellow bars are observed values, gray bars—three-domain setup, and green bars—five-domain setup. Dotted lines represent the estimated backtracking trajectory to a river source. Empty circles at the coast represent the location of river outlets in the HBM that are derived from the E-hype model.



In order to see the possible origin of MPs and traveling time, backward drift studies were examined. All the backtracks stemmed from the middle of the transect at 12:00 UTC of the observation day. In late spring and summer, there was usually a rather weak wind forcing resulting in long backtracking trajectories with characteristic inertial oscillations. Stronger currents occurred in September when two of the tracks started from the Baltic proper due to strong westerly winds (see Figures 9, 10). In general, the observed value of MPs decreased with the distance from the river source (see Figure 10). Also, the higher values of the observations correlated well with the higher average river load of the corresponding river, i.e., rivers with catchments in urbanized areas caused higher MP concentration. Most of the backtracks started from the Daugava River as it was the main freshwater source in the Gulf of Riga.




Figure 10 | Observed concentration of MP fragments vs. duration of backtrack from expected river source shown in the legend. The size of the markers corresponds to the average MP load of that river for 300 μm particles [value in units of (×0.00001 g/s) is added in the legend].



Different model variants (v1–v7) were tested in order to see how the changes in the river domain influenced the results in the Gulf of Riga (see Table 1). Because there was a slight multiyear trend of accumulation of the largest size fraction of MP in the model (Murawski et al., 2022), the modeled MP concentration was higher for the longer runs from 2013. Hourly runoff variations of the Daugava River at the RHPS in variants v4, v5, v6, and v7 did not lead to notable changes in surface concentration in the Gulf of Riga (Figure 8). Variant v5 without biofouling in the estuary domain resulted in a higher concentration of MPs that were released in the Gulf of Riga, but it showed less correlation with the observations. The discharge of surface MPs by Daugava in this variant increased by up to 30% in the dry summer of 2018 but was negligibly small in the spring during higher river runoff. Variant v7 showed that the effect of sedimentation of MPs in the estuary domain had a negligible influence on the surface concentration in the Gulf of Riga. Presumably, these submerged heavier MP particles were unable to reach the surface layer. Slightly higher surface concentrations occurred only in shallow lakes. With the limited number of observations (25) used in the calculation, the correlation efficiency varied from 0.56 in v5 to 0.71 in v7. With a bilateral t-test, all of them reached a 99% significance level. However, observations of MPs had rather high local variability and sampling error as noted above. Hence, the number of observations was still insufficient to judge which model variant fits best. A much higher number of MP observations near the Daugava River mouth was required for the optimization of the model parameters in the estuary domain. Daugava River plumes of MPs were clearly expressed with the inclusion of the estuary domain (see Figure 11), whereas the three-domain variant had more coastal release of MPs from the rivers. Thus, the inclusion of highly resolved rivers was essential within an area influenced by rivers. Daugava and Lielupe River plumes were most clearly expressed during high river runoff in spring (see Figure 3).




Figure 11 | The average surface relative concentration of 42 μm particles in 2018 of the three-domain setup v3 (left) and the five-domain setup v6 (right). Scaling with respect to the average tracer value at the Daugava outlet area of 10 × 10 km² centered at the outlet point, i.e., the relative concentration is set to 1 at the Daugava outlet area.



There were also MP observations by TalTech in the northern part of the Gulf of Riga and were available in the HELCOM database in the years 2016–2019 (see Figure 9). Because the data from both sources did not necessarily have the same methodology, they were treated separately. The analyzed data included nine MP observations in station K5 and three observations in stations 125 and G1. The observed MP concentration was higher in station K5 than in station 125 as it was situated in Parnu Bay with the influence of the River Parnu and Parnu City. Station G1 had one large observed MP value in 2014, but the model with five domains did not cover this year.

As shown in Schernewski et al. (2021), nearly half of the total MPs were released from overflow events in WWTPs or runoffs from storm surges. The capacity of WWTPs is occasionally insufficient to hold all wastewater and part of the untreated wastewater has to be released directly; otherwise, sewer overflow occurs. In such a case, untreated wastewater goes directly into the river or sea. For the Riga WWTP, the untreated wastewater entered Daugava at the Voleri River coast. The heavy load of WWTP facilities occurred during intense precipitation events in an urban environment. Therefore, the precipitation records at the University of Latvia station in Riga (http://www.meteo.lv) were checked for the presence of an abnormal precipitation rate. Heavy rains usually occurred during cloudbursts in the middle of summer. In the year 2018, which was relatively dry, there was just one such event when the hourly precipitation rate was above the threshold of 1 cm/h and reached 17.2 mm/h on July 13, 2018, at 12:00 UTC at the station. Hence, the Lagrangian drift was performed from this time and position to find the possible pathways of MPs. It was found that microfilm observations by the LIAE (Aigars et al., 2021) in the summer of 2018 correlated very well with the Lagrangian drift trajectories that ended up mostly at the western coast 40 km from the Daugava outlet (see Figure 12). That could explain the very high concentration of the observed microfilms near the sparsely populated river basin at the Kemeri National Park. Because unfiltered water contains larger particles, it takes longer for them as compared to filtered MP fragments to build enough biofilm for sinking and they can travel for even a month.




Figure 12 | Lagrangian drift trajectories from the “flush” event of July 13, 2018, when hourly precipitation in the University of Latvia station in Riga exceeded 17 mm/h. Trajectories start from the Daugava outlet at the same hour. Most of the trajectories end up 40 km west from the Daugava outlet (dark green curves). More yellow parts of the other curves are later stages of the drift. The bars denote the concentration of the observed microfilms per cubic meter (Aigars et al., 2021). Observations in August (“aug”) took place during August 10–12, 2018. Observation in July (“jul”) was just before the day of the flush event resulting in a rather low concentration in front of the Daugava outlet. The color map shows the calculated surface MP concentration of 300 μm particles (×0.00001 g/m3) on August 3, 2018.






Discussion

The dynamic two-way nesting of an ocean circulation model enables a seamless transition from coastal scales to open-sea scales. The performance of sea level and currents is much improved when moving from the standalone setup to two-way dynamic nesting because inflow currents are better represented in the nested model. There are other possibilities to combine coastal and open-sea scales in the models, e.g., by using unstructured grids. However, they are still rarely used in operational forecasts due to less elaborated parallelization and stability problems. In the case of two-way nesting in the HBM, the speed and stability of simulations of the Baltic Sea–North Sea are not much dependent on whether the coastal estuary domain is included or not. This aspect suggests that it is better to combine open sea and coastal areas in a single model rather than modeling them separately, e.g., in operational models.

MP simulations show that changes in biofouling regime in the river estuary can notably change the MP concentration in the open sea. The retention rate in the estuary domain varies depending on the runoff of the Daugava and Lielupe rivers. During the period with high runoff such as in spring, MPs can travel from the RHPS to the Daugava outlet in less than 1 day and the retention rate is negligible. However, the retention rate can reach about 30% for surface MP fraction of 300 μm particles in a dry summer such as in 2018. Even a higher retention rate is achieved for smaller MPs with a particle size of 42 μm. MPs that travel through the lakes into the Daugava River can spend even a month there during the summer, leading to almost complete retention. The temporal change of river inflow, e.g., by changing the regime at the RHPS, does not bring notable changes into open seas, i.e., the cumulative discharge of MPs on a weekly scale is important. The length of the Lielupe River included in the estuary domain is just about 5 km which is not enough for notable retention of the largest MP particles there in the model.

Backtracking from the observations in the Gulf of Riga confirms that the concentration of MPs decreases as the distance to a corresponding river source increases. Therefore, a higher concentration in the Gulf of Riga occurs in the southern part near the estuaries of the major rivers Daugava and Lielupe which have higher concentrations of MPs.

Sewer overflow events at WWTPs are very important for the overall release of MPs into the open seas. These events are likely to happen during cloud bursts occurring in urbanized environments. If this environment is close to the coastline, then MPs could be released directly into the sea or nearby waters. The threshold depends on the specific maximal capacity of each WWTP. Nowadays, WWTPs are steadily improved, leading to potentially less sewer overflows in the future.

River estuaries typically show higher variability of MPs than the open seas. High variability of MPs in the river domain was demonstrated in the Warnow River (Schernewski et al., 2021). Most of the variations in MP concentration occurred near WWTPs. Schernewski et al. (2021) showed also a high retention rate in the river close to these WWTPs. The current configuration of the model assumed that freshwater sources were considered also as sources of MPs which may not be the case for real coastal systems, and comparison with observations was not straightforward. The Daugava and Lielupe estuaries are connected by the Bullupe River, where the main WWTP of Riga is situated. The Bullupe River (Figure 1, right) is relatively deep at about 9 m, and it can have a notable flow rate depending on the winds, Lielupe runoff, and runoff at the RHPS. Hence, it is important to keep a high resolution of the Daugava, Lielupe, and Bullupe rivers in the next upgrade of the model, where WWTPs will be treated as MP sources.



Conclusions

The transition of MPs from coastal river estuaries to open seas was studied with a three-dimensional model using two-way dynamic nesting. The system of the North Sea–Baltic Sea–Gulf of Riga–Daugava estuary is considered as an example with a horizontal resolution of up to 0.05 nm in the Daugava–Lielupe River estuaries. The model was verified with observations in the estuary domain including sea level and flow observations that demonstrated an advantage of the two-way nested setup over either the standalone open-sea or estuary setups. The two-way nested river estuary domain enabled us to consider river plumes that were present in cases of high river runoff. Thus, it changed the MP distribution of the open sea in the vicinity of river outlets. The results of MPs were compared with existing observations of MPs in the Gulf of Riga. The simulations and observations in the year 2018 confirmed that the concentration of MPs in the Gulf of Riga decreased as the drift time from the Daugava estuary increased. Furthermore, river retention of MPs in the estuary domain improved MP correlation with experimental data in the Gulf of Riga. However, a larger number of observations near the Daugava River outlet are necessary to verify additional parameterizations of MPs in the estuary domain. A large part of MPs are released in sewer overflow events in WWTPs with a considerable concentration of microfilms, showing the importance of Lagrangian drift assessments.
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Plastic products are used in almost all aspects of our daily life. Due to their low cost, portability, durability, and resistance to degradation, these products are affecting the health of the environment and biota on a global scale. Thus, the removal and mineralization of microplastics is an important challenge in the 21st century. Advanced oxidation processes (AOPs) have recently been identified as a viable treatment technique for tackling recalcitrant organic molecules and polymers. However, information on kinetic degradation mechanisms and photocatalytic reactor design is insufficient. This review discusses the fundamentals of photocatalysis and photo-Fenton processes in addition to the photocatalytic degradation mechanisms. We also introduce different characterization techniques of the major microplastic pollutants such as PE, PP, PVC, PS, PMMA, and PA66. In addition, a detailed overview of the major existing photocatalytic plants and the scaling-up methods of photoreactors are discussed.




Keywords: microplastics, advanced oxidation processes, photocatalysis, microplastics characterization, photocatalytic reactor design, reactor upscaling



1 Introduction

It is rare to experience similar growth in production and usage as the plastics industry has done in the span of 60 years, plasticizing the modern world, and justifiably dubbing the 20th and 21st centuries the “Plastics Age” (Porta, 2021).

By the middle of the 19th century, and in the wake of industrialized goods production, inventors were attempting to tackle a new economic problem, resulting from the increasing scarcity of natural-derived materials. It was then that the first synthetic polymer was produced by John Wesley Hyatt around 1869 from the treatment of cellulose polymer and camphor (Evode et al., 2021). As research progressed, the dawn of the 20th century witnessed the production of the “Bakelite”, the first synthetic plastic, by Leo Hendrik Baekeland in 1907 (Geyer et al., 2017). Owing to its remarkable versatility and utility, plastics went into large-scale production to accompany the technological revolution that followed the beginning of the so‐called post‐World War II in what was known as the “Great Acceleration of population, industry and resource utilization” (Porta, 2021). Today, plastics and plastic-based materials are produced in millions of tons at a rate exceeding two hundred million tons per annum (Nabi et al., 2021). Plastic fabrication is expected to increase twofold in the next 20 years if current trends continue (Lebreton and Andrady, 2019).

However, plastics, the wonder material of the 1960s, became a victim of its own success. As a result of the huge production and inefficient waste management practices, plastic debris has progressively invaded the environment from the poles to the equator, and from the depths of the oceans to the tops of mountains, jeopardizing the aquatic and terrestrial ecosystem (Browne et al., 2010). As of 2015, it is appraised that only about 9% of the 6,300 Mt of produced plastic litter was recycled, 12% was incinerated, and 79% was dumped in landfills or the natural environment (Geyer et al., 2017). Over 5 trillion pieces of plastic, weighing over 260,000 tons, are now hovering over the ocean’s surface (Eriksen et al., 2014). If current production and waste management trends continue, by 2050, plastics are anticipated to account for up to 54 wt% of all discharged anthropogenic leftover into the environment, with 12,000 Mt ending up in landfills or aquatic media (Geyer et al., 2017; Cao et al., 2021). Plastics are a versatile material made up of long-chain synthetic polymers with tenacious characteristics, mainly processed from petroleum-based products, and consuming approximately 1.6 billion L of oil annually (Knoblauch et al., 2018). Recent studies estimated that plastic production would require in the next 30 years roughly 20% of petroleum products consumed globally and would account for 15% of the annual carbon emissions (Lebreton and Andrady, 2019).

Plastics pollutants are broadly defined into five categories depending on their dimensions: megaplastics (over 1 m), macroplastics (below 1 m), mesoplastics (below 2.5 cm), microplastics (MPs) (below 5 mm), and nanoplastics (under 1 µm) (Thompson et al., 2004; Wright et al., 2013; Law and Thompson, 2014; Wang et al., 2017). Within this scope and since 2004, the term “microplastics” has been popularly adopted by scientists and environmentalists (Hartmann et al., 2019). More recently, MPs are termed as “synthetic solid plastic particle or polymeric matrix with regular or irregular shapes and a size ranging from 1 μm to 5 mm” (Frias and Nash, 2019).

Following their unabated discharge, MPs have been found in seawater, coasts (Zhou et al., 2016), estuarine sediments (Qiu et al., 2015), rivers (Sanchez et al., 2014), lakes (Wang et al., 2017), soils (Zhou et al., 2019), and air (Abbasi et al., 2018), among others, outnumbering the large portion of plastic debris (Hale et al., 2020). Moreover, these small invaders are of great environmental concern, especially due to their size; it is accessible to a wide range of organisms, starting from the smallest species such as zooplankton to the bigger ones, with potential physical and toxicological issues (Law and Thompson, 2014; Hodson et al., 2017; He et al., 2018).

Due to their small size, ingested MPs can circulate throughout the food web up to the food chains of human consumers (Revel et al., 2018). According to reports, a human being could consume between 39,000 and 52,000 MPs per year through food and beverages, while 4,000 MPs to 90,000 MPs could be added annually if tap and bottled water are respectively consumed (Cox et al., 2019). Recent studies suggest that MPs of micrometer size or smaller could adversely affect human health (Rist et al., 2018; Chen et al., 2020).

Conventional wastewater treatment plants (WWTPs) were found to be ineffective when it comes to MPs removal. These MPs are barely detectable on the macroscopic scale, and can easily escape capture by WWTPs ultimately ending up in the aquatic environment (Murphy et al., 2016; Lasee et al., 2017). Following the water treatment via WWTPs and drinkable water treatment plants (DWTPs), a ~70% removal efficiency of microfibers (MPFs) was only achieved, with treated wastewater containing up to ~347 of undetected MPFs/L (Sol et al., 2021). Furthermore, studies about WWTPs from different locations revealed an abundance of MPs in the treated water between 5.00 × 105 and 1.39 × 1010 particles on a daily basis (Liu et al., 2021).

The failure of conventional WWTPs to effectively remove MPs explains the carried-out efforts by scientists and engineers to develop suitable innovative technologies capable of treating these particles and neutralizing their harmful effects. In this regard, technologies for removing MPs, including physical, chemical, and biological treatments, were developed (Mumford et al., 2012; Talvitie et al., 2017; Ziajahromi et al., 2017; Sun et al., 2019). However, these methods show some main drawbacks (see Figure 1), such as the further required treatment of resulting sludge (Kim et al., 2022), production of secondary MPs, and non-reusability, making them unattractive to be employed for tackling the MPs in the environment (Dey et al., 2021).




Figure 1 | Drawbacks of some of the MPs removal technologies.



In order to overcome these restraints, it was vital to search for more advanced and efficient technologies.

In this view, advanced oxidation processes (AOPs) are considered environmental-friendly methods and were proposed as tertiary treatment for different types of wastewater effluents owing to their versatility and ability to remove non-biodegradable and chemically stable pollutants (Konstas and Konstantinou, 2019; Zhang et al., 2019; Antonopoulou et al., 2021). The principle of AOPs is based on physicochemical transformations that result in molecular disintegration, simplification of the chemical structure, and finally mineralization. Such processes involve the formation of highly reactive radical species involving the hydroxyl (HO•), superoxide  , hydroperoxyl  , alkoxyl (RO•), sulfate   and chlorine (Cl•) radicals (Vione et al., 2014; Potakis et al., 2017; Alfaifi et al., 2018). A general classification of the AOPs is shown in Figure 2.




Figure 2 | Homogeneous and Heterogeneous Advanced Oxidation Processes.



Among AOPs, photocatalysis and Fenton processes show a relatively high degradation rate and efficiency, making them a promising alternative for degrading various recalcitrants like MPs (Mokhbi et al., 2019; Kim et al., 2022). Yet, the employment of these techniques at an industrial scale remains very challenging due to the interference of several parameters that could affect the degradation process such as (i) the type and size of MPs, (ii) the light source and its intensity, in addition to (iii) the design of the photoreactor. Therefore, this work reviews, in an extensive manner, recent advances in photocatalysis technology, mechanism, and kinetics of MPs photodegradation, as well as the upscaling of photocatalytic reactors.



2 Recent Advances in Photocatalysis Technology


2.1 Fundamentals of Photocatalysis

This technology could fall into two primary subgroups: homogeneous and heterogeneous photocatalytic systems. Homogeneous systems are broadly employed due to their high reaction rate, short process time, and high accessibility, yet they present some critical drawbacks such as high cost, cumbersome extraction, complicated recycling procedures, and reactor corrosion (Ali et al., 2014; Cui et al., 2018). Moreover, implementing process-engineering strategies in photocatalytic processes favors heterogeneous photocatalysis due to the higher stability and ease of recovering heterogeneous photocatalysts.

Generally, photocatalysts are semiconductor (SC) materials that are photoactive. When an SC is irradiated by a light source of photonic energy (hv) larger than that of its bandgap (Ebg), an excited electron shifts from the valence band (VB) to the vacant conduction band (CB), and an electron (e−)–hole (h+) pair is created (Zhang et al., 2018). Consequently, the nature of the light source critically affects the concentration of (e−)–(h+) pairs and therefore the effectiveness of the system. Regardless of the type of pollutants, molecules, or MPs particles, the principle of photocatalytic degradation is quite similar and mainly grounded on the oxidation by ROS to transform the toxic product into less harmful components (Kim et al., 2022). The steps of such a mechanism are explained in Figure 3. As seen, while a part of the photo-generated electron–holes (1) recombine within 10 to 100 ns through radiative (photoluminescence) or non-radiative (energy release) processes (5), the rest generate a charge carrier capable of spatially separating on the catalytic surface (2) (Alfaifi et al., 2018; Hoffmann et al., 1995 Habib et al., 2020; Danish et al., 2021).




Figure 3 | Photocatalytic degradation steps of microplastics at the surface of the semiconductor under light irradiation: (1) (e−) – (h+) seperation, (2) Diffusion of the charge carriers on the surface of the photocatalyst, (3),(4) light-driven catalytic oxidation and reduction takes place on the active sites of the catalyst, (5) (e−) – (h+) recombination inside the catalyst, (6) (e−) – (h+) recombination at the catalyst surface.



Upon reaching the surface, these electron–hole pairs could either recombine again (6) or undergo electronic transfers with the localized states of the adsorbed molecules (3),(4). In this regard, the protons’ reduction [ENHE (H+/H2) = 0.0 eV] and water oxidation [ENHE (O2/H2O) = 1.23 eV] are the main reference energy levels that acquire a particular relevance concerning most SCs (as seen in Figure S1) (Tong et al., 2012).

Generally, metal oxide SCs have their valence bands with the main contribution from oxygen 2p orbitals, at 1–3 eV below the O2/H2O redox couple, while transition metal oxides with conduction bands mainly constituted by d orbitals of the metal have the position of their s orbital close to, or below the H2O reduction potential (Coronado, 2013). Thus, in aqueous media, a photo-activated SC enables the generation of reactive oxygen species (ROS) such as hydroxyl radical (•OH) and superoxide radical  , which exhibit strong oxidation of organic matters, leading to the total mineralization of recalcitrant organic particles into less harmful products such as H2O and CO2 (Ganguly et al., 2019; Habib et al., 2020; Saravanan et al., 2020).

SC photocatalysts can be classified into three main categories: single, double (binary), and three (ternary) components (Figure 4). The usage of classical single components shows certain limits related to the large amount of electron–hole recombination, low absorption of the visible region, and poor conduction of the charge carrier (Pawar and Lee, 2015). Although binary and ternary photocatalysts have been showing a better performance compared to the single components, they present many downsides when used alone (Xu et al., 2019).




Figure 4 | Flow chart of some binary and ternary semiconductor photocatalysts.



For instance, SCs with sulfides or nitrides (binary SC) possess a narrow bandgap but are unstable in the aqueous medium (Mishra and Chun, 2015). Moreover, using metal oxides in their pure form presents limited adsorption capacity, lower recovery, reusability, and higher recombination rates (Mohamed et al., 2020). For example, TiO2-based SCs have been studied, and widely used for photocatalytic applications, yet, they present poor quantum yield due to the fast recombination rate of photogenerated electron–hole pairs, poor and selective adsorption, and short-lived photo-generated carriers (Adekoya et al., 2017; Lum et al., 2019). Another broadly used metal oxide, zinc oxide (ZnO), is prone to be soluble in both alkaline and acidic medium (Saravanan et al., 2020). In addition, certain ternary SCs have an enough narrow Ebg that renders them active under visible light, yet they do not possess appropriate band edge potentials to perform diverse reactions (Xu et al., 2019). For this reason, optimum formulations of performant photocatalytic systems can be achieved by either coupling large bandgap binary/ternary SCs with narrower bandgap binary/ternary ones, or coupling modified/unmodified SCs into nanocomposites, or even by adopting the two-step photoexcitation system known as Z-scheme (1st, 2nd, and 3rd generations) (Yadav et al., 2018; Xu et al., 2019; Chung et al., 2019).




3 Photo-Fenton Process

Fenton oxidation processes, another classic category of AOPs, is one of the most popular and interesting techniques due to its satisfying depuration ability (at room temperature and barometric pressure), a broad spectrum of applications, interference resiliency, procedure simplicity, and quick degradation/mineralization of recalcitrant organics (Hamd and Dutta, 2020). The process was first brought to light by Fenton et al. in 1894 (Fenton, 1894) in its basic form, consisting of the catalytic reaction of H2O2 with iron ions (Fe2+) and producing hydroxyl radical (•OH), the second-highest oxidized species with a potential E°C(OH/H2O) = +2.8 Vs NHE as shown in (Rn. 1).



However, besides the oxidation of Fe2+ to Fe3+, the technique requires the generation of the Fe2+ species throughout its reduction to Fe3+ to generate •OH (Rn. 2). With the rate of the reduction reaction ~6,000 times lower than that of the oxidation, the efficiency of the oxidation/reduction cycle of Fe(III)/Fe(II) is dramatically hindered and leads to the accumulation of Fe3+ in the solution (Song et al., 2006; Martínez-Huitle et al., 2015).



Facing the fact that Fe3+ begins to precipitate at >pH = 3 to form the so-called iron sludge (oxyhydroxide) (Xue et al., 2018), which is considered a heavy pollutant, and leads to severe losses of ferric ions in the medium, homogenous Fenton is recommended to be performed in strong acidic medium (Hamd and Dutta, 2020)..

To overcome this inconvenience and to expand the application pH of the technology, various approaches have been adopted such as coupling homogeneous Fenton with UV-vis/solar irradiation, using chelating agents (CAs), or employing heterogeneous Fenton systems (Hamd and Dutta, 2020).


3.1 Coupling of Homogeneous Fenton Process With Light (Photo-Fenton)

The generation of stable hydroxo-iron(III) complexes such as [Fe(OOH)]2+ and [Fe(OH)]2+ by the interaction of Fe3+ ions with H2O2 and OH− results in a poor regeneration of iron(III) ions (Rn. 3,4) (Ahmed et al., 2011):





Herein, this rate could be increased by the introduction of a UV-vis (<580 nm) irradiation source, thus reducing sludge formation and maintaining the oxidation/reduction cycle in a step that produces greater amounts of •OH radicals (Rn. 5) (Babuponnusami and Muthukumar, 2014; Lee et al., 2014).



Nevertheless, several key parameters have to be considered including (i) the initial concentration of recalcitrant molecules, (ii) the initial concentration of Fenton reagents, (iii) the operating temperature, and, most critically, (iv) the pH (Hamd and Dutta, 2020). For instance, at pH > 3.5, various aspects are noticed:

	-•OH radicals generation by the decomposition of H2O2 is hindered due to the deficiency of H+ (Walling et al. 1975). (2019).

	- H2O2 decomposition to water and oxygen is accelerated at pH > 5 (Meeker and United States Patent Office, 1963).

	- •OH radicals’ oxidation potential is shrunken as pH values increase (E°C = 2.8–1.95 V at pH 0–14) (Samet et al., 2009).

	- Production of ferric oxyhydroxide (FeOOH) at pH > 4 decreases the degradation rate (Tang and Huang, 1996).

	- The increased stability of H2O2 owing to the generation of ,  blocks the formation of •OH radicals.




3.1.1 Role of Chelating Agents in Homogeneous Photo-Fenton Processes in Preventing Sludge Formation

To extend the working pH of homogeneous photo-Fenton processes, organic/inorganic ligands known as CAs, e.g., EDTA (ethylenediaminetetraacetic acid), EDDS (ethylenediamine-N,N’-disuccinic acid), oxalate, NTA (nitrilotriacetic acid), CMCD (carboxymethyl β-cyclodextrin), tartrate, citrate, and succinate, are used (Luna et al., 2012). Moreover, various advantages were proved to come along with the usage of CAs, including:

- Increase quantum yield of •OH radicals.

- Improving Fe3+ reduction to Fe2+, resulting in additional •OH radicals, as shown in the case of oxalate ion (Rn. 6, 7):





More interestingly, the usage of CAs such as EDTA is broadly recommended in the heterogeneous photo-Fenton process (detailed in the next section). Adsorption of EDTA on magnetite, for example, could promote Fe3O4 dissolution, resulting in an improved catalytic reaction (He et al., 2015). Nevertheless, the high concentration of some of the CAs should be controlled because they may be strongly competing with H2O2 species for the boundless active catalytic sites (Huang et al., 2013).




3.2 Heterogeneous Photo-Fenton Processes

The advantage of the heterogeneous photo-Fenton processes relies upon extending the medium pH towards more practical ranges because catalytic reactions take place at the active region on the solid catalyst’s surface, therefore reducing the leaching of iron ions, decreasing the production of the iron sludge, and permitting the reusability of the catalyst (Liu et al., 2017; Hamd and Dutta, 2020).

Basically, two main interfacial mechanisms were proposed based on the two-stage degradation kinetic process (Figure S2) (He et al., 2015; Hamd and Dutta, 2020):

	- Slow induction period mainly consisting of heterogeneous reactions and surface iron leaching (homogeneous reactions).

	- Leaching of surface iron (homogeneous reactions), accompanied by quick induction time on the catalyst surface for heterogeneous catalytic reactions.



In heterogeneous Fenton systems, hydroxyl radical •OH (the main oxidant species) is commonly produced either from heterogeneous catalytic reactions between the surficial FeII (≡FeII) and H2O2 (Rn. 8) (Lin and Gurol, 1998) or from the outer-sphere reaction of uncomplexed Fe2+ ions with H2O2 (Rn. 10) (Remucal and Sedlak, 2011):



As for other oxidants such as hydroperoxyl radical   and superoxide anion  , they are produced by reactions involving surface-complexed FeIII (≡FeIII − OH) and H2O2, •OH and H2O2, in addition to reactions involving carbon-centered R• and oxygen (Rn. 9-11) (Santos-Juanes et al., 2011; He et al., 2015).







Owing to the proportionality of the catalytic decomposition rate of hydrogen peroxide to its own concentration and the surface area of the goethite as well (Huang et al., 2001; Kwan and Voelker, 2003), the proposed mechanism of H2O2 decomposition by Lin and Gurol seems to be the most reasonable (Rn. 12-18) (Lin and Gurol, 1998):















Besides these reactions, coupling the system with solar irradiation, photocatalysis could occur owing to the narrow bandgaps (2.0–2.3 eV) of iron oxide (Gulshan et al., 2010). The introduction of sunlight to heterogeneous photo-Fenton processes was found to be beneficial compared to UV light sources due to the noticeable decrease in operating expenses and the photolysis of ferric complexes, which takes place at wavelengths of approximately 600 nm and provides the catalytic medium with a higher number of •OH radicals (Hamd and Dutta, 2020).




4 Application of AOPs for Degradation of Microplastics

Among the AOP techniques, heterogeneous photocatalysis and photo-Fenton process proved to be an efficient means for the removal of MPs present in water. Photocatalytic water treatment has already reached the stage of the industrial pilot. Although the efficacy of the photocatalytic process has been well established in families of very different organic compounds such as dyes (Guillard et al., 2003; Saggioro et al., 2015; Berkani et al., 2020), pesticides (Herrmann and Guillard, 2000; Kaur and Kaur, 2021), saturated/unsaturated hydrocarbons (Herrmann, 1999; Ul haq et al., 2020), and phenols (Liao et al., 2009; Wang et al., 2009; Mozia et al., 2012; Mohamed et al., 2020), the application of photocatalysis for the treatment of micro- and nano-plastics has been attempted for just a few years. For instance, Tian et al. (2019) conducted a photocatalytic degradation of polystyrene (PS) nanoplastics in water and air mediums under a 254-nm irradiation source utilizing (Hartmann et al., 2019) C radioisotope tracer technology (Tian et al., 2019). PS nanoplastics mineralized more readily in water (17.1 ± 0.55%) than in air (6.17 ± 0.1%), proving the importance of the aqueous medium in improving the photo-transformation of the PS nanoplastics. Recently, Nabi et al. (2020) carried out a photocatalytic degradation of PS microspheres in addition to polyethylene (PE), over TiO2 nanoparticle films under an ultraviolet irradiation source (Nabi et al., 2020). After 12 h, a TiO2 nanoparticle film produced with Triton X-100 demonstrated near-complete mineralization (98.40%) of 400-nm PS and a significant photodegradation rate of PE after 36 h, resulting in CO2.

Li et al. (2020) used a polypyrrole/TiO2 (PPy/TiO2) nanocomposite as a photocatalyst to degrade PE plastic under sunlight irradiation (Li et al., 2020). The photocatalyst was synthesized using sol-gel and emulsion polymerization processes. They discovered that exposing PE plastic to solar radiation for 240 h lowered its weight by 35.4% and 54.4% of Mw, respectively. The degradation of PE was attributed to the strong existing interaction between the interface of PE and PPy/TiO2 photocatalyst as demonstrated by FTIR spectroscopic studies. Ariza-Tarazona et al. (2019) used N-TiO2 exposed to visible light to photocatalyze the breakdown of genuine samples of HDPE MPs isolated from a commercial facial cleanser (Ariza-Tarazona et al., 2019). The photocatalyst showed a high capacity for mass loss of HDPE MPs in both solid and aqueous environments. It was also demonstrated that the ambient conditions, interactions between pollutants and photocatalyst, and the catalytic surface area should all be properly established or tailored to avoid photocatalyst deactivation. Lee et al. (2020) carried out a photocatalytic degradation of polyamides microfibers PA66 over different TiO2 doses (Lee et al., 2020). With the employment of 100 mg of TiO2/L, the degradation efficiency reached its optimum under UVC irradiation, and PA66 microfibers lost 97% of their mass (in 48 h). These photocatalytic conditions produced a modest level of by-products (less than 10 mg/L COD). As a result, photocatalysis using TiO2 and UVC could be a viable option for treating microfibers in WWTPs. Furthermore, we have recently published in Dutta’s group two interesting papers about the photocatalytic degradation of PE films and PP beads in water flow. In the first work, Tofa et al. (2019) used visible-light-triggered heterogeneous zinc oxide photocatalysts to successfully degrade a 1 cm × 1 cm low-density polyethylene (LDPE) film (Tofa et al., 2019).. The carbonyl index of residues increased by 30%, as did the brittleness, which was accompanied by a high number of wrinkles, cracks, and cavities on the surface. The oxidation degree turned out to be directly proportional to the catalytic surface area. In another work, Uheida et al. (2020) suggested a unique MPs removal approach that uses coated glass fiber substrates with ZnO photocatalyst to trap low-density polypropylene (PP) (Uheida et al., 2020). Irradiating PP MPs for 2 weeks with visible light resulted in a 65% reduction in mean particle volume. GC/MS was used to identify the primary photodegradation by-products, which were determined to be predominantly harmless compounds. Finally, Colburn et al. (2020) suggested a new idea for MPs removal by introducing beforehand a 2 wt% catalyst anatase TiO2 to the HDPE or LDPE films during their synthesis (Colburn et al., 2020). Photo degradation under ambient conditions and solar irradiations could be a scalable and cost-effective defense strategy against plastic litter. A summary of some appealing works published in the last two decades is chronologically presented in Table 1.


Table 1 | Main studies of MPs’ photocatalysis.



On the other hand, Fenton’s reagent method also has a very positive influence on the treatment process, especially for non-degradable organic pollutants. Fenton’s reagent removes or degrades a wide variety of contaminants in an aqueous solution either alone or in combination with other processes. Fenton process was successfully used in textile (Arslan-Alaton et al., 2007; Liu et al., 2007; Nadeem et al., 2020), pharmaceutical (Martínez et al., 2003; Molina et al., 2020), dyeing (Gulkaya et al., 2006; Wang, 2008; Salgado et al., 2020), olive oil mills (Rivas et al., 2001; Beltrán-Heredia et al., 2001; RuÃz-Delgado et al., 2020), oil (Sivagami et al., 2019; Gamaralalage et al., 2019), and cosmetics industries (Bautista et al., 2007; De Andrade et al., 2020), as well as in the reduction of polynuclear aromatic hydrocarbons (Beltrán et al., 1998; Singa et al., 2021), the treatment of brines (Rivas et al., 2003), the degradation of phenol and bisphenols (Carriazo et al., 2005; Zulfiqar et al., 2021), the treatment of effluent from herbicides and pesticides production industry (Sangami and Manu, 2017; Zhao and Zhang, 2021), the treatment of landfill leachates (Tejera et al., 2021; Filho et al., 2021), the degradation of recalcitrant oil spill components anthracene and pyrene (Sekar and DiChristina, 2017; RuÃz-Delgado et al., 2020), the inactivation of Escherichia coli K12 (Rivas et al., 2001), the treatment of recalcitrant industrial wastewater (Cai et al., 2021), and the treatment of high-molecular-weight melanoidin molecules (Raji et al., 2021). More details about Fenton technology for the treatment of recalcitrant organic molecules in several industries can be checked out in our recently published book chapter (Hamd and Dutta, 2020).

In addition, the Fenton process was also used for tackling MPs: After 6 h of potentiostatic electrolysis at −0.7 V vs. Ag/AgCl at 100°C, Miao et al. (2020) demonstrated that an EF-like technique based on TiO2/C cathode was successfully used to degrade PVC MPs with 56 wt% elimination and 75% dechlorination efficiency (Miao et al., 2020). As a result, this method offers a viable and environmentally benign strategy for the degradation of PVC MPs, with the potential to be extended to additional chlorinated species of plastics such as 2,4-dichlorophenol, PE, PP, and PS. Moreover, Liu et al. (2019) showed a significant fragmentation of PS and PE MPs during the oxidation processes by K2S2O8 and after Fenton treatment (Liu et al., 2019). After 30 days of heat-activated K2S2O8 treatment, the sizes of almost all MPs were decreased from 40–50 μm to <30 μm and 80.1% and 97.4% of PS and PE were below 20 μm, respectively. The fragmentation processes and the degradation rates seemed to differ between PS and PE probably due to the differences in the molecular structure and tensile strength between the two polymers.

Based on the above, heterogeneous photocatalysis was successfully coupled with physical or chemical processes altering the degradation kinetics and/or overall efficiency to promote the global performance of the technology. For instance, when combining heterogeneous photocatalysis with biological treatment, membrane reactor, membrane photoreactor, or physical adsorption, the photocatalytic mechanisms are not affected but the efficiency of the overall process is improved. When heterogeneous photocatalysis is coupled with ultrasonic irradiation, ozonation, electrochemical treatment, or photo-Fenton reaction, the photocatalytic mechanisms are in this case modified, thus improving the efficiency of the process (Augugliaro et al., 2006). Therefore, various researchers have combined the Fenton reactions with photocatalysis to create a novel wastewater treatment approach. Utilizing this strategy, a win–win situation could be attained. This will not only extend the lifetime of produced charge carriers, yet it will also accelerate the Fe3+/Fe2+ cycle, resulting in increased mineralization of pollutants and a reduction in iron sludge. As an example, Figure 5 depicts a hypothesized CdS/CNT-TiO2 process for photo-Fenton degradation of methylene blue when exposed to visible light. As seen, the photo-induced electron   generated on TiO2’s surface can be scavenged by O2, while the photo-induced hole   reacts with OH− or H2O. In addition, the adsorbed Fe3+ on TiO2’s surface can be reduced by the transfer of electrons, accelerating the Fe3+/Fe2+ cycle and impeding the electron–hole recombination. Lastly, the electron transfer between the excited state of the photosensitizer (MB*) and Fe3+ leads to the regeneration of Fe2+ ions and therefore increases the kinetic rate of the degradation process (Kim and Kan, 2015).




Figure 5 | Proposed mechanism of CdS/CNT-TiO2/photo-Fenton degradation of methylene blue under visible light irradiation. Reproduced with permission (Kim and Kan, 2015).





5 Photocatalytic Mechanism of Microplastics Degradation

The solid-state photocatalytic degradation of polymer started back in 1970, yet the investigations on the removal of MPs in an aqueous environment have recently started and the mechanism is not fully known (Padervand et al., 2020; Xu et al., 2021).

Light absorption, electron–hole separation, and the generation of highly ROS such as   are the three main stages in a photocatalysis process. These radicals start the degradation process within the polymeric chain when exposed to light and humidity. The fundamental photocatalytic degradation mechanism of plastic can be classified into four steps: initiation, propagation, branching, and termination (Rabek Jan, 2012).

The initiation step is caused either by the abstraction of hydrogen or by the session of the C–C bond at the impure centers, generating alkyl radicals of MPs. The presence of photocatalyst increases the generation of alkyl radicals using active species. Peroxy-radicals and hydroperoxides are formed during chain propagation. Further oxidation stimulates chain branching and scission with the generation of low-molecular-weight oxygenated compounds like hydroxyl, peroxide, and carbonyl groups leading to micro-cracks within the polymeric surface (Cho and Choi, 2001; Shang et al., 2003; Zhao et al., 2007; Yousif and Haddad, 2013; Ali et al., 2016; Tofa et al., 2019; Miao et al., 2020). The general mechanism of photo-oxidative degradation reactions of MPs is shown in Table 2 below, reproduced with permission from (Singh and Sharma, 2008; Tofa, 2018).


Table 2 | The general mechanism of photocatalytic degradation of MPs.



Tofa et al. (2019) (Tofa et al., 2019), Sarwan et al. (2020) (Sarwan et al., 2020), and Cho et al. (2001) (Cho and Choi, 2001) proposed photocatalytic degradation mechanisms of LDPE, PVC, and PS, respectively. LDPE film was exposed to visible light irradiation for 175 h using ZnO and Pt-ZnO as catalysts in the study of Tofa et al. (2019) (Tofa et al., 2019). They observed that alkoxy radicals are the key interim species that produced carboxylic groups like aldehydes, ester, ketones, and carboxylic acids in the photo-oxidation process and found ketone as the key species that undergoes further oxidation and results in complete mineralization, similar to solid-phase LDPE degradation using TiO2 conducted by Ali et al. (2016) (Ali et al., 2016). The proposed degradation mechanism is adapted with permission from Tofa et al. (2019), and shown in Figure S3A.

The degradation mechanism in Figure S3B of solid-phase PVC was proposed by Cho et al. (2001) (Cho and Choi, 2001). Distinctive wrinkles and cavities occurred on the surface of PVC after 100 h of irradiation using TiO2 under UV light. It was clear from the weight loss study that photocatalytic degradation was much faster than photolytic degradation. Miao et al. (2020) reported identical reactions when experimented on a liquid-phase condition of PVC (Miao et al., 2020).

Sarwan et al. (2020) conducted photocatalysis of PS film under visible light using Bismuth oxychloride (BiOCl) nanoflower and nanodisk for 90 h in a liquid phase and a mechanism in Figure 6 was proposed (Sarwan et al., 2020). Similar research but in a solid phase was conducted by Shang et al. (2003) on PS plastic under the sunlight with the formation of a small number of by-products. The solid-phase photocatalytic oxidation of PS plastic film was conducted using TiO2 and TiO2/CuPc (copper phthalocyanine) powder for 250 h (Shang et al., 2003). They revealed that the degradation kinetics depended on the number of ROS generation.




Figure 6 | The photocatalytic degradation mechanism of PS film. Reproduced with permission (Yousif and Haddad, 2013).



As discussed above, the photocatalytic degradation of MPs either in the solid phase or in the liquid phase is in good agreement with the basic principles: initiation, chain propagation, branching cross-linking, and session.



6 Characterization Techniques of Microplastics

Various characterization techniques are available for observing the degradability of MPs, which can be broadly classified into elemental, morphological, thermal, mechanical, and chemical analyses (Kumar et al., 2009). Table 3 illustrates the most often accessible options and their applications.


Table 3 | General techniques for characterization of MPs.




6.1 Elemental Composition

Elemental composition is an analytic tool for identifying the composition of copolymers, plastic blends, and molecular weight. Each plastic material has a characteristic molecular weight, chemical composition, and binding state that may alter after photocatalytic degradation.

Many studies have determined molecular weight through tools like gel permeation chromatography (GPC), nuclear magnetic resonance (NMR), viscosimetry, and osmometry, which have limited application to only soluble plastics. GPC, also known as size exclusion chromatography, is a fast, efficient, and most commonly used technique that measures a wide range of molecular weight and polydispersity index (De los Santos-Villarreal and Elizalde, 2013). Liang et al. (2013) conducted a high-temperature GPC analysis to determine the fluctuations in the molecular weight of the LDPE film before and after UV irradiation in which the temperature of the GPC injector, column, and the detector was kept at 150°C (Liang et al., 2013). 1,2,4-trichlorobenzene was employed in the mobile phase with an elution rate of 1.00 ml/min. The photo-irradiation of LDPE composites decreased the molecular weight to smaller values due to the production of low-molecular-weight compounds.

NMR spectroscopy is comparatively expensive but accurate, providing information (both qualitative and quantitative) on molecular structure, molecular weights, molecular weight distribution, chain orientation, and molecular motion of any unknown MP that is incomparable to other methods (De los Santos-Villarreal and Elizalde, 2013; Carraher, 2018). In a work carried out by Izunobi and Higginbotham et al. (2011), R-methoxy-ω-aminopolyethylene glycol and R-methoxy-polyethylene glycol-block-poly-ϵ-(benzyloxycarbonyl)-L-lysine were dissolved in N-deuterated dimethyl sulfoxide (DMSO-d6); the solution was observed on a spectrometer (499.8 MHz) at 60°C to obtain NMR spectra (Izunobi and Higginbotham, 2011). They mentioned the inability of determining weight-average molecular weight (Mw) unlike the GPC method; therefore, its potential in molecular weight determination is not appreciated.

In contrast, osmometry and viscosimetry are relatively cheaper, less efficient, and suitable for MPs having high- and low-molecular-weight determination, respectively (De los Santos-Villarreal and Elizalde, 2013; Carraher, 2018).

Tools like x-ray photoelectron spectroscopy (XPS) has a broad application in detecting relative composition, depth profiling, and chemical state from the surface of MPs. Such a system is expensive, requires high vacuum conditions, and provides only surface information. Yet, XPS provides straightforward and non-destructive surface characterization information of chemical bonding, and the total elemental composition of any MP. Each element demonstrates characteristic peaks and relative abundance when exposed to x-rays (Andrade, 1985). Celasco et al. (2014) used XPS for measuring surface texture and copolymer thickness in polyethylene glycol (PEG) nanocapsules prepared by solvent displacement method (Celasco et al., 2014). Miao et al. (2020) analyzed the elemental composition of PVC MPs before and after electrocatalytic oxidation using high-resolution XPS (Miao et al., 2020). The PVC surface morphology transformed significantly as identified by the change in the number of C, O, and Cl atoms.



6.2 Surface Morphology

The photodegradation of MPs generally starts at the external bulk surface and gradually goes deep (Tofa et al., 2019). Therefore, it is of immense importance to investigate the surface condition to understand the effects of degradation on the mechanical and physical properties of MPs. There are numerous techniques and tools for a surface analysis whose usability depends on different purposes. Here, we discuss a few conventional optical techniques and their serviceability in characterizing synthetic plastic materials.

A simple optical microscope has been a common technique to study the surface topography of a bulk structure in a reflected light mode. Tofa et al. (2019) (Tofa et al., 2019), Llorente-García et al. (2020) (Llorente-García et al., 2020), Uheida et al. (2020) (Uheida et al., 2020), and Vital-Grappin et al. (2021) (Vital-Grappin et al., 2021) used optical microscopes to observe the surface texture after the exposure. An optical microscope has underlying limitations of high magnification and restricted sample thickness between 5 and 40 mm. Digital imaging with scanning electron microscopy (SEM), transmission electron microscopy (TEM), and scanning probe microscopies are often used for image analysis and image processing (Galloway et al., 2002; Bonnet, 2004).

SEM offers both higher focus and larger depth of field and is a widely applicable technique for determining surface morphology, texture, and composition. A focused beam containing electrons is exerted to reach nano-scale imaging. MPs’ surfaces must be coated with conductive materials to obtain any acceptable image (Carraher, 2018). SEM has been used to determine wrinkles, cracks, and cavities of varying sizes on commercial grade LDPE films as a result of photo-oxidation (Tofa et al., 2019). Liang et al. (2013) used SEM to display surface morphology and the chalking phenomenon of LDPE composite films after UV irradiation for 230 h (Liang et al., 2013). The image analysis found 1- to 2-µm-wide and 0.5- to 1-mm-deep cavities all over the LDPE/TiO2 and LDPE/MPS-TiO2 film surfaces.

Another useful, versatile, and high-resolution microscopy technique for different imaging competencies is TEM. It enables observing detailed structural information at an atomic level; magnifications may reach up to one million under good conditions. Images are usually detailed, offer bright field and dark field, and can capture chemical information of the sample. The imaging and the analytical capabilities improve when coupled with a spectrometer (Burge et al., 1982; Bonnet, 2004; Carraher, 2018). In a study by Motaung et al. (2012), TEM was used for imaging the TiO2-polymethylmethacrylate (TiO2-PMMA) nanocomposites (Motaung et al., 2012).



6.3 Thermal Properties

Common instrumentation for monitoring thermal properties includes thermo-gravimetric analysis (TGA) and differential scanning calorimetry (DSC). DSC is a commonly used thermal analysis that is applied to determine the melting point, heat of fusion, crystallinity percentage, crystallization kinetics, phase transitions, and oxidative stability. The heat absorbed or radiated by any MP as a function of temperature against time is measured with DSC (Gill et al., 2010). The thermal analysis provides phase transition information, e.g., melting and glass-to-rubber transition to the crystalline and amorphous phases, respectively (Aguilar-Vega, 2013). Uheida et al. (2020) carried out DSC measurements on visible light-exposed PP MPs irradiated at different lengths to investigate the change in the crystallization behavior (Uheida et al., 2020). They observed a shift in the melting point to lower temperatures due to the degradation of the polymeric chain.

While DSC measures the heat quantity, TGA measures the rate of change of weight as a function of temperature in a controlled environment. It has a wide application in determining the thermal and oxidative stabilities, and in the identification and composition of plastic material. Many studies have used TGA to confirm the change in the thermal properties and determined kinetic parameters after photocatalytic degradation of MPs by monitoring the weight loss (Liang et al., 2013; Uheida et al., 2020; Zhao and Zhang, 2021).



6.4 Mechanical Properties

Tensile tests are used to determine nominal tensile strength, elongation, and elastic modulus (Aguilar-Vega, 2013). Usually, tensile testing, a destructive method, is conducted following ASTM 882-85, the universal testing machine (UTM). Analysis of several studies shows that photocatalytic degradation has an adverse effect on the tensile strength of films. The samples become brittle and fragile. Also, percent elongation decreases as carbonyl group formation increases (Zhao et al., 2007; Liang et al., 2013; Ali et al., 2016).

A dynamic mechanical analyzer (DMA) is extensively used for measuring viscoelastic properties of MPs at a molecular level where a minor deformation is applied to a given sample. This permits the materials to undergo cyclic loading, which causes both elastic and viscous deformation. The amorphous and crystalline parts of the material cause elastic component deformation, while the viscous part is induced by the movement of polymer segments (Menard and Menard, 2020). In the work of Tofa et al. (2019) photo-irradiated LDPE films were exposed to a DMA that resulted in the strain as a function of temperature at a frequency of 1 Hz (Tofa et al., 2019). The result elucidated the loss of elasticity after photocatalytic activities due to chain scission of LDPE films.

Recently, Luo et al. (2021) used a Lorentz contact resonance (LCR) technique for determining the viscoelastic properties of nanoscale TiO2-coated MPs by measuring the contact stiffness between the AFM probes and MPs (Luo et al., 2021). It provides a high-resolution map of different phases on extremely thin films. A greater frequency was associated with a stiffer MPs material, while a lower frequency was associated with a smoother material. The MPs became stiffer with increasing irradiation, forming wrinkles, cracks, and fragmentation.



6.5 Kinetic Degradation of Microplastics

The determination of kinetics is of immense importance to understanding the degradation mechanism and predicting the stability and life span. Here, we discuss a few simple techniques for determining the degradation kinetics of MPs.

The utilization of weighing balance is a simple, low-cost technique to study weight loss during photocatalytic degradation (Liang et al., 2013; Ali et al., 2016; Ariza-Tarazona et al., 2019). For Lee et al. (2020), weight loss was determined to evaluate the photocatalytic degradation kinetics of the PA66 microfibers using different doses of TiO2 and by changing UV wavelength (Lee et al., 2020). It was elucidated that the shorter UV wavelengths were more efficient in damaging PA66 microfibers in comparison with the longer ones. They discovered that the initial kinetic rate is precisely proportional to the catalyst dose.

Turbidity is a measure of the degree of losing transparency due to the presence of suspended particulates in the water. A turbidimeter, a cheap, widely used tool for monitoring drinking water quality, measures this haziness in water (Gregory, 1998). Ma et al. (2019) used a turbidimeter to observe the elimination of PE using coagulant AlCl3.6H2O and FeCl3.6H2O at different doses. Under low pH, a 5 mM dose AlCl3.6H2O ensured higher removal efficiency of PE particles (Ma et al., 2019). A pseudo-first-order kinetics of PS after in an aqueous environment was calculated using turbidity data (Domínguez-Jaimes et al., 2021).

Chemical oxygen demand (COD) in addition to total organic carbon (TOC) could be employed to evaluate the mineralization of MPs. COD is a measure of the requirement of oxygen for the oxidation of both organic and inorganic matters present in water, by a strong chemical oxidant. COD can evaluate the degree of mineralization that had generated during the photocatalytic process of MPs (Rajamanickam and Shanthi, 2016; Lee et al., 2020). On the other side, TOC has been in practice for exploring the concentration of total organic compounds (TOCs) in aqueous solution before and after photooxidative degradation (Giroto et al., 2010). For instance, polymethylmethacrylate and PS nanobead solutions were degraded using UV irradiation of TiO2/β−SiC alveolar foams, wherein reaction kinetics and TOC value were found to increase with the shorter wavelength. The TOC value ensures the breakdown of PS MP in suspension (Allé et al., 2021). Another research group used a TOC analyzer to investigate the degree of mineralization of PVC as a function of temperature using an electro-Fenton technology. Under the electrocatalysis process combined with high temperature (100°C), TOC can greatly increase. They also suggested that TOC values can be relied on reflecting the decomposition of PVC MPs (Miao et al., 2020).



6.6 Characterization Techniques for Produced By-Products

GC, GC-MS, and FTIR are the most commonly used tools for assessing MP degradation and by-products. The chromatograph is a destructive technique. In contrast, FTIR is a non-invasive method to identify and characterize transformation in chemical structure.

GC is the most popular analytical tool for monitoring by-products after degradation. GC is not suitable for the analysis of organic compounds having high molecular weight or low vaporization temperatures (Hakkarainen and Karlsson, 2006). Zhao et al. (2007) utilized GC to determine the concentration of CO2 and volatile organics generated during photocatalytic degradation of PE under solar and UV light. They proposed that CO2 is the key element produced from the photocatalytic degradation of PE plastic (Zhao et al., 2007). Other volatile organics like methane, ethene, ethane, propane, acetaldehyde, formaldehyde, and acetone were also detected, albeit of a lesser amount. GC was also used to study the photocatalytic degradation of PS plastic exposed to fluorescent light, and generation of volatile organic compounds followed by CO2 evolution was confirmed (Shang et al., 2003).

Polymer degradation constituents have been investigated by many scientists using GC-MS (Barlow et al., 1961). It permits both qualitative and quantitative evaluations (Medeiros, 2018). GC-MS analyzed obtained by-products from photocatalytic degradation of PP MPs over ZnO nanorods. It has been found that ethynyloxy/acetyl radicals, hydroxypropyl, butyraldehyde, acetone, propenal, and the pentyl group are the most abundant degraded by-products (Uheida et al., 2020). During the investigation of degraded species after oxidation of PVC MPs via an electro-Fenton system, short-chained organics like alkenes, alcohols, monocarboxylic acids, dicarboxylic acids, and esters were detected (Miao et al., 2020).

LC-MS is a highly sensitive tool, mostly suitable for MP identification, sensing lower volatile compounds of high polarity, determining molecular weight, and conducting end group analysis of polymers. Sample preparation is comparatively easy, and it has the ability to recognize and measure a wider range of compounds (Perez et al., 2016). Tapia et al. (2019) recently used LC-MS and developed a method for identifying the degradation compounds of a cross-linked polyester for biomedical relevance (Tapia et al., 2019). They used both LC-MS and LC-MS/MS for characterizing structural isomers and their corresponding structures.

ATR-FTIR spectroscopy is a widely used non-destructive technology for measuring infrared spectra for a variety of materials, especially for indicating the structural transformation in MP structure after degradation. This is an inexpensive, sensitive, and time-saving analytical method that provides an indirect result of the extent of oxidation of polymeric materials. The functional group within polymeric compounds vibrates at its own characteristic frequency due to the absorption of IR light. FTIR spectroscopy is applicable for the identification and detection of structural transformation in plastic materials (Tofa et al., 2019; Almond et al., 2020). Numerous studies on chemical transformation within polymeric chains using FTIR have been reported (Cho and Choi, 2001; Shang et al., 2003; Tofa et al., 2019).




7 Scaling-Up of the Photocatalytic Reactors

While the coupling of AOP technologies is very beneficial to increasing the photocatalytic activity of the process, the performance of photoreactors remains dependent on several factors such as (i) the operational mode; (ii) the several phases that exist in the reactor; (iii) the hydrodynamics; and (iv) the reacting mixture’s composition and operating conditions. Because photocatalytic oxidation reactions are caused by absorbed photons with adequate energy values by the SC particles, the photoreactor and radiation sources are the most important components of a photocatalytic/Fenton process (Sacco et al., 2020).

Dedicated photocatalytic reactors for water treatment can fall into two categories: (1) reactors with photocatalyst deployed as suspended particles requiring a supplementary downstream separation unit for photocatalyst recovery, and (2) reactors with a supported photocatalyst, which allows continuous operation (Pozzo et al., 2000; Chong et al., 2010). Although both configurations can be used to treat wastewater streams, when designing field-scale photoreactors, several parameters must be considered, including pollutant concentration (COD initial load), flow type and rates, light intensity, solar irradiation area, dissolved oxygen concentration in water in a state of equilibrium with the atmospheric air (Gutierrez-Mata et al., 2017), and the electrical energy per order EE/O (given in kWh in European countries) necessary to eliminate a contaminant by one order of magnitude (90%) in 1 m3 of polluted water (Bolton et al., 2001; Vaiano et al., 2019). The composition and concentration of real wastewater effluents, as well as fluctuations in the photonic solar flux throughout the degradation process, make field-scale reactors a highly difficult challenge (Gutierrez-Mata et al., 2017). Due to the difficulties in controlling all the parameters cited above, for the scale-up of a photoreactor, often mathematical models are prepared including several sub-models (Cassano et al., 1995; Fagan et al., 2016) such as the radiation emission model, the radiation absorption-scattering model, the kinetic model, and the fluid-dynamic model (Cassano and Alfano, 2000). Such interconnected sub-models produce a complicated scheme of integral–differential equations that necessitate numerical solutions (Alvarado-Rolon et al., 2018). The local volumetric rate energy absorption (LVREA), which is termed as the energy attributable to the absorbed photons/(time and volume) inside the photoreactor, is a function of the photocatalytic reaction rate. This energy (LVREA) is highly reliant on the analytical solution of the radiation transfer equation (RTE), which is linked to the categories of lights and reactor geometry (Satuf et al., 2007).

Numerical computing approaches such as the statistical Monte Carlo method (MC) or analytical simplified methods such as the two-flux model (TFM) and the six-flux model (SFM) can also be used (Kim and Kan, 2015). MC, however, needs large computational processors, and TFM and SFM are limited to flat slab geometries (Li Puma, 2005; Moreira et al., 2010). CFD models were developed for scaling-up of dedicated photoreactors for wastewater treatment taking into account model pollutants, such as oxalic acid (Denny et al., 2009), phenol (Jamali et al., 2013), poly(vinyl alcohol) (Ghafoori et al., 2014), tributyl phosphate (TBP), tri (2-chloroethyl) phosphate (TCEP) (Moghaddami and Raisee, 2012), rhodamine B (Kumar and Bansal, 2013), methylene blue (Vaiano et al., 2015a), and emerging contaminants such as atrazine (Bagheri and Mohseni, 2015).



8 Selection of Reactor Design for Up-Scaling

Before deciding to scale up a photoreactor, the performance of each configuration should be first established. As a result, photoreactor energy efficiency is measured by the quantum yield, which is the ratio of reaction rate over the light absorption rate (Kim and Kan, 2015). The quantum yield is then transformed into a photochemical thermodynamic efficiency factor, which is denoted by (Serrano and De Lasa, 1997):



Where rOH is the rate of OH radical formation (mol/g of catalyst), ΔHOH is the enthalpy of OH radical formation (J/mol), and W is the mass of catalyst (g). The energy efficiency factors cannot be employed for the specified reactor performance comparison because the treated volume and reactor footprint parameters are not integrated into the above equation (Gaya and Abdullah, 2008). Consequently, figures of merit in terms of collector area per mass (ACM), which is the required collector area required to degrade 1 kg of pollutant in 1 h following a solar radiation of 1000 W/m2 intensity, and collector area per order (ACO), which is the required collector area to reduce the pollutant concentration in 1 m3 by one order of magnitude (Bolton et al., 2001), were suggested for comparison of advanced oxidation technology (AOT) reactors of various configurations, as shown in the following equation (Bandala and Estrada, 2007; Rao et al., 2012):





where ACM and ACO are in m2/kg and m2/m3 order, respectively, Ar is the actual reactor area (m2), t and t0 are irradiance and reference time (h),   and   are the average solar irradiance and reference solar irradiance (W/m2), Vt is the treated volume (L), M is the molar mass (g/mol), and Ci and Cf are the initial and final pollutant molar concentrations, respectively. Therefore, the geometry of photocatalytic reactors would be preferably selected in such a way that the emitted irradiations are collected in maximum values.



9 Photocatalytic Reactor: Configuration and Commercialization

Photochemical systems in addition to reactors have adopted conventional solar thermal collector designs, including parabolic troughs and non-concentrating collectors because the required hardware for solar photocatalysis is quite comparable to that required for thermal applications (Goswami, 1997). However, it should be noted that contrary to solar thermal processes, solar photochemical processes utilize solely high energy with short-wavelength photons. For instance, a TiO2 photocatalyst operates under UV or near-UV sunlight (300 to 400 nm), and a photo-Fenton heterogeneous photocatalyst operates within sunlight wavelength radiation below 580 nm.

The prime benefits and shortcomings of concentrating and non-concentrating collectors for solar photocatalytic applications are as listed in Table 4 (Malato et al., 2007).


Table 4 | Comparisons between parabolic and non-concentrating solar photoreactors.



Quantitative comparisons of photoreactor designs are quite challenging due to the broad diversity of photoreactor designs, operating conditions, photocatalyst design and preparation, changes in solar intensity, and kinds of pollutants. As a result, the comparisons are primarily qualitative and centered on the practical aspects of each design (Braham and Harris, 2009).


9.1 Parabolic Trough Reactors

A parabolic trough reactor (PTR) focuses solar energy on a transparent tube located along the parabolic focal line and whereby the reactant fluid flows using a long, reflective parabolic surface (see Figure 7). Concentration factors of 5 to 30 suns are commonly utilized for photocatalytic applications, while a concentration factor of 70 suns has been observed utilizing a parabolic dish reflector (Alfano et al., 2000; Malato et al., 2002; Oyama et al., 2004).




Figure 7 | Parabolic troughs reactor types with (A) single and (B) double axis solar tracking. Reproduced with permission (Malato et al., 2007).



Increasing the intensity of the incoming light allows the use of a reduced quantity of photocatalyst leading to a reduction of the operating costs, as well as simplified catalyst separation and recycling (Goswami et al., 2004). This also enables the use of a smaller diameter absorber tube, allowing for higher operational pressures, which is beneficial in industrial-scale plants where hundreds of meters of absorber tubing and associated components can result in considerable pressure losses (Alfano et al., 2000).

PTR configuration was applied in Sandia National Laboratory, New Mexico (SNL) for the treatment of 1,100 L of polluted water by salicylic acid using TiO2 slurry. The employed PTR was 218 m long and 2.1 m wide, with a 38-mm-diameter borosilicate glass pipe. With a total aperture size of 465 m2 and a concentrating ratio of 50, the device was able to achieve 96% degradation in just 40 min. The same system was used for treating other molecules such as trichloroethylene, tetrachloroethylene, chloroform, trichloroethane, carbon tetrachloride, and methylene chloride (Prairie et al., 1991). CIEMAT71, a Spanish corporation, and an American partnership consisting of the National Renewable Energy Laboratory (NREL), Lawrence Livermore National Laboratory (LLNL), and Sandia National Laboratories (SNL) built similar systems (Mehos et al., 1992). The CIEMAT development consisted of 12 “Helioman” units that were placed in sequence at the Plataforma Solar de Almeria (PSA) in Spain. Four parabolic trough aluminized reflectors with an overall collection area of 29.2 m2 and two-axis tracking constituted each Helioman. The concentration factor of this configuration is approximately 6 suns, and the photonic efficiency (expressed as moles of degraded contaminant per incident mole of photons inside the reactor) was registered as ∼1% (Malato et al., 2002). This PTR configuration turned out to be efficient for the photocatalytic degradation of pentachlorophenol (Minero et al., 1993), oxalic acid (Bandala et al., 2004), and 2,4-chlorophenol (Malato et al., 1997) contaminants in water. In addition, for the treatment of trichloroethylene by a suspended photocatalyst supplied at 0.8 g/L, the NREL consortium used single-axis tracking PTRs stacked in series over two drive trains with a collection area of 78 m2 each and a concentration factor of ∼20 suns (Mehos et al., 1992). A significant decrease in trichloroethylene concentration in contaminated groundwater beneath the level considered drinkable (from 106 ppb to <0.5 ppb) was observed in this installation.

However, there are various drawbacks associated with the use of PTR reactors. PTR can only collect and benefit from direct sunlight, which reduces the overall quantity of collectible solar radiation and makes the use of a solar tracking system inevitable, making their use quite expensive and inefficient on cloudy days. Overheating of the reaction solution is another key flaw of PTR (Blanco-Galvez et al., 2007). While heating the reaction fluid is normally good for enhancing the reaction rate (Falconer and Magrini-Bair, 1998), it may become unpleasant at higher concentration factors because of the possible formation of unwanted products through direct photolysis. Overheating can also lead to leaks and corrosion (Adesina, 2004), and can affect treatment efficiency. Moreover, an increase in the temperature leads to a decrease in the solubility of oxygen in the water and therefore bubble generation. Because O2 is required for reaction completion (Prairie et al., 1991), the endless contribution of oxygen to the reaction or addition of scavengers such as hydrogen peroxide/sodium persulfate becomes essential for the process (Minero et al., 1993), which will complicate the water purification procedure and deteriorate its practicality. Because of the elevated operation cost related to water cooling, the existence of moving parts, and solar tracking devices, PTRs are not generally considered for scaling-up and commercialization.

Finally, the National Solar Thermal Test Facility at Sandia Laboratories in Albuquerque, New Mexico (USA) constructed the first outdoor engineering-scale reactor in 1989 (Figure 7, left), and the PSA in 1990 designed and built the very first PTC engineering scaled-up solar photochemical facility designated for the detoxification of water in Europe (Figure 7, right) (Minero et al., 1993; Malato et al., 2007).



9.2 Compound Parabolic Concentrator

The reflector geometry in CPC grants reflection of indirect light onto the absorber tube surface leading to an increase in the total quantity of photons and allowing the photoreactor to operate on overcast days when direct beams are unavailable (Bockelmann et al., 1995). As a result, by employing a CPC setup, many of the issues related to PTR could be avoided. Therefore, according to the following equation, the concentration factor and the acceptance angle of a CPC are directly associated:



where CCPC is the concentration factor, θa is the acceptance half-angle, α is the width of the reflector aperture, and r is the radius of the absorber tube. As a result, a CPC with a concentration factor equal to 1 sun (no concentration) will possess an acceptance half-angle equal to ~90°C, which means that all received light beams by the aperture (direct and diffuse) would be reflected in the absorber tube. The enhancement in the CPC performance over that of the PTRs was shown to range between 30% and 200% (Parra et al., 2001; McLoughlin et al., 2004a) owing to the ability of CPCs to harvest diffused beams and to usethem more efficiently (as a consequence of homogeneously illuminating the absorber tube) (McLoughlin et al., 2004b; Malato et al., 2007). Likewise, no sun tracking technology is required, decreasing the system’s complexity and cost dramatically.

However, CPC reactors use a greater quantity of catalyst and wide absorber tubes compared to PTRs, making it necessary to work at low operating pressures (Fernández et al., 2005; Tanveer and Tezcanli Guyer, 2013). A schematic illustration and photo of a compound parabolic collector (CPC) are shown in Figure 8 (Fendrich et al., 2018).




Figure 8 | Schematic drawing and picture of a compound parabolic collector (CPC). Reproduced with permission (Fendrich et al., 2018).



The CPC design was employed in several pilot-scale assemblies. The PSA in Spain built a modular array of six CPC modules for the degradation of dichlorophenol solutions with a maximum concentration of 200 mg/L. Not more than 100 min was enough to remove the pollutant when using an overall collection area equal to 8.9 m (2216). Such CPC configurations were effectively employed for the degradation of a wide spectrum of water contaminants, such as bacteria (Fernández et al., 2005) pharmaceuticals (Augugliaro et al., 2005), municipal wastewater (Kositzi et al., 2004), pesticides (Oller et al., 2006), and other resistant compounds (Sarria et al., 2004).

A non-concentrating CPC design using suspended photocatalytic technology was also developed in the European “Solardetox” project for the treatment of commercial wastewater by building a modular system having each module made up of 16 parallel, 1.5-m tubes backed by CPC reflectors (Blanco et al., 1999; Malato et al., 2002). A full-size demo plant was built in HIDROCEN, Madrid (Blanco-Galvez et al., 2007). In a recirculating batch mode, the facility is completely automated and capable of treating 1,000 L of persistent non-biodegradable chlorinated industrial water pollutants. The plant has an overall aperture area of 100 m2 and is made up of two rows of 21 CPC collectors connected in series (each one is 1.5 m × 1.5 m and contains 16 parallel glass tubes with an inner diameter of 29.2 mm) (Blanco et al., 1999). Similar collectors were utilized for treating paper mill effluents in Brazil and Germany (Machado et al., 2003; Sattler et al., 2004; Eduardo da Hora Machado et al., 2004) and paper mill effluents (Amat et al., 2005), surfactants (Amat et al., 2004), and textile dyes (Prieto et al., 2005) in Spain.

A new CPC-based plant was constructed in 2004 to treat pesticides remaining in water after the recycling of plastics. Recycling of plastic containers was followed by industrial cleansing of the shredded plastic, resulting in water polluted with very harmful persistent chemicals (pesticides). In a batch process, this photo-Fenton-based treatment was able to mineralize up to 80% of the TOC in the washing water (Fallmann et al., 1999; Sagawe et al., 2001; Rossetti et al., 2004). Photocatalysis mineralizes approximately 95% of the pollutants, while the activated carbon filter eliminates the remaining 5%. The plant includes four parallel rows consisting of 14 photocatalytic reactor modules built with 20 tubes/module, 2.7 m2/module, and installed on a 37°C inclined platform, based on CPC solar collectors (local latitude). The overall collector surface area is 150 m2, and the combined volume of the photoreactor is 1,061 L (Blanco-Galvez et al., 2007).

In 2006, a new initiative was taken by effectively treating saline industrial wastewater with approximately 0.6 g/L of non-biodegradable α-methylphenylglycine (MPG) and 0.4–0.6 g/L TOC utilizing a combination of solar photo-Fenton and aerobic biological processes. It was made up of a solar CPCs photo-Fenton reactor (100 m2) and an aerobic biological treatment plant with a 1-m3 capacity fixed biomass activated sludge reactor. The combined system reached approximately 95% mineralization, wherein the photo-Fenton pre-treatment degraded 50% of the initial TOC, and the aerobic biological treatment eliminated 45% (Malato et al., 2007).

Zapata et al. (2010) established an approach for the development of a large-scale combination of solar photo-Fenton and aerobic biological systems for the remediation of commercially available pesticides using CPC reactors (Zapata et al., 2010). The industrial plant was made of a scaled-up biological treatment plant mainly consisting of two 1,230-L IBRs, a total collector with a 150-m2 surface, and an overall photoreactor volume of 1,060 L. The combined industrial-scale system (photo-Fenton/bio) has an efficiency of 84%, with 35% belonging to the photo-Fenton treatment and 49% related to the biological process.

Solwater is an alternative project that disinfected bacterially contaminated water using CPC photoreactor technology with a supported photocatalyst and photosensitive dyes. This project is funded by the European Union and conducted in South America. Following 3 months of deployment, the removal efficiency was diminished due to the deposition of calcium carbonate over the photocatalyst and the photosensitizer (Navntoft et al., 2007). This decrease in TiO2 efficiency was similarly observed when CPC packed with supported TiO2 on glass beads was employed for remediating of resulting BTEX spiked molecules from secondary wastewater treatment (Miranda-García et al., 2001). Extending the efficiency of the reactor was achieved by using a filter of ~0.35 μm, and an anionic and cationic ion-exchange resin as a pretreating stage. Catalyst fouling problem was also seen in tubular type reactors packed with supported TiO2 on silica spheres for urban wastewater treatment. Following a single month of treatment, iron sludge fouled the catalyst and dramatically reduced its efficiency (Nakano et al., 2004).

A CPC pilot-scale packed bed reactor made up of 5 Pyrex tubes (1.9 m length and 22.2 mm outer diameter) joined successively was employed for handling 21 L of triclosan solution over supported TiO2 on volcanic mesoporous stones (Martínez et al., 2014). Finally, Silva et al. propose and tested a new approach for the remediation of landfill leachates following an aerobic treatment on a pilot scale (Silva et al., 2017). This approach consists of an aerobic activated sludge biological pre-oxidation (ASBO), coagulation, and sedimentation steps, and photo-oxidation through a CPC (10 modules, 20.8 m2) photo-Fenton (PF) reactor. The optimal option for treating 100 m3/day of leachate with a COD value less than 150 ppm and 1,000 mg O2/L was a blend of solar and artificial radiation, considering the energetic needs across the year.

Finally, a variation of CPC called tubular reactor with an aperture and gross areas of 10 m2 and 37.2 m2 was respectively installed in a field test facility at Tyndall Air Force Base, Florida to tackle spiked water with BTEX in a recirculating batch mode (Vargas and Núñez, 2010). A total of 530 L of sieved groundwater was recycled with TiO2 slurry and 100 mg/L of H2O2. The removal of 75% of BTEX was achieved after 3 h. Recently, Vargas et al. (2010), reported a tubular pilot plant (TPP) using slurry TiO2 for the treatment of 15 L of contaminated water with industrial oil hydrocarbons (Vargas and Núñez, 2010). Dibenzothiophene (DBT) and naphthalene (NP) attained ~90% mineralization in 60 min when all pH values were tested; meanwhile, p-nitrophenol (PNP) reached ~40% in 180 min when pH = 6 and 10 were employed using slurry TiO2.

Although CPC suffers from optical losses and tube aging (Malato et al., 2002; De Lasa et al., 2005), reactor clogging, catalyst fouling, the need for oxygen injection, and high pumping costs, it is still a fitting technology for pilot-scale and larger-scale operations. Extensive testing of photocatalysis and solar thermal engineering led to tremendous knowledge and understanding in the design and operation of photocatalytic systems incorporating CPC photoreactors, resulting in an attainable design and scaling-up of a plant based on such technology.



9.3 Inclined Plate Collectors

Inclined plate collectors (IPC) are flattened or curved panels that maintain a thin (about 1 mm) laminar flow of wastewater (normally 0.15–1.0 L/min). It offers the advantage of ensuring great mass transfer across various segments of the reactor throughout the large surface supporting the photocatalyst, in a structure known as a “thin-film fixed bed reactor” (TFFBR) (Ollis and Turchi, 1990; Fendrich et al., 2018). This configuration allows the non-concentrated photons to first travel throughout the reactant fluid before attaining the photocatalyst. Therefore, water overheating heating is not an issue (Tian et al., 2017). IPCs are perceived to be highly well suited to small-scale applications with limited amounts of fluid to be treated (Zhang et al., 2018). A schematic illustration of an IPC is shown in Figure 9 (Fendrich et al., 2018).




Figure 9 | Examples of inclined plate collectors prototype using TiO2 nanoparticles coated on transparent beads for the remediation of methylene blue under solar illumination. Reproduced with permission (Fendrich et al., 2018).



Furthermore, the IPC may be closed or kept exposed to the atmosphere. When closed (flat plate reactor), they require purging with O2 or supplying with oxidants, in addition to glazing. When exposed to the atmosphere (failing film reactor), purging reaction solution with air and oxygen becomes unnecessary, as further increased efficiency is realized by excluding reactor covering from absorbing light beams, and therefore eradicating the likely formation of a photocatalyst opaque film on the inner surface (Braham and Harris, 2009). However, during severe gusts, falling film reactors suffer from a loss of homogeneity and dryness of the catalysts (Bockelmann et al., 1995; Gernjak et al., 2004).

A TFFBR pilot plant was installed in a textile factory in Menzel Temime, Tunisia for the treatment of two commercial textile azo dyes using supported TiO2 in a recirculating batch configuration. The pilot plant was composed of 2 reactors, each having a total illuminated area of 50 m2 capable to treat a volume of 730 L. Seventy percent of degradation was attained in 8 h with an initial TOC in the water of 44.8 mg/L (Zayani et al., 2009).



9.4 Double-Skin Sheet Reactor

Originally reported by van Well et al. (1997), the engineering of a double-skin sheet reactor (DSSR) is straightforward (Van Well et al., 1997). DSSR is a non-concentrating reactor composed of commercial Plexiglas (transmission of light above 320 nm) double-skin sheet. It benefits from the employment of direct/diffuse radiation, as well as the maintenance of a turbulent flow regime that bypasses mass transfer boundaries between the photocatalyst and pollutants. However, it may be solely utilized in a low-throughput slurry mode, and it has low optical efficiency and bubble entrapment (De Lasa et al., 2005). Moreover, being a closed reactor, it needs purging of reaction solution with O2 or supplementing with additional oxidants (Bahnemann, 1999), which makes them unsuitable for commercialization. It was demonstrated that the present photocatalytic process using DSSR is inapt for tackling a large volume of effluent water. For instance, the projected areas necessary to decrease TOCs to 5% out of their initial concentration in 100 m3/day of effluents were extremely large and unviable, spanning from 5,350 m2 for lubricating oil effluent to a huge 106,100 m2 for chlorinated organics effluent (Gulyas et al., 2005).

Nonetheless, a pilot plant composed of 12 DSSRs (2.45 m × 0.94 m) working in a recirculating batch mode with an overall surface area of 27.6 m2 and loaded with 5 g/L of TiO2 was installed in 1998 at the Volkswagen plant in Wolfsburg to handle 500 L/day of treated wastewater via biological approaches. The reduction of TOC reached 40% after 5.5 h beneath UV-solar irradiation (13.3 W/m2) (Dillert et al., 1999).



9.5 Step Photoreactor

The cascade falling film principle is used in the step photoreactor to ensure adequate sunlight exposure and oxygenation of the effluent to be treated. The STEP solar reactor (Figure 10) is composed of a rectangular (2 m × 0.5 m = 1 m2) 70-mm-high stainless-steel staircase vessel with 21 steps (Malato et al., 2007). To prevent water evaporation, it has a Pyrex glass (UV-transparent) lid. For the degradation of 4-chlorophenol, formetanate, and dyes, such reactors are set on a stationary rack inclined at 37°C, Almeria’s latitude. The photocatalyst-support sheet was 1.36 m2 in size. Twenty-five liters of DI water with the specified organic compounds was cycled in the dark at 7.5 L min−1 at the start of the experiment. For the entire degradation of 4-chlorophenol and formetanate, the STEP solar reactor was shown to be as competent as the CPC. In STEP reactor trials, however, both dyes took more time to be treated. The reactor was used to treat 25 L of water in a recirculating batch configuration. This setup was utilized to treat 25 L of an aqueous pesticide mixture with an initial TOC concentration of 8 mg/L in a recirculating batch mode. Exposed to a UV-A intensity of 30 W/m2, 80% degradation was obtained in 4.5 h (Chan et al., 2001). However, owing to high capital costs caused primarily by the cover material, in addition to film problems, the need for reaction solution purging with O2 or oxidant supplementation, and regular cleaning requirements, the STEP reactor became problematic for scale-up and commercialization. An example of a STEP reactor constructed at the PSA is shown in Figure 10. The major types of pilot-scale photoreactors are listed in Table 5.




Figure 10 | Non-concentrating STEP solar collector tested at Platforma Solar de Almeria (SPAIN). Reproduced with permission (Malato et al., 2007).




Table 5 | Major types of pilot-scale photoreactors.



To our knowledge, a pilot-scale photocatalytic reactor for the degradation of MPs does not exist yet. However, we took a big step in this framework during the CLAIM H2020 EU project where we successfully implemented a lab-scale photocatalytic reactor for the degradation of invisible MPs such as PP, PE, PVC, and nylon. For instance, 2 weeks of visible light irradiation of PP MPs resulted in a 65% decrease in average particle volume. The successful outcomes of the experimental work prove the efficiency of the designed reactors and suggest their prospects for employment in scaled-up water and wastewater treatment.

Finally, it should be noted that other reactor designs are proposed in the literature to treat wastewater but are not attractive for scale-up and commercialization due to the above-mentioned disadvantages: the use of the laminar flow regime, the need to purge with oxygen or to supply oxidants, the requirement of additional support for glazing, high cost, low optical efficiency, the need for a tracking sunlight system, mechanical aspects, and climatic conditions. These reactors include the slurry bubble column reactor (used to treat nitrobenzene, chlorobenzene, and phenol) (Kamble et al., 2004), the flat plate column reactor (used for tackling aqueous solution of methylene blue) (Vaiano et al., 2015b), the pebble bed photoreactor (used for tackling water containing dye molecules) (Rao et al., 2012), the flat-packed bed reactor (used for the remediation of DI water inoculated with Escherichia coli) (Hanaor and Sorrell, 2014), the optical fiber photoreactors (used to treat 4-chlorophenol) (Peill and Hoffmann, 1997), and the fountain/water bell photocatalytic reactor and the rotating disk reactor (Braham and Harris, 2009).




10 Conclusions

This review examined the applications of AOPs, more specifically photocatalysis and Fenton processes, coupled with other techniques for the treatment of recalcitrant organic molecules and MPs. The efficiency of these technologies is mainly related to the generation of ROS such as OH•,  , and  , inducing the degradation of the polymeric chains in MPs. TiO2 and ZnO in the form of nanoparticles, nanotubes, and nanorods are by far the most widely used photocatalysts for the degradation of the major types of MPs such as PE, PP, PVC, nylons, and others in the form of nanocomposites, films, or powders. The general mechanism of photocatalytic degradation of MPs involves the following steps: initiation, chain propagation, chain branching, chain scission, and termination. Characterization techniques like mass balance, turbidimetry, COD, and TOC are widely used to determine the rate of the photocatalytic reaction. The physicochemical, thermal, and mechanical properties of MPs are usually obtained through a large number of methods such as GPC, NMR, XPS (elemental composition), SEM, TEM (morphology), DSC, TGA (thermal), UTM, and DMA (mechanical). Regarding the characterization of by-products, classic techniques like GC-MS, LC-MS, and FTIR are extensively reported. Until now, there are no notable studies on the use of photocatalytic reactors at the scale of a pilot plant for the degradation of MPs, and it was very important to review the scaling-up methods applied to some commercial photocatalytic reactors employed for tackling various organic molecules. To control the parameters affecting the performances of photocatalytic reactors on the industrial scale, the use of complex mathematical and numerical methods is often necessary. Among the described designs, CPC techniques are now best fitted for a pilot-scale setup and beyond. The design and scale-up of a photocatalytic plant for MPs degradation based on CPC are reasonably feasible due to the extensive knowledge and expertise in the development and implementation of photocatalytic-based CPCs in both photocatalysis and solar thermal engineering.

Finally, it has to be noted that the decision of applying AOP technologies at an industrial scale for MPs degradation is intimately related to the degradation rate of pollutants. More specifically, the plant’s capital cost is proportionally affected by the degradation kinetics of the process (i.e., photo-Fenton and photocatalysis) and by the consumption of chemicals and materials (hydrogen peroxide and photocatalysts), which, in turn, are strongly reliant on the concentration and type of pollutants (Comninellis et al., 2008).
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Marine plastic litter has been recognized as a growing problem and a threat to the marine environment and ecosystems, although its impacts on the marine life are still largely unknown. Marine protection and conservation actions require a detailed knowledge of the marine pathways, sources, and sinks of land-emitted plastic pollution. Model-based assessments provide a systematic way to map the occurrence of microplastics in the marine environment and to link the coastal sources to the accumulation zones in the sea. New modeling capacities have been developed, which include relevant key processes, i.e., current- and wave-induced horizontal and vertical transport, biofilm growth on the particle surface, sinking, and sedimentation. The core engine is the HIROMB-BOOS ocean circulation model, which has been set up for the Baltic Sea in a high, eddy-permitting resolution of approximately 900 m. We introduce the three-dimensional modeling tool for microplastics and demonstrate its ability to reproduce the drift pattern of microplastics in the Baltic Sea. The results of a multiyear run 2014–2019 provide the basis for an extensive validation study, which allows the evaluation of the model quality. The assessments focus on three types of microplastics, from car tires and household products, with different densities and particle sizes, which cover a broad range of land-emitted microplastic pollution. We show that the model is applicable to the task of identifying high concentration zones in the Baltic Sea and that it can be a useful tool to support the study of the environmental impacts of microplastics in the Baltic Sea. Our results suggest that microplastic concentrations in coastal regions close to major sources reach values above 0.0001 g/m3 near the surface, dependent on the buoyancy of the plastic material and the amount of discharge. The comparison with observations shows that the model is able to reproduce the average concentrations of measured microplastics in the size class of 300 μm with statistical significance, but it underestimates the very high concentrations associated either with flooding or high river-runoff events or generated by sub-mesoscale transport. The model is able to reproduce the seasonal dynamic in Latvian and Estonian waters, except for October, when the increase of modelled microplastics in the ocean is too slow. But the general spatial patterns are sufficiently well reproduced, which makes the developed model a tool sufficient for the assessment of microplastic transport and accumulation pattern.
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Introduction

The marine plastic pollution of the marine environment is a severe problem that has developed into a thread since mass production started in the 1970s. Despite efforts to control the use of plastics, it is expected that global annual plastic waste production is increasing over the coming years (Kaza et al., 2018; Brandon et al., 2019; Borrelle et al., 2020). This has been recognized by the United Nations (UN), whose sustainable development goal 14.1 aims to prevent or at least significantly reduce the marine pollution by 2025, including plastics. In Europe, the Marine Strategy Framework Directive (MSFD) (Directive 2008/56/EC) (EU Commission, 2008) identified anthropogenic litter as a dominant pressure and main source of impact on coastal habitats. The MSFD sets conditions for European member states to achieve good environmental status, i.e., when the properties and quantities of marine litter do not cause harm to the marine environment (MSFD, descriptor D10).

Reaching this goal requires implementing effective legislative and management measures, as well as technological solutions to combat plastic pollution in the ocean. A deeper understanding of the sources, pathways, and sinks of plastic litter is required to effectively implement these measures (Halle et al., 2016; Geyer et al., 2017; Siegfried et al., 2017). The EU-H2020 project CLAIM develops new technologies for the prevention and in situ management of plastic pollution, including modeling capacities for microplastic transport and accumulation assessments.

Plastic debris is highly durable and tends to accumulate in the marine environment (Barnes et al., 2009). Its pathways depend on the buoyancy of the particles, which is a function of the material composition, density, and shape (Derraik, 2002). Most of the plastic items that are used in everyday applications are made from materials that are lighter than sea water and initially buoyant, when introduced to the marine environment, but some, like tire wear particles, are heavier than sea water (Parker-Jurd et al., 2021). Biofilm growth on the plastic surface is the key removal process that increases the density of initially floating plastic particles, leading eventually to sinking and sedimentation (Fischer et al., 2014; Dang and Lovell, 2015). However, it makes it also attractive for ingestion by animals such as zooplankton (Nerland et al., 2014).

The assessment presented in this study focuses on marine microplastics (<5-mm diameter) and studies the transport and accumulation in the Baltic Sea marine environment. Land-based microplastics, emitted from car tires (OSPAR et al., 2017), household products such as personal care and cosmetic products (PCCP), and fabric products, are entering the surface waters via air, surface runoff, and the effluents of wastewater treatment plants (WWTPs). The Baltic Sea is a semi-enclosed basin with a large catchment area, which is approximately four times the size of the sea (386,000 km2). Limited transport through the Danish straits, a significant runoff of 15,000 m³ s-1 (HELCOM, 2019), and high concentrations of the population in the catchment area, of 84 million people, make the Baltic Sea vulnerable to environmental pressures from land-based sources, like plastic litter (HELCOM, 2009). Nearly half of the runoff drains into the Baltic Sea via the seven largest rivers, namely, the Neva, Vistula, Daugava, Nemunas, Kemijoki, Oder, and Göta Älv (HELCOM, 2019); all of them, except the Göta Älv, are rivers with significant microplastic loads (She et al., 2021). Estimates for the exports from the catchment to the Baltic Sea have been published, but they are either global and inadequate in resolution and coverage (Lebreton et al., 2017; Jambeck et al., 2015) or come to very different results. For this reason, the annual exports of tire wear and household microplastics to the Baltic Sea were reestimated in the Cleaning Litter by Developing and Applying Innovative Methods in European Seas (CLAIM) project, derived from national statistics, population density, and urbanization maps as well as river catchment maps (She et al., 2021). In this study, we mainly consider land-based microplastic emission to the Baltic Sea, generated by tire wear and the release of household products, based on the CLAIM source mapping results. The fragmentation and degradation of land-based macroplastic litter and microplastic inputs from paints and pellets are also important sources of marine microplastics but, for simplicity, are not included as sources in this modeling study.

Microplastic monitoring has strongly benefitted from recent research and the further development of observation techniques, as well as the intensification of the microplastic monitoring campaigns [e.g., Setälä et al. (2016); Karlsson et al. (2020); Aigars et al. (2021)]. However, the level of monitoring reached is not yet sufficient to enable a Baltic Sea–wide assessment of the spatial and temporal pattern of microplastic pollution. The studies lack spatial and temporal coverage and the regularity of annual monitoring assessments. Furthermore, a variety of monitoring and analysis methods have been used, which complicates the harmonization and integration of different data sets. The uncertainty in measured microplastic data sets have been assessed in She et al. (2022). The relative sampling errors have been found to be 40%–56% for replicate samples in the data sets.

Modeling has become an important tool for the assessment of pathways and spatiotemporal patterns of microplastics. Since the size of the particles is relatively small and their numbers are substantial, they can be treated as the concentrations of particulate matter using a Eulerian modeling framework, similar to the modeling of suspended particulate matter (SPM) (Pleskachevsky et al., 2005; Gayer et al., 2006). As such, their dynamic is affected by the baroclinic currents of the three-dimensional (3D) ocean model, horizontal and vertical mixing, the surface driving forces of the winds, and the waves and the sinking processes implemented for SPM tracers. Unlike SPM tracers, the density and sinking velocity of buoyant microplastic particles depends on the growth of a heavier biofilm shell surrounding the particles. Microplastic tracer transport studies have been carried out in the Baltic Sea by Schernewski et al. (2021) and Osinski et al. (2020) using the General Estuarine Transport Model (GETM) ocean circulation model, but their model did not include biofouling as a process to increase the density of initially floating microplastics and to remove them through sinking and sedimentation. Biofouling, sinking, and sedimentation are regarded as a major removal process for buoyant marine microplastic in the aquatic environment and must be taken into account by the model. Other modeling studies in the North Sea (e.g., Cuttat, 2018) and Mediterranean Sea (e.g., Tsiaras et al., 2021) have included the biofouling of microplastic particles. The results show that the models are capable of simulating the general spatial patterns of microplastics in the seas.

The biofouling of microplastic particles is a complex process (Fischer et al., 2014; Kooi et al., 2017). Cuttat (2018) used the Kooi biofouling parameterization for microplastic fragment transport from dolly ropes. Tsiaras et al. (2021) used a simulated concentration of specific bacteria species to parameterize the biofilm growth Cubarenko et al., 2016. In this paper, we employ a biofilm growth formulation that depends on chlorophyll-a (chl-a) concentrations in sea water to describe the strong seasonality of the biofilm growth rates obtained from fluorescence-based observations (Fischer et al., 2014). Strictly speaking, chl-a concentrations and biofilm growth activity through bacterial production are not directly linked. However, it is assumed that chl-a can be used as a proxy for the primary production, which, in turn, controls the generation of detritus. Abundant detritus in sea water can indirectly lead to the increased growth of bacteria that feed on the detritus. For this reason, we assume that chl-a concentrations can be used to determine the growth rates of biofouling in the model. An empirical biofilm growth model has been developed that uses chl-a concentrations from the Baltic Sea reanalysis product of the Copernicus Marine Environment Monitoring Service (CMEMS), provided by the ERGOM model. The model resolves the vertical dynamic by calculating the sinking velocity using the Stokes formula and by applying the sinking velocity to calculate a mass flux and associated concentration change. The velocity can be negative, for floating microplastics, in which case, the sinking term describes buoyant raising. The vertical velocity depends not only on the density and size of the combined particle and biofilm shell but also on the eddy viscosity, calculated by the model. For this reason, the particles will sink slower and remain longer in the mixed layer.

The model resolution and the ability to resolve the near coastal zone are important factors in simulating the transport of microplastic pollutants originating from land-based sources. High-resolution model simulations are required to resolve the discharge pattern realistically (Frishfelds et al., 2022). The computational efficiency of the applied 1HBM ocean circulation and tracer transport model makes it possible to do multiyear simulations with a computationally affordable spatial horizontal resolution of approximately 926 m (≈ 0.5 nmi) in the entire Baltic Sea. This is a compromise between the available computational resources and the required resolution, which could be well below 100 m as was demonstrated by Frishfelds et al. (2022).

The wave-induced transport, mixing, and resuspension of microplastics that settle on the sediment are processes that need to be taken into account. Schernewski et al. (2021) applied wave-induced shear stress in the microplastic modeling. Tsiaras et al. (2021) included the wave-induced Stokes drift of microplastic particles. In this study, the wave-induced drift was implemented as wave-induced driving force in the momentum equation solver of the HBM ocean circulation model. This adds a non-negligible component to the transport of microplastic pollutants and might enhance long-shore transport and, in some cases, also on-shore transport, dependent on the direction of the waves in relation to the shoreline. Some of the microplastics wash ashore, but the process is more efficient for meso- and macroplastics (Hinata et al., 2017).

The objectives of our study are the 3D modeling of microplastic transport, behavior, and deposition in the Baltic Sea environment and the assessment of the spatial and temporal variability of microplastic concentration. We choose to use a Eulerian modeling framework, describing microplastics as concentrations rather than as individual particles. This allows to cover the Baltic Sea in adequate resolution and makes it easier to integrate at a later stage the microplastic model into the forecasting system of the Danish Meteorological Institute (DMI). The model results were compared with several observation data sets in the eastern Baltic Sea.

The paper is organized as follows: first, the coupled ocean circulation, wave, and microplastic transport model is described and the parameters and microplastic input data sets are introduced; next, the model results are analyzed to derive the temporal and spatial patterns of the modeled microplastic transport and accumulation in the Baltic Sea environment. The model results are compared with observations to assess its capacity to model the general dynamic of microplastics in the Baltic Sea. Finally, the results are discussed and conclusions are derived.



Materials and modeling methods


Specification of microplastic sources

Microplastics at sea cover a large range of materials and sizes, from a micrometer scale to 5 mm. This enormous range makes it necessary to identify the typical sizes and materials that can be treated in the context of drift and fate modeling. Ideally, it is possible to model a wide spectrum of microplastic particle sizes and densities. However, in this study, a simplified scenario regarding particle sizes and densities is applied. Three categories of spherical microplastic particles are selected: (1) the very small fraction with a size of 5 μm (MP1), (2) the medium- small, average fraction with a size of 42 μm (MP2) and (3) the larger fraction with a size of 300 μm (MP3). MP1 represents the tire wear microplastic particles, with a density of 1,250 kg/m3 (Kole et al., 2017). MP2 and MP3 are used to represent microplastics released from WWTPs. As shown in Vollertsen and Hansen (2017), the median value of the size of microplastic particles in the effluents of 12 Danish WWTPs is 42 μm, which is the particle size that was chosen for MP2. Microplastic particles larger than 300 μm are the ones that are usually monitored at sea. Here, we choose to include MP3 in the simulations to be able to compare model results with observations. Since household microplastics make up a large part of the microplastics released from WWTP and mainly consist of buoyant plastic materials with a lower density than seawater, a density value of 965 kg/m3 was chosen for MP2 and MP3.

The microplastic loads of tire wear particles and emissions from rivers and coastal catchments were calculated in the CLAIM project (She et al., 2021). The outcome was directly applied as an MP1 source input in the model simulations. For MP2 and MP3, the total discharge into the Baltic Sea was estimated based on an assessment of the microplastics released from WWTP. The method involves several steps. First, raw emission per capita are estimated from Danish WWTP data (Vollertsen and Hansen, 2017; Danish Environmental Protection Agency (EPA), 2015) second, a unified WWTP purification rate is applied to estimate the total emission from the Baltic Sea catchment. The total emission of the WWTPs to the Baltic Sea is estimated to be 887 tonnes per year (t/yr.) using a Danish WWTP purification rate of 99.66% (Vollertsen and Hansen, 2017), and 5,453 t/yr. by using a Finish purification rate of 97.8% (Talvitie et al., 2015). In this study, we choose to use 1,000 t/yr. microplastics entering the Baltic Sea from the WWTPs, among which, the MP2 load is 850 t/yr. and the MP3 load 150 t/yr. This distribution follows Vollertsen and Hansen (2017), who measured the size distribution of microplastics in the effluents of 12 Danish WWTPs. The results showed that 85% of microplastic particles larger than 20 μm fall in the average size class of 42 μm, represented by MP2, whereas 15% of the measured particles fall in the larger-size class, represented by MP3. The spatial distribution of MP2 and MP3 loads from rivers and costal catchment uses the spatial distribution of PCCP microplastics, which was calculated using PCCP microplastic raw emissions Magnusson and Wahlberg (2014), population density maps, river discharges, and a catchment model. Details can be found in a CLAIM report on marine plastic source mapping (She et al., 2021). The key parameters of the three microplastic categories are given in Table 1. The model used microplastic concentrations at a river inflow location (Figure 1), which are calculated from the annual discharge (t/yr.) and the annual mean fresh water runoff (m3/y) from the Swedish E-HYPE model.


Table 1 | Microplastic fractions, for tire wear microplastics MP1 and household microplastics MP2–MP3 .






Figure 1 | Model bathymetry and position of validation stations (A), as well as annual river discharges of 455 coastal sources in the Baltic Sea (B): Tire Wear MP1 microplastic loads (green) and household microplastics MP2+MP3 (red) in the units of tonnes per year.





Modeling microplastics, vertical dynamic, and removal processes: biofouling, sinking, and sedimentation

The modeling of microplastics involves the treatment of the advection and mixing processes, which are handled by the ocean circulation model HBM, as well as the treatment of vertical dynamic processes and weathering processes, i.e., biofouling, which are handled by the microplastic model implemented in the circulation model.

Plastic materials that are used in everyday life are often less dense than sea water. When they enter the marine environment, they are buoyant and float near the surface. There, they would accumulate, if weathering and removal processes would not act to reduce their concentrations. For marine microplastics, this includes the initial stages of biofouling, i.e., the settlement and the growth of algae on the particle surface, the development of a biofilm, and the removal processes of sinking and sedimentation of the particle. The time a plastic particle spends in the water column depends as much on the particle’s material characteristic, i.e., size, shape, and density, as it depends on the efficiency of the biofilm growth. The growth process is rather complex and depends on the environmental parameter. A model of proposed complexity is provided by Kooi et al. (2017). We choose to use a simpler empirical model for the biofilm thickness that would not require the tuning of too many growth parameters. The model features two tuning parameters: the maximum biofilm thickness and a time scale for growth. Initially thought to be a first approach to the problem, the simplified growth model has proven to provide stable seasonal solutions.

The implemented biofilm growth model simplifies the different stages of biofilm formation to one continuous process, focusing solely on the prediction of the floating time horizon, when, initially, lighter microplastics start sinking. The model deals with the problem in two steps: firstly, handling the growth of the biofilm thickness hbf(x,t) , when suitable growth conditions are existent and secondly, the transport of the biofilm mass concentration using the Eulerian framework that is also employed for the microplastic concentrations. The biofilm concentration is a 3D field that is advected by the ocean currents. In its current formulation, biofouling has been implemented as a saturated growth process, using limiters for the maximum thickness hmax and the time scale of biofilm growth Tsat

	

Here, bold characters indicate vectors: x being the position in space and t being the time. The density of the biofilm shell is considered to be constant and, with a value of 1,388 kg/m3, is approximately 35% larger than the density of sea water, which is 1,027 kg/m3. It is assumed that the biofilm shell surrounds the spherical particle evenly, which makes it possible to calculate the thickness of the biofilm required for sinking. The value is approximately 5.4% of the radius of the microplastic particle. Suitable parameters for the maximum biofilm thickness hmax and the growth time scale Tsat were defined empirically, on the basis of modeling experiments, but the values that have been found are in a realistic range when compared to observations (Fischer et al., 2014).

Multiyear simulations (July 2013 to December 2016) were performed to determine the set of parameters that would provide a stable overall seasonal dynamic, i.e., that would neither lead to a continuous accumulation of microplastics in the Baltic Sea nor would they lead to a complete evacuation of the Baltic Sea in summer, when biofilm growth is the strongest. Observations show that the measured concentrations during summer are non-zero. The argument for neglecting a positive trend in the entire Baltic Sea is based on the assumption that such a trend should be explained by a comparable increase in river discharges rather than by the interannual changes of the seasonal dynamic of drift and weathering processes. As the concentrations in the rivers remain constant, the amount of released microplastics is in fact a function of the river runoff, which is assumed to have no clear trend in the period of consideration. Spin-up effects play a role, but it has been found that microplastics spread very efficiently and that the 3.5-year simulation period is enough for the modeled concentrations to converge to a steady state in a weak sense, with microplastic concentrations from the sources held constant. A weakly steady state is characterized by seasonal variations, but there are no pronounced long-term trends of microplastic concentrations in the Baltic Sea environment, when the sources are kept constant. The residence time of microplastics in the ocean (not the environment) is relatively short: years rather than decades, and is determined by mass removal processes: biofilm growth, sinking, and sedimentation. The model dynamic is therefore less constrained by the initial conditions than by the boundary conditions, that is, by the coastal sources. The process with the largest uncertainty and the largest potential for model tuning is the efficiency of biofilm growth. Long-term simulations have been carried out to improve the parameterizations and to adopt the model to the harsh climate in the Northern Baltic Sea (Bay of Bothnia), where phytoplankton growth and related biofilm growth are limited to the summer seasons.

In the course of the model tuning, the time scale of biofilm growth for the large fraction of MP3 was reduced to facilitate the microplastic removal process. However, it is still in a range that compares to measurements at Kiel Fjord (54° 33’N 10° 14’E), in the south-western Baltic Sea (Fischer et al., 2014). The study involved biofilm growth measurements using optical sensors and found the cell density of diatoms or bacteriochlorophyll-a containing cells that reached the values of 104 to 105 cells/cm2, toward the end of the measurement campaign, after 20 days. The values depend on the season: 100 104 cells/cm2 in October and 160 104 cells/cm2 in May. Assuming cells with a diameter of 10–20 μm, a surface coverage larger than 60% of hexagonally close packed cells in two layers is enough to let an MP3 particle of 300-μm diameter sink after 20 days. That is approximately the time, 18.96 days, that has been considered in the model simulations.

The model uses a combined CMEMS bio-reanalysis (BalMFC, 2019) and satellite (OC-TAC, 2019) product to determine seasonal growth conditions in the Baltic Sea. The implementation uses the local chl-a concentrations in sea water to determine the start and end of the biofilm growth season. The growth process is activated when the local chl-a concentration exceeds a critical limiter of 1.1 mg/m3, and it stops when the local concentration falls below this value. The limiter is a rather arbitrary parameter, the choice of which is justified only by its ability to represent the expected seasonal pattern of biofilm growth (Figure 2). The biofilm concentrations are advected by the flow field of the mean currents, as are the concentrations of microplastic particles to which they adhere. They can be transported out of the area of active biofilm growth but then remain inactive and do not increase their concentrations.




Figure 2 | Seasonal pattern of biofilm growth: CMEMS bio-reanalysis (BalMFC, 2019) product (A) and combined reanalysis and satellite data (OC-TAC, 2019) product (B), with extended growth season: May–August in the entire Baltic Sea.



Biofilm growth and chl-a concentration increase through phytoplankton growth are only indirectly linked to each other. Chl-a serves as a proxy for the primary production in the ocean, which, in turn, controls the production of detritus, taken up by the bacteria involved in biofilm growth. It is assumed that seasonal changes in primary production and detritus abundancy can be used to describe the strong seasonality of biofilm growth observed in Fischer et al. (2014).

The vertical dynamic of microplastics, whether they rise to the surface or sink to the seabed, depends on their density in relation to the density of the surrounding sea water and eddy viscosity. The model applies the Stokes law for spherical particles to calculate the sinking velocity (wsink ) as a function of the combined density of the microplastic particle and biofilm (ρpb ) in relation to the density of the surrounding water (ρw ). The model uses the eddy viscosity (μ) of the circulation model HBM, with a lower limit provided by the kinematic viscosity (ν) and fluid density (μ ≥ ν · ρwater ).

	

Here,R=Rp+hb is the radius of the combined radius of the plastic particle and biofilm thickness and g is the gravitational constant. The density ρpb is a function of the biofilm thickness (hb ).

	

During the floating phase, the particles accumulate in the mixed layer, from which they are removed during the sinking phase, when the particle density ρbf has increased sufficiently.

The vertical dynamics of sinking and rising has been implemented as a mass exchange process between vertically neighboring grid cells, which leads to a concentration change of   with   (in the case of sinking) and  (in the case of buoyant rising). Here, k is the vertical grid index, which increases with depth and h k+1 is the thickness of the k+1 grid cell. Mass conservation is ensured.

Sedimentation has been implemented as a sink for both microplastic particles and biofilm shells. The model uses the sinking velocity in the layer near the sediment (kb) to calculate the removal rate:   (Figure 4). Once removed from the water column, microplastic particles are permanently added to the sediment pool. Despite its limitations, the biofilm growth model is able to reproduce a seasonal dynamic for initially floating microplastics (Figure 3).




Figure 3 | Monthly climatology (6-year data set: 2014–2019) of average biofilm thickness (red), density (black, panel A–C), and the range of density values (shaded areas) for tire wear microplastics MP1 (A, B) and household microplastics MP2 (C, D) and MP3 (E, F). The dotted line marks the density of sea water. Average, minimum, and maximum sedimentation rates are provided (black, panel B, D, F). Sinking velocities have been recalculated using kinematic viscosity.





Microplastic transport model

Microplastic transport simulations employ the operational ocean circulation and storm surge model HBM of the DMI. HBM is a 3D baroclinic ocean circulation and sea ice model suitable for the shelf-sea and coastal dynamics She and Murawski, 2018. It solves dynamic equations for momentum and mass, and budget equations for salinity, heat, and Eulerian tracers, on a spherical grid with a number of model levels at fixed depths in the vertical dimension. The free surface implementation allows for varying sea levels and the flooding and drying of grid cells. The horizontal advection and diffusion are modeled using a flux-corrected transport scheme. The Boussinesq approximation is applied. In the vertical direction, the model assumes hydrostatic balance and the incompressibility of sea water. Higher-order contributions to the dynamics are parameterized, following Smagorinsky (1963) in the horizontal direction and a k-ω turbulence closure scheme, which has been extended for buoyancy-affected geophysical flows in the vertical direction (Berg, 2012). The turbulence model includes a parameterization of breaking surface waves (Craig and Banner, 1994) and internal waves (Axell, 2002). Stability functions from Canuto et al. (2001) Canuto et al. (2002), Canuto et al. (2010) for the vertical eddy diffusivities of salinity, temperature, and momentum are applied. Additionally, the turbulence closure scheme considers realizability criteria (Brüning, 2020) to ensure the numerical stability of the model. HBM includes a thermodynamic and sea ice model, which describes the dynamic of free drifting ice and coastal fast ice. For more information on HBM, the reader is referred to Berg and Poulsen (2012); Poulsen et al., 2015; BalMFC group et al. (2014), and Poulsen and Berg (2012).

The HBM model was one-way coupled with the wave model WAM Cycle 4.5 (WAMDI Group, 1988; Komen et al., 1994) to improve the microplastic transport, especially in shallow waters. WAM and HBM run together as a weekly coupled system, exchanging files containing the hourly data of the wave-induced force, i.e., the divergence of the wave radiation stress, which is added to the wind-driven surface force in the HBM momentum solver. The wave surface force is a standard output of WAM Cycle 4.5. Both HBM and WAM use the same wind forcing and share the same horizontal model grid and resolution in the Baltic Sea to avoid interpolation between model grids.

The scheduling of the model system includes several sequential steps that are either performed as separate model runs of the wave and ocean circulation model or as sequential steps in the Eulerian tracer updating cycle. The first component to run is the wave model WAM, which provides hourly wave-induced drift components to the HBM model. It runs independently of HBM but uses identical meteorological forcing. The second component to run is HBM, which is reading the WAM input files every time the meteorological forcing is red. Both are provided as surface force to the momentum solver of the HBM model. After updating the 3D currents and transport, including microplastic tracers, the Eulerian tracer routine is called, which handles the growth of a biofilm on the particle surface, the associated increase in density and the resulting vertical dynamic of the microplastics. This is done every Eulerian coupler time step, i.e., every 25-s runtime. First, the model calculates the density dependent vertical velocities and the mass exchange between vertically stacked grid cells. Then, the microplastic concentrations are updated. In between the main model time steps, HBM is treating microplastics as passive tracers that are subject to advection and diffusion.



Model configuration and set-up

The HBM ocean and microplastic drift model covers the North Sea in 3-nautical mile (nmi) horizontal resolution (~5.4 km), the Wadden Sea/West Coast in 1.0 nmi (~1.8 km) and the Baltic Sea and the Transition Zone, south and east of Skagen in 0.5-nmi resolution (~900 m) (Figure 1). The setup is a further development of the DMI’s operational storm surge setup and features the same bathymetry and model configuration in the North Sea, Wadden Sea, and Transition Zone until approximately the longitude of Bornholm (14.7 °E). Further to the East and North, the setup has been extended in 0.5-nmi resolution, using publicly available bathymetry RTOPO-2 (Schaffer et al., 2016; Schaffer and Timmermann, 2016). The vertical model grid uses 122 layers in the Baltic Sea, with a varying thickness of 2 m at the surface, 1 m below the surface, and gradually increasing layer thickness of up to 50 m at layers below 100-m depth. The thickness of the lowest layer adapts to the position of the seabed. In the North Sea and Wadden Sea, the model features a thicker surface layer of 8 m, to include sea-level variations due to tides and surges, and subsurface layers of increasing thickness, of 2 m in the upper 82 m and up to 50 m below. At the open model boundaries toward the North Atlantic, between Scotland and Norway and in the English Chanel (Figure 1, inlet), the model uses tidal sea surface elevations based on 17 constituents and precalculated surges from a two-dimensional barotropic model covering the North Atlantic. The model uses boundary conditions and weather forcing from the operational forecasting system of the DMI, to ensure the good quality of the modeled ocean circulation in the Baltic Sea. HBM was forced by DMI’s high-resolution operational weather model DMI-HIRLAM until July 2018 and DMI Harmonie thereafter. The model was initialized using data from the Copernicus Marine Service CMEMS operational product, which was provided by DMI-HBM at the time. Daily freshwater runoff from the Swedish E-Hype model (Arheimer et al., 2019) is applied for 693 rivers, of which 455 are in the Baltic Sea (Figure 1).

The wave model WAM Cycle 4.5 runs in a nested sequence of three computational grids to ensure that remote swell from the North Atlantic is entering the North Sea and the Skagerrak. The large grid covers the North Atlantic from 69°W to 30°E and from 30°N to 78°N in ≈ 25-km resolution and the North Sea and Baltic Sea from 13°W to 30°E and from 47°N to 66°N in 5-km resolution. This setup provides boundary conditions for a third nested domain, which, in the operational configuration of the DMI, covers the seas around Denmark. In CLAIM, the third domain was extended eastwards and northwards, to cover the entire Baltic Sea in 900-m resolution. The full wave energy spectrum is transferred along the model interface of the WAM model boundary. The JONSWAP Spectra with a fetch of 30 km is applied to the open boundaries of the North Atlantic domain.

The Baltic Sea ocean-circulation model HBM and wave model WAM use a model grid with identical horizontal configuration and depth (Figure 1). This way, the two models can be coupled and information can be exchanged, without having to interpolate the data spatially between the different model grids. The only difference between the two model bathymetries is that WAM is using a minimum depth of 1 m, whereas there is no such limit in HBM. Another difference is related to the ice information that is used. Whereas HBM relies on its own thermodynamic and drift-ice and fast-ice dynamic routines to describe the development of the ice, the WAM model uses the satellite-derived OSTIA operational sea ice analysis product (Operational SST and Sea Ice Analysis), including OSI SAF data (Craig et al., 2011).



Modeling results analysis


Seasonal dynamic of modeled microplastics in the Baltic Sea

Baltic Sea wide assessments of microplastics pollution require model simulations on time scales that cover several years, to study offshore transport and accumulation in the deeper basins of the Baltic Sea. The here-presented assessment is based on a 6-year model simulation, covering the years 2014–2019. The model run was initialized on 1 July 2013 with realistic conditions for salinity and temperature and with microplastic concentrations from a previous 3-year run. The first half a year, until the 1st of January 2014, was used for spinning up the model. Data from this period are not taken into consideration for the model data analysis.

Figure 4 shows the seasonal dynamic of microplastics in the Baltic Sea. Highest microplastic concentrations occur near the surface and the seabed, which only make up a small fraction of the total volume of the Baltic Sea, approximately 4.3% of all grid points. The concentrations in the remaining part of the water column (95.7% of all grid points) are four-to-six times lower than the concentrations near the surface. The reason for this is that initially floating microplastic either drifts near the surface or sinks to the bottom of the sea, when biofilm growth has increased the density of the particles sufficiently enough. Figure 5 shows the modeled profile data at Bornholm Deep (station BMPK2). In the mixed layer near the surface, the microplastic concentration is quite homogeneous, at all seasons, except the biofilm-growing season: May to October, when the surface gets evacuated of MP2 and MP3 microplastics that sink to the deeper layers (Figures 4, 5: middle and lower panel). Microplastics that are heavier than sea water (Figures 4, 5: top panel) do not require the additional weight of the biofilm for sinking. Therefore, these initially sinking microplastics feature higher concentrations near the seabed, when compared with the surface concentration. The ratio of seabed-to-surface concentrations varies from 0.1 to 0.26 (large-fraction MP3, 300 μm) and from 0.15 to 0.35 (average-fraction MP2, 42 μm), to the values of 0.3 to 0.6 for the heavier but small fraction (MP1, 5 μm).




Figure 4 | Time series of average microplastic concentration in the entire Baltic Sea: tire wear MP1 (A) and household microplastics MP2 (B) and MP3 (C). High concentrations exist at the sea surface (gray) and near the seabed (red), which account for 4.3% of the total number of grid points. The concentrations in the remaining part of the water column (light blue) are rather similar to the concentrations in the entire Baltic Sea (dark blue).






Figure 5 | Profiles of microplastic concentration for tire wear MP1 (A), household microplastics MP2 (B) and MP3 (C) fragments at Bornholm deep, station BMPK2 (55° 15’ N 15° 59’ E), in the southern Baltic Sea.



The seasonal cycle of seaborne microplastic pollution is largely controlled by the river runoff and biofilm growth. The cycle starts in spring with the increase in river runoff and the related increase in microplastic discharges into the Baltic Sea. The continuous discharge and rather low activity of biofilm growth lead to a peak in the late spring or early summer season. The earliest to reach their maximum concentration are car tire particles (MP1), which are heavier than sea water and do not require biofilm growth for sinking. They reach their maximum average surface concentration of approximately 0.4–0.5 mg/m3 (1 mg/m3 = 10-3g/m3) already in the first half of March. Initially floating particles MP2 and MP3 require more time until they develop a sufficient biofilm shell for sinking. MP2 particles reach their maximum average surface concentrations of 0.14–0.19 mg/m3 earlier, at the end of March or the beginning of April, than MP3 particles, which take longer, until latest the end of April to reach their maximum average surface concentrations 0.067–0.098 mg/m3. The peak season for microplastics near the surface ends in April for MP1, at the beginning of May for MP2, and in the middle of May for MP3, when the average surface concentration falls below the 90% level of the maximum average value. This is largely because May is the first month when biofilm growth is active in the entire region of the Baltic Sea. The Baltic Sea wide growth season ends in August, which leads to the minimum surface concentrations of MP2 and MP3 microplastics in early September.




Transport pattern of microplastics in the Baltic Sea

The mapping and visualization of microplastic pollution in the marine environment are one of the aims of drift and fate modeling. Observational data alone are too sparse, in space and time, to provide a comprehensive picture. Validated high-resolution modeling results can be used to fill the knowledge gaps and to identify the larger spatial and temporal pattern of microplastic transport.

Near-surface conditions (Figure 6) feature higher concentrations near significant coastal sources, i.e., rivers and coastal catchments. There, the surface concentrations reach the maximum values of 0.0001 g/m3 and above. Horizontal transport and mixing lead to the gradually decreasing distributions of relatively high surface concentrations near the sources (Figure 6). These surface patterns extend offshore, but they remain rather coastal. Offshore, horizontal patterns are determined by the transport of particles with the current- and wave-induced mean flow and the residence time in the upper layers of the water column. The latter is strongly affected by the efficiency of biofouling and the velocity of sinking. The small- sized but heavy-fraction MP1 (5 μm) features relatively low sinking velocity because the Stokes law depends quadratically on the particle radius. This and the relatively high amount of river discharge [roughly 10 times higher microplastic load than MP2 and MP3 together (Table 1)] lead to the pronounced pattern of MP1 in the downstream direction from the coastal sources. MP2 (42 μm) features a similar but less pronounced pattern than MP1, even though the amount of river discharge is much lower. This is due to the fact that initially floating microplastics (MP2 and 3) spread much further horizontally before the growth of a biofilm begins to affect their buoyancy, ultimately forcing them to sink to the seabed. The same is true for MP3 microplastics. However, the amount of discharged MP3 microplastics is much lower (approximately 5.6 times lower) than the discharge of MP2 microplastics. Therefore, the MP3 high-concentration pattern is much more coastal than the comparable MP2 pattern.




Figure 6 | Surface pattern of microplastics from tire wear microplastics MP1 (A) and households microplastics MP2 (B) and MP3 (C), 6-year mean 2014–2019. Contours show the average concentrations of 10-4 g/m3.



Oder and the Vistula are the two main riverine sources. From their estuaries in the southern Baltic Sea, the pollutants are transported away, by the generally cyclonic (counterclockwise) circulation, eastwards and northwards along the shores of Poland, Russia, Lithuania, and Latvia. At the entrance to the Bay of Riga, they mix with the plastic pollutants from the river Daugava, which enters the Baltic Sea at Riga. Further to the north and east, Neva, Baltic Sea’s largest river in terms of fresh water (2,750.14 m3/s), and the third largest in microplastic contribution, discharges its microplastic load into the Gulf of Finland (GoF). Other significant local sources are the towns of Helsinki, Kotka, Narva, and Tallin. The circulation in the GoF carries parts of the plastic pollutants out into the Baltic Proper. In the western Baltic Sea, Stockholm is a major source for microplastics. In the northern Baltic Sea, the Bay of Bothnia, Kemi, and Pori are two towns with significant river sources. That far north, biofilm growth is limited seasonally to the summer month.

Pollutant patterns near the seabed are affected by the release and transport of microplastics near the surface. High concentrations occur near the coast, in relatively shallow water and in the central Baltic Sea at Gothland Deep. While coastal patterns in shallow waters near the seabed are generated by the sinking or downwards mixing of surface concentration patterns, the generation of offshore patterns in the central Baltic Sea is mainly driven by water transport. The concentrations are therefore lower in the central Baltic Sea than they are in the coastal waters. Deeper sea transport, from the Oder banks into the Arkona Basin, around northern Bornholm and further on into the Bornholm Basin, through the Stolpe channel and into the Gothland Basin, supports the high concentration pattern in the central Baltic Sea. Tire wear microplastics MP1 follow this path more clearly, as can be seen in Figure 7 (left). The path of transport around Bornholm is visible, as is the path of the intruding high pollutions into the Gothland deep. Household microplastics MP2 follow this path somewhat after sinking. However, their larger buoyancy enables them to stay longer afloat near the surface and to spread more efficiently horizontally. Therefore, the subsurface transport pattern of submerged MP2 microplastics is not so pronounced.




Figure 7 | Near the seabed pattern of microplastics from tire wear microplastics MP1 (A) and household microplastics MP2 (B) and MP3 (C), 6 years mean 2014–2019. Contours show the average MP1 concentrations of 10-4 g/m3 and MP2 and MP3 concentrations of 6·10-5 g/m3.






Model quality assessment and comparison of modeled and measured particle concentrations

Model product quality assessments have been carried out to estimate the model’s skill in simulating the seasonal dynamic and spatial pattern of marine microplastic pollution. A direct comparison of the modeled and observed concentrations is difficult, as technical limitations and sampling errors lead to relatively high uncertainties in the observations, and models, on the other hand, are challenged to reproduce the observed microplastic size and density spectrum. Most of the microplastic observations in the Baltic Sea were measured by using filters with a mesh size of approximately 300 µm (She et al., 2022). Therefore, the observations include particles and fragments with a size range from 300 µm to 5 mm, made of materials with a variety of densities. The model uses a source term for the land-based discharge of a large and buoyant fraction of microplastics with a specific density of 965 kg/m3 and a size of 300 µm, added to represent measured particles with a size corresponding to the 300-µm mesh size. This makes it difficult to validate the model results by using existing observations. Therefore, we limit ourselves to the comparison of spatial and temporal patterns, focusing on the observed features and their representation by the model.

A recent study (She et al., 2022) has shown that existing observation products have several limitations thatsw4 should be taken into account when comparing model and observation data. The first is that, due to different monitoring standards used, different datasets may not be consistent. Microplastic concentration observations are more consistent in a single dataset than the multiple datasets, suggesting that using single dataset for model-observation intercomparison will reduce uncertainties comparing with blending multiple datasets. With this in mind, we select the eastern Baltic Sea as the study area, which has best spatiotemporal coverage of microplastic observations. The second is that the mean relative sampling error of microplastic samples is approximately 40%–56%, which means that even taking replicate samples they still show high uncertainty. The lack of surface flow correction will lead to additional 12% uncertainties. In addition, there also exist errors in analysis methods that can be high in some occasions (She et al., 2022). These results suggest that individual observations can have large uncertainties and may not be suitable for direct comparison with model data. With this in mind, we try to avoid a direct comparison of individual observations but focus on intercomparing some aggregated indexes, e.g., temporal mean for subregions and the mean values of individual cruises. It was also identified in She et al. (2022) that microplastic fiber observations may not be reliable due to its potential leakage from the filters; therefore, are not good for microplastic model validation. For this reason, we have focused the assessment on fragments alone.

Microplastic observations provide information about the number of particles per sampled volume of water, i.e., numerical particle concentration, whereas the outcomes of model simulations are microplastic mass concentrations in a unit of mass per unit volume. The conversion from the measured particle concentrations to modeled mass concentrations is unfortunately not trivial because the size of the observed particles is not available from the observation database. The only information of the size range is provided by the mesh size: 330–333 µm and the microplastic size limit of 5 mm. This provides a rather large uncertainty. We have chosen to use a standard particle size of 500 µm when converting the modeled mass concentrations to the numerical particle concentrations so that the modeled numerical particle concentration is at a similar concentration level as in the observation data. It is also reasonable to assume that the average particle size in the observation database is larger than the mesh size (330–333 µm), which only provides a minimum size limit.


Data sets

The model-observation intercomparison exercise uses data sources from (a) HELCOM and available publications, as well as (b) cruise data (Manta Net observations) that have been collected during the CLAIM project. Measurements using pumps have been removed from data sets. The model evaluation is limited by the availability of observation data sets, which makes it difficult to assess the model quality on spatial and temporal scales separately. We have therefore decided to do spatiotemporal assessments of the model–observation correlation coefficient by including all available data sets, sorted according to location. Furthermore, the best coverage of the data set is in the GoF and Estonian waters. We have therefore limited the assessment of correlation pattern to the GoF and the seas around Estonia.

The model–observation intercomparison area covers Latvia and Estonian waters in the GoF, Gulf of Riga (GoR), and open Eastern Baltic Sea. The GoF and GoR are connected by the Suur Strait (Figure 1). Three observation datasets are used: (a) a trawl dataset in Estonian waters made by the Tallin Technical University (TalTech; Mishra et al., 2022), (b) a trawl dataset in Latvian waters made by the Latvian Institute of Aquaculture and Ecology (LIAE; Aigars et al., 2021), and (c) a ferrybox dataset in southwestern GoF, provided by the CLAIM project. The spatial distribution of the stations is displayed in Figure 1.


Latvian institute of aquaculture and ecology data

This data set includes 43 samples from six cruises in June–September 2018 (Figures 1, 9). The data, covering southern GoR and eastern Baltic Latvian coastal and offshore waters, are publicly available from Aigars et al. (2021). The samples were collected by using manta trawling with a mesh size of 300 µm and analyzed with the Fourier-transform infrared spectroscopy (FTIR) method. Most of the stations only have one sample. More details of this data set can be obtained from Aigars et al. (2021).



TalTech data

This data set was collected during April 2016–August 2020, mainly during the summer half-year. The monitoring was carried out using the research vessel Salme with a manta trawl with a mesh size of 330 µm in a geographical area (20.9–28.0°E, 57.6–59.9°N) including southern GoF, Suur Strait, northern GoR, and Northern Baltic Proper (NBP) (Figure 1). In total, there are 14 stations and 121 valid samples (Table 2), which were analyzed with a visual and burning needle examination. More details on the TalTech dataset can be found in Mishra et al. (2022).


Table 2 | The coverage and number of samples in the TalTech data set during April 2016–August 2020.



Some preprocessing of the data has been made to improve the homogeneity of the TalTech data. For 2017, three replicate samples are collected at each of the seven stations. The replicate samples are averaged before they are used in the analysis. Hence, the total number of TalTech reprocessed data is 106. In order to reduce the uncertainty in individual observations, we decided to group the 14 stations into six subregions, i.e., NBP, Suur Strait, northern GoR, southwestern GoF coastal waters, southern GoF offshore, and southeastern GoF coastal water (Table 2). The sample size per subregion ranges from 13 to 33, which makes the temporal mean of the subregions more representable.

Ferrybox data: CLAIM ferrybox data have been collected during two cruises in Estonian waters near the entrance to the GoF. All the cruises started in Tallinn, but only the earlier cruise stayed in coastal waters, going from Tallinn to the most western point of Hiiumaa island (Figure 1). The later cruises started in Tallinn but went to locations further offshore before starting the monitoring. The monitoring periods, 30.11.2020–01.12.2020 and 30.06.2021–01.07.2021, are not covered by the time period of the model data (2014–2019). Therefore, the model data have been extracted from a monthly mean climatology that has been derived from the 6-year model data set. It is expected that this adds to the model errors as the model data set does not reflect the metocean conditions that were present at the time of the observation.

The comparison between the model and ferrybox data is particular with regard to the fact that the duration and spatial extent of the cruise have to be taken into consideration. The model data were therefore averaged along the estimated track of the cruise, which has been estimated from the start and end location of the cruise. We extracted model data at three points, the start and end location of the monitoring, as well as a location in between. These values were averaged and compared to the observations, which represent the average state of microplastics for the entire cruise.




Spatiotemporal correlation analysis

Correlation analysis studies the degree to which a tendency in one data set (model data) is statistically related to a tendency in another data set (observations). Since the analyzed data sets are spatially and temporally distributed, these tendencies can relate to a spatial pattern: coastal-to-offshore transport, or a temporal pattern, representing the annual, seasonal, or diurnal variability in the data set. The correlation analysis is conducted for LIAE and TalTech datasets separately, using observed and modeled particle concentrations. The model concentrations have been derived from the outputted mass concentrations using an average particle size of 500 μm to calculate the mass of each particle.

The scatter diagram of modeled and observed values is shown in Figure 8. For the LIAE data, most of the observed microplastic fragment concentrations are lower than 0.4 pcs/m3 while the model concentrations are higher than 0.3 pcs/m3 and show less variability. Further analysis suggests that there is no significant correlation between the two data sets. This may be attributed to the lack of temporal sampling at the LIAE stations and a large uncertainty of individual samples due to sampling errors and missing surface flow correction. Surface flow correction accounts for the currents and wave-induced flow of water through the measuring device that is not accounted for when only the towing speed is considered in the calculation of the water volume.




Figure 8 | Scatter plot, i.e., a model–observation diagram, for the LIAE data set in June–September 2018 (A) and TalTech data set in 2016–2020 (B).



For the TalTech data, the observed concentration of microplastic fragments varies between 0 and 3.0 pcs/m3 while the simulated data ranges from 0 to 1.3 pcs/m3. The percentage of samples with concentrations of microplastic fragments below 1 pcs/m3 is 92%. Since the sampling period of the TalTech data covers the years 2016–2020, the correlation analysis represents the spatial and temporal relationship between the model and observed microplastic fragment concentration. The results show a correlation coefficient of 0.269, with a P-value of 0.005. If the data with observed microplastic concentrations larger than 1 pcs/m3 are removed, the correlation coefficient increases to 0.355 and the P-value decreases to 0.00035. Both correlations are significant at p< 0.01.



Spatial pattern

Spatial pattern analysis provides insight about the quality of the model and its ability to reproduce spatial features of the observed microplastic distribution. The spatial distribution of the mean microplastic fragment concentration from the model and observations and bias and centered Root Mean Square Error (cRMSE) are displayed in Figure 9. It should be noted that all three datasets are used, although the number of samples are quite different. The concentration values at TalTech stations represent a temporal mean, while those at LIAE stations and from the ferrybox contain both spatial and temporal (month by month) variability (Figs. 9A and 9B).




Figure 9 | Left: Mean microplastic particle concentrations: Observed pattern (A) and modeled pattern (B). Right: Model error statistics for TalTech data sets: Bias (C) and centered RMSE (D). LIAE cruise data have been added in (A) and (B) but have not been used in the error analysis because of low statistical significance.



Figure 9A shows the observed spatial distribution of microplastic fragment concentration in the eastern Baltic Sea. In the Estonian waters, microplastic fragment concentrations are the highest in the NBP and southwestern GoF and the lowest in the Suur Strait and northern GoR. Ferrybox data show that, near the entrance of the GoF, the offshore winter concentration is higher than the coastal summer concentration. LIAE cruise data show higher values in western Latvian offshore, the entrance of GoR, and areas downstream the Daugava estuary. Near cities and coastal sources, at Tallin, Narva, and Riga (Daugava), the microplastic concentrations are consistently higher than the concentrations further offshore, except in areas that are affected by microplastic transport: the offshore locations in the GoF, for example.

The simulated spatial distribution (Figure 9B) also shows high concentrations in the NBP and southwestern GoF and low concentrations in the Suur Strait and northern GoR. However, the model data have the highest concentration in southeastern GoF, mainly affected by the Neva and Narva. The model data show a similar pattern when compared with ferrybox data and LIAE data. The comparison of spatial distribution in TalTech data can be further illustrated by using the subregional mean concentration (Figure 10). The analysis for the subregions shows that the NBP is the area with the highest mean observed concentration (0.42 pcs/m3), whereas the lowest observed concentrations are found in Suur Strait (0.08 pcs/m3). In the NE-GoR, including a station near Pärnu, the concentrations increase to 0.17 pcs/m3. Further to the North, in the GoF, the observed concentrations increase toward the Tallin coast (0.39 pcs/m3) and offshore (0.37 pcs/m3) and decrease toward Narva (SE-GoF) (0.27 pcs/m3). The model is able to reproduce the general features of the observed spatial pattern except for observed lows in the Narva area. The correlation between the averaged model and observation data sets for subregions is 0.81, with a P-value 0.051. In the GoF, the west-eastern trend is reversed, showing an increase of modeled concentrations from 0.64 pcs/m3 at Tallin coast to 0.75 pcs/m3 at Tallin offshore and Narva (SE-GoF). To analyze this further, the model bias and the cRMSE, the root-mean-square error (RMSE) of the debiased data sets, are analyzed in more detail (Figs. 9C and 9D). cRMSE represents the errors originating from the sample spread of model-observation differences and is therefore affected by individual sampling and model errors, especially when the sample size is small. Model error statistics, in particular the model biases, are affected by the conversion from modeled mass concentrations to measured particle concentrations.




Figure 10 | Comparison of modeled (red) and observed (blue) data sets from TalTech in Estonia. Regional averages are shown as solid lines, whereas individual observations and model data points are presented as red and blue dots.



The simulated spatial distribution (Figure 9B) also shows high concentrations in the NBP and southwestern GoF, and low concentrations in the Suur Strait and northern GoR. However, the model data have the highest concentration in southeastern GoF, mainly affected by the Neva and Narva. The model data show a similar pattern when compared with ferrybox data and LIAE data. The comparison of spatial distribution in TalTech data can be further illustrated by using subregional mean concentration (Figure 10). The analysis for the subregions shows that the NBP is the area with the highest mean observed concentration of 0.42 pcs/m3, whereas the lowest observed concentrations are found in Suur Strait 0.08 pcs/m3. In the NE-GoR, including a station near Pärnu, the concentrations increase to 0.17 pcs/m3. Further to the North, in the GoF, the observed concentrations increase toward Tallin coast 0.39 pcs/m3 and offshore 0.37 pcs/m3 and decrease toward Narva (SE-GoF) 0.27 pcs/m3. The model is able to reproduce the general features of the observed spatial pattern except for observed lows in the Narva area. The correlation between the averaged model and observation data sets for subregions is 0.81, with a P-value of 0.051. In the GoF, the west-eastern trend is reversed, showing an increase of modeled concentrations from 0.64 pcs/m3 at Tallin coast to 0.75 pcs/m3 at Tallin offshore and Narva (SE-GoF). To analyze this further, the model bias and the cRMSE, the root-mean-square error (RMSE) of the debiased data sets, are analyzed in more detail (Figs. 9C and 9D). cRMSE represents the errors originating from sample spread of model-observation differences, and is therefore affected by individual sampling and model errors, especially when the sample size is small. Model error statistics, in particular the model biases, are affected by the conversion from modeled mass concentrations to measured particle concentrations.

Near Tallin coast, in the southern Gulf of Finland (GoF), the cRMSE value is relatively large 0.37 pcs/m3, whereas the bias is 0.25 pcs/m3. Here, near the harbor, the variability across different samples is relatively high. The model cannot represent this. Further to the east, at Narva in the SE-GoF, the cRMSE is relatively low 0.24 pcs/m3, whereas the bias is larger 0.47 pcs/m3, indicating larger systematic differences between modeled and observed values. This might be due to an overestimation of the microplastic sources released by the Narva (river). The model biases in the Gulf of Finland near Narva (SE-GoF) are the highest in the entire study area. The second highest bias of 0.38 pcs/m3 occurs west of Narva, at Tallinn offshore station. Offshore transport with westerly currents from Narva station in the SE-GoF might affect the bias at the Tallin offshore station. The cRMSE 0.39 pcs/m3 is of the same size as the model bias, which indicates that the variability across samples is relatively large. The overestimation of riverine inputs of microplastic at Narva and the westwards transport of microplastics might be the reason why the model simulations show an increase of microplastic concentrations towards the east, from Tallin coast to Tallin offshore and SE-GoF (Figure 10), whereas the observed values are decreasing, along the southern side of the Gulf of Finland.



Seasonal variability

The seasonal pattern analysis provides an overview over the model’s ability to reproduce the seasonal dynamic in the Baltic Sea, controlled by river runoff and microplastic discharge as well as the seasonality of microplastic removal processes: biofouling, sinking, and sedimentation. For Estonian waters, an intercomparison of the monthly mean microplastic concentration of modeled and measured fragments is performed. Observations show a decrease of the microplastic fragment concentration from April to August and then an increase to September and October (Figure 11). The model data show a similar feature from April to September. However, the modeled concentration in October is lower than the one that is observed.




Figure 11 | Comparison of observed (blue) and modeled (red) data sets from TalTech in Estonia (A) and from LIAE in Latvia (B). Monthly averages (left) and cruise averages (right) are shown as solid lines and bars, whereas individual observations and model data points are presented as red and blue dots.



For Latvia waters, an intercomparison was performed for the cruise mean microplastic fragment concentration, representing an averaged condition in the cruise-observed areas. Since the six cruises represent sampling from mid-June to late September in 2016, the comparison shows the model’s capacity on reproducing the microplastic variability in summer. The results show a similar pattern of temporal variation in summer 2018 between the model and observations: an increase of microplastic concentration from mid- to end of June, followed by a decrease to mid-July, an intermediate increase of modeled concentrations in the second half of July (cruise 4 in Figure 9) and a continuous decrease from August to September (Figure 11A). Cruise 4 in the second half of July extends offshore into the NBP. The P-value of the Pearson correlation test is 0.0145, which means that the correlation between the model and observed cruise means that the microplastic fragment concentration is significant at p< 0.05. It also means that the model is able to reconstruct a large part of the temporal variability of the mean microplastic condition in summer 2018 in the monitored areas.




Conclusions and discussions

In this work, a Eulerian model for the simulation of 3D transport and fate of microplastics in the marine environment has been introduced and assessed for the Baltic Sea. The model describes the wave- and current-induced transport of microplastics as well as the removal of microplastics through biofouling, sinking, and sedimentation processes. A multiyear model simulation in 2014–2019 was carried out, covering the entire Baltic Sea with an eddy-permitting resolution of 926 m to assess the spatial and seasonal pattern of microplastic pollution and to compare the model results with observations. Three categories of microplastic particles were considered: (1) small-sized particles with a diameter of 5 µm and density heavier than sea water, representing tire wear microplastics, (2) medium-sized particles with a diameter of 42 µm and density lighter than sea water, representing a majority of microplastic particles released from WWTPs, and (3) large-sized particles with a diameter of 300 µm and a density lighter than sea water, representing the large particle fraction released from WWTPs.

The model’s ability to reproduce the spatial pattern and the seasonal variability of observed microplastic pollution has been assessed for the large particle fraction. Since the model output is not exactly the same as the microplastic observations, a strict model validation is not possible in this paper. Only a model-observation intercomparison has been performed. It should be kept in mind that there are significant uncertainties in the individual observations, including 40%–56% sampling error, 12% surface flow correction error, and analysis error as shown in She et al. (2022). Statistically significant correlation was calculated for the modeled and observed TalTech data sets in 2016–2020. The results show that the model tends to be less good at simulating very high concentrations of microplastics than at simulating normal concentrations. The high microplastic concentration may be caused by flooding events near the shore or by submesoscale activities offshore, which require a higher model resolution and synoptic source information to be resolved.

Spatial patterns of modeled and observed distributions were analyzed for subregions, by grouping the data sets spatially to obtain more samples and to reduce the uncertainty of the intercomparison. The model is well able to reproduce the observed spatial pattern in the TalTech data set in the northern Baltic Proper, northern GoR, Suur Strait, and southwest GoF coastal waters. The coastal-offshore differences in the southwestern GoF, as observed by the ferrybox data, can also be simulated by the model. This suggests that model has a close-to-reality hydrodynamics, biofouling, and sedimentation in this part of the region. However, the discrepancy in the southeastern GoF coastal and offshore waters between the model and TalTech data suggests that improved circulation pattern in the eastern GoF and a better representation of the sources at Narva and the impacts of the Neva may be considered in more detail in the future studies.

The model is able to reconstruct the seasonal variability in summer months in both Latvian and Estonian waters. This suggests that the applied biofouling parameterization partially reflects the actual situation. The high microplastic concentration in October in Estonian waters is missed in the model data. One reason could be that the implemented biofilm growth model does not include processes such as grazing that remove biofilm from the particle surface. It is also noted that October is a month with peak activity on sub-mesoscale in this region (Karimova and Gade, 2015). The model setup in this study is too coarse to resolve submesoscales, which may be one of the reasons for the lower model skill in October.

Long-term simulations with constant microplastic concentrations in rivers have shown that the model converges to a seasonal quasi-equilibrium state in a weak sense, with removal processes balancing the coastal inputs into the Baltic Sea after an approximately 3.5-year spin-up, although a slight long-term trend still exists. The model has been tuned to reproduce the seasonal variability of microplastic in the Baltic Sea, the result of current- and wave-induced transport processes, mixing, and the seasonal dynamic of biofilm growth. A series of 3.5-year spin-up runs was performed to tune the removal processes of biofouling, sinking, and sedimentation. The tuning aimed at a stable seasonal cycle and a small (if not zero) long-term trend. There exist different results from monitoring data on the interannual variability of microplastic concentrations. Beer et al. (2018) found that the vertically integrated microplastic concentration have been “stationary” in the past 25 years in the Bornholm Basin, while a recent study showed that microplastic concentration in Estonian waters has decreased from year 2016 to year 2020 (Mishra et al., 2022). Further research, both from observation and modeling sides, is needed in order to identify the interannual variability of the microplastics in the sea.

Systematic microplastic transport assessments have been carried out to study the fate of microplastics at sea using the multiyear simulations. High concentrations were found near the surface in the vicinity of major coastal sources: large rivers, towns, and coastal outlets, particularly near WWTP, especially in metropolitan areas and other heavily populated regions. The entire Baltic Sea receives land-based microplastics from rivers and coastal catchments. In the southern and central Baltic Sea, the cyclonic circulation pattern spreads the plastic pollutants from main rivers: e.g., Oder and Vistula, and transports them along the shores of Poland, Lithuania, Latvia, and Estonia, eastwards and northwards to the sub-basins of the GoR, the GoF, and the Bay of Bothnia. Other heavy pollution patterns are found near major towns: e.g., Saint Petersburg, Helsinki, and Stockholm.

Offshore transport and sinking lead to the accumulation of microplastics in the deeper basins, mainly Bornholm Deep and Gothland Deep. Microplastics from major rivers in the southern Baltic Sea, Oder and Vistula, are gathered in the Bornholm Basin and are carried further into the Gothland Deep and further on into the GoF and the Bay of Bothnia. Household microplastics spread horizontally and settle onto the sediments in the biofilm growth season. First, it reaches the shallows, but, over time, it also fills the deeper basins. The annual cycle of river runoff and biofilm growth controls the modeled seasonality of seaborne microplastic pollution.

There are relatively large approximations in the implementations of modeling processes, and the specification of the land-based sources is simplified for the modeling study. The estimates for the amount of misused microplastics vary largely across different assessments. The cleaning capacities of WWTP needs to be taken into consideration to derive results adequate for detailed assessments. Another factor is the modeled size spectrum of microplastics, which reflects the average values obtained from bulk measurements in the effluents of WWTP and cannot represent the variability of microplastics in the marine environment. A broader spectrum of household microplastics with larger average sizes would better represent the observed particle concentrations in the ocean.

Uncertainties related to microplastic modeling are largely related to the implementation of biofouling, sedimentation/resuspension, and fragmentation processes. Household microplastics are introduced to the sea without a biofilm shell, which leads to somewhat-enhanced spreading while in their floating stage. High-resolution modeling on the estuary scale has shown that the modeling of biofouling and retention in rivers and estuaries can improve this (Frishfelds et al., 2022). Implementing an advanced biofilm growth model like in Kooi et al. (2014) should further advance this. The resuspension of microplastics in the sediment and fragmentation of macroplastics provide additional sources that have not been considered yet. Despite its shortcomings, the microplastic transport model and source mapping data set have been proven to provide a realistic drift pattern that can be used for the study of pathways of microplastic pollution.
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Sensitivity experiments Reference (2010-2011) No biofouling/sinking No wind/wave

Microplastics <300 pm concentration (#/km?) 0.11e+6 2.47e+6 (+2145%) 0.11e46 (+3%)
Microplastics >300 pm concentration (#/km?) 2.65e+5 6.32e+5 (+138%) 3.81e+5 (+44%)
Microplastics <1 mm contribution (%) 67.0 86.4 (+29%) 55.9 (—16%)
Microplastics >1 mm contribution (%) 33.0% 13.6 (—59%) 44 1 (+34%)
Macroplastics 5-20 mm concentration (#/kmz) 1.04e+4 1.29e+4 (+24%) 1.835e+4 (+30%)
Macroplastics >20 cm concentration (#/km?) 14.37 20.1 (+41%) 30.5 (+112%)

Macroplastics >20 cm Bottle/bag/foam (%) 18/55/27 26/54/20 13/43/44
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Year Stations visited

2016 85, G1, 14, N8, Sil, N12, Pal, 2

2017 85, 14, N8, Sil, Pal, 2, K5

2018 85, 14, N8, Sil, Pal, 2, K5, Suu, Pir, BLRT, V15, V35, 125
2019 85, 14, N8, Sil, Pal, 2, K5, V15, V35, 125, Pald

2020

85, 14, N8, Sil, Pal, 2, K5, V15, V35, 125
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Plastic type/
fraction

MP1
MP2
MP3
Sea water

Biofilm

Density
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Data ID mesh Sampling No. of Mean MPP concentration MPP SD T-value for two- Two-tailed critical t-value for signifi:

size Method samples (pes/m?) (pcs/md) sample t-test cance level 0.1
CLAIM 200pm  Trawl 4 0.037 0.019 0.535 +2.45
Group | 330pm 4 0.029 0.027
CLAIM 100pm 6 0.058 0.042 0.011 +223
Group Il 200pum 6 0.056 0.019
P3 100um  Pump 12 0.06 0.149 0.628 +2.07
P4 300um 12 0.16 0.531
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Data source Sampling Time Area Sample count ID Mesbh size (pm) Mean (pcs/m®) RSD (%) Fraction
MPP  MPF  MPP MPF  MPF (%)

Tamminga 2018 2015.6 Funen coast 13 B1 300 569 749 75 92 67

Bagaev 2017 2015.10-2016.9  Baltic Proper 21 B2 174 35 710 168 93 95
Beer 2018 1989-2015 Bornholm Basin 355 B3 150 0.02 0.20 N/A N/A 93
Gewert 2017 2014.6-7 City Center 3 T 300 2.56 2.70 26 19 57
Tamminga 2018 2015.6 Funen coast 10 T2 300 0.02 0.05 32 4 69
Magnusson, 2014 2013 Finnish offshore 5 T3 330 0.07 0.16 73 74 68
Gewert 2017 2014.6-7 Stockholm coast 13 T4 300 0.05 0.46 76 78 90
Norén 2015 2015.8 W. Baltic coast 6 TS5 300 0.03 0.03 79 82 45
Gewert 2017 2014.6-7 Harbor 5 T6 300 0.16 K7 81 72 91
Norén 2015 2015.8 @resund coast 9 T7 300 0.08 0.18 95 106 70
Magnusson, 2014 2013 Finnish coast 7 T8 330 0.14 0.23 118 74 62
Setala 2016 2013.8 Gulf of Finland 12 T9 330 0.09 0.13 113 160 55
TalTech 2016-2020 Eastern Baltic Sea 122 T10 330 0.33 0.30 120 78 a7
CLAIM 2018.9 Gulf of Finland 10 ™ 100-330 0.06 0.004 37 92 6
CLAIM 2019.4 Gulf of Finland 10 Ti2 100-330 0.03 0.01 81 227 29
Karlsson 2020 2017.10 Kattegat 1" T13 300 0.39 0.03 N/A N/A 6
Schénlau 2020 2014.8 Baltic 24 T4 300 0.07 0.47 150 165 88
Magnusson-Norén 2011 20115 Swedish Coast " P1 330 2 1.00 120 7 33
Magnusson-Noren 2011 2011.5 Kattegat coast 8 P2 330 0.50 0.56 141 154 53
Setéla 2016 2013.8 N. GoF 12 P3 300 0.06 0.49 248 82 89
Setéla 2016 2013.8 N. GoF 12 P4 100 0.16 1.18 332 133 89
Noreén 2014 2013.12 Kattegat coast 14 P5 330 0.10 1.65 N/A N/A 94
Norén 2014 2014.4 Kattegat coast 15 P6 330 0.06 0.43 N/A N/A 88
Karlsson 2020 2017.10 Kattegat 6 P7 300 0.25 0.02 N/A N/A 6
Schénlau 2020 2014.8 Baltic 1" P8 300 1.50 24.39 222 191 94
Zobkov 2019 2017.4 SE Baltic offshore 4 P9 174 4.42 28.27 43 70 86
Van Bavel 2020 2019.9-2020.2 Kattegat/Skagerrak " P10 100-500 0.37 0.34 m 81 48

The first letter in dataset ID represents the monitoring method: “B” - bulk, “T" - trawl and “P" - pump. For pump datasets, P9 uses PLEX and P10 uses ferrybox sampling instruments, the
rest of the datasets use a pump. Statistical values are based on data in the upper 1 m except for dataset B3 which are vertical averages, and P10 at a depth of about 4 m. The fraction of
MPF is calculated by using mean values of MPF and MP concentrations. N/A, not available.
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T is temperature, S is salinity, D is current field divergence normalized with Coriolis parameter f. |V T] is lateral gradient of temperature, and |V 45| is lateral gradient of salinity.
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Total particles Fragments Filaments total Filaments’ colors
Black Red Blue Transparent Green
Filter 1.5 mm 52 9 43 85 7 12 3 3
Filter 70 pm 80 80 55 7 12 3 3
Procedural blank 24 24 13 11
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Methods

AHP

MAVT/MAUT

Outranking

TOPSIS

Weighted sum

Description

The analytic hierarchy process (AHP), from Saaty (1980), is based on organizing criteria, sub-criteria and alternatives into a hierarchical
structure, possibly with feedback (in the ANP Saaty, 1996 variant). At each node of the hierarchy elements are compared pair by pair,
estimating the priority of each element over each other element on a semantic scale and translating these judgments on a ratio scale.

Muilti Attribute Utility Theory (MAUT) and Multi Attribute Value Theory (MAVT) are based on a set of axioms of rationality (Keeney and Raiffa,
1976). A value function needs to be defined for each criterion in MAVT, translating performance into value according to the decision makers
preferences. Then, the value functions can be aggregated, usually considering an additive model. In MAUT, utility functions are used in the
place of value functions, modeling the attitude toward risk of the decision makers, allowing its use for probabilistic uncertain outcomes.
Outranking approaches used to rank alternatives are methods that typically compare alternatives one pair at a time, assessing their relative
advantages and disadvantages. An alternative’s relative standing is thus a function of how well it compares against the set of the remaining
alternatives.

Three types of outranking approaches were found in the studies:

— PROMETHEE —Preference Ranking Organization Method for Enrichment Evaluation (Brans and Vincke, 1985),

— ELECTRE—Elimination and Choice Expressing Reality (Roy, 1968),

— THOR —Multicriteria Decision Aiding Hybrid Algorithm (Gomes et al., 2008; Cardoso et al., 2009).

The TOPSIS (Technique for Order Preference by Similarity) method (Hwang and Yoon, 1981) defines an ideal alternative (based on the best
observed performance on all criteria) and an anti-ideal alternative (based on the worst observed performance on all criteria). Then, it ranks
all the alternatives based on how near they are to the ideal and how far they are from the anti-ideal alternatives. Usually a weighted
Euclidean distance is used, requiring normalization of the scales.

This method simply multiplies the alternatives performances (after normalizing the scales) by the weights of the respective criteria.

Two types of Weighted Sum approaches were found in the studies:

Weighted Sum (Fishburn, 1967)

MOORA —Multi-Objective Optimization on the basis

of Ratio Analysis (Brauers and Zavadskas, 2006)
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Authors Purpose (plastic subject) Decision making M/T Country/Region Plastic type Type of MCDA method Multi-actor Conclusions

focus company/place weighting
decision

Bachér et al. To tackle barriers in the Bottlenecks that hinder  Terrestrial European Union Plastic packaging Supply chainsin - AHP Experts and Highlights the importance of the role of group

(2018) recycling value chains for the efficient recycling waste the circular - MAVT residents decision-making approaches to create joint learning
the transition to a circular plastic packing waste economy and exchange of ideas among value chain actors for
economy. removing constraints on success or circular

economy initiatives.

Balwada et al To tackle packaging plastic ~ End-of-life options Terrestrial India HDPE, PP, and PET ~ Company thatis - AHP Experts Resullts indicate that deposit and refund method is

(2021) waste management for a Plastic transforming the best option compared with vehicular or curbside
circular economy. plastic waste into collection, drop-off recycling or buy-back center

a poly fuel options for plastic waste collection to support the
circular economy.

Bhagat et al. To examine and evaluate End-of-life options Terrestrial India General plastic waste ~ City - Weighted sum Experts and The most sustainable option for management and

(2016) plastic waste disposal residents disposal of plastic waste in Delhi was a blend of
options. recycling along with incineration.

Cardoso et al To define disposal options  End-of-life options Terrestrial Brazil HDPE plastic City - THOR Decision makers  The results showed a preference for mechanical

(2009) for post-consumer plastic recycling as disposal alternative for HDPE waste.
waste.

Chrissley et al. To evaluate the best option  Marine debris removal Marine United States Marine debris (It Marine debris - Weighted sum Authors Autonomous vacuum is suggested as the most

(2017) for cleaning up marine systems includes plastics) removal system viable option for litter removal in the Subtropical
debris. (North pacific Convergence Zone.

subtropical gyre,
plastic,
subtropical
convergence
Zone)

Delvere et al. To evaluate and compare End-of-life options Terrestrial Latvia Fiber reinforced plastic Laboratory - AHP Authors (Literature  Mechanical recycling method is the most sustainable

(2019) different polymer matrix (FRP) - TOPSIS review) fiber reinforced plastic waste recycling method when
composite material waste specific sustainability criteria are evaluated (however,
recycling methods. lack of data about other potential sustainability

criteria was signalized).

Deshpande et al.  To rank the end-of-life End-of-life options Marine Norway Marine debris (Waste  Fishing sector - MAVT Experts For the Circular economy strategy success,

(2020) alternatives for waste plastics from fishing developed countries must explore systems
plastics. gears) promoting reduce, reuse, and in-house recycling of

plastic waste. Among end-of-life alternatives,
recycling (inland) alternative emerged as the
preferred to deal with waste fishing gears in Norway.

Geetha et al. To find a suitable recycling  End-of-life options Terrestrial India PET, HDPE, PVC, City - HPF-ELECTRE Il Decision-makers  The preferred recycling methods for six plastic types

(2021) method for managing LDPE, PP, and PS - HPF-TOPSIS are: chemical recycling for HDPE; mechanical
disposal and recycling of Plastic recycling for PET and PP; feedstock recycling for
plastic materials. PVC and PS; and incineration with energy recovery

for LDPE.

Gomes et al. To evaluate different End-of-life options Terrestrial Brazil HDPE plastic Local community - THOR Decision makers ~ The results showed a preference for reuse and

(2008) disposal alternatives for and Experts mechanical recycling as disposal alternatives for
plastic waste. HDPE waste. Fully appraisal of recycling methods

needs information of the logistics system in which
these recycling solutions will be included.

Husékova et al. To select a suitable End-of-life options Terrestrial Slovakia General plastic waste  Department of - AHP Professionals The evaluation of variants of knife mill devices, in a

(2016) technological device for plastics selected enterprise allows to define the most suitable
recycling process. pressroom device for plastic waste recycling process (Knife mill

type C 17.31 by the company Wanner).

Jimenez et al. To identify good practices ~ Reverse logistics Terrestrial Colombia General plastic waste  Plastic industry - AHP Decision-makers  Leadership factor is the most important when

(2019) and trends in the plastics and experts evaluating the application of good practices in
industry companies. reverse logistics.

Lieske et al. To assess the overall risk Risk associated with Marine The Western Marine debris (It Marine - AHP Experts Fisheries bycatch (particularly when involving

(2019) associated with a range of  human activities in the North Atlantic includes plastics) environments suspended gill nets) was identified as the greatest
human activities in the marine environment Ocean risk associated with human activities across a wide
marine environment. range of bird species.

Marazzi et al. To explore the effectiveness Consumer-based Marine Europe General plastic waste  European - Weighted Sum Authors and The top ranked consumer-based actions to reduce

(2020) of plastic reduction actions. actions freshwater professionals plastic pollution in rivers were identified as: using

environments wooden or reusable cutlery and stirrers; reusable
water bottles; plastic free cotton-buds; and refill
detergent/shampoo bottles.

Mavi et al. (2017)  To choose the most Reverse logistics Terrestrial Iran General plastic waste  Third-party Experts Definition of an efficient and practical sustainable
suitable third-party reverse reverse logistic - Fuzzy MOORA approach to choose the most suitable third-party
logistic provider for a provider (3PRLP) reverse logistic provider for a plastics factory.
plastics factory.

Mikusova et al. To evaluate a technological ~ End-of-life options Terrestrial Slovakia General plastic waste  Production - AHP Experts The results show that the most suitable device for

(2019) device for recycling of enterprise plastic waste recycling process is a knife mill (Variant
plastic waste. 2 of the alternatives, among other characteristics,

has the output from 25 to 50 kg/h and purchase
price of 3900€).

Nirmala and Uthra  To select the best method  End-of-life options Terrestrial India General plastic waste  Plastic industry - Fuzzy AHP Decision- makers ~ Thermal recycling is the best option, with the

(2017) for plastic recycling. possibility of recovering embodied energy in plastics

by incineration or by using it in industry as a
substitute fuel.

Rochat et al. To choose the best End-of-life options Terrestrial Colombia PET plastic City - MAUT Professionals Recycling scenarios are the choice of best end-of-life

(2013) end-of-life scenarios for scenarios for polyethylene terephthalate (PET) waste
polyethylene terephthalate in a municipality of a developing country.

(PET) waste.

Senthil et al. To analyze and prioritize the Reverse logistics Terrestrial India PET plastic PET bottle Hybridization of Decision- makers ~ The major contribution of this work lies in the

(2018) different potential risks in recycling methods: development of linkages among the various
reverse logistics for company - AHP functions in reverse logistics. The results indicate
providing useful insight to - Fuzzy AHP that managing inventory is highly prioritized.
the supply chain managers - Fuzzy TOPSIS
and researchers for - PROMETHEE
decision making.

Vinodh et al. To select the best plastic End-of-life options Terrestrial India Fiber reinforced plastic Automotive - Fuzzy AHP Decision- makers  Mechanical recycling process is identified as the

(2014) recycling method. (FRP) industry -TOPSIS best plastic recycling process for an automotive

component manufacturing industry.

Vo Dong et al. To develop a framework for  End-of-life options Terrestrial France Carbon fiber reinforced Aerospace - PROMETHEE Authors The best compromise strategy for both economic

(2019) the multiperiod polymer (CFRP) industry - M-TOPSIS and environmental objectives lead to centralized
deployment and design of (Integrated with a configurations for the deployment of recycling sites
aerospace CFRP waste multi-period Mixed at the regions close to significant waste sources of
supply chain. Integer aerospace carbon fiber reinforced polymer waste.

Linear Programming
model)

AHR Analytic Hierarchy Process; ELECTRE, Elimination and Choice Expressing Reality; MAUT, Multi-attribute Ultility Theory; MAVT, Multi-Attribute Value Theory; MOORA, Multi-Objective Optimization on the basis of
Ratio Analysis; PROMETHEE, Preference Ranking Organization Method for Enrichment Evaluations; THOR, Multicriteria Decision Aiding Hybrid Algorithm; TOPSIS, Technique for Order Preference by Similarity to Ideal
Solution; HDPE, High-Density PolyEthylene; LDPE, Low-Density PolyEthylene; PET, PolyEthylene Terephthalates; PR, PolyPropylene; PS, PolyStyrene; PVC, PolyVinyl Chlo.
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Categories

Technique

Application

References

Elemental
composition

Morphological
properties

Thermal
properties

Mechanical
properties

Degradation
kinetics

Degraded
products

Gel permeation
chromatography,
GPC

Nuclear magnetic
resonance, NMR
Viscometry
Osmometry

X-ray photoelectron
Spectroscopy, XPS
Optical microscopy,
oM

Scanning electron
microscopy, SEM
Transmission
electron microscopy,
TEM

Profilometer

Differential scanning
calorimetry, DSC
Thermogravimetry
analysis, TGA

Universal testing
machine, UTM

Dynamic mechanical
analyzer, DMA
Lorentz contact
resonance, LCR
Mass balance

Turbidimetry

Chemical oxygen
demand, COD
Total organic
carbon, TOC

Gas
chromatography,
GC

Gas
chromatography-
mass spectrometry,
GC-Ms

Liquid
chromatography-
mass spectrometry,
LC-MS

Fourier
transformation
infrared, FTIR
spectroscopy

Elemental analysis: molecular weight, chemical Izunobi et al. (2011) (Izunobi and Higginbotham, 2011), De los Santos-Villarreal

composition, binding states

Surface profiling

Surface texture; restricted thickness (5-40
mm); low cost

Vacuum technique; morphology, image
analysis

Detailed imaging and analysis; chemical
information; interface

nondestructive; rapid; determining surface
irregularities, fractures, and roughness
Kinetics and phase transitions; oxidative
stability

Polymer type; composition; weight loss;
kinetic parameters

Determination of tensile strength; %
elongation, elastic modulus; destructive
method

Determination of viscous and elastic modulus;
destructive method

Simple; low-cost technique; degradation
kinetics

Monitoring of nanoplastics in an aqueous
environment

Cheap; degree of mineralization; degradation
kinetics

Low cost; concentration of total organic
compounds; reaction kinetics

Separates and analyzes volatile organic
compounds of high molecular weight.

Separate, quantify, and identify unknown
species; qualitative and quantitative
evaluations

Separate, quantify, and identify a wide range
of species; molecular weight; end group
analysis

Non-destructive; cheap; identification and
detection of structural transformation;
determine the degree of oxidation

et al. (2013) (De los Santos-Villarreal and Elizalde, 2013), Liang et al. (2013)
(Liang et al., 2013), and Carraher et al. (2013) (Carraher, 2018)

Gelasco et al. (2014) (Celasco et al., 2014)

Tofa et al. (2019) (Tofa et al., 2019) and Liang et al. (2013) (Liang et al., 2013)

Motaung et al. (2012) (Motaung et al., 2012)

Ali et al.(2016) (Al et al., 2016)

Gregory et al. (1998) (Gregory, 1998) and Gill et al. (2010) (Gill et al., 2010)
Zhao et al. (2007) (Zhao et al., 2007), Liang et al. (2013) (Liang et al., 2013),
Celasco et al. (2014) (Celasco et al., 2014), and Uheida et al. (2021) (Uheida

et al., 2020)

Zhao et al. (2007) (Zhao et al., 2007), Liang et al. (2013) (Liang et al., 2013), and
Ali et al.(2016) (Al et al., 2016)

Menard et al. (2020) (Menard and Menard, 2020), and Lup et al. (2021) (Luo

et al., 2021)

Liang et al. (2013) (Liang et al., 2013), and Ariza-Tarazona et al. (2019) (Ariza-
Tarazona et al., 2019)

Ma et al. (2019) (Ma et al., 2019), and Dominguez-Jaimes et al. (2021)
(Dominguez-Jaimes et al., 2021)

Rajamanickam et al. (2016) (Rajamanickam and Shanthi, 2016)

Giroto et al. (2010) (Giroto et al., 2010) and Allé et al. (2021) (Allé et al., 2021)

Hakkarainen et al. (2006) (Hakkarainen and Karlsson, 2006)

Medeiros et al. (2018) (Medeiros, 2018)

Perez et al. (2016) (Perez et al., 2016)

Ali et al. (2016) (Ali et al., 2016) and Almond et al. (2020) (Almond et al., 2020)
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Photocatalysts MPs
type

TiO, powder PVC

TiO,; TIO./CuPc PS
nanoparticles

TiO, nanotube,  LDPE
TiOz

nanoparticles

ZnO nanorods  LDPE
Pt-ZnO LDPE
nanorods

ZnO nanorods PP

BiOCI PS
nanoflower and
nanodisk
PPy/TIO, PE
TiO, PS
nanoparticles
LDPE
TiO, powder PAG6
PAGG

Protein-based ~ HDPE
porous N-TiO,

HDPE
Mesoporous N-  LDPE
TiO2
nanoparticles

HDPE
C, N-TiO2 HDPE
Powders
TiO,- PS
nanotubular
structure

TiO-barrier PS
structure

TiO,-mixed PS
structure

BiOCI PE
NiAL,O, LDPE
TiO,/B-SIC

alveolar foams

N/A. Not Applicable.

MPs
appearance

Powder

Appliance

Film

Film

Film

Particle

Composite
film

Composite

Microspheres

Film

Microfiber

Microfiber

Scrubs
Scrubs

Film

Bead

Scrub

Nanoparticles

Nanoparticles

Nanoparticles

Microspheres

Film

PMMA  Nanobeads

Light
source

uv

Fluorescent
light

UVand

visible light

Visible light

Visible light

Visible light

Visible light

Sunlight

uv

UVand
visible light
UVA

uvc

Visible light
Visible light

Visible light

Visible light

Visible light

uv

uv

uv

uv

Visible light

UV-A

Irradiation Degradation

time

300 h

250 h

15 days; 45

days

175h

175h

456 h

90 h

240h

36h

105 h

105 h

20h
8h

50h

50h

50h

50h

50h

50h

10h

5h

7h

system

Solid

Solid

Solid

Liquid

Liquid

Liquid

Solid

Liquid

Liquid

Solid

Liquid

Liquid

Liquid
Liquid

Liquid

Liquid

Liquid

Liquid

Liquid

Liquid

Liquid

Liquid

Liquid

Reaction conditions

PVC film size = 75 cm x

50 x 30 um; 200 W mercury
lamp (1.5 mW/cm?);
distance = 22 cm

PS appliance: 0.5 g;
dropped on the catalyst
fims; 8 W fluorescent lamp
(1.75 mW/cm?); distance =
7cm

Initial LDPE film size = 3 cm
x 3 cm; 18 W UV lamp of
wavelength 315 nm (2.54
mW/cm?); 5 W halogen
(6.76 mW/cm?); distance =
5cm

LDPE film of size (1 cm?); 50
W dichroic halogen lamp (6—
70 Klux); distance = 10 cm
LDPE film of size (1 cm?); 50
W dichroic halogen lamp (6—
70 Klux); distance = 10 cm
Initial PP MP particles = ~
70 mg, ~ 10* particles/L;
120 W tungsten halogen
lamp (60 mW/cm?);

distance = 20 cm

Initial PS film size = 78 cm?®
500 W halogen luminaire
lamp; distance = 5 cm
Experiment carried out on a
sunny day under ambient
conditions from 10:00 a.m.
10 4:00 p.m.

PS spheres: 400 nm;
dropped on the catalyst
films; UV lamp (<365 nm);
distance = 10 cm

UV lamp (<254 nm and
<3865 nm); distance = 10 cm

PA66: 10 um; 8 W UVA
lamp (365 nm); distance =
5cm

PA66: 10 m; 8 W UVC
lamp (254 nm); distance =
5cm

HDPE MPs =60 g; 27 W
fluorescent lamp (A = 400)
PS NPs = 30.9 ml; 27 W
fluorescent lamp (A = 400)
0.4 wtv% of MPs; 50 W
visible lamp (400-800 nm);
room temperature; stirring =
300 rpm; distance =
21.5cm; pH=3

0.4 wtiv% of MPs; 50 W
visible lamp (400-800 nm);
room temperature; stirring =
300 rpm; distance =
21.5cm;pH=4

50 ml of a 0.4 wt./vol %
HDPE MPs; 50 W visible
LED lamp (67.2 + 0.3 W/
m?); pH 3; distance = 25 cm
0.9% w/v of PS-NPs; UV
lamp (0.021 mW/cm?);
distance = 10 cm

0.9% w/v of PS-NPs; UV
lamp (0.021 mW/cm?);
distance = 10 cm

0.9% w/v of PS-NPs; UV
lamp (0.021 mW/cm?);
distance = 10 cm

1 g/L PE; 250 W Xe lamp
(<420 nm)

Initial LDPE film size = 3 cm
x 3 cm; 350 W halide lamp;
distance = 25 cm

300 mg of commercial
monodisperse solution;
Philips T5 15 W 10 Actinic
BL (112 mW/em?); fow
rate = 10 ml/min; pH = 6.3;
distance = 1 cm

MPs characteri-
zation technique

Efficiency

UV-VIS, FTIR,
GPC, XPS, SEM

27%

Weight loss, UV- N/A

VIS, SEM

XRD, EDS, UV-
Vis, SEM, UTM,
FTIR

Cl=1.2;
Cl=1.39

SEM, optical Cl=1.38
microscope, FTIR,
DMA

SEM, optical
microscope, FTIR,
DSC, TGA

SEM, optical
microscope, FTIR,
DSC, GC-MS,
TGA

Cl=16

65%

XRD, UV-Vis,
SEM, AFM, FTIR

N/A

GPC, AFM, FT-IR, 54.4%

weight loss

FE-SEM, Raman 98.40%
Spectroscopy,
GC, HPPI-TOFMS
FE-SEM, Raman N/A
Spectroscopy,
GC, HPPI-TOFMS
Weight loss, FTIR,
COD, SEM

19%

Weight loss, FTIR, 27%

COD, SEM
ATR-FTIR, SEM, 6.40%
weight loss
ATR-FTIR, SEM,
weight loss
Optical
microscope, FTIR,
mass loss

2.86%

~1%

Optical 4.65%
microscope, FTIR,

mass loss

FEI E-SEM, EDS
optical
microscope, FTIR

T7 =
1.88%

Turbidity, TOC, 19.70%

FTIR, GC-MS
Turbidity, TOC, 15.00%
FTIR, GC-MS
Turbidity, TOC, 23.50%
FTIR, GC-MS

FTIR, SEM 5.38%

Weight loss, FTIR,  12.50%

XPS

TOC 50%
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How important in your opinion are the following aspects
when it comes to assessing a new marine litter reduction or
processing technology?

3. Effectiveness of the technology in reducing plastics from beaches

Round 1 feedback:

Reasons
Comment summary
for | ‘

- "Although plastics from beaches is only part of the problem, the gravity of the problem of plastics is large enough
to provide a need for effective solutions in reducing plastics from beaches.”

Higher
ratings

- "Plastics washed up on beaches is a good opportunity to easily remove plastics."

- "Reducing plastics on beaches is a positive visible impact, so this can help to communicate to the public the
importance and effectiveness of a new technology.”

: - "Important locally, but not sustainable management. Reasons of measures is economic rather than
ower

environmental.”
ratings

- "The most important is the human behavior."

Round 1 response statistics:

Not important
Slightly important
[mportant

Very important

Extremely important

0% 10% 20% 30% 40% 50% 60% 70% 80% 90% 100%
Round 2:

(O Notimportant () Slightly (O Important (O Veryimportant () Extremely
important important

Please provide a justification:
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Area
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NW Mediterranean

Ligurian/Sardinian Sea

Bay of Calvi

W Mediterranean

W Sardinia

Ligurian Sea

Ligurian Sea

NW Sardinia

Central W Mediterranean

Central and Western Mediterranean
Sea

Coast of Turkey

Northern lonian Sea

Gulf of Lion

Adriatic Sea

Southern Mediterranean/Bizerte

lagoon
Southern Mediterranean/

Gulf of Gabes

Eastern Mediterranean Sea
South-Western Mediterranean Sea
Eastern Mediterranean/

Cyprus

W Mediterranean

Southern Mediterranean/
Gulf of Gabes

Mean abundance + SD (Max)

119 + 250 (1,160)
g/km?
0.116 (0.892)
items/m?
0.31 + 1.0 (4.83) items/m?

0.062 (0.688) items/m?
0.135 (0.42) items/m?

0.15 (0.35)
items/m?
0.103 (0.36)
items/m?

2.1 x 10%-5.78 x 10°
items/m?

0.17 £ 0.32 (1.69) items/m?

6.72+1.5 x 10*
(1.04 x 10%) g/km?
9 x 104-1.2 x 108
items/m?
1.63 x 10*-5.2 x 10° items/km?

0-1.6 x 108
items/km?
6 x 1031 x 100
itemns/km?
3.15 + 5.68 x 10° items/km?

453.0 + 335.2 items/m?>
2.5 x 10*=1.1 x 10° items/km?
0.12-0.72 items/m?

1.01 x 105 £ 3.8 x 104
items/km?
Fragments: 4.19 + 7.29 items/m?3
Fibers: 37.13 + 21.33 items/m?

3.52 4+ 8.81
items/m?
3.1 £ 2 x 105 items/km?
(I Campaign)
7.8 + 8 x 10% items/km?
(Il Campaign)

Shape and size

Fishing line, cellophane,

fragment

Filament, film
0.3-5 mm

Filament, film
2-5mm
Fragment, fim
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Fragment
1-2.5 mm

Fiber
<2mm
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Polymer
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Polyolefin
Polyester
Polyethylene
Polypropylene
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Polyethylene
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Polyethylene
Polyethylene

Polyethylene

Polyethylene

Polyethylene
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Plasticcharacteristic

Sampling campaign Species Morphometric measure
SL (cm) GW (g9) Shape Color Size Polymer
| Campaign S. scombrus 17.9 59.16 Fragment Blue 0.13 Dye additive
17.2 55.88 Fiber mix Mix n.a Dye additive
Il Campaign S. aurita 16.8 589 Fragment Transparent 0.68 PE
M. surmuletus 12.8 37.35 Fragment Transparent 6.8 EVA
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Species (Common FH TL Area Season n. organisms %frequency of  MPs/individual References
name) ingestion
Scomber scombrus PN 3.6 Gulf of Gabes Spring 10 20 25 This study
(Atlantic mackerel) Northern Adriatic Sea Summer 10 30 1.34+0.58 Neves et al., 2015
Central Adriatic Sea Summer 10 70 1.3+05 Avio et al., 2020
Pagellus erythrinus BP 35 Gulf of Gabes Spring 10 - - This study
(Common pandora) Autumn 10
Croatian Sea Spring/Autumn/ 30 50 1(£1.6) Anastasopoulou et al., 2018
Summer
NE lonian Sea 18 42 0.8(£1)
lonian Sea Summer 80 421 1.66 Digka et al., 2018
Tyrrhenian Sea - - 6.7 1 Savoca et al., 2019
Cost of Turkey Summer 54 22 1.08 Guven et al., 2017
Southern Adriatic Sea Summer 6 66.6 1.56+06 Avio et al., 2020
Lithognatus mormyrus D 34 Gulf of Gabes Spring 8 - - This study
(Sand steenbras) Autumn 10
East Mediterranean Summer 46 35 1.89 Glven et al., 2017
Southern Adriatic Sea Summer 7 14 1 Avio et al., 2020
Turkish coast 55 34.3 1.7 Gundogdu et al., 2020
Sardinella aurita P B2 Gulf of Gabes Autumn 17 6 1 This study
(Round sardinella) Coast of Egypt - 33 100 - Shabaka et al., 2019
Southern Adriatic Sea Summer 9 33 1 Avio et al., 2020
Pomatomus saltatrix P 45 Gulf of Gabes Spring 10 - - This study
(Bluefish)
Mullus surmuletus D 34 Gulf of Gabes Autumn 10 10 1 This study
(Surmullet) Croatian Sea Spring/Autumn/ 30 70 1.8(+1.9)  Anastasopoulou et al., 2018
Summer
lonian Sea Summer 80 46.25 1.83 Digka et al., 2018
Mediterranean Coast - 19 60 Bellas et al., 2016
Turkish coast Summer 38 32.8 1.3 Gundogdu et al., 2020
NW Iberian Shelf Spring 15 60% 1.56 £ 0.53 Filgueiras et al., 2020
Autumn
Metapenaeus D na Gulf of Gabes Spring 18 - - This study
monoceros (Speckled
shrimp)
Penaeus kerathurus D na Gulf of Gabes Autumn 20 - - This study
(Caramote prawn)
Sepia officinalis DN 4.27 Gulf of Gabes Spring 3 - - This study
(Common cuttlefish)
Portugal — 39 (mean) 100% 1 Qliveira et al., 2020

PN, pelagic-neritic; P, pelagic; BF bentho-pelagic; D, demersal; n.a., not available.
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Microln (j) = u (j, z) /dx x nfi_med(j) x res_factor, (1)
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Sampling | Campaign Il Campaign Latitude Longitude
stations

4 23/04/2019 07/11/2019 34°00'386"N  010°03'449"E
5 23/04/2019 07/11/2019 34°00'494"N  010°05'959"E
7 23/04/2019 07/11/2019 33°55'5607"N  010°07'044"E
8 23/04/2019 07/11/2019 33°56'691”"N  010°08'333"E
16 25/04/2019 20/11/2019 33°46'789"N  010°15'701"E
17 25/04/2019 20/11/2019 33°47'769"N  010°16'824"E
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%Effect %Effect %Effect
PP 15 days 8.6% 6.3% 0
PP 30 days 0.7% 5.2% 0
PVC 15 days 5.7% 1.5% 10%
PVC 30 days 9.8% 71% 0
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PP 15 days

PP 30 days

PVC 15 days

PVC 30 days

CTR deio 15
days

CTR deio 30
days

CTR deio +

HP 15 days

CTR deio +

HP 30 days

Sample description

Deionized water with PP microplastics (219 particles/liter) after
15 days of treatment with photocatalytic reactor

Deionized water with PP microplastics (£ 19 particles/liter) after
30 days of treatment with photocatalytic reactor

Deionized water with PVC microplastics (£ 19 particles/liter)
after 15 days of treatment with photocatalytic reactor (+
Hydrogen Peroxide)

Deionized water with PP microplastics (£ 19 particles/liter) after
30 days of treatment with photocatalytic reactor (+ Hydrogen
Peroxide)

Deionized water without microplastics after 15 days of
treatment with photocatalytic reactor

Deionized water without microplastics after 30 days of
treatment with photocatalytic reactor

Deionized water + Hydrogen Peroxide without microplastics
after 15 days of treatment with photocatalytic reactor
Deionized water + Hydrogen Peroxide without microplastics
after 30 days of treatment with photocatalytic reactor
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Reactor Total Pollutants Type of Location References
type Aperture Photocatalyst
Area (m?)
Parabolic 29.2-465 Salicylic acid, trichloroethylene, tetrachloroethylene, chloroform, trichloroethane, carbon  TiO, slurry New Mexico Malato et al.
Trough tetrachloride, methylene chloride, pentachlorophenol, oxalic acid, and 2,4-chlorophenol (SND) (2007) (Malato
Reactors Plataforma et al., 2007)
Solar de Malato et al.
Almeria (2002) (Malato
(PSA) etal.,, 2002)
Compound ~ 8.9-150  Dichlorophenol, bacteria, dye effluents, pharmaceuticals, municipal wastewater, TiO2 Plataforma  Malato et al.
Parabolic pesticides, chlorinated industrial water contaminants, paper mill effluents; surfactants, photo-Fenton Solar de (1997) (Malato
Concentrator a-methylphenylglycine, commercial pesticides, BTEX, landfill leachates, reagents, photo-  Almeria etal., 1997)
Dibenzothiophene (DBT), naphthalene (NP), p-nitrophenol (PNP) Fenton/aerobic (PSA) Blanco-Galvez
biological system  HIDROCEN, et al. (2007)
Madrid (Blanco-Galvez
Tyndall Air et al., 2007)
Force Base, Vargas et al.
Florida (2010) (Vargas
and Nufez,
2010)
Inclined 50 Commercial textile azo dyes TiOy Menzel Zayani et al.
Plate Temime, (2009) (Zayani
Collectors Tunisia et al., 2009)
Double-Skin 27.6  Lubricating oil refinery effluent, chlorinated organics, biologically pretreated wastewater ~ TiO, Volkswagen  Dillert et al.
Sheet plant in (1999) (Dillert
Reactor Wolfsburg et al., 1999)
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Technical operation
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Survey statements

Q1. Effectiveness of the technology in reducing microplastics in oceans and seas

Q2. Effectiveness of the technology in reducing macroplastics in oceans and seas

Q3. Effectiveness of the technology in reducing plastics from beaches

Q4. Effectiveness of the technology in reducing the spread of invasive species in oceans and seas
Q5. Contribution of the technology to the restoration of marine wildlife habitats

Q6. Negative impacts like waste or by-products generated by the technology

Q7. Contribution of the technology to the reduction of pollution in seawater, rivers and lakes
Q8. Contribution of the technology to the reduction of the amount of accumulated marine debris
Q9. Impact of the technology on sea traffic

Q10. Impact of the technology on fishing activities

Q11. Obstruction of sunlight to reach the sea bottom due to the size of the technology

Q12. How the technology impacts the marine and coastal landscape

Q13. Possible odours spread by the technology

Q14. Increase of noise levels due to the technology

Q15. Contribution of the technology to carbon emissions

Q16. Contribution of the technology to the emissions of other pollutants such as particulate matter or volatile organic compounds
Q17. Added value of the technology to improve recreational (coastal and beach) activities
Q18. Impacts of the technology on local employment (positive or negative)

Q19. Potential development of new industries developing the technologies

Q20. Added social value to coastal communities such as overall well-being

Q21. Acceptability of the technology by local residents

Q22. Acceptability of the technology by users of marinas and ports

Q23. Acceptability of the technology by local or national governments

Q24. Degree of automation of operating the technology, such as filing and emptying tanks
Q25. Degree of autonomy of the technology, for example if it can be used independent of the electricity grid using solar energy
Q26. Ease of operation

Q27. Possibility of real time monitoring of the implementation of the technology

Q28. Connectivity with other technologies for potential litter processing like energy generation
Q29. Number of hours/days the technology can operate during a normal year

Q30. Remote accessibility

Q31. Ability to be customized to local needs (integration with other technologies for clean-up enhancement)
Q32. Modularity of the technology for easy adaptation to different locations/environments
Q33. Rate of marine litter transformation such as energy recovery

Q34. Contribution to the circular economy by recovering and recycling litter materials

Q35. Investment costs

Q36. Operation and maintenance costs

Q37. Need for highly qualified workers

Q38. Health risks (possible accidents) for the operators

Q39. Possible injury risk for others like users of marinas and ports

Q40. Proven or demonstrated effectiveness of the technology

Q41. Flexibility and ability to adapt to uncertain futures

Q42. Uncertainty surrounding investment, operation and maintenance costs

Q43. Physical robustness of the technology under extreme weather conditions

Q44. Resilience to deal with litter arising from extreme weather conditions

Q45. Resilience to rising sea levels

Q46. Lucrative business model for the technology developers

Q47. Flexible business model adaptable to the changing needs of the market

Q48. Contribution to improving the green market niche

Q49. Existence of competition among multiple players in the market

Q50. Comparison with existing technologies in terms of sustainability performance

Q51. Availability of public funding for the implementation of the technology

Q52. Corporate interest in the implementation of the technology

Q53. Public wilingness to pay for the new technology

Q54. Contribution to achieving environmental EU policies and targets

Q55. Ease of overcoming current legal obstacles for implementation of the technology
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other effects seawater, rivers and lakes
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perspective -
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Q34:Contribution to the circular economy by recovering and recycling

litter materials

Q38: Health risks (possible accidents) for the operators

Q39: Possible injury risk for others like users of marinas and ports

Q54: Contribution to achieving environmental EU policies and targets
Q55: Ease of overcoming current legal obstacles for implementation o
the technology

Q25: Degree of autonomy of the technology, for example if it can be
used independent of the electricity grid

Q26: Ease of operation

Q28: Connectivity with other technologies for potential litter

Technical rocessing like energy generation

Q31: Ability to be customized to local needs (integration with other
technologies for clean-up enhancement)

Q32: Modularity of the technology for easy adaptation to different
locations/environments
Q43: Physical robustness of the technology under extreme weather
conditions
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