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Harmful algal blooms (HABs) degrade water quality through the production of 
potent toxins that pose critical management challenges, especially in water-
scarce regions. This study examined how dissolved oxygen (DO) conditions at 
the sediment–water interface in reservoirs in Southern California, United States, 
affect internal nutrient loading, which can promote HABs through the release of 
nutrients and metals from sediment to overlaying water. Replicate 2-liter laboratory 
chamber experiments with minimally disturbed sediment and bottom water from 
shallow, hypereutrophic Lake Henshaw and moderately deep, meso-eutrophic 
Lake Wohlford were conducted at ~25°C for ~30  days under oxic (~ 8 mg/L DO), 
hypoxic (< 2  mg/L DO), and anoxic (0  mg/L DO) conditions. Anoxic conditions in 
Lake Henshaw chambers resulted in elevated fluxes of ammonia (366 mg-N/m2·d) 
and soluble reactive phosphorus (122 mg-P/m2·d) from sediment, while hypoxic 
conditions promoted the flux of manganese (14.9 mg/m2·d), iron (3.3 mg/m2·d), 
and some SRP (44 mg-P/m2·d). In Lake Wohlford, anoxic conditions resulted 
in sediment release of ammonia (82 mg-N/m2·d), soluble reactive phosphorus 
(67  mg-P/m2·d), manganese (24  mg/m2·d) and iron (1.9  mg/m2·d). Under oxic 
and hypoxic conditions, Lake Henshaw sediments exhibited some release of 
ammonia and soluble reactive phosphorus, while Lake Wohlford sediments exhibited 
negligible release. After adjusting for temperature, Lake Wohlford anoxic fluxes of 
ammonia and soluble reactive phosphorus appear consistent with other eutrophic 
systems (4–60  mg-N/m2⋅d and 10–53  mg-P/m2⋅d), while Lake Henshaw anoxic 
fluxes appear rather extreme. Results from Lake Henshaw suggest that different 
nitrogen to phosphorus ratios were released from sediment to overlaying water 
under hypoxia (very low ratio plus iron) versus anoxia (low ratio with high nutrient 
levels). This in turn could affect phytoplankton community composition and 
toxin production. Results are being used to help inform management strategies, 
such as dissolved oxygen or sediment amendments, to control internal nutrient 
loading and reduce HAB toxin production.
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1 Introduction

The cycling of nutrients in lakes and reservoirs is important to 
assess, particularly since excess nutrients can trigger harmful algal 
blooms (HABs). Sediments may release nitrogen (N) and phosphorus 
(P), which are common limiting nutrients, as well as the key 
micronutrient iron (Fe), to overlying water through a process called 
internal nutrient loading (Zamparas and Zacharias, 2014; Welch and 
Dennis Cooke, 2005). Internal nutrient loading can stimulate 
phytoplankton growth and act as a positive feedback, as anoxic 
conditions, brought on by microbial decay of organic carbon in 
senesced phytoplankton, favor nutrient release from sediment which 
exacerbates phytoplankton growth and decay, and in turn stimulates 
anoxic conditions and enhances internal nutrient loading. HABs may 
occur naturally in fertile regions of the world with high background 
nutrient availability, but their increasing presence in a variety of lakes 
and reservoirs is linked to degradation of water bodies by human 
additions of N and P (Watson et al., 2015). Climate change will likely 
exacerbate HAB occurrence due to warming temperatures that favor 
the growth of cyanobacteria over other phytoplankton and increased 
rates of microbial activity that promotes sediment nutrient release to 
overlying water (Havens and Pearl, 2015). Understanding nutrient 
cycling in reservoirs is key to developing management strategies to 
promote climate-resilient water systems and maintain the integrity of 
water supplies (Sprague and Prenger-Berninghoff, 2019).

The dissolved oxygen (DO) content of water at the sediment–
water interface is a key controller of nutrient and metal cycling in 
aquatic sediment (Liu et al., 2023; Osaka et al., 2021; Dadi et al., 2020, 
2023). Under anoxic conditions, ammonium (NH4

+) is one of the first 
compounds to be released (Beutel, 2006). This release of ammonium 
is a key component of internal nutrient loading and the eutrophication 
of N-limited and co-limited systems (Paerl, 2009; Conley et al., 2009). 
The oxidation of ammonia to nitrate can also exert an additional 
oxygen burden in aquatic systems, further exacerbating low-DO 
conditions. As oxidation–reduction (redox) potential continues to 
decline at the anoxic sediment–water interface, dissolved manganese 
(Mn), as Mn(II), and dissolved Fe, as Fe(II), are released into 
overlying water via microbial and chemical reductive dissolution of 
metal oxides (Davison, 1993). The reductive dissolution of Fe oxides 
also liberates phosphate (PO4

3−) from the sediment and contributes 
to an increase in P within the water column (Nünberg, 1994; 
Nürnberg, 1985). In eutrophic systems, mineralization of organic 
matter can also lead to sediment release of phosphate even under oxic 
conditions (Jensen and Andersen, 1992), but sediment P release rates 
are commonly higher under anoxic versus oxic conditions (Beutel, 
2006; Osaka et al., 2021). Under highly reduced conditions, microbial 
sulfate (SO4

2−) reduction can lead to sulfide accumulation in bottom 
waters (Beutel et al., 2020), with the subsequent loss of Fe(II) from 
the water column via FeS precipitation (Balistrieri et al., 1992). The 
combined release of ammonia, phosphate, and Fe can stimulate 
HABs, which can produce potent toxins, such as microcsytin and 
anatoxin, that render water unsuitable for human consumption 
(Falconer and Humpage, 2005) and for recreational contact (Backer 
et al., 2010; Brooks et al., 2015). The release of reduced metals from 
the sediment also creates challenges for potable water management 
as Fe and Mn degrade water treatability and cause taste and odor 
issues (Khadse et al., 2015; Betancourt et al., 2010). Maintaining a 
consistent and safe water supply is particularly important for water 

resilience efforts in water-scarce regions like Southern California, 
USA, the focus of this study.

This study examined patterns of internal nutrient loading through 
assessment of nutrient and metal releases to water in experimental 
bench-top sediment-water chambers under different DO 
concentrations. The experiment was conducted using the traditional 
oxic and anoxic phases of typical chamber experiments, as well as a 
less studied hypoxic phase (DO <2 mg/L), which can show interesting 
and potentially ecologically important patterns of N and P cycling 
(Doig et al., 2016; Osaka et al., 2021). These findings suggest that 
hypoxia is an important condition that affects nutrient loading. 
Hypoxia is especially important to consider in shallow reservoirs 
because of the potential for water-column oscillations in DO 
concentration due to changing patterns of phytoplankton 
photosynthesis, microbial and algal respiration, and wind mixing 
(D’Autilia et al., 2004; Langman et al., 2010).

In this study, sites include a large, shallow, hypereutrophic 
reservoir (Lake Henshaw) and a downstream smaller, moderately 
deep, mesotrophic to eutrophic reservoir (Lake Wohlford), which 
serve as raw water sources for potable use and downstream shallow 
groundwater recharge, recreational contact uses (swimming, boating, 
fishing), and tribal cultural uses in Southern California. Both 
reservoirs are impacted by toxins produced by HABs that are 
stimulated, in part, by internal nutrient and metals loading, and are 
connected by the Escondido Canal. The objectives of this study were 
to, in the two contrasting study sites, evaluate: (1) the magnitude and 
spatial patterns of anoxic sediment release rates of nutrients and 
metals to overlaying water, and (2) the effects of DO conditions, 
including hypoxic conditions (DO <2 mg/L), on sediment nutrient 
and metals release rates. This paper is part of a larger study to evaluate 
options aimed at repressing HAB toxin production via potential 
short- and long-term in-lake management strategies such as algaecide 
application, sediment treatment (e.g., alum, lanthanum), source 
water control, and oxygenation (Stillwater Sciences, 2022).

2 Materials and methods

2.1 Study sites

Lake Henshaw (−116.7490275 W 33.2392639 N) and Lake 
Wohlford (−116.9978056 W 33.1715902 N) are raw water reservoirs in 
San Diego County, California, United States, on traditional homelands 
of the Cupeño, Kumeyaay, and Payómkawichum people (Figure 1). 
Lake Henshaw has a surface area at full pool of 915 ha (2,260 acres) 
with a maximum capacity of 64.1  million m3 (52,000 acre-feet), 
however the reservoir is rarely at maximum capacity (Figure  2A). 
Surface area has varied between 200–740 ha (490–1,820 acres) and 
capacity between 2.4–39.5 million m3 (1,910–32,030 acre-feet) from 
2016 through 2023. The typical mean depth ranges from 2.4–6.0 m. 
Lake Wohlford has a maximum surface area of 91 ha (224 acres) with 
a potential capacity of 8.0 million m3 (6,460 acre-feet) (Figure 2B). The 
reservoir currently operates at a maximum surface area of 59 ha (145 
acres) and a capacity of 3.4 million m3 (2,780 acre-feet) due to seismic 
concerns with the dam. Under the seismic restrictions, the maximum 
depth is ~16.0 m and the mean depth ~ 5.8 m.

Water from Lake Henshaw flows via the 19.5 km Escondido Canal 
to Lake Wohlford, which provides water for over 250,000 people 
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through the City of Escondido and Vista Irrigation District. Both 
reservoirs are important to local recreation and fishing, and Lake 
Henshaw has particular importance as a source of water to the San 
Luis Rey River for recreational and tribal cultural uses by the La Jolla 
Band of Luiseño Indians. Releases from Lake Henshaw also recharge 

groundwater underlying the downstream Rincon, Pauma, and Pala 
Reservations and provide water used for agricultural, domestic, and 
business purposes by those Bands as well as other residents, 
businesses, and landowners in the Upper San Luis Rey River Basin. 
Southern California water resiliency is improved by local water 

FIGURE 1

Site description map including Lake Henshaw and Lake Wohlford in the context of local indigenous tribes and the Escondido-Vista water treatment 
plant.

FIGURE 2

Bathymetry map and sampling locations for Lake Henshaw and Lake Wohlford. Depth contours are in meters (m). (A) Bathymetry map for Lake 
Henshaw for surface elevation of ~812.5  m (B) Bathymetry map for Lake Wohlford for surface elevation of ~445.1  m.
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storage in these two reservoirs, thus reducing the dependence on 
water imported from the Colorado River or Northern California. As 
is typical for Southern California’s Mediterranean climate, the area 
receives around 36 cm of rain annually, with the majority of 
precipitation occurring in the winter months. As a result, external 
nutrient loading due to runoff in the summer and fall is negligible. 
Current estimates of external loading to Lake Henshaw include 
pumping of groundwater from the upstream Warner Ranch Wellfield, 
which introduces 70 kilograms (kg) of P per month, primarily in the 
form of bioavailable phosphate, to the lake during dry periods (spring 
through fall) when the wellfield is pumping. Despite this, internal 
nutrient loading is currently understood to be the largest sauce of 
nutrients to the lake and thus plays a critical role in sustaining summer 
and fall HABs (Stillwater Sciences, 2022). While data corresponding 
to the oxygenation and thermal stratification patterns of Lake 
Henshaw are limited, the lake likely experiences periods of hypoxic or 
anoxic conditions in the late spring, summer, and early fall. Lake 
Wohlford is generally a mixed system that does not experience strong 
thermal stratification due to an artificial aeration system that, while 
not introducing much oxygen to the lake, does provide physical 
mixing. Despite this system, brief periods of low oxygen conditions 
have been noted in spring, summer, and fall (Stillwater Sciences, 
2022). Given the time of year of sampling, oxygen conditions were 
likely hypoxic in both lakes.

2.2 Field collection of sediment and water

Sediment and bottom water were collected for incubation from 
Lake Henshaw and Lake Wohlford based on Beutel et al. (2008, 2020) 
in June 2021 and July 2021, respectively. An Ekman dredge was 
lowered from the sampling boat to the lake bottom. Once partially 
submerged in sediment, the dredge was triggered to close and then 
brought to the surface. Sediment was cohesive and plugged the dredge 
resulting in a sampling of an intact sediment–water interface sample. 
A polycarbonate tube (9 cm in diameter and 25 cm in height) was 
carefully inserted into the sediment and then capped at the bottom by 
hand, after which a supporting base and top were added. Each 
chamber contained ~5 cm of sediment and ~ 4 cm of bottom water. 
Additional bottom water was collected with a Van Dorn Bottle and 
slowly dripped into the chamber to fill the remaining headspace. At 
each reservoir, four chambers were collected from three sites, Dam, 
North, and Pier in Lake Henshaw (Figure 1) and Dam, Mid, and East 
in Lake Wohlford (Figure  2). Additional sediment samples were 
collected at the chamber sampling sites at both lakes, and an additional 
shallow site in Lake Henshaw (East), to enhance the spatial coverage 
of the sediment analysis. For the sediment samples, the top ~2 cm of 
sediment was removed from the Ekman dredge and placed in a clean 
sample bag. Chambers and sediment samples were kept on ice and 
transported to the University of California, Merced laboratory and 
then frozen until analysis.

2.3 Experimental incubations

The 12 chambers from each lake were incubated in the dark at 
~25°C to imitate the warm and low-light conditions of these 
Southern California lake bottoms in summer (Figs. S-1 and S-2). 

These 12 chambers and the associated sediment were carried 
through the entirety of the experiment. The chambers were 
incubated under three DO phases: oxic, hypoxic, and anoxic. The 
oxic and hypoxic phases lasted for nine days each. The anoxic phase 
lasted eleven days for Lake Henshaw and twelve days for Lake 
Wohlford. Water samples were taken on days 0, 3, 6, 9/9, 12, 15, 
18/18, 21, 24, 27, and 29 (Henshaw) or 30 (Wohlford). At the end of 
each phase, the chambers were refilled with bottom water and 
resampled to collect a sample to start the new phase, as represented 
with a slash above for days 9 and 18. Chambers were bubbled with 
air (~21% oxygen) during the oxic phase, dinitrogen gas with 4% 
oxygen and 400 parts per million (ppm) carbon dioxide for pH 
control during the hypoxic phase, and dinitrogen gas with 400 ppm 
carbon dioxide during the anoxic phase. Additional descriptions of 
field sample collection and experimental incubation methodology 
are available in Beutel et al. (2008, 2020).

Water samples were collected from chambers using a clean syringe 
and preserved using standard methods (APHA, 2005). A sample of 
10 mL volume was preserved for nutrients (total ammonia, nitrate + 
nitrite, and soluble reactive P [SRP]) by filtering with a prewashed 
0.45 μm filter and freezing. A sample of 20 mL volume was preserved 
for total Fe and total Mn by acidifying to 1% with metals-grade nitric 
acid and refrigerating. If sulfide odors were present, 60 mL of water 
was sampled into a container with 0.25% 2 normal zinc acetate and 
sodium hydroxide and refrigerated. DO, pH, and redox potential were 
monitored every 3–6 days by inserting a calibrated probe (HACH 
HQ40d meter with IntelliCAL ORP-REDOX, IntelliCAL pH, and 
IntelliCAL LDO101 probes) into a top port of the chamber. The 
calibration of probes was checked every 6 days against water-saturated 
air for DO, and with standard reference solutions for pH and redox 
potential. Measured redox potential was converted to Eh based on 
APHA (2005). During anoxic phase sampling and monitoring, the 
chamber headspace was flushed with dinitrogen gas to avoid 
oxygen contamination.

2.4 Water and sediment quality analysis

Water samples were analyzed at the University of California, 
Merced Environmental Analytical Laboratory. Total ammonia 
(comprised of ammonium and ammonia, and hereafter referred to as 
ammonia), nitrate + nitrite (hereafter referred to as nitrate presuming 
negligible nitrite), and SRP were measured using standard colorimetric 
methods (Lachat QuikChem 8,500 auto analyzer) (APHA, 2005). The 
reporting limit was 0.25 mg-N/L for ammonia, 0.05 mg-N/L for 
nitrate, and 0.1 mg-P/L for SRP. Total Fe and Mn were measured using 
inductively coupled plasma optical emission spectrometry (Perkin-
Elmer Optima 5,300 DV) (APHA, 2005). The reporting limit for total 
Fe and Mn was 0.01 mg/L. Quality assurance measures included 
analytical duplicates, bottle blanks, and analytical ongoing precision 
and recovery samples. Total sulfide samples were analyzed by 
iodometric titration with a detection limit of 0.4 mg/L (APHA, 2005). 
See Supplemental material for entire chamber water concentration 
dataset for Lake Henshaw (Supplementary Table S1) and Lake 
Wohlford (Supplementary Table S2).

Sediment samples, four from Lake Henshaw and three for Lake 
Wohlford, were characterized for water content (heated at 103°C 
overnight) and loss on ignition (LOI) (combusted at 500°C for 4 h) 

https://doi.org/10.3389/frwa.2024.1474057
https://www.frontiersin.org/journals/Water
https://www.frontiersin.org


Defeo et al. 10.3389/frwa.2024.1474057

Frontiers in Water 05 frontiersin.org

(APHA, 2005). Carbon (C) and N content of the sediment was 
determined through the dry combustion method (Chatterjee et al., 
2009) using a COSTECH 410 Elemental Analyzer coupled with 
ThermoFisher Delta V+ Isotope Ratio Mass Spectrometer, housed in 
the Stable Isotope Ecosystem Laboratory of University of California, 
Merced. Sediment sub-samples were sent to TestAmerica in Sacramento, 
California, USA, a certified analytical laboratory, for analysis of total 
aluminum (Al), total Mn, total Fe, and total P (TP). Standard sediment 
digestion and digestant analysis methods were used (APHA, 2005).

2.5 Flux calculations and data analysis

Rates of mass flux from sediment to overlaying water were 
calculated for ammonia, nitrate, SRP, total Fe, and total Mn. The rates 
were calculated for each 3-day sampling event using the equation:

 

( )
( )

2 1

2 1

C C V
F

t t A
− ∗

=
− ∗  

(1)

where F (mg/m2·d) is flux, C2 (g/m3) is the concentration at the 
end of the event, C1 (g/m3) is the concentration at start of the event, 
V (m3) is the water volume at the start of the event, t2 (d) is the time 
at the end of the event, t1 (d) is the time at the start of the event, and 
A (m2) is sediment area. Chamber water height was measured at 
each sampling time to estimate the ratio of V over A and t2 minus t1 
was typically 3 days. For statistical assessment, mean fluxes were first 
calculated using equation 1 for each phase (“mean phase fluxes”) in 
each chamber as an average of the 3-day fluxes measured for that 
phase (i.e., the mean flux for a 9-day oxic phase in a given chamber 
was the average of the three 3-day fluxes measured in that phase). 
Mean phase fluxes from quadruplicate chambers (i.e., n = 4) were 
then assessed for statistical differences between phases (oxic, 
hypoxic, and anoxic) for a given site (Dam, North and Pier in Lake 
Henshaw; Dam, Mid and East in Lake Wohlford) using a Student’s 
paired t-test. Mean phase fluxes for a given phase (oxic, hypoxic or 
anoxic) were also assessed for statistical differences between sites, 
within reservoirs (inter-site comparison), and between reservoirs 
(intra-site comparison), using a Student’s independent t-test. 
Statistical significance was assigned at p < 0.05.

3 Results

3.1 Sediment quality

The quality of the sediments from the two reservoirs was fairly 
similar (Table 1). Sediments from both sites had relatively high water 
content (~70–90%) and LOI (~11–18%). Values ranged 4.9–8.6% for 
C content and 0.46–0.95% for N content. Sediment total Fe 
concentrations ranged from 42,779–126,231 mg/kg dry weight (dw), 
and total Mn concentrations ranged from 813–2,970 mg/kg dw. 
Sediment TP concentrations at both sites were relatively high and 
ranged from 979–4,010 mg/kg dw. For all samples, the C:LOI ratio was 
~0.5 while the N:P mass ratio was ~2–5. The Fe:P mass ratio, a coarse 
indicator of a sediment’s ability to sequester P under oxic conditions, 
ranged ~25–45.

3.2 Pattern of chamber water quality

In Lake Henshaw chamber water, DO concentration was 
~7.5–8 mg/L in the oxic phase and ~ 2 mg/L in the hypoxic phase 
(Figure 3; Table 2; Supplementary Table S1). pH was stable through 
the experiment ranging from 8.2–8.8. Eh was ~340 mV during the 
oxic and hypoxic phases but decreased dramatically with the onset of 
anoxia to around <100–150 mV by the end of the anoxic phase. 
Ammonia concentration typically increased during the oxic phase to 
15–20 mg-N/L, decreased to ~5 mg-N/L during the hypoxic phase, 
then showed a continuous increase during the anoxic phase to high 
concentrations, ranging from 25–35 mg-N/L. Nitrate was typically 
present late in the oxic phase and during the hypoxic phase at 
concentrations of ~5 mg-N/L and coincided with decreases in 
ammonia. Nitrate disappeared early in the anoxic phase. SRP 
concentrations typically increased during all DO phases and showed 
elevated concentrations late in the anoxic phase, ranging from 
10–15 mg-P/L. Mn concentration generally decreased during the oxic 
phase, then showed a steady increase during the hypoxic phase to 
~1 mg/L and stayed around this value for the hypoxic phase. Fe 
concentration typically was below 0.3 mg/L and showed a minor 
decrease during the oxic phase and minor increase during the 
hypoxic phase. Peak concentrations of ammonia, SRP and Mn were 
higher at the Dam site compared to the other sites. For example, 
ammonia concentrations at the end of the anoxic phase were 
32–52 mg-N/L at the Dam site, 20–33 mg-N/L at the North site, and 
11–19 mg-N/L at the Pier site. Sulfide was detected in Lake Henshaw 
chambers during the anoxic phase at concentrations of 
0.7–3.3 mg/L. In the anoxic phase, fine black particles appeared in 
chamber water and on chamber surfaces, suggesting the formation of 
FeS precipitate (Fig. S-1). Concentrations of sulfide and total Fe in 
chamber water were indicative of FeS precipitation based on the 
estimated FeS solubility product for chamber water (Beutel 
et al., 2020).

In Lake Wohlford chamber water, DO concentration was 
~7–8 mg/L in the oxic phase and ~ 1 mg/L in the hypoxic phase, which 
was lower than that observed in Lake Henshaw chambers (~2 mg/L) 
(Figure 3; Table 3). pH was stable through the experiment ranging 
from 8.4–8.8. Eh remained steady during the oxic and hypoxic phases 
at ~420 mV and dropped with the onset of anoxia to ~50–200 mV 
depending on the site. Ammonia concentration was negligible during 
oxic and hypoxic phases, then showed a continuous increase during 
the anoxic phase, typically ranging from 2–6 mg-N/L by the end of the 
incubation depending on site. Nitrate was present during the oxic and 
hypoxic phases, ranging from ~0.5–3 mg-N/L. Nitrate disappeared 
early in the anoxic phase. SRP concentrations were typically <1 mg-P/L 
during the oxic and hypoxic phases and increased during the anoxic 
phase, ranging from ~3–5 mg-P/L by the end of the incubation. Mn 
concentration was generally low (< 1 mg/L) during the oxic and 
hypoxic phases and increased during the anoxic phase, ranging from 
~0–3 mg/L by the end of the incubation. Fe concentration typically 
was <0.1 mg/L in the oxic and hypoxic phases and increased slightly 
in the anoxic phase. Sulfide was not detected throughout the 
incubation in Lake Wohlford chamber water. Peak concentrations of 
ammonia, SRP and Mn were higher at the Dam and Mid sites 
compared to the East site. For example, ammonia concentrations at 
the end of anoxic phase were 5–6 mg-N/L at the Dam site, 3–6 mg-N/L 
at the Mid site, and 2–3 mg-N/L at the East site.
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3.3 Patterns of nutrient and metals fluxes

Lake Henshaw exhibited high fluxes of nutrients and metals, with 
the highest fluxes generally occurring under hypoxic and anoxic 
conditions (Figure 4; Table 2). Aside from the oxic Dam chambers 
which showed an elevated mean ammonia flux, values were relatively 

low (<53 mg-N/m2·d) or negative (ammonia loss) at all sites during 
oxic and hypoxic phases. Mean ammonia flux was higher in the anoxic 
phase (212–366 mg-N/m2·d) compared to other phases, and the 
highest anoxic flux was in Dam chambers. Mean SRP flux was lowest 
(9.3–41 mg-P/m2·d) during the oxic phase, higher during the hypoxic 
phase (38–51 mg-P/m2·d), and very high during the anoxic phase 

TABLE 1 Summary of sediment quality data.

Water 
content, 

%

LOI, 
%

Nitrogen, 
% dw

Carbon, 
% dw

Al, 
mg/kg 

dw

Fe, 
mg/kg 

dw

Mn, 
mg/

kg dw

TP, 
mg/

kg dw

C:LOI 
ratio

N:P 
mass 
ratio

Fe:P 
mass 
ratio

Lake Henshaw

Dam 85.4 15.5 0.95 8.6 53,000 52,000 1,700 1,900 0.55 4.9 27.0

North 88.2 12.6 0.67 5.8 83,000 85,000 1,900 2,800 0.46 2.4 30.3

Pier 93.3 16.4 0.78 7.0 126,000 126,000 3,000 4,000 0.42 1.9 31.5

East 76.6 10.6 0.59 5.2 41,000 43,000 800 1,200 0.49 4.8 34.5

Lake Wohlford

Dam 83.7 17.5 0.86 7.8 48,000 48,000 2,800 2,000 0.44 4.2 23.9

Mid 85.7 15.1 0.75 7.2 59,000 59,000 2,400 2,000 0.48 3.8 30.0

East 71.4 11.0 0.46 4.9 42,000 45,000 1,000 1,000 0.45 4.7 46.4

% dw × 10,000 = mg/kg dw.

FIGURE 3

Water quality in select chambers from Lake Henshaw (North chamber replicate 2, left) and Lake Wohlford (East chamber replicate 3, right). Top: 
dissolved oxygen (DO), pH, and redox Eh. Middle: ammonia (Amm), nitrate plus nitrite (Nit), and soluble reactive phosphorus (SRP). Bottom: total 
manganese (Mn) and total iron (Fe). Shading distinguishes oxygen phases: oxic days 0–9, hypoxic days 9–18 (shaded), anoxic after day 18. Note 
difference in y-axis scale on nutrient plots.
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(91–122 mg-P/m2·d), with Dam chambers again having the highest 
mean flux. Mean Mn flux was negative under oxic conditions (−7.1 to 
−4.9 mg/m2·d), consistent with Mn concentrations decreasing in 
chamber waters during this portion of the experiment. In Dam and 
North chambers, mean Mn flux was highest under hypoxic conditions 
(14.9–16 mg/m2·d) and lowest under anoxic conditions (1.8–6.4 mg/
m2·d). In contrast, mean Mn flux was highest during the anoxic phase 
in Pier chambers (8.7 mg/m2·d), indicating that Pier sediments were 
less susceptible to becoming reduced under hypoxic conditions 
compared to the other sites. Fe flux was low or negative under oxic 
conditions (−2.4 to 0.9 mg/m2·d) but increased under hypoxic 

conditions (−0.8 to 3.3 mg/m2·d). The highest mean Fe flux was 
observed under hypoxic conditions in the North chambers (3.3 mg/
m2·d), while the Dam chambers had the highest mean anoxic Fe flux 
(2.4 mg/m2·d).

Lake Wohlford had lower fluxes of ammonia, SRP and Mn 
compared to Lake Henshaw, with fluxes predominantly occurring 
under anoxic conditions and highest in Dam chambers (Figure 4; 
Table 3). Mean ammonia flux was negligible under oxic and hypoxic 
conditions but elevated under anoxic conditions (39–82 mg-N/m2·d). 
Mean SRP flux was also low or negative (SRP loss) under oxic and 
hypoxic conditions and high during anoxic conditions (49–67 mg-P/

TABLE 2 Summary of Lake Henshaw chamber water quality and fluxes.

Site DO, 
mg/L

pH Redox 
Eh, mV

Ammonia, 
mg-N/m2·d

Nitrate, 
mg-N/m2·d

SRP, mg-P/
m2·d

Manganese, 
mg/m2·d

Iron, 
mg/m2·d

Sulfide, 
mg/m2·d

Dam

Oxic 7.8 8.2 328 251 (60)a 108 (4.1)a 41 (5.4)a −4.9 (0.5)a 0.9 (0.5)a 0a

Hypoxic 1.8 8.3 336 −115 (39)a 53 (14)b 44 (4.8)a 16 (1.4)b −0.8 (0.6)a 0a

Anoxic – 8.7 146 366 (21)a −95 (14)c 122 (7.1)b 6.4 (0.6)c 2.4 (0.8)a 15 (1.3)b

North

Oxic 7.4 8.2 336 53 (25)a 116 (10)a 21 (2.2)a −7.1 (0.3)a −2.4 (0.5)a 0a

Hypoxic 1.9 8.3 342 13 (8.6)a −9 (13)b 51 (3.9)b 14.9 (1.9)b 3.3 (1.5)a 0a

Anoxic - 8.8 32 252 (11)b −34 (4.2)b 91 (2.6)c 1.8 (1.3)b −3.7 (2.2)a 11 (0.6)b

Pier

Oxic 7.9 8.3 343 −35 (6.5)a 169 (6.4)a 9.3 (5.6)a −6.3 (0.4)a −2.0 (0.6)a 0a

Hypoxic 2.0 8.4 342 24 (8.9)a −53 (6.3)b 38 (4.2)a 3.8 (0.3)b 1.3 (0.2)b 0a

Anoxic – 8.8 181 212 (8.5)b −59 (4.5)b 114 (3.7)b 8.7 (0.9)b 1.8 (0.2)b 7.3(1.6)a

Values are mean of quadruplicate chambers. Values in parentheses are one standard error of quadruplicate chambers. Redox values for anoxic phase excluded days 0 and 3 values when redox 
was dropping substantially in magnitude. Different letters by fluxes indicate significantly different values (p < 0.05) between DO phases for set of given chamber incubations. For example, there 
were no significant differences (p < 0.05) between DO phases for Fe flux at the Dam and North sites; all fluxes have the same letter, and Mn fluxes were significantly different (p < 0.05) between 
all DO phases at the Dam and North sites; each flux has a different letter.

TABLE 3 Summary of Lake Wohlford chamber water quality and fluxes.

Site DO, 
mg/L

pH Redox 
potential, 

mV

Ammonia, 
mg-N/m2·d

Nitrate, 
mg-N/m2·d

SRP, mg-P/
m2·d

Manganese, 
mg/m2·d

Iron, 
mg/m2·d

Sulfide, 
mg/m2·d

Dam

Oxic 7.7 8.5 427 −0.1 (0.0)a 0.4 (2.0)a −19 (3.5)a 0.5 (0.1)a, 0.0 (0.1)a 0

Hypoxic 0.9 8.5 416 0.0 (0.0)a −2.4 (1.7)a −4.6 (0.8)a 15 (3.3)a,b 0.5 (0.2)a 0

Anoxic – 8.7 113 82 (2.3)b −33 (2.4)b 67 (2.2)b 24 (2.6)b −0.1 (0.5)a 0

Mid

Oxic 7.1 8.4 420 0.0 (0.0)a 7 (2.4)a −5.0 (0.8)a −2.4 (0.6)a 0.3 (0.0)a 0

Hypoxic 0.8 8.5 428 −1.9 (0.1)b 9 (1.2)a −1.1 (0.3)a 3.1 (1.0)a,b 0.8 (0.1)a 0

Anoxic – 8.8 51 69 (1.4)c −27 (2.9)b 52 (1.2)b 17 (2.0)b 1.9 (0.3)a 0

East

Oxic 7.6 8.5 404 0.5 (0.3)a −5.2 (1.9)a −4.8 (0.4)a 0.2 (0.1)a 0.1 (0.1)a 0

Hypoxic 1.0 8.6 432 −0.7 (0.4)a 3.9 (1.9)b 6.1 (2.1)a 0.7 (0.3)a −0.3 (0.1)a 0

Anoxic – 8.8 268 39 (1.1)b −14 (2.6)a 49 (4.3)b 18 (2.0)b 1.0 (0.3)a 0

Values are average of quadruplicate chambers. Values in parentheses are one standard error of quadruplicate chambers. Redox values for anoxic phase excluded days 0 and 3 values when redox 
was dropping substantially in magnitude. Different letters by fluxes indicate significantly different values (p < 0.05) between DO phases for set of given chamber incubations. For example, there 
were no significant differences (p < 0.05) between DO phases for Fe flux at the Dam, Mid, and East sites; all fluxes have the same letter, and ammonia fluxes were significantly different (p < 0.05) 
between all DO phases for the Mid site; each flux has a different letter.
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m2·d). Mean Mn flux was relatively high in Dam chambers under both 
hypoxic and anoxic conditions (15–24 mg/m2·d). In contrast, mean 
Mn flux in Mid and East chambers was elevated mainly during anoxic 
conditions (17–18 mg/m2·d), indicating that these sediments were less 
susceptible to becoming reduced under hypoxic conditions compared 
to the Dam site. Fluxes of Fe were relatively low but appeared higher 
(1–2 mg/m2·d) under hypoxic and/or anoxic conditions in Mid and 
East chambers.

3.4 Differences in fluxes across treatments 
and sites

In Lake Henshaw chambers, differences in mean fluxes between 
DO phases for a given site showed varied patterns of significance 
(Table  2). At some sites oxic/hypoxic phases were significantly 
different from the anoxic phase, while at other sites the oxic phase was 
significantly different from the hypoxic/anoxic phases. Mean 
ammonia release was significantly different between the oxic/hypoxic 
and anoxic phases for the North and Pier chambers. For SRP, Dam and 
Pier chambers showed significant difference between the oxic/hypoxic 
phases and anoxic phase, and North chambers showed significant 

difference between all three DO phases. The Lake Henshaw mean Mn 
fluxes were significantly different between the oxic and the hypoxic/
anoxic phases at all sites.

In Lake Wohlford Chambers, in general oxic/hypoxic phase fluxes 
were significantly different from the anoxic phase fluxes (Table 3). 
Mean ammonia flux for the Dam and East chambers showed 
significant differences in oxic/hypoxic phases and anoxic phase, while 
Mid chambers showed significant differences between oxic, hypoxic, 
and anoxic phases. All sites showed significant differences between 
oxic/hypoxic phases and anoxic phase for SRP. For Mn, Dam and Mid 
chambers showed significant differences between the oxic and anoxic 
phases, while East chambers showed significant differences between 
the oxic/hypoxic phases and anoxic phase.

An inter-site comparison of nutrient and metal fluxes at both sites 
showed some spatial patterns (Figure 4). The largest mean fluxes of 
ammonia, SRP and Mn in Lake Henshaw were observed in the Dam 
chambers. Mean anoxic flux of ammonia was significantly different 
between Dam and Pier chambers. Mean hypoxic flux of Mn was also 
significantly different between Dam and Pier chambers. The largest 
metal and nutrient fluxes were also seen in the Dam chambers at Lake 
Wohlford. Mean hypoxic ammonia flux was significantly different 
between all three chamber sites. Dam and Mid chambers also had 
significantly different fluxes for SRP under anoxic conditions. An 
intra-site comparison between reservoirs showed that both anoxic 
ammonia flux and anoxic SRP flux were significantly higher in Lake 
Henshaw compared to Lake Wohlford when comparing Dam versus 
Dam chambers, North versus Mid chambers, and Pier versus 
East chambers.

4 Discussion

4.1 Sediment quality

Sediment quality was similar between the two reservoirs. The 
C:LOI ratio of approximately 0.5 is consistent with organic matter of 
phytoplankton origin which is typically ~50% C (Reynolds, 2006). The 
N:P ratio is lower than typical phytoplankton organic matter (OM) of 
~10:1, indicative of a sink for N in OM via nitrification and 
denitrification (Vanni et al., 2011). Fe:P ratio, a coarse indicator of 
sediment’s ability to retain P under oxidized conditions via sorption 
to Fe(III) oxides, ranged from 23.9 to 46.4 and was generally above 30. 
Fe:P ratios above 30 have been observed to correspond with low 
aerobic Fe release, depending on the sulfur content of sediment since 
FeS precipitation can be a sink for Fe (Wang et al., 2018). Fe in the 
sediment was higher than Mn, likely because Mn has a loss mechanism 
via reductive dissolution to Mn(II), which does not easily re-oxidize 
to particulate and settle out, and instead can wash out of the system 
(Davison, 1993). The greatest values for LOI and % C were near the 
Dam for both reservoirs. This is a common observation in reservoirs, 
likely because of sediment “focusing” of allochthonous organic matter 
into deeper regions, combined with lower rates of organic matter 
degradation in deeper anoxic sediments (Thornton et al., 1990; Blais 
and Kalff, 1995; Beutel et al., 2020).

There appeared to be a linkage between sediment quality and 
sediment nutrient and metals release in both reservoirs. The 
pattern was especially clear for Lake Wohlford where LOI, %N, %C, 
TP, and Mn concentration in sediment all increased with sample 

FIGURE 4

Mean fluxes of nutrients and metals by oxygen phase (oxic, hypoxic 
and anoxic) and by site in chambers from Lake Henshaw (left) and 
Lake Wohlford (right). Top: ammonia flux. Middle: soluble reactive 
phosphorus (SRP) flux. Bottom: total manganese flux. Note 
difference in y-axis scale on ammonia and SRP plots. Error bars are 
plus/minus one standard error from quadruplicate chambers (n  =  4). 
Statistical differences are shown for select inter-site comparisons, 
with an asterisk (*) indicating significant differences (p  <  0.05 of a 
Student’s independent t-test; see Methods Section 2.5).
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site depth (Table 1), as did ammonia and SRP anoxic release rates 
and Mn hypoxic and anoxic release rates (Figure 4). Mn release, 
which is a good indicator of the onset of reduced conditions at the 
sediment–water interface since Mn oxides are very susceptible to 
reductive dissolution (Davison, 1993), also showed clear spatial 
trends in both lakes. Mn release occurred earlier (i.e., during 
hypoxic conditions) and at higher magnitudes in deeper sites, 
indicating the more organic-rich sediments at deeper sites had 
greater potential to become reduced during low DO conditions. 
Lake Henshaw also appeared to exhibit spatial patterns of SRP 
release under oxic and hypoxic conditions, with levels particularly 
elevated during both phases at the Dam site (Figure 4). This result 
corresponds with sediment P fractionation results in Lake 
Henshaw, which indicated that labile, reductant-soluble, and total 
P in sediment generally increased with sampling site depth, as did 
concentrations of labile and total organic matter (Meis et al., 2012; 
Stillwater Sciences, 2023). Thus, deeper sediment in Lake Henshaw 
appeared to have greater pools of labile and redox-sensitive P, 
elevated organic matter, and a stronger tendency to become 
reduced. This resulted in elevated potential to release P during oxic 
and hypoxic conditions.

Chamber sediment from both sites exhibited interesting biological 
characteristics worth highlighting. Early in the anoxic phase of Lake 
Henshaw incubations, chamber sediment became covered with a 
white, filamentous mat (Supplementary Figure S1). This has been 
observed in other chamber incubations and was likely the growth of 
Beggiatoa spp., bacteria capable of oxidizing sulfide to whitish 
elemental sulfur under micro-aerophilic conditions (Beutel et  al., 
2020). Lake Wohlford sediments had greater macrobenthos densities, 
observed especially at the start of the anoxic phase when worms were 
out of their burrows attempting to breathe under low DO conditions 
(Supplementary Figure S2). The higher density of respiring 
macrobenthos may account for the apparently contradictory 
observation of lower steady state DO concentrations under hypoxic 
conditions (Aller et  al., 2001) in meso-eutrophic Lake Wohlford 
(~1 mg/L DO) compared to hypereutrophic Lake Henshaw (~2 mg/L) 
(Figure 3).

4.2 Magnitude of anoxic nutrient fluxes

Both lakes had relatively high magnitude of anoxic ammonia 
fluxes (212–366 mg-N/m2⋅d for Lake Henshaw; 39–82 mg-N/m2⋅d for 
Lake Wohlford, both at 25°C) compared to previous studies. At 
Hodges Reservoir (San Diego, California, USA) and Lake Elsinore 
(Riverside, California, USA), both hypereutrophic systems, ammonia 
fluxes ranged from 80–110 mg-N/m2⋅d at 15°C and 40–120 mg-N/m2⋅d 
at 27°C (Beutel, 2006, 2000). At hypereutrophic Lake Kevätön 
(Siilinjärvi, Finland), anoxic ammonia fluxes ranged between 
20–30 mg-N/m2⋅d at 16°C and 35–45 mg-N/m2⋅d at 23°C (Liikanen 
et al., 2002). Ammonia fluxes at Lake Biwa (Shiga, Japan) ranged from 
17–18 mg-N/m2⋅d when incubated at 9°C (Osaka et al., 2021). At 
eutrophic San Vicente Reservoir in Southern California, anoxic 
ammonia fluxes ranged from 17–69 mg-N/m2⋅d at 12°C (Beutel et al., 
2007). Using a theta value (θ) of 1.07 for N mineralization (Kadlec and 
Reddy, 2001; Liikanen et al., 2002; van Luijn et al., 1999), we can 
normalize the ammonia release rates to 20°C and then compare using 
the conventional rate equation:

 1 21 2
T TR R θ −=  (2)

where R1 (mg-N/m2⋅d) is the rate of release after normalization, 
R2 (mg-N/m2⋅d) is the rate of release during the experiment, T1 (°C) 
is 20°C, and T2 (°C) is the temperature at which the experiment took 
place. After normalization to 20°C, findings suggest that Lake 
Henshaw’s ammonia fluxes are extreme compared to other reservoirs, 
while those in Lake Wohlford are consistent with previous studies 
(Table 4).

Like ammonia fluxes, SRP fluxes from anoxic sediment from both 
reservoirs were relatively high (91–122 mg-P/m2⋅d for Lake Henshaw; 
49–67 mg-P/m2⋅d for Lake Wohlford, both at 25°C). These high rates 
may not sustain themselves over time as sediments become depleted 
in Fe-bound phosphate. A review of SRP concentration trends in 
chamber water during the 12-day anoxic phase 
(Supplementary Tables S1, S2) indicates consistent SRP accumulation 
in Lake Henshaw chambers, but deceleration of SRP accumaution in 
some Lake Wohlford chambers (e.g., Mid-2, Mid-3, Mid-4 and 
East-1). P fluxes from anoxic sediment of hypereutrophic North 
American reservoirs reportedly range from 10–30  mg-P/m2⋅d 
(Nünberg, 1994). However, these measurements likely occurred under 
cooler conditions (~ 14°C or less). Another study used slightly warmer 
conditions when assessing anoxic sediment phosphate flux (~24–
27°C) and found the release rate in hypereutrophic Lake Elsinore to 
range between 8–27  mg-P/m2⋅d (Beutel, 2000). Under cooler 
conditions (12–15°C), anoxic SRP releases were found to range from 
17–33  mg-P/m2d in hypereutrophic Lake Hodges and 
10–28 mg-P/m2⋅d in eutrophic San Vicente Reservoir (Beutel et al., 
2007, 2020). SRP fluxes in hypereutrophic Clear Lake (Clearlake, 
USA) were found to range between 9–27 mg-P/m2⋅d at 15°C and 
between 13–22 mg-P/m2⋅d at 23°C (Framstead, 2022). Like ammonia, 
P release from aquatic sediments is temperature sensitive (Duan and 
Kaushal, 2013), with a reported θ value of ~1.10 for anoxic P release 
from lake sediment (Jensen and Andersen, 1992; Liikanen et al., 2002; 
Nürnberg, 2009; Wu et al., 2013). Using Equation 2, we can normalize 
the SRP release rates to 20°C, where appropriate, and compare. After 
normalization to 20°C, findings suggest that Lake Henshaw’s SRP 
fluxes are extreme compared to other reservoirs, while those in Lake 
Wohlford are consistent with previous studies (Table 5).

The reported θ value for TP release from anoxic lake sediment 
(1.10) merits further discussion due to the multiple processes 
associated with P cycling and variability of estimates of this parameter 
within the literature. The release of P from sediment is controlled by 
biotic processes (e.g., mineralization; microbial reductive dissolution 
of Fe oxides) and abiotic processes (e.g., diffusion rates; reductive 
dissolution of Fe oxides by sulfide) that may have differing temperature 
sensitivities (Lovley, 1995; Melton et  al., 2014; Chen et  al., 2016). 
Increased temperature within a system has been found to increase Fe 
reducing bacterial activity and thus P release from the sediment 
(Holdren and Armstrong, 1980; Jiang et al., 2008; Dadi et al., 2020; Liu 
et  al., 2023). Geobacteraceae, a family of bacteria with subgroups 
Geobacter and Desulfuromonas, have been identified through rRNA 
sequencing and phylogenetic analysis as common Fe-reducing 
bacteria in sediments that are temperature sensitive (Lonergan et al., 
1996; Zhao et al., 2021). A handful of studies report Q10 values, the 
factor by which the rate increases with a 10°C increase in temperature, 
for Fe reduction in aquatic sediment ranging from ~1.4–4.0 (Chen 

https://doi.org/10.3389/frwa.2024.1474057
https://www.frontiersin.org/journals/Water
https://www.frontiersin.org


D
efeo

 et al. 
10

.3
3

8
9

/frw
a.2

0
24

.14
74

0
57

Fro
n

tie
rs in

 W
ate

r
10

fro
n

tie
rsin

.o
rg

TABLE 5 Temperature adjusted phosphorus fluxes.

Site Reference Site and experimental description Original experiment 
temperature (°C)

Phosphorus  
(mg-P/m2⋅d)

Phosphorus (mg-P/m2⋅d) 
normalized to 20° C

Lake Henshaw Current work Small, shallow hypereutrophic reservoir in Southern California, USA; values are 

mean of laboratory incubation quadruplicate chambers at three sites

25 91–122 57–76

Lake Wohlford Current work Small, moderately deep meso-eutrophic reservoir in Southern California, USA; values 

are mean of laboratory incubation quadruplicate chambers at three sites

25 49–67 30–42

Clear Lake Framstead (2022) Large, shallow hypereutrophic lake in Central California, USA; values are range of 

laboratory incubations of replicates across six sites (15°C) and duplicates across three 

sites (23°C)

15 9–27 15–43

23 13–22 10–17

Various North 

American Lakes

Nünberg (1994) Various North American hypereutrophic lakes; values are a range of observed release 

rates from sediment incubations and literature review

14 10–30 18–53

Lake Elsinore Beutel (2000) Large, shallow hypereutrophic lake in Southern California, USA; values are mean of 

replicate chambers from three sites in three consecutive months

24 21–27 14–18

27 8–17 4–9

Lake Hodges Beutel et al. (2020) Large, deep hypereutrophic reservoir in Southern California, USA; values are mean of 

laboratory incubation quadruplicate chambers at two sites

15 17–33 27–53

San Vicente 

Reservoir

Beutel et al. (2007) Large, deep eutrophic reservoir in Southern California, USA; values are range of 

laboratory incubation individual chambers at four sites

12 10–28 21–60

Experimental values of phosphorus flux normalized to 20° C using a θ of 1.10 with Equation 2.

TABLE 4 Temperature adjusted anoxic ammonia fluxes.

Site Reference Site and experimental description Original experiment 
temperature (°C)

Ammonia  
(mg-N/m2⋅d)

Ammonia (mg-N/m2⋅d) 
normalized to 20° C

Lake Henshaw Current work Small, shallow hypereutrophic reservoir in Southern California, USA; values are 

mean of laboratory incubation quadruplicate chambers at three sites

25 212–366 151–261

Lake Wohlford Current work Small, moderately deep meso-eutrophic reservoir in Southern California, USA; 

values are mean of laboratory incubation quadruplicate chambers at three sites

25 39–82 28–58

Lake Biwa Osaka et al. (2021) Large, deep mesotrophic lake in Shiga, Japan; values are range of laboratory 

incubation duplicate chambers at a single site

9 17–18 36–38

Lake Kevätön Liikanen et al. (2002) Small, shallow hypereutrophic lake in Siilinjärvi, Finland; values are mean of 

laboratory incubation triplicate chambers at a single site at multiple temperatures

16 20–30 26–39

23 35–45 29–37

Lake Elsinore Beutel (2006) Large, shallow hypereutrophic lake in Southern California, USA; values are mean of 

replicate chambers from three sites in three consecutive months

24 101–116 77–88

27 41–119 26–74

Lake Hodges Beutel et al. (2020) Large, deep hypereutrophic reservoir in Southern California, USA; values are mean 

of laboratory incubation quadruplicate chambers at two sites

15 80–110 112–154

San Vicente 

Reservoir

Beutel et al. (2007) Large, deep eutrophic reservoir in Southern California, USA; values are range of 

laboratory incubation individual chambers at four sites

12 17–69 29–119

Experimental values of ammonia flux normalized to 20° C using a θ of 1.07 with Equation 2.
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et al., 2014; Schilling et al., 2018). This is equivalent to a θ value of 
1.03–1.15 and, presuming Fe reduction is a primary mechanism 
driving anoxic P release, suggests that a value of 1.10 is reasonable for 
comparison of release rates at different temperatures. Additionally, 
abiotic processes, such as the reduction of Fe by sulfides, are also 
responsive to temperature as they are secondarily influenced by 
bacterial respiration (Chen et al., 2014). The sensitivity of P release to 
temperature, as well as ammonia release (discussed above), means that 
the effect of water temperature on internal nutrient loading rates is an 
important factor to consider in reservoir management, particularly as 
water managers plan for the impacts of climate change on lakes 
and reservoirs.

Both depth and trophic status are important factors controlling 
nutrient dynamics in reservoirs. Lake Henshaw is a shallow, 
hypereutrophic reservoir, while Lake Wohlford is a moderately deep, 
meso-eutrophic reservoir. Lake Henshaw chambers exhibited higher 
nutrient and metal fluxes under a greater variety of DO conditions, 
while fluxes in Lake Wohlford chambers occurred mainly during the 
anoxic phase (Figure 4). Shallow lakes are known to pose management 
challenges due to the longevity of internal nutrient loading and 
elevated P released from the sediment into the photic zone (Welch and 
Dennis Cooke, 2005; Søndergaard et al., 2012). Within shallow lakes, 
organic matter quicky deposits at the sediment–water interface, where 
it drives respiration and undergoes mineralization and decay (Beutel, 
2003). Trophic status is also an important factor controlling the 
magnitude of sediment nutrient and metals release in reservoirs, as 
nutrient loading leads to greater phytoplankton production and 
organic matter deposition into bottom waters, providing both the 
organic matter to drive respiration that results in anoxia and a source 
of nutrients to be  recycled. As was observed in this study, anoxic 
release rates from lake and reservoir sediments for both ammonia and 
P have been shown to increase with increasing trophic status. Values 
are typically >15–30 mg/m2·d for hypereutrophic systems and < 5 mg/
m2·d for mesotrophic systems (Beutel, 2006; Nünberg, 1994). This 
phenomenon was also apparent within each study reservoir. As 
discussed in the above section, both reservoirs showed a general trend 
in which sediments with higher organic and nutrient content exhibited 
higher anoxic release rates of nutrients and metals. Together, the 
shallow depth and elevated trophic status of Lake Henshaw combine 

to make this site especially susceptible to high rates of internal nutrient 
and metals recycling.

4.3 Patterns of nutrient release of under 
different oxygenation phases in Lake 
Henshaw

Shallow lakes like Lake Henshaw are dynamic systems with 
variations across spatial and temporal scales (Scheffer, 2004). Spatially, 
they vary in depth and commonly exhibit extensive shallow areas and 
relatively small deeper zones (Padisák and Reynolds, 2003). 
Temporally, the DO of the water column may fluctuate between oxic 
during the day, anoxic during the night, and hypoxic during dusk and 
dawn associated with patterns of photosynthesis and respiration (Van 
Duin and Lijklema, 1989). Additionally, changes in wind patterns may 
cause periods of high water column mixing during windy conditions 
or temporary thermal stratification during calm, warm conditions, 
thereby shifting the lake between oxic, hypoxic, and anoxic conditions 
in time and space (Søndergaard et al., 2023). Nutrient limitation may 
also shift spatially or temporally between key limiting nutrients such 
as N or P (Maberly et al., 2020). In the context of our experiment, 
we attempted to assess this variability by assessing sediment nutrient 
release dynamics at multiple sites and under multiple oxygenation 
regimes indicative of typical temporal patterns that affect oxygen 
levels in the water column (e.g., day vs. night or calm vs. windy).

Based on our experimental results from Lake Henshaw, 
particularly the shallower North and Pier sites that represent most of 
the lake area, different incubation phases (oxic, hypoxic and anoxic) 
showed different patterns of N and P release (Figure 5; Table 6), which 
in turn could affect phytoplankton dynamics. Under oxic conditions, 
sediment was a large source of nitrate likley as a byproduct of 
biological nitrification of ammonia. Sediments appeared to be a small 
sink (Pier site) or source (North site) of ammonia to overlaying water. 
Phosphate was released likely as the result of organic matter 
mineralization, but under oxic conditions some phosphate may have 
been retained in sediment via sorption to Fe oxides in surficial 
sediment. This led to a relatively high N:P ratio in nutrient sediment 
release to overlaying water (10:1; Table 6). It is important to note that 
this ratio is composed of dissolved inorganic nitrogen and SRP, which 
can be representative inorganic dissolved phosphorus, though has 
limitations (Jarvie et al., 2002). Under hypoxic conditions, N cycling 
shifted with denitrification appearing to dominate and sediments 
becoming a large sink for nitrate and a continued source of ammonia. 

FIGURE 5

Release rates of monitored compounds under the various oxygen 
regimes considered with N:P ratios. Ratio are based on dissolved 
inorganic nitrogen and SRP in nutrient fluxes to overlaying water. 
Hypoxic conditions may lead to elevated phosphate flux relative to 
nitrogen flux from sediment, as well as some iron flux. This yields 
internal nutrient loading with a very low N:P ratio, which, combined 
with iron, could shift lake ecology so that cyanobacteria constitute a 
large portion of phytoplankton and may be a component in 
triggering HABs.

TABLE 6 Summary of average chamber fluxes from Lake Henshaw North 
and Pier stations.

Site Oxic 
phase

Hypoxic 
phase

Anoxic 
phase

Ammonia, mg-N/m2·d 9.0 18.5 232

Nitrate, mg-N/m2·d 143 −31 −47

SRP, mg-P/m2·d 15.2 45 103

Manganese, mg/m2·d −6.7 9.4 5.3

Iron, mg/m2·d −2.2 2.3 −1.0

Sulfide, mg/m2·d 0 0 9.2

N:P ratio of release 10:1 0:45 1.8:1
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Lower redox potential appeared to promote the microbial reductive 
dissolution of metal oxides, resulting in some Mn and Fe release. 
Phosphate release was enhanced as sorbed phosphate was likely 
released from dissolving Fe oxides. In contrast to oxic conditions, 
hypoxic conditions led to a very low N:P ratio in nutrient sediment 
release to overlaying water (0:45; Table 6). Under anoxic conditions, 
both ammonia and SRP release increased dramatically, likley because 
of suppressed nitrification coupled with enhanced reductive 
dissolution of Fe oxides released sorbed phosphate. While Mn release 
continued, reduced conditions led to sulfide release and the loss of Fe 
via FeS precipitation. Anoxic conditions led to high levels of N and P 
release and a relatively low N:P ratio in nutrient sediment release to 
overlaying water (1.8:1; Table 6).

Nutrient release dynamics under hypoxic conditions, with elevated 
release of P relative to N and the release of Fe, may be of particular 
ecological relevance. Other studies have shown low N release and 
elevated P release under hypoxic conditions (Hayakawa et al., 2015; 
Gerling et al., 2016; Doig et al., 2016; Osaka et al., 2021). In chamber 
incubations with sediment from mesotrophic Lake Biwa, Japan, Osaka 
et al. (2021) found that ammonia concentration in overlaying water 
increased with decreasing DO along the oxic to anoxic spectrum, while 
phosphate concentration in water increased when DO was below 
1.5 mg/L. In addition, studies have shown that decreases in N relative 
to P can shift lake ecology such that cyanobacteria make up a large 
portion of phytoplankton. In eutrophic Lake Okeechobee, Florida, 
USA, the N:P ratio decreased due to a decrease in inflow water N:P and 
a decrease in P assimilation within the lake, leading to an increase in 
N2-fixing cyanobacteria populations (Havens et al., 2003). Increased 
in-lake P concentration in Lake Peipsi, Estonia/Russia, doubled the 
biomass of N2-fixing cyanobacteria contribution to the phytoplankton 
community (Nõges et  al., 2004). Finally, the presence of Fe in 
combination with low N:P ratio may be a key component in triggering 
HABs, as cyanobacteria have a higher Fe requirement compared to 
eukaryotic phytoplankton (Molot et al., 2014).

The differing dynamics of internal loading under varying DO 
conditions may, in part, explain the stochastic nature of HAB toxins 
production in Lake Henshaw, a common phenomenon in lakes and 
reservoirs (Brooks et  al., 2015). Cyanobacteria in lakes can either 
be  N2 fixing or non-N2 fixing. In the case of Lake Henshaw, the 
reservoir supports three dominant genera of cyanobacteria: non-N2-
fixing Microcystis and Planktothrix and N2-fixing Dolichospermum 
(formerly Anabaena). In general, microcystin production tended to 
co-occur with high cell density of Microcystis and Planktothrix, while 
anatoxin-a production tended to co-occur with high cell density of 
Dolichospermum (Stillwater Sciences, 2022). While absolute 
concentrations of N and P (i.e., independent of N:P ratios) are also 
important to the growth and dominance of cyanobacteria, the low N:P 
ratio and Fe-rich conditions associated with hypoxic conditions could 
advantage Dolichospermum (Kramer et al., 2022), while the moderate 
N:P ratio and high N and P concentrations associated with anoxic 
conditions could advantage Microcystis and Planktothrix (Gobler et al., 
2016), thus leading to different patterns of toxin production under 
hypoxic versus anoxic conditions. Relatively higher levels of 
ammonium release under anoxic conditions may further support 
cyanobacterial synthesis of microcystin, an N-rich molecule (Gobler 
et al., 2016; Wagner et al., 2021). Keeping in mind the dynamic nature 
of shallow lakes, shifts between oxic, hypoxic and anoxic conditions 
can occur frequently over time (e.g., oxic during the day when 

photosynthesis is dominant, but hypoxic at night when respiration is 
dominant) and space (e.g., oxic shallow sediment but hypoxic or 
anoxic deeper sediment). Thus, patterns of N:P released from 
sediments likely vary on small temporal and spatial scales in shallow 
lakes. This in turn may drive spatial and temporal patterns of 
cyanobacterial dominance by N2 fixing or non-N2 fixing cyanobacteria, 
which tend to have a different toxin production profile.

4.4 Management implications in Lake 
Henshaw, Lake Wohlford, and beyond

HABs pose a serious threat to the water quality of scarce water 
resources in places like Southern California, USA. DO is an important 
factor controlling biogeochemical cycling in reservoirs and influences 
internal nutrient loading and HAB events. To inform lake management 
efforts, this study used replicate sediment-water chambers collected 
from shallow, hypereutrophic Lake Henshaw and deep, meso-
eutrophic Lake Wohlford, to assess how oxic, hypoxic, and anoxic 
conditions affect nutrient and metal cycling at the sediment–water 
interface. Sediment release of ammonia, SRP and redox-sensitive 
metals (Fe and Mn) was highest under anoxic conditions, with levels 
in Lake Henshaw exceeding levels typically seen in the literature. In 
Lake Henshaw, substantial P release was also observed under oxic and 
hypoxic conditions, and substantial Mn release was observed under 
hypoxic conditions. In contrast, release of nutrients and metals was 
negligible in Lake Wohlford under oxic and hypoxic conditions. At 
both sites there was a spatial pattern in which organic and nutrient 
content and anoxic release rates were highest in deeper sediment.

Water quality management in eutrophic reservoirs requires a 
complex consideration of biogeochemical processes and DO 
conditions, and management of both Lake Henshaw and Lake 
Wohlford will need to be adaptive and comprehensive to protect these 
critical water resources. Based in part on this study, managers at Lake 
Henshaw are implementing a comprehensive water quality 
management plan that includes the use of hydrogen peroxide for 
HABs control and sediment amendments to control internal P 
loading. A lake oxygenation field trial, based on the use of pure oxygen 
gas (Beutel and Horne, 1999), with the capacity to deliver up to 
5,000 kg/d of dissolved oxygen to lake waters is also in the planning 
stages. At Lake Wohlford, managers are considering installation of a 
bottom water oxygenation system when the reservoir’s dam is replaced 
in future years.
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