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On composite sampling for
monitoring generic and
antibiotic-resistant coliforms in
irrigation ponds
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Agricultural Research Service, Beltsville, MD, United States, 2Oak Ridge Institute for Science and
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The presence of fecal bacteria in irrigation waters is well documented in causing

human and animal illnesses, with the potential for antibiotic-resistant pathogens

to increase the seriousness of these infections. Approaches to sampling fecal and

antibiotic-resistant bacteria (ARB) in irrigationwaters used in raw food production

require standardization to quantify and discern potential spatiotemporal trends

in antibiotic-resistant bacteria. Composite sampling is widely used to reduce

the cost and time of processing samples while estimating spatial or temporal

variation in contaminant concentrations. The objectives of this work were to

evaluate the spatial variation in generic and ARB in several irrigation ponds and

assess the e�ectiveness of composite sampling in estimating the average of

individual samples. In a grid-like fashion, five irrigation ponds were sampled

for generic and antibiotic-resistant E. coli and total coliforms using the Colilert

Quanti-Tray/2000 system with and without tetracycline and cefotaxime added.

Individual samples were composited in sample sets including all samples, only

bank samples, and only interior samples. Coe�cients of variations in general

were high (> 100%) for generic bacteria and higher for ARB (140%−290%).

Concentrations of all measured bacteriawere lower in the pond interior locations

than the banks. The percentage of tetracycline-resistant E. coli varied among

ponds from averages of 0% to 23%. No cefotaxime-resistant E. coliwere detected

in any of the ponds whereas cefotaxime-resistant total coliforms were detected

at each site. The average percentage of cefotaxime-resistant total coliforms

varied from 1.1 to 13.8% among ponds. E. coli concentrations in composite

samples did not significantly di�er from either the mean or median of the

individual sample sets in 89% and 83%of cases, respectively, indicating composite

sampling to be e�ective in capturing spatial variation of both generic and ARB.

Results of this work can be used to aid in the development of better strategies

for surveilling antibiotic resistance in aquatic environments.
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1 Introduction

Irrigation water quality is a major worldwide health issue as microbial contamination
of these waters has been implicated in major foodborne outbreaks (Uyttendaele et al.,
2015; Gurtler and Gibson, 2022). Microbial pathogens such as Salmonella and Shiga
toxin-producing E. coli (STEC) can be transferred from contaminated waters to crops
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which are later consumed by humans and animals resulting in
major health and economic burdens associated with foodborne
illnesses (Hussain and Dawson, 2013; Hoffman et al., 2015; IFSAC,
2021; WHO, 2022). Therefore, it is critical to develop effective
monitoring strategies which accurately characterize the risk of
using specific water sources for crop irrigation. Fecal indicator
bacteria (FIB) (i.e., E. coli and enterococci) are often used in such
monitoring programs (USEPA, 2010).

Densities of FIB can exhibit large spatial variation across
irrigation water sources. For example, Murphy et al. (2023) studied
spatial variation of total coliform and E. coli concentrations in nine
ponds and reported that observed concentrations were spatially
independent within those ponds when sampling sites were 56–87m
apart. The authors noted that the observed spatial independence
led to different water quality outcomes for risk management.
Similarly, significant differences in E. coli concentrations between
samples collected at the bank and the interior, as well as the
detection of hot- and cold-spots in concentration data, were
commonly found in Maryland irrigation ponds (Pachepsky et al.,
2018; Stocker et al., 2022). If substantial spatial variation can
exist for fecal microorganisms in irrigation water sources and an
insufficient number of samples are collected, then this may lead
to drastic under- or overestimation of the risk of irrigating from
a specific waterbody.

In addition to pathogen contamination in irrigation waters,
the presence of antibiotic-resistant bacteria (ARB) is an emerging
worldwide health concern. Irrigation waters provide means of
dissemination of ARB and antibiotic resistance genes (ARG) to
humans, animals, and the environment (Blaustein et al., 2016;
Araujo et al., 2017; Pan and Chu, 2018; Amato et al., 2021).
Recently there have been calls for standardization of monitoring
antimicrobial resistance (AMR) in aquatic environments
(Berendonk et al., 2015; Huijbers et al., 2020; Liguori et al.,
2022; Bengtsson-Palme et al., 2023). However, at the present time
there is a lack of information regarding the extent of the spatial
variation in AMR in waterbodies and the available literature is
constrained to lacustrine and riverine environments (Nnadozie
and Odume, 2019). Small ponds are the most numerous waterbody
size on the planet and are a common source of water for irrigation
on farms (Downing et al., 2006). Therefore, given the ubiquity of
these water type, its importance for food safety, and the lack of
information on spatial variations within them, research is needed
to better characterize the potential spatial variations which may
influence results of monitoring endeavors.

Assessing the presence of both FIB and AMR in surface waters
has been acknowledged as a major economic burden (Gerdes
et al., 2022; Gurtler and Gibson, 2022; Miłobedzka et al., 2022;
Bengtsson-Palme et al., 2023). As a result, in many cases only a
single sample is collected from a waterbody to make an assessment
albeit over several observation dates. The consequence of this is a
loss of information regarding spatial variations in target bacterial
populations which may be extensive and have a large bearing
on a water quality assessment. One proposed solution for this
issue is the creation of composite samples which combine water
collected at several locations within a waterbody. The primary
goals of the composite sampling are 2-fold: (1) to reduce the
sampling and processing burdens while (2) to produce a sample

which should better approximate the spatial average than a single
sample (USEPA, 2010; Lothrop et al., 2018). The tradeoff with
composite samples is the inability to detect site-specific variations
in bacteria concentrations and therefore the inability to establish
accurate confidence intervals based on empirical distributions.

The use of and theory of composite samples in environmental
research is well documented (Lovison et al., 1994; Lancaster and
Keller-McNulty, 1998; Keith, 2017; Sousa et al., 2018). However,
within the field of microbial water quality, there has been scarce
evaluation of composite sampling. Composite water sampling
appears to be conducted in larger water bodies such as lakes which
may be expected to exhibit a large degree of spatial heterogeneity
in fecal bacteria concentrations given their size and diversity
of fecal inputs (USEPA, 2010; Phillips et al., 2011; Kinzelman
et al., 2020). Bertke (2007) sampled three Lake Erie beaches and
found no statistical differences in E. coli concentrations between
composite samples and the average of the multiple sampling points
which led to similar management outcomes between sampling
methods on whether the beach should be closed or remain open.
Similarly, Reicherts and Emerson (2010) compared the composited
sample of three water samples taken from different locations
along a Lake Michigan beach across several events to that of
the sample arithmetic mean and found no significant difference
in E. coli densities. Converse et al. (2012) compared enterococci
concentrations in composite samples and individual samples in
South Carolina beach waters and found good agreement between
both sample types (average R2 = 0.67 to 0.79). The authors reported
that in 15% of cases the composite concentration was higher than
the maximum of the individual samples while in 2.5% it was lower
than the minimum but ultimately concluded composite sampling
to be an effective alternative to taking many discrete samples.
Therefore, composite sampling appears to be an effective approach
for estimating fecal bacteria concentrations at larger spatial scales.

Compared to lakes and lake beach water, a much smaller
volume of research has been conducted for irrigation water
sources. Lothrop et al. (2018) evaluated composite sampling within
irrigation canals in the Southwestern U.S. They found that the
composite samples were significantly different from single samples
in terms of both the arithmetic and geometricmeans and concluded
that the composite sample provided the most representative
sampling option of the water quality within the canals. Lee et al.
(2018) compared discrete and composite water sampling for the
measurement of Salmonella and E. coli from three bank locations
within 5 irrigation ponds in southern Georgia. The authors found
that there were no significant differences in the concentration or
prevalence of Salmonella or E. coli in composite samples vs. discrete
samples yet concluded that aggregating data frommultiple samples
(compared with a composite) improved the agreement in results
obtained from the bank locations and the water directly above the
irrigation intake.

Measurement of antibiotic-resistant E. coli concentrations has
been proposed to study resistance in surface waters due to its
extensive characterization as a model organism, ubiquity in the
environment, and relevance in food safety (Berendonk et al.,
2015; Anjum et al., 2021; WHO, 2021; Liguori et al., 2022;
Bengtsson-Palme et al., 2023; Li et al., 2023). Antibiotic resistance
is also frequently assessed for specific pathogenic microorganisms
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(e.g., Salmonella and Campylobacter) as well as larger bacterial
populations such as total coliforms and heterotrophs with the latter
two groups giving an indication of broader levels of resistance
present as well as being capable of participating in horizontal gene
transfer (Silva et al., 2006; Akiyama and Savin, 2010; Blaustein
et al., 2016; Givens et al., 2023; Molale-Tom et al., 2024). While
regulations currently exist for determining acceptable levels of
fecal contamination in irrigation sources, no such rules have been
developed for allowable levels of ARB or ARG and the lack of
knowledge on what baseline resistance is present in different
environments has been acknowledged as a major research need
(Bengtsson-Palme et al., 2023). Information pertaining to where or
when to sample a waterbody or how many samples to collect to
determine the level of antibiotic resistance present is not available,
possibly due to a lack of studies addressing these specific questions.
Preliminary work has been performed to assess spatial variation in
tetracycline-resistant E. coli across a growing season in a Maryland
irrigation pond. It was found that the results of assessments were
dependent on where a sample was collected (Stocker et al., 2023).
Additional information is needed to better generalize the results of
that preliminary study.

The objectives of this work were to (1) assess the spatial
variations of antibiotic-resistant E. coli and total coliform
populations across five irrigation ponds and (2) evaluate composite
sampling as a way to estimate the spatial means and medians of the
concentration data.

2 Materials and methods

Five ponds, three in Georgia (P1–P3) and two in Maryland (P4
and P5), were monitored in this study. Pond areas were 15,750,
32,000, 40,750, 41,000, and 4,000 m2 with average depths of 1.2, 1.2,
1.4, 1.3m, and 2.7 for P1–P5, respectively. The ponds contained
18, 16, 18, 20, and 12 sampling locations for P1–P5, respectively
(Figure 1).

P1 is a farm pond that sits recessed within its surrounding
land and is primarily recharged by runoff. Cattle and donkeys are
allowed access to the pond and are frequently found in the water
with primary entry ways near locations 1, between 4 and 5, and
along the western bank between locations 6 and 8. P2 is an actively
used irrigation pond which provides water to a rotation of corn
and soybeans planted in the surrounding fields. P2 is primarily
recharged by the operators via a groundwater pump. P3 is an
irrigation pond on the same property as P2 and is located roughly
450m north of that pond and is primarily recharged by runoff.
P4 is an irrigation pond which provides water to surrounding
berry and apple fields. This pond is fed from a stream located at
sampling position 19. This pond has a level-dependent outflow
located near location 3 with location 20 being the outflow. P5 is
an irrigation pond located on the Eastern Shore of Maryland at the
Wye Research and Education Center (WREC) and has 12 sampling
locations with locations 12 and 1 serving as the inflow and outflow
locations, respectively. This pond is surrounded by fields planted
with a corn-soybean rotation.

Water sampling occurred in the summer so that conditions
were representative of when a farmer would need to irrigate.
Specific sampling dates were 8/8/2023, 8/9/2023, 8/10/2023,

8/23/2023, and 9/21/2023 for P1 – P5, respectively. Sampling
for all ponds was conducted between 9 am to 11 am. Bank
samples were collected with a 500-mL sample rod while interior
samples were collected by boat. In situ sensing of temperature
(◦C), dissolved oxygen (DO mg L−1), pH, conductivity (us/cm),
fluorescent dissolved organic matter (fDOM µg L−1), chlorophyll-
a (CHL, relative fluorescent unit; RFU), and phycocyanin (PC
RFU) was performed in the same locations in which samples were
collected using a YSI EXO2 multiparameter sonde (Yellow Springs
Instruments, Yellow Springs, OH).

All samples were placed immediately in ice filled coolers upon
collection and laboratory processing was initiated within 2 hours
of collection. Laboratory measurements of subsamples included
colored dissolved organic matter (cDOM), chlorophyll-a (CHL-
Lab), and phycocyanin (PC-lab) using a fluorometer (Aquafluor,
Turner Designs, CA). Filtered (0.45µm) water samples were also
processed on a SEAL AQ300 for orthophosphate (PO4) and Nitrate
(NO3) (SEAL Analytical, Meconcin, WI) and a Scalar Formacs HT
for total organic and inorganic carbon (TOC and TIC mg L−1),
total nitrogen (TN mg L−1), and Nitrate (NN mg L−1).

E. coli and total coliforms were enumerated using the Colilert
Quanti-tray 2000 system (IDEXX, Westbrook, ME). A low
volume (∼0.1mL) and high volume (100mL) of homogenized
subsample was used to capture concentrations of total coliforms
and E. coli, respectively. To determine antibiotic-resistant bacteria
concentrations, antibiotic solutions (tetracycline and cefotaxime)
were pipetted into respective 100-mL subsamples after the addition
of the Colilert media and were then mixed thoroughly before the
tray sealing step. Previous work has shown that the Colilert system
is a suitable method for determining antibiotic resistance in aquatic
microbe populations (Galvin et al., 2010; Boggs et al., 2023; Givens
et al., 2023). Dosages of 4 µg mL−1 and 1 µg mL−1 were selected
for tetracycline (Zymo Research, Irvine, CA) and cefotaxime (RPI
Corp., Mount Prospect, IL), respectively, which corresponded to
the low dosages for antibiotic resistance testing of E. coli according
to the Clinical and Laboratory Standards Institute (CLSI) (2023).
These dosages were chosen for the study because previous work
and preliminary testing indicated that antibiotic resistance in non-
anthropogenically affected farm ponds was generally low and more
difficult to study if higher dosages were used (Stocker et al., 2023).
Tetracycline was chosen due to the ubiquity of environmental
bacteria which are resistant while cefotaxime was chosen due to its
emergence as a clinically relevant antibiotic.

Composite samples were created using equal volumes of
samples collected at each pond. A composite sample was created for
bank-only samples, interior-only samples, and all samples for both
total coliforms and E. coli to evaluate how results may be affected if
samples where only collected at certain location types (i.e., bank or
interior or both).

2.1 Data analysis

Significance of differences between cumulative probability
distributions was evaluated using the non-parametric Kolmogorov-
Smirnov test for equality in continuous distributions.
Concentration distributions of bank only samples, interior
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FIGURE 1

Sampling maps of the five irrigation ponds used in this study. P1–P3 are located in Georgia and P4 and P5 are located in Maryland.

only samples, and all samples were compared. Antibiotic resistance
was calculated as the concentration of resistant bacteria in a sample
divided by the concentration measured in the unamended sample
multiplied by 100. Correlations were performed by calculating
the non-parametric Spearman correlation coefficient (rs). To
estimate the average and the standard deviation of the sample sets
with large proportions (> 50%) of non-detects, the Kaplan-Meier
non-parametric method was used (Helsel, 2005; USEPA, 2009).
The R code for the Kaplan-Meier method application in this
work is available upon request. Means and medians of discrete
sample sets were statistically compared to composite values using
a one-sample t-test and Wilcoxon signed-rank test, respectively.
Statistical significance was evaluated at the α = 0.05 level of
probability.

3 Results

3.1 Weather and water quality data

Rainfall totals of 1.1, 1.54, 1.54, 0, and 0 cm were
recorded in the 48 h prior to the sampling events in P1–P5,
respectively. P1–P3, given the close proximity, experienced
similar average air temperatures of 27.2 ◦C in the 48 h prior
to sampling while these values for P4 and P5 were 22 and
19.5 ◦C, respectively.

Average water quality parameter values of the full, bank,
and interior sample sets are shown in Supplementary Table 1.
In general, averages and medians of water quality variables did
not significantly differ between the bank and interior locations
(Supplementary Table 2). Significant differences in certain

parameters appeared to be site-specific. For example, phycocyanin
measured in the laboratory (PCLAB) was significantly higher at
the bank locations of P2 and P4 but was similar among sampling
location sets at the other study sites. Similarly, turbidity (NTU)
was significantly higher at the bank locations at P4 than interior
locations while all other study sites had more comparable levels.
The variable showing the most consistency in being significantly
different by location type was temperature (◦C). In P1–P4, the
mean and median water temperatures were significantly higher
in the interior of the pond than at the banks whereas in P5 the
water temperature was homogenous at the sensing/sampling depth
(21.85 ± 0.05, 21.81 ± 0.05, and 21.92 ± 0.12◦C for the full, bank,
and interior sample sets).

3.2 Spatial variability of coliform
concentrations

The average concentration of generic E. coli in bank samples
across measurement sites varied from 208 MPN (100 mL−1)
in P1 to 5.2 MPN (100mL)−1 in P5 whereas average interior
concentrations were lower with a narrower spread of 37.5 MPN
(100mL)−1 in P1 to 3.8 MPN (100mL)−1 in P5 (Table 1). Figure 2
shows that substantial right skewness was observed in the majority
of individual sample sets. In general, the concentrations of generic
E. coliwere in the order of P1> P4> P3> P2> P5. The coefficients
of variation (CV) for generic E. coli in each pond were generally
high (>100%) except for P2 which had CVs of 90%, 70%, and 22%
for the full, bank, and interior sample sets, respectively, and the P4
interior set (85%). In all ponds, the CV was lower for the interior
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TABLE 1 Summary statistics for generic and tetracycline-resistant E. coliMPN (100mL)−1.

Pond Sample
set

N Generic Tetracycline-resistant

x̄ σ Composite x̄ σ Composite R (%)

1 All 18 132.4 356.2 81.6 19.6 41.4 12.2 14.8

1 Bank 10 208.4 474.6 113.7 26.8 55.6 35 12.9

1 Interior 8 37.5 7.2 42 10.6 4.6 7.5 28.3

2 All 16 11.1 10 5.2 1.1∗ 0.2 0 9.9

2 Bank 9 16 11.1 18.5 1.1∗ 0.3 0 6.9

2 Interior 7 4.7 1 5.2 0 0 0 0.0

3 All 18 19.9 36.4 45 2∗ 1.7 0 5.5

3 Bank 11 18.2 38.4 7.4 1.1∗ 0.3 0 6.0

3 Interior 7 22.5 35.6 5.2 0 0 0 0.0

4 All 20 55.6 71.2 60.2 1.9∗ 1.5 2 3.4

4 Bank 10 81.6 92.6 95.9 2.8∗ 3.2 4.1 3.4

4 Interior 10 29.7 25.4 27.9 1.2∗ 0.3 1 4.0

5 All 12 4.7 5.5 5.2 0 0 0 0.0

5 Bank 8 5.2 6.3 7.5 0 0 0 0.0

5 Interior 4 3.8 4.1 2 0 0 0 0.0

x̄ and σ represent the sample mean and standard deviation, respectively. D, not determined; %R, percentage of resistant E. coli calculated from the discrete samples (resistant/total∗100). Asterisk

marks datasets processed using the Kaplan-Meier method.

FIGURE 2

Cumulative probability distributions of generic E. coli concentrations measured in the five ponds. Solid, dotted, and dashed lines correspond to the

full, bank, and interior sample sets. Black circles, squares, and triangles correspond to the composite value of the full, bank, and interior sample sets.

sets than the bank sets. Concentration standard deviations were
higher than average concentrations in all ponds except P2 (Table 1).

Tetracycline-resistant E. coli concentrations on average varied
from 28% of the total E. coli populations in the interior of P1
to zero in the interiors of P2, P3, and P5, where no resistant E.
coli was detected. P1 contained significantly higher tetracycline-
resistant E. coli populations than any of the other ponds (t-test; p
< 0.05) followed by P4. P2, P3, and P5 contained more than half
of the sampling locations with non-detects. Correlations between
concentrations of tetracycline-resistant E. coli and the total E. coli
were generally low but positive (rs < 0.3) at P2 and P3 with
significant moderate strength observed at P1 (rs = 0.542; p= 0.020)

and P4 (rs = 0.492; p = 0.027). The correlation analysis could not
be performed at P5 where no detectable tetracycline-resistant E.
coli were found. The CVs for tetracycline-resistant E. coli were on
average higher than that of generic E. coli (x̄ = 128% and 192%
for generic and resistant, respectively) and varied from 140% to
290% with the interior of P1 being an exception with CV = 43%.
No cefotaxime-resistant E. coli was detected in any pond during
this study.

Compared to E. coli concentrations, total coliforms
concentrations showed less variation within each of the five
study sites (Table 2; Figure 3). The average CV of the total coliform
concentrations across sites and sample sets was 71% with 2 to 5
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TABLE 2 Means and standard deviations of generic, tetracycline-resistant, and cefotaxime total coliforms MPN (100ml)−1.

Pond Sample
set

N Generic Tetracycline-resistant Cefotaxime-resistant

x̄ σ Composite x̄ σ Composite %R x̄ σ Composite %R

1 All 18 5,744 3,140 NM 33 83 20 0.6 69 138 42 1.2

1 Bank 10 7,690 2,913 NM 46 112 49 0.6 107 180 51 1.4

1 Interior 8 3,312 931 NM 17 8 11 0.5 22 6 17 0.7

2 All 16 15,606 15,583 11,700 26 18 24 0.2 722 646 1,733 4.6

2 Bank 9 22,617 18,112 19,111 30 23 22 0.1 1,045 711 1,046 4.6

2 Interior 7 6,591 1,078 5,857 22 10 20 0.3 308 103 291 4.7

3 All 18 12,168 12,965 17,089 104 234 70 0.9 494 381 770 4.1

3 Bank 11 16,934 14,815 18,082 138 286 276 0.8 583 451 260 3.4

3 Interior 7 4,680 1,850 5,076 51 116 37 1.1 355 306 548 7.6

4 All 20 9,010 11,870 10,935 18 18 23 0.2 839 615 1,120 9.3

4 Bank 10 11,492 16,592 9,090 23 19 36 0.2 764 443 1,553 6.6

4 Interior 10 6,529 2,909 7,940 13 17 3 0.2 914 767 921 14.0

5 All 12 14,399 9,716 13,750 0.17 0.39 0 0.0 728 480 613 5.1

5 Bank 8 18,138 9,317 19,038 0.13 0.35 0 0.0 813 532 1,120 4.5

5 Interior 4 6,923 5,636 7,375 0.25 0.50 0 0.0 556 354 461 8.0

x̄ and σ represent the sample mean and standard deviation, respectively. %R, percentage of resistant total coliform calculated from the discrete samples (resistant/total∗100). NM, not measured.

times lower variation observed in interior locations than bank
locations with the exception being P5 (bank and interior CV
of 51% and 81%, respectively). P4 had the highest CV for total
coliforms with values of 131%, 144% and 44% for the full, bank,
and interior sample sets. Average total coliforms concentrations
were lower at P1 (x̄= 5744) MPN (100mL)−1 than the other study
sites which ranged from 9010 to 15606 MPN (100mL)−1 despite
having the highest average E. coli concentrations. Similar to E.

coli, average total coliforms concentrations were lower in interior
sampling locations than bank locations in all ponds with a range of
1.8 to 3.5 times lower across sites.

Contrary to tetracycline-resistant E. coli, resistant total
coliforms were highest at P3 with a sample-wide average of 104
MPN (100mL)−1. Average tetracycline-resistant total coliforms
concentrations were similar between P1, P2, and P4 with a range
of 17.1 to 29.7 MPN (100mL)−1. The average concentration
of tetracycline-resistant total coliforms in P5 was 0.17 MPN
(100mL)−1 with detections only in locations 1 and 2 (Figure 1).
CVs for concentrations of resistant total coliforms were very high
(>200%) in P1, P3, and P5 whereas P2 had and P4 had CVs
of 69% and 99% for the full sample sets, respectively. Although
concentrations of tetracycline-resistant total coliforms were always
higher than or equal to resistant E. coli (by nature of the Colilert
system), the percentage of resistant total coliforms was typically
lower than that of E. coli relative to the total population in
individual samples when both groups were detected. Resistant
members of both groups were not correlated in P2, P3, or P5 (rs
< 0.1) but displayed significant positive correlations in P1 (rs =

0.890, p < 0.001) and P4 (0.496, p = 0.025) which were both the
study sites which contained more detectable resistant E. coli than
non-detects in individual samples.

Cefotaxime-resistant total coliform populations were detected
in every study site (Table 2). Average concentrations were lower in
P1 whereas the P2–P5 contained similar average values. Likewise,
the CVs of cefotaxime-resistant total coliforms concentrations P2–
P5 were similar (33%−89%) whereas that of P1 was 199, 167.7,
and 28.5% for the full, bank, and interior sample sets. The average
percentage of cefotaxime-resistant total coliforms relative to the
total population was generally<10% and ranged from 0.66% to (P1
interior) to 14.01% (P4 interior). Correlations between cefotaxime-
resistant total coliforms and total coliforms were low in P1, P3, and
P4 (rs < 0.3). In P2 there was a significant positive correlation (rs
= 0.966; p < 0.001) and in P5 there was a moderate correlation
(rs = 0.515; p = 0.086). Interestingly, the CVBank/CVInterior for
tetracycline and cefotaxime-resistant total coliforms were very
similar at each study site. Concentrations of total coliforms resistant
to the two antibiotics were highly correlated in P1 (rs = 0.972; p <

0.001) whereas in the other study sites the correlation was weak (rs
< 0.3) or negative (rs =−0.225; p=0.369 in P3).

The similarity of concentration distributions between bank and
interior datasets for generic and antibiotic-resistant E. coli and total
coliforms was characterized using the Kolmogorov-Smirnov test
(Supplementary Table 3). In almost all cases, the concentrations
of measured bacteria were higher in samples collected at the
pond bank than the interior although this difference was only
significant in 8 of 75 (10.7%) cases across the entire dataset.
Exemptions to the bank containing higher concentrations were
generic E. coli concentrations in P3 (p = 0.489), cefotaxime-
resistant total coliforms in P4 (p = 0.962), and tetracycline-
resistant total coliforms in P5 all of which had similar or
identical concentrations distributions between sampling location
types (Tables 1, 2).
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FIGURE 3

Cumulative probability distributions of generic total coliform concentrations measured in the five ponds. Solid, dotted, and dashed lines correspond

to the full, bank, and interior sample sets. Black circles, squares, and triangles correspond to the composite value of the full, bank, and interior sample

sets. The first, second, and third row of distribution graphs shows generic, tetracycline-, and cefotaxime-resistant total coliforms, respectively.

Composite values were not created for P1 generic total coliforms.

3.3 Evaluation of composite sampling for
generic and antibiotic-resistant bacteria

Composite samples were created from full, bank, and interior
sample sets and generic and antibiotic-resistant E. coli and total
coliforms concentrations were assessed and compared to the
corresponding individual sample sets. In general, the composite
sample concentrations were higher on the cumulative probability
distribution curves than the expected 50th percentile value
(Figures 2, 3; Supplementary Table 4). For generic E. coli, the
composite percentile ranged from 40.6% (P2 full set) to 87.8 (P3
full set) with an average of 65.1% across study sites. Generic total
coliforms showed a wider range of 18.8% (P2 interior) to 77.1%
(P4 full set) with an average of 61.3%. These ranges for antibiotic-
resistant E. coli and total coliforms were similar to the generic

total coliforms both in terms of the spread as well as the study
wide averages. The average percentile for tetracycline-resistant E.
coli in P1 and P4 was 65% while tetracycline and cefotaxime-
resistant total coliforms were 62.4% and 62.1%, respectively
(Figure 3; Supplementary Table 4). Tetracycline-resistant E. coli

were not detected in any composite samples from P2, P3, or P5.
Cefotaxime-resistant total coliforms showed the largest range of
percentiles for composite sample values with the minimum and
maximum occurring in P1 interior samples (18.1%) and P4 bank
samples (95%).

In general, composite sample values were not significantly
different from mean or median E. coli or total coliforms
concentrations (Supplementary Tables 5, 6). One-sample tests of
means and medians using the composite sample and the respective
sample sets returned only two significant differences for generic
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E. coli. These were the full sample sets in P2 and P3 and
the full sets for P1 and P3 for testing of significantly different
means and medians, respectively. No significant differences in
means were detected for composite sampling of generic total
coliforms while the full sample sets in P3 and P4 contained
composite values which were significantly different than the
medians of those datasets. For tetracycline-resistant E. coli and
total coliforms no composite sample was significantly different
from the mean of any dataset. For medians, the full P4 and
interior P4 and P5 composites were significantly different from the
sample set medians. Cefotaxime-resistant total coliforms showed
the largest number of significant differences between sample sets
and composites for both mean (33% of cases) and medians (40%
of cases) with a large amount of overlap on which sets were
significantly different (Supplementary Tables 5, 6).

Linear regressions between the means of discrete sample sets
and the corresponding composite sample values showed significant
positive relationships (p < 0.05) for generic (R2 = 0.861) and
tetracycline-resistant E. coli (R2 = 0.687) and tetracycline- (R2

= 0.767) and cefotaxime-resistant total coliforms (R2 = 0.914).
Due to an outlier in the generic total coliform dataset (P3 interior
set), a weaker relationship was observed for this group (R2 =

0.327). Removal of this outlier greatly improves the coefficient of
determination (R2 = 0.785; p < 0.001). In all cases, regression
results showed that the slopes (m) were significantly different than
0 (p < 0.05) and, in general, were close to 1 (m = 0.785 to 1.023)
indicating a strong correspondence between the means of discrete
samples and the composite values.

An examination of the Z-scores was performed to determine
how many standard deviations the composite value was above or
below the mean of the discrete samples sets. The average Z-score
for generic E. coli and total coliforms was 1.23 ± 3.33 and 0.84 ±

2.02, respectively. In 93.3 and 91.7% of cases, generic E. coli and
total coliforms composite sample concentrations fell within 1 SD
of the mean, respectively (n = 30 cases across bacterial groups and
sample sets). The lowest and highest Z–score was observed for the
full sample set of E. coli in P4 and the interior set of E. coli in P2
with values of 0.06 and 13.24, respectively. Standard deviations of
tetracycline-resistant E. coli and total coliforms were lower than
generic with Z-score averages of 0.29 ± 0.25 and 0.28 ± 0.26,
respectively. No Z-score for tetracycline composite samples was
above a value of 1.0 for E. coli or total coliforms. For cefotaxime-
resistant total coliforms, the average Z-score was 0.55 ± 0.44 and
in 87.7% of cases the composite sample fell within 1 SD of the
mean. The exceptions were P2 interior and P4 bank sample sets
with values of 1.52 and 1.44, respectively.

4 Discussion

Across the five studied ponds, the interior sampling locations
generally showed lower coefficients of variation relative to the
bank samples. This reduced variability may be related to better
mixing conditions in the interior of the pond and higher variability
of bacteria influx and survival conditions along the banks. In
addition to greater variability at the banks, samples in these
locations contained consistently higher average concentrations of
measured bacteria (Table 1) although in most cases the differences

were not significant (Supplementary Table 3). Greater abundances
of bacterioplankton in samples collected at the banks relative to
interior locations have been previously reported in agricultural
ponds. This has been attributed to flow stagnation occurring at
bank sites which may have increased turbidity and improved solar
shielding and to banks serving as the main entry way for runoff
containing bacteria and nutrients as well as fauna (Smith et al.,
2022; Stocker et al., 2022). In the present study, location 1 at P1,
which serves as amajor entryway for cattle into the water, contained
the highest concentrations of generic and tetracycline-resistant E.
coli. It is likely that fecal material associated with the cattle was shed
in this location before they moved further into the pond center. It
is important to note that the cattle on the property were located
at an adjacent (not sampled in this study) pond on the day of the
sampling event. This may indicate that the survival of shed bacteria
in water may be an important factor influencing the fine-scale
within-pond variations of generic and antibiotic-resistant bacteria
observed during monitoring events.

In this work, most of the observed statistical distributions
in datasets without non-detects were substantially right skewed
and were better approximated using a lognormal rather than a
normal distribution. Such distribution shapes have been commonly
observed in water quality monitoring and recommendations on
multiple composite sampling for concentration distributions which
change in time were developed under the assumption of the
applicability of the non-lognormal distribution (USEPA, 2010;
Havelaar et al., 2017). In the areas with low concentrations of
generic E. coli, conclusions about the type of distribution for
tetracycline-resistant E. coli could not be made with certainty
because of the substantial number of non-detects (ponds P2, P3,
and P5). We realize that the assumption of lognormality used
to estimate the mean and standard deviation in the presence
of non-detects could introduce some uncertainty in the results
regarding the low E. coli conditions. The EPA proposed several
techniques for estimating these parameters, including the Kaplan-
Meier method utilized in this work (USEPA, 2010). However, the
use of statistical techniques for estimating population parameters
in the presence of a large number of non-detects has not been
tested for antibiotic-resistant bacteria which creates an interesting
avenue for future study within the field of environmental
AMR work.

Studies assessing the spatial distribution of aquatic ARB and
ARG have been performed almost exclusively at the watershed
scale or in large waterbodies such as lakes with high concentration
areas usually associated with riverine inputs, adjacent land uses
types (e.g., urban or agricultural), or proximity to wastewater
treatment facilities (Huerta et al., 2013; Suzuki et al., 2013; Liang
et al., 2020; Wang et al., 2020; Cho et al., 2023; Huijbers et al.,
2023). Information regarding fine-scale variations in AMR in
small waterbodies is usually constrained to urban, aquaculture,
or wastewater treatment ponds where sampling of the influent,
midpoint, and effluent are common but, in many cases, only a
single sample is collected per sampling date (Tendencia and de
la Peña, 2001; Mispagel and Gray, 2005; McKinney et al., 2010;
Harmon et al., 2019; Craddock et al., 2020; Hou et al., 2021).
In the cases where multiple samples are collected, they are often
composited prior to analysis or have the results pooled during
data analysis which makes determining the spatial variation across
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the waterbody impossible (e.g., Lopes et al., 2022; Yoneda et al.,
2022). More work is needed to elucidate the spatial variation in
AMR in not only irrigation waters but other surface waters as well
as the collection of a single sample may result in the under- or
overestimation of antibiotic microorganisms or genes present in
a waterbody.

For total coliforms, variability as expressed with the CV was
lower than that for E. coli. Such differences in variability were
observed in various freshwater systems and may have been related
to the multiplicity of sources of non-E. coli coliforms such as
Klebsiella and Enterobacter (Francy et al., 1993; Noble et al.,
2003; Fiello et al., 2014). This to some extent is corroborated
by information shown in the EPA method 1604 where it was
reported that the coefficients of variation for the total coliform
group displayed a lower range than for E. coli in the results of
multi-laboratory testing whichmay be related to the relatively more
transient nature of E. coli in the environment (USEPA, 2002). The
variability of antibiotic-resistant total coliforms was also generally
smaller than that of generic E coli (Tables 1, 2).

The composite samples provided a reasonably accurate
representation of averages over individual samples across all
ponds (Figures 2–4). Such a result could be expected although
combining samples changes habitat conditions for bacteria taken
from different sampling locations, and that could impact the
‘composite-average’ comparison results. The observed differences
between composite and average might have both analytical and
natural reasons. For example, the physical mixing of the individual
samples may have changed the growth or survival conditions of
bacteria in the water samples between collection and processing
(USEPA, 1995). For example, if the pH (or other control parameter)
levels are different across the pond and bacteria accustomed
to certain conditions are mixed into a composite sample with
differing pH then this rapid change may have adverse effects on
the bacteria and our ability to enumerate them. However, in this
work, composite samples were created in the laboratory near the
time that discrete samples were being processed, and so conditions
which may have affected survival or growth would not be expected
to have a large effect given the short processing time. This brings
up an interesting question on the effects of compositing in the
field shortly after sample collection or in the laboratory shortly
before sample processing and which method is preferable. Another
possible reason for differences between composite concentrations
and the average of the sample set may be due to imperfect mixing
within the individual samples which were used to create the
composite. For example, if the target bacteria were attached to
particles in solution and those particles were allowed to settle, the
subsampling of water closer to the bottom of the bottles would
result in a higher composite value relative to sampling water toward
the top or middle of the sampling bottle. This highlights the
importance of thorough mixing prior to creation of the composite
sample. The United States Geological Survey recommends the use
of compositing devices such as “churn” or “cone” splitters, which
mix discrete samples into homogenous composites which removes
some of the error resulting from sampling of individual bottles
(USGS, 2019).

The tetracycline resistance observed in this work is
hypothetically related to cattle management. The cattle located on

the P1 property are administered both chloro- and oxytetracycline
when they are symptomatic for diseases (personal correspondence
with farm managers) which likely explains the elevated levels of
tetracycline-resistant E. coli measured at this site. Study site P4
had the second highest concentrations of tetracycline-resistant
E. coli and total coliforms with the highest concentrations of
the latter measured at the inflow (location 19) which receives
water from a property upstream containing cattle. Ponds 2,
3, and 5 contained almost no tetracycline-resistant E. coli and
do not have domesticated animals on the property indicating
that relatively higher levels are related to animal husbandry
which has previously been identified as a major source of this
antibiotic in the environment (Daghrir and Drogui, 2013;
Liguori et al., 2022). Interestingly, tetracycline-resistant E. coli

were not detected in composite samples from P2 or P3 despite
being detected in individual samples at these sites albeit in
only a few samples and at low concentrations which was also
observed for total coliforms in P5. It is probable that the dilution
of the resistant bacteria occurred during compositing which
caused the concentration to fall below the detection limit of the
IDEXX system (1 MPN 100 mL−1). Dilutional effects have been
acknowledged as an issue with regard to composite sampling
(USEPA, 1995). One strategy to overcome this is selective retesting
of individual samples if the composite sample results in a positive
concentration and the goal is to identify “hot-spots” or sources of
resistant bacteria.

While cefotaxime-resistant total coliforms were observed,
cefotaxime-resistant E. coli were not detected at any study sites.
Quantitative results on the resistance to cefotaxime or extended-
spectrum beta-lactamase (ESBL) producing E. coli are scarce in the
literature regarding antibiotic resistance in irrigation water as most
studies report the results of susceptibility testing of isolates. Studies
of ESBL-producing E. coli specific to irrigation waters from across
the world have generally reported low percentages (0 to 2.9%)
of resistance in the tested isolates (Holvoet et al., 2013; Jongman
and Korsten, 2016; Dungan and Bjorneberg, 2021; Solaiman et al.,
2022). One such quantitative study that assessed ESBL associated
resistance across Iowa streams reported finding ESBL-producing
total coliform bacteria in 94% of samples with an average resistance
(to 1 µg mL−1 dose) of ∼0.7% and 1.0% for total coliforms and E.

coli, respectively (Givens et al., 2023). Another study of the Tama
River in Japan reported cefotaxime-resistant (to 4 µg mL 1) E. coli
comprised 2.9% to 5.3% of the total E. coli population (Tsutsui
and Urase, 2019). Overall, information regarding quantitative
estimates of ESBL-producing microorganisms, as well as those
resistant to other antibiotics, in irrigation waters is largely absent
in the literature as most studies appear to quantify resistant
microorganisms in wastewaters or other heavily anthropogenically
affected waters (Harris et al., 2014; Ribeiro et al., 2018; Sanderson
et al., 2018; Marano et al., 2020). This quantitative information,
which can be supplemented by the testing of individual isolates,
will provide a better understanding of the overall prevalence of
antibiotic resistance in aquatic environments and therefore should
be a future area of research. One may anticipate a larger volume
of quantitative data on ESBL-producing E. coli in response to the
WHO’s recent release of the “Tricycle Protocol” which proposed
methods for measuring and monitoring cefotaxime-resistant E. coli

Frontiers inWater 09 frontiersin.org

https://doi.org/10.3389/frwa.2024.1397630
https://www.frontiersin.org/journals/water
https://www.frontiersin.org


Stocker et al. 10.3389/frwa.2024.1397630

FIGURE 4

Linear regressions between composite sample values and sample set averages. Panels (A–E) show data from generic E. coli, generic total coliforms,

tetracycline-resistant E. coli, tetraycline-resistant total coliforms, and cefotaxime-resistant total coliforms, respectively. Red, green, yellow, blue, and

cyan symbols indicate data from P1–P5, respectively, while circles, squares, and triangles indicate full, bank, and interior sample sets. Missing

symbols indicate when the mean of the discrete samples or the composite value were zero. R2 and m indicate the coe�cient of determination and

the (zero intercept) slope of the linear regression, respectively.

in human, animal, and environmental sectors (Efadeswarni et al.,
2021; WHO, 2021).

The concentration of antibiotic-resistant bacteria tended to
positively correlate with the generic populations in this work. The
general abundance of cultured E. coli has been shown to correlate
with levels of antibiotic-resistant E. coli in riverine (Somerville et al.,
2007; Ram and Kumar, 2020; Ott et al., 2021; Givens et al., 2023)
and lacustrine (Stocker et al., 2023) systems however the ratios
between the two groups is dependent on the local resistance in
the human and animal populations (Huijbers et al., 2020; Givens
et al., 2023). For example, no associations between anthropogenic
markers and ARGs were found in a study using multi-nation
sequencing data from pristine environments (Kampouris et al.,
2022) whereas these associations are common in agriculture or
anthropogenically affected ecosystems (Larsson and Flach, 2022;
Bengtsson-Palme et al., 2023). The possibility of relationships
between fecal pollution and antibiotic resistance has led to the idea
that measuring the general abundance of E. coli in waterbodies,
which is already routinely measured, may be a reasonable starting
point for surveilling potential ARB risks without any additional
antibiotic resistance testing (Berendonk et al., 2015; Anjum et al.,
2021; Liguori et al., 2022; Bengtsson-Palme et al., 2023). In addition,
similar relationships between fecal contamination of waterways
and the presence of ARGs have also been reported (Karkman
et al., 2019; Reynolds et al., 2020). However, it must be noted
that some studies have reported no-, intermittent-, or site-specific-
relationships between fecal indicators and antibiotic resistance
which indicates that more work is needed to better understand the
factors which control the fecal-antibiotic-resistance relationship
(Somerville et al., 2007; Reynolds et al., 2020).

Many research questions remain regarding environmental
aquatic AMR. For example, there are currently no
recommendations for where or when to sample waterbodies
to determine ARB/ARG concentrations. The results of this study
indicate that sampling only at the pond banks may result in an
overestimation of the average ARB concentrations, while sampling
only at the interior may result in an underestimation. While this

study did not delve into the temporal dynamics of ARB in the
studied irrigation ponds, recent research has shown that the time
of day in which samples are collected may also be a significant
factor governing ARB/ARG concentrations in surface waters (Lou
et al., 2022; Nguyen et al., 2022) which should be accounted for in
design of monitoring programs. Additionally, future work should
investigate how environmental compartments for AMR in aquatic
systems, such as sediments or biofilms, impact the measured
concentrations in the water column. Research has shown that
antibiotic-resistant bacteria and associated genes can be present
in much higher concentrations in these compartments than the
water column, however, the exchange rates and factors governing
the exchange (e.g., water velocity, bioturbation etc.) have yet to be
elucidated (Devarajan et al., 2015; Liu et al., 2021).

Depending on the further use of data, routine monitoring or
surveys into environmental aquatic AMR may have different goals
that may require different sampling strategies. For example, if the
objective is to determine the risk of ARB/ARG to be transferred to
field produce, then it is likely that sampling of only the surface water
is not sufficient as the water pulled for irrigation is usually from a
subsurface location. One may sample the water which reaches the
field, but recent work has shown this can be variable in time in
response to 3-dimensional spatial heterogeneity of microorganism
concentrations in irrigation water (Stocker et al., 2020). Other
surveys into AMR may want to focus on sampling only of the
bank/nearshore waters as these are the areasmost recreational users
occupy. Preliminary work has been recently performed to identify
the risk of swimmers ingesting 3rd generation cephalosporin-
resistant E. coli in the coastal waters of England andWales (Leonard
et al., 2015), but more work is needed to better generalize these
results to a range of different antibiotic resistances, study sites, and
types of waters (e.g., ponds, lakes, rivers) etc. Another interesting
avenue for future work is the detection of spatiotemporal patterns
in AMR in waterbodies which has been recently addressed as a
knowledge gap (Bengtsson-Palme et al., 2023). If “hot” or “cold”
locations are continuously sampled this may result in inaccurate
assessments of AMR in aquatic ecosystems. Knowledge of such
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patterns can guide the development of sampling programs tailored
to specific water usages and allow for a better estimation of the
degree of AMR within waterbodies.

5 Conclusions

This work was the first to evaluate composite sampling for
the assessment of antibiotic-resistant bacteria in surface waters.
Results showed that within relatively small waterbodies there
can be large variations in fecal and antibiotic-resistant bacteria
concentrations. Across the five study sites, concentrations of fecal-
and ARB were consistently higher at bank locations relative to
the pond interior sites which was significant in several cases.
Linear regressions between composite values and the averages
of individual sample sets showed that there was moderate to
very strong correspondence between the two sample types with
slopes close to 1.0. Additional statistical testing revealed that the
composite sample values were rarely significantly different from
either the mean or median of the individual sample sets. We
conclude that composite sampling is an effective approach to
capturing the variations in fecal and antibiotic-resistant bacteria
in irrigation waters, but more work is needed to expand the
set of antibiotics tested and the tested doses as well as the
study sites.
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