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Within the framework of the European Joint Programme on Radioactive Waste
Management, the work package ACED–Assessment of chemical evolution of
intermediate level (ILW) and high level (HLW) waste at disposal cell scale–used
combined experimental and modelling methods in a multi-scale approach with
process integration to improve the long-term modelling and assessment of the
chemical evolution at the disposal cell scale. Part I provides the relevance of the
assessment of the chemical evolution for safety, performance, and optimization.
It further describes the main characteristics of disposal cells for ILW and vitrified
HLW waste in European disposal programmes. From that, a number of interfaces
between different types ofmaterial are identified that are highly relevant for many
national disposal programs: glass-steel, steel-concrete, steel-clay, steel-
crystalline, concrete-clay, and concrete-crystalline. Based on literature review,
the main processes and consequences occurring at these interfaces are
described. The key element is the narrative of the evolution at the disposal
cell scale based on process understanding. In part II, tools to obtain process
understanding–experiments, analogues, modelling–are discussed in detail.
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1 Introduction

1.1 Geological disposal of high-level or intermediate-level
radioactive waste

The most safe and sustainable option for the end point management of high-level
(HLW) and (long-lived) intermediate-level (ILW) radioactive waste is to isolate the waste
and contain the radionuclides in a system of engineered barriers and natural barriers. The
waste packages are to be emplaced in a deep (several hundreds of meters) repository that is
constructed in a stable geological formation (a natural barrier). After closure of this facility,
the isolation of the waste and containment of radionuclides is controlled by natural
processes (passive safety), i.e., the waste is no longer managed. The depth of the
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disposal facility determines the vulnerability of its barriers to climate
change. The multiple barriers (see Figure 1) are assumed to be deep
enough to neglect climate change for their evolution.

All EU countries need to have a national program to deal with
radioactive waste. In general terms, the engineered barrier system
consists of a solid waste form in a (backfilled) disposal container that
is placed in a sometimes backfilled and/or lined disposal gallery.
Several materials coexist in the engineered barrier system such as
glass, cementitious materials or bitumen in the waste form, concrete
and steel of containers, and cementitious materials or clay
(bentonite) as buffer or backfill and concrete or steel as liner
material. In addition, different types of host rocks, i.e., the stable
geological formation, are envisaged with a clayey or a crystalline type
of rock being the most common host rock types in Europe. The
geological environment provides isolation of the waste. The effects
of climate change in the next million year are included in the depth
of the underground facility. For example, surface areas can be
covered with ice sheets during ice ages. The erosion potential of
streams of melting water associated with the retreat of these ice
sheets may be small for crystalline rock due to its hardness but this
potential is considered high for clay rock. Clay host formations are
therefore below several other geological formations (see Figure 1).

The engineered barriers (see Figure 1) provide containment of
the radionuclides in various functions:

• The solid waste form has a very low solubility in order to limit
the radionuclide release rates; the solid waste form is in a thin
walled container;

• The metal overpack–in which the solid waste form with the
container is to be encapsulated - prevents contact between the
waste form and groundwater for thousands till hundreds of
thousands years after closure of the disposal facility;

• The buffer or backfill can provide beneficial physical and
chemical conditions to the overpack to limit corrosion of
the overpack.

These functions are just a few examples of safety functions of the
engineered barriers and described here in order to introduce the
reader into the multiple barrier system. Each barrier can also have
multiple functions that contribute to the containment of
radionuclides (Chapman and Hooper, 2012). The engineered
barriers to contain radionuclides can be different for ILW and
HLW. Some safety functions can be time-dependent. The
required time depends on the radiotoxicity of the waste. This
radiotoxicity decreases by decay of radionuclides. Figure 2 shows
that it takes about 25,000 years for vitrified HLW to decrease to the
same radiotoxicity as the amount of uranium ore that was originally
used to manufacture nuclear fuel.

The americium isotopes are mainly responsible for the
radiotoxicity of vitrified HLW and heat generation in the long-
term. The ultimate goal of a geological disposal system is long-term
(post-closure) safety for people and the environment. To assess the
long-term safety and performance, analyses at the disposal system
scale as a whole including the engineered barriers, the host rock and
the geological environment are required. To scientifically underpin
such analysis, many additional aspects are studied experimentally
and numerically, ranging from the repository scale (or disposal

facility, including mainly engineered barriers) to more detailed
scales (e.g., interfaces between materials).

A particular scale between repository scale and detailed scale is the
scale that represents the waste packages, the gallery and a few meters of
the host rock around the gallery. This scale is called the disposal cell
scale in this review paper. The disposal cell scale consists of several
different types of materials with different geochemical properties. As
such, all these materials will evolve geochemically and also physical and
mechanical properties will vary over long time scales. These alterations
are driven by chemical gradients between the materials and
disequilibrium with their environment. The performance of the
engineered barriers will change by these chemical alterations and
associated changes in physical and mechanical properties.
Ultimately, the prevailing time-dependent geochemical, physical and
mechanical conditions of the waste form, other engineered barriers and
the host rock will influence radionuclide release, fate and transport.

1.2 The chemical evolution at the disposal
cell scale

1.2.1 Why is the chemical evolution relevant?
The chemical evolution at the disposal cell scale, even it is only a

part of the repository, forms a highly relevant input to the
assessment of many safety- and performance-related aspects such
as waste form degradation, material alteration, source term
evolution (radionuclide release), and radionuclide speciation, fate,
and transport but also to scenarios describing the evolution of the
repository. Important aspects to which a scientific-based description
of chemical changes contributes are, amongst others:

• Waste package (for HLW consisting of a container/canister
encapsulated in an overpack is embedded in a buffer)
evolution and integrity–The geochemical conditions in the
materials of waste packages and the interactions at different
interfaces within a waste package are an important factor in
the durability, performance and life time assessment of waste
packages. Crucial is the impact of these geochemical
transformations on the evolution of porosity (including
clogging phenomena), as porosity represents the primary
affected physical variable determining radionuclide migration
and fluid flow. In addition, elements in the metallic and
cementitious components in waste packages will have an
influence on the geochemical conditions in other components.

• Radionuclide release–The geochemical evolution influences
degradation/corrosion of different waste immobilisation
matrices (vitrified waste, cemented waste) and metallic
wastes as function of the evolving conditions imposed by
different materials and geometrical features. Experimental and
modelling studies concerning waste form alteration provide
essential information on the mechanisms and kinetics of
radionuclide release.

• Near field evolution–Specifically, feedbacks between the
transport of reactive species and/or other drivers for
geochemical alterations are important. The geochemical
evolution is inevitable linked with the Thermal-Hydraulic-
Mechanical (THM) processes at the disposal cell scale.
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This is relevant with respect to safety assessments,
implementation and optimization (specifically within
national programs):

• The assessment and quantification of containment of the
radionuclides which is one of the principal objectives of a
multiple barrier system in a repository, obtained via
attributing various safety functions to the system, structures
and components (SSCs). It is to be expected that, at least for
some SSCs, geochemical changes will be relevant, i.e., they
affect a given safety function of a SSC in its foreseen
timeframe. Differences in chemical conditions between
different materials induce diffusive transport, changing
geochemical conditions and, most likely, geochemical
alterations of the barriers. These alterations may influence
the lifetime of a barrier, including the waste package, and
change the mobility of radionuclides as they effect solubility
and sorption.

• The quantification of safety margins and the decrease in
conservatism and uncertainty.

• To definition of the requirements for materials, including the
robustness of allowable tolerances. The specifications,
including dimensioning, of the packages and disposal cell(s)
can be influenced based on the calculations of the geochemical
evolution. The geochemical evolution can be one of the factors
for defining acceptance criteria for varying wastes and
stabilization materials.

1.2.2 How to assess the geochemical evolution of a
disposal cell

Crucial elements to assess the geochemical evolution are a good
scientific understanding of processes that will influence the chemical
evolution and tools to extrapolate the understanding to relevant time
scales. Understanding is mostly based on observations obtained
from dedicated experiments (mostly limited in time and scale) or
natural analogues (can give information over long time scales).
Extrapolation is based on numerical modelling tools. The challenges
to assess the chemical evolution at the disposal cell scale are how
scientific understanding and knowledge on individual materials or
processes and the conceptual and mathematical models can be
integrated at a disposal cell scale, and how these complex
integrated models can be simplified to obtain model descriptions
with a complexity appropriate for a given application in the safety
and performance assessments. Crucial points are thus to:

• describe which processes are influencing the chemical
evolution at the disposal cell scale (narrative of
chemical evolution);

• understand the chemical processes within and at the interface
between materials;

• integrate the scientific knowledge into conceptual and
mathematical models for simulating the long-term large-
scale evolution;

• simplify–abstract these models to allow sensitivity and
uncertainty calculations or optimisation.

Furthermore, as processes and features on small scales may
affect the chemical evolution at a disposal cell scale, studies at

different scales are required. It is important that scales here do
not refer to its meaning in some multi-scale studies looking
at molecular, pore-, meso- and macro-scale, but to looking at
less or more different materials in less or more complex
geometries. Assessing the geochemical evolution could study
following scales:

• Interface scale: The focus of the interface scale is on two
materials in contact with each other to obtain information on
the geochemical evolution close to an interface in terms of
changes in aqueous composition and alteration in solid phase
composition at, typically, a detailed small scale.

• Waste package scale: The key feature of the waste package
scale is that several materials are present in a specific
configuration and are interacting with each other under
chemical and possible other gradients. Here, interactions
with host rocks or other waste packages are not considered.
For HLW disposal cells, in which the chemical evolution of the
waste package is governed to a very high degree by the
integrity of the canister, mainly the small-scale evolution of
the system glass, iron corrosion products and part of adjacent
backfill material (clay/cement) after canister breaching is of
interest to assess the evolution of the glass and cement
alteration zones when the materials are in contact via a
perforated stainless steel barrier.

• Disposal cell scale: The disposal cell scale consists of waste
packages and their immediate surrounding being other waste
packages or other near field components including the
host rock.

To develop integrated models for assessing the chemical
evolution at different scales, two main methodological routes are
possible being process integration and model abstraction:

• Process integration: This concerns the integration of
scientific knowledge, conceptual and mathematical
models on individual or selected processes into an
integrated, usually simplified, model. The integration will
increase the understanding of the system behaviour and
evolution, helps identifying key processes or parameters, or
enables transfer of information from a more detailed scale
to a larger scale.

• Systematic abstraction: Model complexity is reduced in a
systematic way such that (i) an acceptable description of the
chemical evolution is preserved during model abstraction,
and/or (ii) differences in some key variables of the chemical
evolution can be described qualitatively and/or
quantitatively. This leads to a better representation of
the expected evolution in safety or performance models,
thus helping in reducing and quantifying conservatism and
uncertainty and thus directly impacts the definition of
safety margins.

1.3 Objectives

This two-part overview focusses on process integration and
provide the state-of-the-art of building blocks of the geochemical
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assessment. The overview focuses solely on waste placed in deep
geological repositories with consideration of following waste forms:

• For HLW, only vitrified waste forms, typically originating
from reprocessing activities, are considered. This overview
does not examine disposal cells with waste packages
containing spent fuel.

• For ILW, the focus is on waste that is conditioned in a
cementitious matrix. Cementitious waste forms are common
conditioning material in many countries (IAEA, 2013; Abdel
Rahman et al., 2014; Ojovan and Lee, 2014; Rahman and Ojovan,
2021). However, there exists a large variety of other conditioning
matrices including for example, bitumen (Millot et al., 2024), but
they are outside the scope of this study. Intermediate level waste
have much more origins compared to HLW resulting in a larger
variety of waste types. The overview considers here only waste
with organics and metallic elements that have been processed
with cementitious materials.

The first part describes the various components and characteristics
of a disposal cell commonly found in the main European programs
(section 2). State-of-the-art scientific knowledge on processes occurring
on common interfaces in most disposal cells are discussed in detail in
section 3. Based on the information presented in section 2, the following
interfaces have been selected: glass-steel, cement/mortar-crystalline,
cement/concrete-clay, steel/iron-bentonite, steel/iron-cement/
concrete, and steel/iron-crystalline. Based on this scientific
understanding, a description is given in section 4 of the space-time
evolution of different generic disposal cells. The second part of this
overview focusses on how the scientific understanding of processes at
different spatial and temporal scales can be obtained and how
quantitative assessments can be made. Information is given on
experimental studies at laboratory scale or in-situ, on available
natural or archaeological analogues, and on coupled reactive
transport models for quantitative assessment.

2 Main characteristics of European
HLW and ILW disposal cells

The conceptualisations of the chemical evolutions require the
radiological, chemical, and physical properties of the engineered
barriers and natural barriers and the potential microbial activity in
these barriers. The radiological properties determine the
classification of waste.

• HLW has a very high activity content and also generates heat
in such amounts that special measures for sufficient heat
dissipation need to be made during storage and disposal of
this waste. Examples of HLW are vitrified waste forms from
the reprocessing of spent fuel and spent nuclear fuel. As
described in section 1.3, only vitrified HLW is considered
in this paper.

• HLW and ILW both require shielding during transport and
storage of this waste, but no additional measures for heat
dissipation need to be made for ILW. An example of ILW are
the compacted metallic parts of spent fuel that arise during the
reprocessing process of spent fuel. Also sources with alpha-
emitting radionuclides with smaller half-lives than naturally
occurring uranium isotopes such as plutonium and americium
can be ILW.

HLW and long-lived ILW are disposed of at larger depth than
LLW and short-lived ILW. Usually, the depth of the disposal facility
is so large that reducing chemical conditions are present in the virgin
clayey and crystalline host rock. The diversity in the chemical
composition of the waste forms generally decreases with
increasing radioactivity of the waste:

• HLW: Spent fuel has currently always uranium oxide as a
waste matrix and the HLW arising from reprocessing of this
fuel results into a vitrified waste form. The chemical alteration
rate of these waste forms is very small and generally well
understood for example, by studying natural analogues or
modelling (see Part II, Deissmann et al. (2024)). These
analogues do however not have complementary materials
such as steel that might alter the chemical process on a
small scale.

• ILW: The chemical nature of the waste considered in this
review is metallic or organic. Radiation resistant resins
(organic) are used to absorb radionuclides from water used
in operation and maintenance of nuclear reactors. The volume
of waste is reduced since the radionuclides are concentrated in
these resins and the cleaned water can be re-used. Metallic
waste can be compacted Zircaloy hulls from spent nuclear
power fuel but also stainless steel that has been neutron
irradiated in nuclear plants. There are several reasons why
these metallic materials (Zircaloy and stainless steel) have been
chosen to use in nuclear plants and one of them is their high
corrosion resistance. The chemical alteration rate associated to
both resins and these metallic materials can also be very small
but only for resins evidence from natural analogues
are available.

• LLW: The chemical nature of the waste can also be metallic and
organic, but the diversity in organic material arising from nuclear

FIGURE 1
The general concept of the multibarrier system for geological
disposal of radioactive waste—the waste package (solid waste form,
container, overpack), the host rock (blue) and other geological
formations (green) (adapted from Chapman and Hooper, 2012).
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power plants is generally larger for LLW than for ILW.
Exceptions are the waste arisings from research and
reprocessing plant dismantling operations; a similar diversity
in the chemical nature of the waste forms may be for LLW
and ILW. Everything that people use in ordinary life such as
cloths, paper (tissues), rubber, steel, aluminium can also become
contaminated with radionuclides and becomewaste. Also LLW is
often conditioned into cementitious materials. Substantiation of
the chemical alteration process and the prediction of the chemical
alteration rate of some specific waste forms is still investigated
since degradation of these waste forms can enhance the transport
of radionuclides into our living environment.

The waste forms for HLW and ILW (glass, metal) have such a
low porosity that the presence of the pores within these waste
forms is neglected in the chemical evolution. The alteration rate
of these waste forms depends on the physical properties
that interface these waste forms. These properties having
an impact on the chemical evolution at disposal cell scale
are the porosity, the pore size distribution and the presence of
cracks in the engineered materials and host rocks. These two

properties and the water content in the pores and cracks of these
materials determine the potential exchange of chemical species
and microbial activity. The potential diffusional pathways
of dissolved species in materials increase with increasing
saturation degree. The interfacing materials are not in
equilibrium and a new precipitated material between the
interfacing materials may arise. This new material can also
have physical properties that impact the chemical evolution.

Microbial activity enhances chemical processes, for example,
the microbially induced corrosion rate of steel is larger than the
pure chemically induced steel corrosion rate. Microbes are always
present but there is no microbial activity if these microbes are in a
dormant phase. The microbial activity depends on various factors
that can be generalized (see Figure 3) and these factors need to be
taken into account in the selection of (the combination of materials
for) the engineered barriers. Preferably, microbial activity is
minimized by design, especially for HLW, in order to be able to
reduce the uncertainty in the prediction of the chemical evolution.
There are also very different types of microbes but the alteration of
a material may require specific microbes. Microbes require organic
matter as a food source but also other nutrients to build their DNA

FIGURE 2
Relative radiotoxicity of vitrified HLW from reprocessing of spent nuclear power fuel from a pressurized water reactor (PWR) when all radionuclides
are released from the glass and the uraniumore, radiotoxicity of uraniumore tomanufacture fuel is here set as 1. Calculations performed by Professor Jan
Leen Kloosterman from Delft University of Technology in the Netherlands in 2017.
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and proteins. Organic matter can be present in the waste forms of
ILW but not in a HLW waste form.

Radiation There is a wide diversity of values considering the
radiation resistance of microbes. It is the hydroxyl radical that is
formed during irradiation of water and water containing media that
is the most damaging agent since this radical oxidises DNA, RNA,
proteins and lipids (Brown, 2013). The upper limit of the radiation
dose of microbes is 30 kGy (Wouters et al., 2016). For example,
microbes that can enhance corrosion of steel and have been added to
steel lose their activity after 100 days irradiation at dose rates of
2.1 Gy per hour, i.e. 5 kGy (Bruhn et al., 2009). Figure 8 shows the
expected radiation dose rates for steel interfacing buffers (see
Section 4.1). Some elements determining the activity of the
microbes are shortly described below.

Temperature The diversity in the denaturation resistance of
microbes is large and can range from −20°C till 122°C (Wouters
et al., 2016). The optimal activity of sulphate reducing bacteria1,
i.e., bacteria mainly responsible for microbial induced corrosion, is
28°C–30°C, but these bacteria can tolerate a temperature as high as

75°C (Virpiranta et al., 2019). Buffers usually have a limit of 100°C
(see Section 2.1.3.3).

Space/porosity A microbial cell should have a certain minimal
size in order to harbour all essential proteins and nucleic acids to
maintain life. The range in diameters of microbes is between 0.2 µm
and 2 µm. The connecting pore throats in clayey host rocks such as
Boom Clay are smaller than 10–50 nm. The microbial activity is
restricted in space in these clayey rocks not only because they are not
mobile but also because the transport of electron donors and
acceptors and carbon sources is very slow (Wouters et al., 2016).
The best natural analogue to illustrate negligible microbial activity in
clays is the Dunarobbe forest in Italy in which 2 million year old
trees had been preserved in compacted clay. These trees were
protected against microbial degradation and therefore had
cellulose contents similar to present-day wood (Lombardi and
Valentini, 1996; De Putter et al., 1997)). Manufactured concrete
can also have pores with a maximum in diameter till 50 nm but that
requires very well engineering. A maximum in 100 nm (0.1 µm) is
not uncommon for concrete by which it can also be assumed that the
potential microbial activity is limited due to space restriction in
concrete. Dormant microbes can become activated when cracks in
clayey rock or concrete appear.

Water/dryness Most microbes require water activities larger than
0.9 in order to be active (Swanson et al., 2018), i.e., a relative humidity of
90%.However, there is also a wide diversity in the desiccation resistance
of microbes. Sulphate reducing bacteria have been experimentally

FIGURE 3
Generalized overview of restricting and enhancing parameters for microbial life (Wouters et al., 2016).

1 The presence of FeS is attributed to the presence of sulphate reducing

bacteria in soils and although these bacteria are regarded as harmful to

steel, archaeological analogues do not confirm this behaviour (Dillmann

et al., 2014).
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examined to require a minimum in water activity of 0.96 (Stroes-
Gascoyne andWest, 1997; Stroes-Gascoyne et al., 2007). Lower relative
humidities can be present during storage of the waste, in the operational
phase of the disposal facility and early in the post-closure phase for
HLW disposal cells, when the waste emits heat and drying occurs.

Salinity Salinity has a similar effect as drying, i.e., the water
activity is reduced with increasing salinity. A water activity of 0.90 is
equal to ≈2.7 M NaCl solution or ≈1.4 M MgCl2 solution (Swanson
et al., 2018).

pH Microbial life in high pH environments requires a
mechanism to keep a neutral cellular life and a proton motive
force across the cell membrane to preserve proteins and produce
adenosine triphosphate (ATP), a carrier of energy. The
concentration of H+ is very small at high pH and an upper limit
of 12 is generally assumed, although microbial communities have
been described also to grow up till a pH of 13.2 (Wouters et al.,
2016). These microbes have been found in a lake in which steel slag
had been dumped (Roadcap et al., 2006).

Although the HLW and ILW disposal cells have country or
program-specific features and specifications, it is possible to group
them into different classes with respect to the different components,
structures, interfaces etc. The following sections describe this
grouping and the main characteristics of the HLW and ILW
disposal cells in European countries/programs. The section starts
with the characteristics of the waste and the engineered barriers.
Construction and operation of the disposal facility can have an
impact on the clayey and crystalline host rock and affect both ILW
and HLW disposal cells and are described at the end of this section.

2.1 HLW disposal cells

2.1.1 Characteristics of vitrified HLW
Vitrified HLW results from the reprocessing of spent nuclear

fuel from which uranium and plutonium have been extracted.
The pretreated High-Level Liquid Waste (HLLW) is melted with
a glass frit and poured into a stainless steel container (Baehr,
1989). This waste processing ensures that the radionuclides are
homogeneously distributed in a borosilicate glass matrix. This
matrix contains traces of plutonium and uranium, other actinides
that have not been extracted such as americium and fission
products. These vitrified waste products have been made in
Sellafield (UK) and are still being made in La Hague (France).
The largest amount comes from France and therefore frequently,
the French abbreviation for this waste product is used: Conteneur
Standard de Déchets vitrifiés, CSD-V. The vitrified waste product
is made in two batches with each of 200 kg of molten glass
(Moncouyoux et al., 1991) – typical dimensions of CSD-V are
found in CEA (2009). The thermal power as a function of time
and other properties of a CSD-V with a high actinide content can
be found in the (Supplementary Materials Section 1). Vitrified
waste was also produced in a few other countries
United Kingdom and Belgium (Thorpe et al., 2021; Ojovan
and Yudintsev, 2023).

The number of cracks that are present within this waste form
after pouring into the canister and subsequent cooling may be
limited, but a tomographic or X-ray image of a canister with
processed waste to deduce the cracks within the waste form has

not been found. The experimental studies performed in the nineties
for the 3rd framework (RTD) programme to characterize
radioactive waste forms have demonstrated that it is possible to
produce homogeneous glass blocks by applying appropriate cooling
procedures even with non-radioactive simulate HLW, as has been
observed with tomograms (Reimers, 1992). Full-scale tests with non-
radioactive simulants without appropriate cooling procedures show
large glass shrinkage cavities (Moncouyoux et al., 1991) as the inner
part solidifies last. Rapid cooling also generates a large number of
circumferential cracks due to the stress associated with the large
thermal gradient (Reimers, 1992). The temperature of the waste will
remain several hundreds of degrees after the vitrified waste form is
transferred to the storage facility. The size of the glass specimen and
cooling rate are essential in order to determine which experimental
results are representative for disposal of waste. The ‘so-called’
reference blocks with a controlled cooling rate of 2.8°C per hour
(Moncouyoux et al., 1991) may therefore provide the best estimate
for the determination of a cracking factor but the time at which the
package is removed from the casting station at which molten
vitrified waste is poured in the canister is an essential feature.
This cracking factor (or fracturation factor) is a parameter that is
used in performance assessment studies to determine the alteration/
dissolution rate of glass and radionuclide release rate. The cracking
factor can be best estimated from the actual measured surface area.
For the block with the controlled cooling rate of 2.8°C per hour: the
outer surface of a glass block would be 1.781 m2, assuming the
surfaces at top and bottom to be flat. After the reference block of
391 kg was taken out of the canister, it was broken into 11 pieces: one
weighing 250 kg, another 80 kg and nine pieces with a weight of less
than 10 kg. The outer surface was 2.787 m2 as measured by wrapping
all the faces in aluminum foil. The cracking factor then becomes
1.56. Even if the 400 kg poured glass was removed 2.5 h after pouring
and left to naturally cooling, the cracking factor only increases till
less than one order in magnitude: 14.5 (Moncouyoux et al., 1991).
Please note that this cracking factor is smaller than average in
cracking factor of 40 obtained from leaching experiments with
another experiment with inactive glass blocks at full-scale. This
factor is reduced during the leaching experiment until an average in
cracking factor of 5 due to alteration of glass by which the small
cracks were closed (Ribet et al., 2009).

The presence of radionuclides within glass has some beneficial
characteristics to prevent or heal cracks. The thermal power source
and the radioactivity work as glass network modifier by producing
ionization rays. Cooling (passive) systems are needed in order to
store these vitrified waste forms. The thermal power is so large that it
can take 65 years in order to have a sufficient heat loss for disposal.
The α-decay of actinides present in waste diminishes slightly the
glass density and its mechanical properties and appreciably
improves, especially its resistance to cracking (Ribet et al., 2009).
The evolving helium diffuses through the glass at such a high speed
at room temperature that helium implantation below room
temperature is necessary to make helium observations within
glass using neutron activation analysis (Chamssedine et al.,
2010). Consequently, defects generated by stopping the highly
energetic alpha particles within the waste form are annealed at
room temperature by which helium trapping by defects within the
waste form glass does not occur at temperature conditions
representative for storage and disposal.
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2.1.2 Metal overpack
For disposal, the stainless steel canister with vitrified waste is

envisaged to be put in a carbon steel overpack (see Figure 1) in many
national programmes (e.g., France, Switzerland, Belgium and
Netherlands) (Neeft et al., 2020). This steel has predictable
corrosion kinetics; general corrosion is considered the
predominant mechanism rather than localised corrosion
processes such as pitting. In all programmes, the safety function
of the overpack is to prevent contact between the vitrified waste form
and groundwater but the required periods for this physical
containment are different. These differences are caused by the
used safety concepts.

• In the French concept, there should be no contact between
pore water and vitrified waste until the temperature of the core
of the vitrified waste form is lower than a certain temperature.
This temperature is determined by the advances in knowledge
about the behaviour of vitrified waste forms and radionuclides
in solution. The required period for containment is envisaged
to be less than 500 years.

• The temperature of the host rock is considered as a criterion in
other programmes for this physical containment, for example,
in the Belgian and Dutch programme. The heat dissipation to
the host rock should be declined to negligible. If that is
achieved, radionuclide migration data obtained in
laboratory experiments performed at room temperature or
the radionuclide migration data extracted from the site, can be
used to calculate the transport of the released radionuclides in
the clay formation. The required period for integrity of the
steel container and carbon steel overpack is envisaged to be
more than 1,000 years.

The Czech and Spanish programmes do not consider
vitrified HLW but they do consider these steel overpacks for
physical containment of spent nuclear power fuel and spent fuel
also generates heat like vitrified waste Such programmes
therefore also contributed to understanding of chemical
evolution under temperature gradients as long as overpacks
are intact. This steel overpack is in contact with an
engineered buffer in their programmes and has the same
purpose as disposal cells with vitrified waste Many other
programmes also envisage an overpack interfacing an
engineered buffer (Neeft et al., 2020).

2.1.3 Characteristics of disposal cells with
buffer materials

Bentonite and concrete are envisaged as interfacing
materials for the carbon steel overpack. Bentonite buffers are
considered in the Czech, English, German, Spanish and Swiss
programmes and concrete buffers are considered in Belgian and
Dutch programmes. These engineered buffers are carefully
designed to meet specific criteria. The work performed on
bentonite in the Swedish and Finnish programmes has been
carefully looked at to extract its characteristics.The bentonite
interfaces copper in these Scandinavian programmes instead of
steel. In this paper, interfacial reactions between copper and
bentonite are not considered, only those between bentonite
(clay) and steel.

2.1.3.1 Characteristics of bentonite buffer
Bentonite has a high smectite content of which montmorillonite

is the most abundant mineral. These minerals can swell and
therefore induce a large impact on the distribution in size of
pores, its consequent connecting pore throats and hydraulic
conductivity. The smectite content can be 88 wt% as used in the
Czech and 75 wt% in the Swiss programme, in which smectite is
further specified as Na-montmorillonite in Wyoming MX-80
bentonite (Müller-Vonmoos and Kahr, 1983). Wyoming MX-80
bentonite is also used in the Swedish programme (Wanner et al.,
1983). Please note that these clay contents are higher than the clay
contents of around 60 wt% in any clay host rock considered in the
national programmes (see Supplementary Materials). The bentonite
is compacted to an optimum in density and its resulting swelling
pressure. The density and swelling pressure should be high enough
to reduce microbial activity and resulting swelling pressure, prevent
movement (sinking) of the overpack, and limit advective transport
(Hedin et al., 2011). There is much evidence indicating that
microbial activity will not occur in compacted bentonite with a
dry density exceeding 1,600 kg/m3, either because of low water
activity or because of the effect of swelling pressures in excess of
2 MPa on the physiology of the microbes (Johnson and King, 2008).
There are a number of interface locations such as placement gaps,
contact regions with materials of different densities and contact
points with water carrying fractures in the crystalline rock by which
the dry density can become smaller than 1,600 kg/m3 upon
expansion of compacted bentonite into a void. The reduction in
dry density can stimulate or restore the cultivability of indigenous
microbes which would increase the possibility for in-situ microbial
activity. Reductions in dry density should therefore be minimized or
eliminated by adequate design (Stroes-Gascoyne et al., 2011). The
density and resulting swelling pressure should also be low enough to
prevent damage to the metal overpack and host rock (Hedin
et al., 2011).

Bentonite buffers are usually ‘dry’ emplaced. Dry can mean for
bentonite buffers a water content of 17 wt% (e.g., Johannesson et al.
(2020) or 10% (e.g;, Atabek et al., 1991). The saturation of these dry
blocks with which the buffer is constructed is between 50%–60%
(Johnson and King, 2008). The pore water chemistry of this
engineered barrier is therefore determined by the inflow of host
rock water and establishment of equilibria between dissolved species
present in this host rock water and minerals present in bentonite,
i.e., there is no initial pore water chemistry as in concrete.

2.1.3.2 Characteristics of concrete
Cementitious materials, a material omnipresent in many disposal

systems (Jacques et al., 2021a), are a chemically reactive material in
many environments and could be subject to several chemical ageing
and processes (Jacques et al., 2021b; Rahman and Ojovan, 2021).
Therefore, the characteristics of concrete are of uttermost importance
for its long-term chemical durability. The required strength of
concrete, environmental class, fluidity during pouring and
distribution in size of aggregates have all been defined before
fabrication of any cementitious material. The strength of concrete
is determined by the strength of aggregates and the attachment of the
aggregates with the cementitious phase in concrete. Choices in
concrete recipe and type of mixing of ingredients follow from
these requirements and available knowledge. This available
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knowledge is integrated in standards for civil engineering. These
standards are regularly updated. The European standard EN
206 divides the potential degradation of concrete or the
reinforcement inside the concrete into 18 exposure classes. There
are three exposure classes for ranges in dissolved sulphate content, pH,
amount of dissolved CO2, dissolved ammonium and magnesium
content. All dissolved species are also present in the pore water of
clay and crystalline host rock except for dissolved ammonium, which
is characteristic for polluted groundwater. Polluted groundwater may
not be relevant for disposal studies. The pH of concrete pore water is
high after fabrication of concrete, around 13 (see Supplementary
Material Section 2). The ingress of CO2 can lower the pH of the
concrete pore water, which can be detrimental to the steel used for the
reinforcement, i.e., ingress of CO2 may not be detrimental to concrete
itself. The resulting calcite precipitation within concrete results in a
porosity reduction that can decrease the permeability of concrete. The
environmental class determines many requirements. For example,
concrete being exposed to the highest magnesium concentration
(XA3) requires:

• the smallest water to cement ratio since this ratio has an
impact on the permeability of concrete and thereby ingress

rate of dissolved magnesium. A small permeability is
characteristic for a concrete with a high strength and has
the smallest ratio in water to cement;

• the largest cement content in order to buffer the ingress
of magnesium;

Superplasticisers are used to achieve a well mixing and
processability of cementitious fluid with a reduced water
content. There are chemical alterations in which the
mechanical strength of fabricated concrete is too early too
much decreased in the operational phase of the disposal
facility or in the post-closure phase of the disposal system.
These alterations can be prevented with a proper choice in
cement, content of cement in concrete and a proper choice in
combination of cement and aggregates. For example, sulphate
resistant cement is used to prevent Delayed Ettringite Formation
(DEF). DEF can be caused by:

• an internal sulphate attack, when the temperature during
hydration is too high;

• an external sulphate attack by ingress of dissolved sulphate
species reacting with tri calcium aluminate (C3A).

FIGURE 4
(Top) Abstracted disposal cells containing vitrified HLW considered in Europe for the host rocks: crystalline (A), poorly indurated clay (B) and
indurated clay (C). Blue = vitrified HLW, black = steel overpack, bentonite (purple) or concrete buffer (grey) surrounds the overpack, grout = light grey and
purple both clay host rocks. (Bottom) Abstracted disposal cells containing cemented ILW considered in Europe for the host rocks: crystalline (D, E) and
poorly indurated clay (F). Blue = ILW or cemented ILW, black = steel, green = crushed crystalline rocks, grey = concrete, light grey = mortar or
shotcrete and purple = poorly indurated clay.
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The hardened cement paste between the aggregates is cracked
when DEF occurs. Both cases of DEF can be prevented by limiting
the C3A concentration. A Portland cement blended with microsilica,
fly ash or slag also reduces the temperature for hydration by which
internal sulphate attack is prevented. These blended cements can be
called sulphate resistant cements for example, CEM III/B.

Another example of a proper choice to prevent chemical
alteration in which the mechanical strength of fabricated concrete
is too early too much decreased is using calcite or quartz aggregates
instead of aggregates with silica polymorphs that have a higher
reactivity with alkalis in the concrete pore water. These silica
polymorphs change into silica gels; cracks become present
through the reactive siliceous aggregates. The use of blended
cements also reduces the probability of the alkali silica reaction
(ASR) due its low permeability at an ordinary engineering time scale
of about 100 years. Concrete made with blended cements are called
low-permeability concretes, due to their more refined pore structure
compared to concrete made with Portland cement (Atabek et al.,
1991; Atkins et al., 1991; Mulcahy et al., 2017). A porosity between
10 and 15 vol% is a good estimate for the concrete buffer.

2.1.3.3 Characteristics of the bentonite buffer and
concrete buffer

Both bentonite and concrete buffers have small connecting pore
throats by which two beneficial physical conditions are provided for
the durability of the carbon steel overpack:

• the transport of dissolved chemical species is dominated by
predictable slow diffusional processes;

• microbial activity is limited.

The corrosion of many metals is determined by the solubility of
the metal-oxide that is formed, the diffusion of species through this
metal-oxide and the concentration of dissolved species near this
metal-oxide. In case of carbon steel, the anaerobic corrosion rate is
controlled by the formation of magnetite. These dissolved species
have a larger diffusional speed in stagnant groundwater than in these
buffer materials, by which the removal speed of these dissolved
species is larger. The concentration of dissolved species near the
metal-oxide can however also be reduced, if the buffer adsorbs the
dissolved species. The microbial corrosion rate is usually larger than

FIGURE 5
(A) Schematics of processed resins (adapted from Verhoef et al. (2016)). Magnetite aggregates are used for the fabrication of the concrete in
reinforced concrete container in order to contribute to shielding. (B) Detail with the resin beads embedded in a cementitious matrix.
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the chemical corrosion rate (e.g., Swanton et al. (2015)), but the
initiation of microbial corrosion does not take place when the
microbial activity is absent. This absence may be possible by
space restriction in both buffers. The high pH for the concrete
buffers is also limiting the microbial activity.

Both buffers have a temperature limit of 100 °C in many disposal
programmes. One of the reasons for this temperature constraint is to
limit degradation or mineral alteration of the bentonite buffer for
bounding the uncertainty in the long-term predictability of this
buffer. For the concrete buffer, this temperature constraint has been
set to limit the formation of a gaseous phase.

Figure 4 shows an abstraction of the disposal cells considered in
Europe for the following host rocks: granite (e.g., Czech Republic2),
poorly indurated clay (e.g., Figure 4B, Belgium and Netherlands with
the supercontainer concept (Bel et al., 2006)) and indurated clay
(e.g., Switzerland and France, Figure 4). The disposal concept of
compacted clay buffer bricks surrounding vitrified waste in granitic
host rocks has been studied earlier in Europe (e.g., Atabek et al.,
1991) but these studies were without a carbon steel overpack. Please
note that the thickness of the carbon steel overpack considered for
concrete buffer is thinner (about 3 cm (Neeft et al., 2020)) than
considered for this overpack for bentonite buffers (about 14 cm, e.g.,
in the Swiss programme (Leupin et al., 2016). The reason for this
difference in thickness is the higher corrosion rate foreseen for steel
interfacing bentonite compared to concrete.

Lining material to support the rock is not needed and used for
crystalline host rocks. Pre-fabricated concrete segments are needed
to construct a disposal gallery in poorly indurated clay. These
hardened segments need to be directly applied against the fast
convergence of this clay. There is more time to apply a lining in
indurated clay for example, when excavation has been finished. The
lining is made by in-situ curing of shotcrete (grout). Grouts are
sprayed against the surface of excavated rock in a disposal gallery for
indurated clays. Chemical interactions between the cementitious
fluid and the clay host rock take place before hardening. Reaction
rims between shotcrete and clay may have been formed in order to
enhance the bonding of the shotcrete with the clay host rock.

The porosity of the pre-fabricated concrete segments is similar
to the concrete buffer, i.e., between 10 and 15 vol%. The porosity for
the backfill grout and shotcrete is larger between 25 and 35 vol%.

2.2 ILW disposal cells

2.2.1 Characteristics of ILW
2.2.1.1 Metallic ILW

If further specified, the metallic ILW considered in this review
was Zircaloy, stainless steel and carbon steel (Neeft et al., 2020).

Metallic radioactive waste is mainly generated by reaction with
neutrons and elements within these metals.

Stainless steel and carbon steel arise from the maintenance and
dismantling of nuclear reactors. Metallic waste also arises from
reprocessing spent fuel from nuclear plants: Compacted waste
Standard Residues (Collis Standard de Déchets Compatés: CSD-
C). It comprises metal parts from the spent fuel assemblies that have
been cut off to extract the spent fuel, then rinsed and dried. A
canister of about 170 L internal volume is filled with either hulls or
end pieces. The hulls are made of Zircaloy; other metal parts are
usually made of Inconel. End pieces are solid stainless steel sections.
Drums with other waste arising from reprocessing fuels, such as
pumps, stirrers and filters, are primarily made of stainless steel. All
drums are compacted to produce pucks that are loaded into CSD-C
canisters with similar outer dimensions to those used for vitrified
waste, which are welded closed. The void space is about 20% in the
canisters. CSD-C canisters can later be encapsulated in concrete
containers (see Figure 4). Another example of pure metallic ILW is
activated steel (e.g., Stein, 2014). Frequently, however, radioactive
steel is processed with organic ILW (e.g., Uras et al., 2021).

2.2.1.2 Organic ILW
If further specified, the organic ILW in this review were spent

resins, but the French programme noted a special interest in PVC
and cellulose since degradation of both polymers lead to complexing
agents for radionuclides (Neeft et al., 2020). The amount of cellulose
based material identified in the ILW inventory in the French
programme is 25 wt% (Altmaier et al., 2021). Experiments with
cellulose have been made and described e.g., in Blanc et al. (2024)
and Altmaier et al. (2024) but are not treated in this paper.

Resins purify reactor coolant water and other types of water used
during operation and maintenance of nuclear reactors. The most
common form of synthetic ion exchange resins is polystyrene
divinylbenzene in powdered form with diameters from 5 to
150 µm or in beads from 0.5 to 2 mm. The resins have
functional groups that are to be exchanged with a radionuclide in
cationic form such as 60CoOH+ or in anionic form such as H14CO3

−.
Spent resins are mixed with a waste matrix that can be a
cementitious matrix. Figure 5 shows the schematics of this waste
with an example showing a detail with the embedding of resin beads
in a cementitious matrix (blue). This matrix is fabricated without
siliceous aggregates. This type of waste is a so-called homogeneously
mixed cemented waste (Uras et al., 2021).

An image of a heterogeneously cemented waste is compacted
plutonium contaminated material generated at the Sellafield site
in the United Kingdom that contains halogenated plastics (PVC)
and non-halogenated plastics, is available in the MIND project
from the Horizon 2020 programme. These compacted plastics
have been enclosed in an annulus of cement grout (Abrahamsen
et al., 2015).

2.2.2 Characteristics of ILW disposal cells
Cementitious materials are used to condition the ILW but can

also be used as a backfill. The dimensions of a disposal gallery for
ILW are usually larger than those of galleries constructed for
disposal of HLW. Figures 4D,E shows an abstraction of the ILW
disposal cells considered in Europe for the following host rocks:
crystalline (Figure 4d,e, e.g., Sweden) and poorly indurated clay

2 Spent fuel is not reprocessed in the Czech and Spanish programmes; thus,

there is no vitrified HLW to be disposed of in Spain and Czech Republic.

The HLW disposal cell does have the steel/iron-bentonite and steel/iron-

granite interfaces investigated within ACED. The available knowledge from

these programmes is therefore relevant for ACED until there is contact

between the pore water and the waste form.
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(Figure 4f, e.g., Belgium). The ILW disposal cells in crystalline rocks
consist of vaults that are lined with shotcrete to stabilise the rock in
the operational phase and caissons in which the waste containers
are emplaced.

The types of waste drawn in Figures 4D,E are processed spent
ion exchange resins with a sacrificial stirrer for each package and
metallic waste arising from the maintenance of a nuclear reactor and
being mostly steel (both disposed in granitic rock). As an example,
processed resins have been drawn within reinforced concrete
caissons and metallic waste in unreinforced concrete caissons.
The coverage of concrete in well-engineered reinforced concrete
depends on the environmental class, for example, 40 mm for the
highest environmental class XA3 in the European standard EN 206.
For reinforced concrete, the attachment between steel and the
cementitious phase is important. Steel rebars have usually
ribbons and are commonly oxidised in air before concrete
pouring in order to obtain a good attachment between concrete
and steel. Gaps between steel and the cementitious phase of concrete
may arise due to shrinkage of the cementitious phase during
hardening, when polished and smoothend steel is used. Oxygen
in air can increase the corrosion rate of steel. The corrosion rate of
steel is minimized if steel is exposed to reducing, alkaline conditions,
since a passivation layer on the steel surface that limits corrosion is
stable at these chemical conditions. Consumption of oxygen by
corrosion of steel can deplete oxygen in the vicinity of the steel bar
by which aerobic corrosion is followed by a lower anaerobic
corrosion rate. High aerobic corrosion rates caused by the
insufficient coverage of the steel bar by concrete may result into
the spallation of concrete during the operational phase of the
disposal facility. Especially if carbonation of the concrete cover
has occurred by which the alkaline environment is no longer
provided. So far, only cracking of concrete by aerobic corrosion
of rebars has been known with characteristic orange-brown
corrosion products with minerals such as hematite and
lepidocrocite. Anaerobic corrosion of rebars is characterised by
dark-brown to black corrosion products with minerals such as
magnetite (Argo, 1981).

For granitic rocks, also shotcrete or a grout can be applied
sometime after excavation as previously explained for the HLW
disposal cells constructed in indurated clay. The caissons are
backfilled with cementitious grout after completion of
emplacement of waste packages. The empty volume between the
caissons and shotcrete is backfilled with crushed granitic rock to
control the waterflow in the disposal gallery. Granitic rock is easily
available from the excavation activities.

Hardened concrete segments need to be immediately applied
after excavation of poorly indurated clay as previously explained for
the HLW disposal cells constructed in poorly indurated clay. A
cylindrical concrete disposal package containing eight canisters
CSD-C is envisaged to be emplaced in this disposal gallery. This
gallery is backfilled with mortar.

2.3 Characteristics of host rocks

Usually, the depth of the disposal facility is so large that reducing
conditions are dominant for clayey and crystalline host rocks.
Determination of the chemistry of the porewater is not always

possible by measurements, modelling needs to be used especially
for clayey host rocks. The pore water chemistry of the virgin host
rock and how this chemistry has been determined and the
mineralogy and its impact on the pore water chemistry are
described in the Supplementary Materials.

The properties of the host rock in the vicinity of the
engineered materials change during excavation of the host
rock and may change during the operation of the facility.
There will be some fractures generated in the host rock and
the size and density of the cracks depends on the excavation
technique, size of excavated volume and type of host rock. The
disposal galleries to emplace HLW packages are usually smaller
in diameter than the disposal galleries to emplace packages
containing ILW and the excavation procedure can be
different. The outcome of both features is that the Excavation
Damaged Zone (EDZ) is smaller for galleries to dispose HLW
than for galleries to dispose ILW. The required time to heal or
seal these fractures is host-rock dependent.

2.3.1 Crystalline host rocks
2.3.1.1 Construction

Crystalline rock specific excavation procedures have been
defined in Finland and Sweden to make galleries to dispose of
HLW with an acceptable limited water inflow through fractures to
emplace the engineered material bentonite in the operational
phase (e.g., Baxter et al., 2018). The water flow from the host
rock into the disposal cells needs also to be limited for the post-
closure phase to limit ingress of species from shallow and deep
ground water (Vieno et al., 2003) and bentonite erosion (Baxter
et al., 2018). Excavation of rock to construct disposal galleries is
performed by drilling and blasting. Rock support are bolts and
shotcrete; the density of applied bolts as well as non-reinforced or
reinforced shotcrete is determined by the fracture extent of the
rock (e.g., Carlsson and Christiansson, 2007). Shotcrete hardens
in-situ and chemical interactions between the cementitious fluid
and crystalline host rock can take place before hardening. Reaction
rims between shotcrete and crystalline may have been formed in
order to enhance the bonding of shotcrete with the
crystalline host rock.

2.3.1.2 Operation
Decades of experience is available for operating a disposal

facility for LLW and short lived ILW in Hungary, Sweden and
Finland. Pumps are needed to keep the disposal facility dry. The
main inflow of water into this facility in Sweden is, however through,
the access tunnels and not the disposal galleries (Carlsson and
Christiansson, 2007; Vahlund and Andersson, 2015). The
permeability of the shotcrete lining is smaller than the
permeability of the crystalline rock. The same accounts for the
bentonite buffer that is emplaced in HLW disposal cells.
Consequently, the concrete lining and bentonite buffer acts as a
barrier for further transport of water into the facility. Potential
healing of fractures can take place by precipitation of minerals, e.g.,
calcite, chlorite and clay minerals (Drake et al., 2006).

Also, the ingress of dissolved species from the host rock pore
water that can alter the cement mineralogy of the lining in ILW
disposal cells starts in the operational phase. The shotcrete used for
disposal cells in crystalline rock can become atmospherically
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carbonated due to ventilation air. The fractures in crystalline rock
give a heterogeneous influx of granitic pore water into the shotcrete.
The ingress of bicarbonate, sulphate and dissolved magnesium
(depending on the host rock geochemistry) may precipitate into
minerals that replace the calcium-containing cement minerals.
There can therefore be a loss in strength of shotcrete liner in the
operational phase since the calcium-containing minerals provide the
binding and strength of the shotcrete.

2.3.2 Poorly indurated clay
2.3.2.1 Construction

Special tunnel boring machines are used to construct galleries in
poorly indurated clays. Concrete segments are immediately applied
after excavation of the clay with these machines. The stability of the
lining is caused by the use of a wedge block. The block is emplaced
between concrete segments. Concrete interfacing clay in the HLW
and ILW disposal cells (Figure 4) is the external diameter of the
gallery. The diameter of the excavated clay is slightly larger than the
envisaged external diameter of the gallery. This so-called overcut is
needed in order to be able to emplace the concrete segments. So far,
the EDZ has been measured by the larger hydraulic conductivity
compared to virgin clay. The larger hydraulic conductivity is
attributed to the presence of cracks. The hydraulic conductivity
of clay interfacing the concrete liner is the largest measured
hydraulic conductivity. Further away from this interface, the
hydraulic conductivity diminishes and approaches the virgin
hydraulic conductivity.

The cracks induced by excavation revoke the limitations for
microbial activity that were initially present in the virgin host rock.
Active microbial communities present in various boreholes
demonstrate that only providing space is sufficient to initiate the
establishment of an active microbial community (Wouters et al., 2013;
Wouters et al., 2016). The smectite content of poorly indurated clay is
more than 20 wt% (see Supplementary Material Section 3.1). The
dominant process for closure of cracks is self-healing by swelling clay
minerals (Bernier et al., 2007). The decrease in hydraulic conductivity
by self-healing of cracks will limit the transport of cells and nutrients.
This excavation inducedmicrobial activity is therefore envisaged to be
only temporarily present.

2.3.2.2 Operation
The concrete segments are usually manufactured with a so-

called engineered impermeability; envisaged porosities are between
10% and 15%. This limits the diffusional exchange between the
dissolved species in the concrete segments and clay but also
dehydration of the clay; the Boom Clay surface - at emplaced
concrete segments that had been removed for experimental
reasons - felt wet. The flow of water into the disposal facility is
so small that ventilation is sufficient to keep the facility dry. The salts
that have been deposited at the intrados of the concrete liner
especially at joints between concrete segments indicate the
preferential flow of clay pore water (Levasseur et al., 2021). The
concrete lining acts as a barrier for further transport of water into the
facility by which sufficient access of water is present in the
operational phase to seal the fractures. The sealing of these
cracks takes place by swelling of clay minerals such as smectite.
This process can be very fast. No difference in hydraulic conductivity
has been found for galleries constructed with an external diameter of

2.5 m (Dizier et al., 2017). The overcut during the construction of the
gallery was minimized. In the SELFRAC project from the
FP5 programme, the hydraulic conductivity in clay surrounding a
gallery with an external diameter of 4.6 m was studied. This gallery
was constructed with a larger overcut. After a few months, the
hydraulic conductivity at 1.5 m from the interface with concrete was
measured to be 3 times larger than the virgin hydraulic conductivity
(Bernier et al., 2007) and two times this hydraulic conductivity after
8 years (NIROND, 2013). The virgin vertical hydraulic conductivity
is about 1.7 × 10−12 m/s for Boom Clay, i.e., a poorly indurated clay
(NIROND, 2013; Levasseur et al., 2021).

Atmospheric carbonation of the concrete segments from the
intrados towards the extrados is expected but the small porosity and
the engineered water tightness of the concrete segments prevents
carbonation. Carbonation of well-engineered buildings at the
surface exposed to the atmosphere for more than 100 years have
measured carbonation depths smaller than 1 cm (Mallinson and
Davies, 1987). This carbonation depth is very small. Above all,
carbonation may not necessarily be a problem for the performance
of unreinforced concrete. Spallation of concrete from reinforced
concrete can occur especially if sufficient ingress of oxygen takes
place for aerobic corrosion of the rebars.

The thermal impact on the damaged zone in poorly indurated
(and indurated clays) has been investigated in the 6th framework
programme TiMoDaz. There will be an increase in temperature in
the host rock due to the conduction of the emitted heat by HLW for
the HLW disposal cells. This 6th framework programme provided
the evidence that the thermal-induced plasticity, swelling and creep
of clay are likely beneficial for the sealing of fractures and recovery of
the permeability of the EDZ to the original state of the clay host rock
(Li et al., 2010).

2.3.3 Indurated clay
2.3.3.1 Construction

Road headers and tunnel boringmachines are used to construct the
excavation rooms in indurated clay. The lining does not need to be
applied immediately. The virgin vertical hydraulic conductivity for
indurated clay can be more than 10 times smaller than in poorly
indurated clays, for example, 1 × 10−13 m/s for Callovo-Oxfordian clay
and 10–14 m/s for Opalinus Clay (Levasseur et al., 2021). The excavation
has a higher impact on the transport properties of indurated clay
surrounding the lining than for poorly indurated clay. The fractures
generated in clay host rocks are believed to have an atmospheric
pressure immediately after excavation. The driving forces to close
these cracks are compressive load or confining pressure and access
to water. The smectite content of indurated clays can be less than 2 wt%
(see Supplementary Material Section 3.1). The dominant process for
closure of fractures is cementation, i.e., precipitation of minerals (self-
sealing). This precipitated phase has a smaller tensile strength than the
surrounding restored clay host rock. The closure of cracks can be
measured as the increase in pore water pressure; equilibrium is achieved
when the formation pressure is achieved (Alcolea et al., 2014). The EDZ
is characterised in clay host rocks as a zone with a larger porosity and
permeability than the virgin host rock. The values for hydraulic
conductivity or permeability are largest near the interface between
concrete and clay. These values asymptotically decrease as a function of
the radial distance till the values measured for the virgin host rock after
about 6 m from this interface.
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2.3.3.2 Operation
The necessary ventilation in the operational phase may have an

impact on the clay host rock at the start of the post-closure phase.
The lining of a facility built in indurated clay decreases further
drying by ventilation; the associated formation of drying shrinkage
cracks of this clay host rock is limited but the porosity of the
shotcrete is larger than that of clay, so further drying cannot be
prevented. The formation pressure is therefore expected to be
achieved in the post-closure phase and not in the operational
phase. After recovery of the formation pressure, the modelled
variation in hydraulic conductivity has decreased by less than
2 orders in magnitude (Alcolea et al., 2014).

After the concrete of the lining has hardened (in the case of a
lining made with in-situ curing), the clay may be too dry for
dissolved species in the clay pore water to enter the lining in the
operational phase. Any chemical alteration of the lining before
emplacement of the waste is expected to be mainly caused by
ingress of carbon dioxide from the ventilation air.

3 Phenomenological description of
processes at interfaces

The long-term safety of the geological disposal of radioactive
wastes is based on a multi-barrier concept combining man-made
engineered barriers (such as waste form, waste canister, backfill and
sealing materials) with a suitable geological barrier (i.e., the host
rock). The prediction of the evolution of the waste matrices, the
waste canisters and overpacks, the engineered barriers (e.g.,
bentonite or cementitious backfill) with time in response to
physical and chemical perturbations is an important aspect with
respect to the performance and long-term safety of a repository. The
introduction of “foreign materials” such as borosilicate glasses,
metallic canisters, and cementitious materials will induce
chemical gradients across the repository components, which can
induce perturbations such as pH and redox changes, or changes in
mineralogy and microstructure that may alter the performance of
the barriers over time (e.g., NAGRA, 2002). Dissolution and
precipitation processes occurring in this context can be
associated with modification of porosity and pore architecture,
thus affecting permeability and diffusivity of porous media and
consequently transport of solutes or transfer of gases. Predicting the
interactions between the different materials entails understanding
and evaluating the pertinent coupled thermal, hydraulic,
mechanical, and (radio and/or bio)geochemical processes. A
number of studies on deep geological disposal of nuclear wastes
showed that chemical and physical interactions are focused on
interfaces between the different barrier materials, due to the
prevailing chemical gradients (e.g., Claret et al., 2018; Bildstein
et al., 2019). In this context, the nature and the extent of the
alteration within the different materials, the progress of the
perturbations with time and the evolution of the material
properties are essential to evaluate the impact on the overall
performance of the disposal system.

A valid starting point is using the knowledge available at the
scale of interfaces between twomaterials in order to build models for
assessing the chemical evolution at the disposal cell scale. This
section describes the state-of-the-art on the phenomenological

chemical processes occurring at the interface between two
materials for the combinations relevant for European repository
concepts (cf. section 2.1; see also Neeft et al. (2020)). For each
interface, a short description of the phenomenology is given together
with references to studies that give evidence for these processes. A
comprehensive and structured overview of existing information and
data on relevant processes occurring at the interfaces, including
natural/archaeological analogues that may provide insight/data for
long-term processes relevant to the chemical evolution of the
disposal cells, as well as on conceptual and numerical models
used to describe the processes at the interfaces has been
compiled in Deissmann et al. (2021).

3.1 Interface “glass—Steel”

This interface is related in particular to the disposal of vitrified
HLW and has been investigated in the context of the disposal
concepts of countries where spent nuclear fuels have been or are
reprocessed or form part of the waste inventory, as, e.g., in France,
Belgium, Russia, Japan, Germany, the Netherlands, the UK or the
United States of America (Gin et al., 2013). The glasses developed for
this purpose (i.e., in particular borosilicate glasses) are contained in
stainless steel canisters, which are placed usually in carbon steel
overpacks prior to disposal (cf. section 2.1.1). However, it should be
noted that in recent years some preliminary studies conducted, e.g.,
within the frame of the European collaborative project THERAMIN,
investigated also vitrification of ILW (e.g., Clarke et al., 2020;
Scourfield et al., 2020), where the treated product may also be
packed in steel containers.

The main physico-chemical interactions at the glass-steel
interface will start once the overpack and the canister are
breached due to corrosion and/or lithostatic pressure and
water can enter the canister. Thus, besides metallic iron/steel,
corrosion products from the metal containers will also be present
as surrounding materials close to the glass-steel interface.
Corrosion products formed during anaerobic corrosion of
low-alloy steel disposal containers are mainly composed of
iron oxides such as magnetite (Fe3O4), or iron carbonates
such as siderite (FeCO3) or chukanovite (Fe2(OH)2CO3) (e.g.,
Honda et al., 1991; Taniguchi et al., 2004). Localised variations in
pH and in concentrations of carbonates may favour the
formation of the one or other corrosion products (Michelin
et al., 2015). In some cases, FeIII oxy-hydroxides were
detected; they may have formed during the initial period of
the corrosion test with remaining traces of oxygen (e.g.,
Kursten and Van Iseghem, 1999; Leon et al., 2017).

The glass-steel interface is only relevant at the later stages of the
repository (i.e., after canister failure). A distinction needs to be made
with respect to corrosion products formed in a first phase, in which
the steel container or overpack corrodes in the groundwater until its
failure, where the corrosion products formed are characteristic of
corrosion in the host rock medium and some residual metallic iron
remains in the system. In a subsequent phase, the disposal container
continues to corrode in parallel to the alteration of the glass, i.e., the
nature of the corrosion products forming may then be influenced by
the solution chemistry at the glass/iron interface, including elements
released by the glass.
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The alteration and dissolution of nuclear waste glass in contact
with water is controlled by several inter-related processes at the glass
surface. Independent of the glass composition and the alteration
conditions, the most important processes comprise (e.g., Ferrand
et al., 2006; Gin et al., 2013; Marcial et al., 2024):

• Water diffusion into the glass,
• Ion exchange between hydrogenated species and alkalis
(interdiffusion),

• Hydrolysis of covalent and iono-covalent bonds in the
glass matrix,

• Formation and evolution of a surface alteration layer
(gel layer),

• Silica saturation of the solution,
• Precipitation of secondary phases,
• Retention of radionuclides in the gel layer and
secondary phases,

• Removal of silicon from the solution by sorption, chemical
reaction or transport.

Based on extensive studies on the dissolution of nuclear waste
glasses and in particular simulated HLW borosilicate glasses, a
general picture on the typical dissolution behaviour of HLW
borosilicate glasses under conditions representative for geological
disposal environments has been established (Figure 6, cf. van
Iseghem et al. (2006); Gin et al. (2013); Gin (2014)).

Understanding the glass/steel interactions and their
consequences on the long-term behaviour of nuclear waste
glasses requires knowledge regarding the main processes
controlling the aqueous alteration of glass. According to
Vienna et al. (2013) and Gin et al. (2015), glass alteration
leads to the formation and dissolution of an alteration film
layer, which is likely to incorporate chemical elements from
the solution and acts as a diffusion barrier for reactive species.
The effectivity of this barrier depends primarily on the
concentration of silicon in solution in the vicinity of the
glass, with glass dissolution rates increasing when the activity
of Si decreases. Other parameters affecting the glass alteration
and its rate are (local) solution pH and solution composition,
since some elements may stabilise (e.g., calcium (Paul, 1977; Gin
et al., 2012) or destabilise (e.g., magnesium (Aréna et al., 2016))
the hydrated glass layer. Glass alteration rates are lowest at
circumneutral pH and increase both under acidic and alkaline
conditions.

Generally, the presence of iron and iron corrosion products
(from steel canisters and/or overpacks) has been found to increase
glass alteration by maintaining high alteration rates over longer
periods than in the same leaching solution without iron or corrosion
products (Martin, 2021). However, this impact is only perceptible at
local scale, and seems to be significantly attenuated as the distance
between glass and the iron source increases. There are four possible
mechanisms that are discussed in literature to explain the increase in
glass alteration rates due to the presence of iron or iron corrosion
products (Rebiscoul et al., 2015):

• silicon sorption at surface sites of corrosion products, or silica
precipitation at the iron source;

• formation of iron silicates;

• retention of iron in the gel layer, which could modify its
structure and its protective properties;

• increase in pH due to iron corrosion.

The first two mechanisms both lead to the consumption of
cross-linking elements, in particular silicon, leading to either (i) a
depletion of the concentration of silicon in solution, which increases
glass dissolution rates, or (ii) the formation of a gel depleted
in silicon which is, therefore, less protective (Lemmens, 2001).
These effects both hinder the formation of a protective layer,
delaying saturation of the aqueous solution needed for its
formation. In the first case, the effect works by making the initial
rate phase (r0) last longer, and, in the second case, by slowing down
the rate drop (cf. Figure 6).

3.1.1 Sorption of silicon on corrosion products
The sorption of species like silicon produced by glass

alteration on steel corrosion products close to the glass/steel
interface can delay the beginning of the rate drop. This effect has
been demonstrated in the presence of steel corrosion products
such as magnetite (Bart et al., 1987; Grambow, 1987; Grambow
et al., 1987), goethite (Bart et al., 1987; Grambow, 1987;
Grambow et al., 1987), and siderite (Michelin et al., 2013a).
Since the number of surface sites on the corrosion products
available for sorption is finite, the effect of silicon sorption on
glass alteration lasts for a period that is proportional to the
sorption capacity of the corrosion products. The higher the
sorption capacity of the corrosion products, which is
dependent on their amounts and their specific surface areas,
the longer it takes to reach silicon saturation in solution, which in
consequence delays the rate drop. However, the results from
different glass alteration experiments carried out in the presence
of corrosion products seems to indicate that the sorption of
silicon to corrosion products does not prevent a slowing of the
alteration rate over time. Studies on silicon sorption on steel
corrosion products (magnetite, siderite, goethite) indicate (i) that
the maximum sorption occurs at pH values between 6 and 9 and
decreases, both under more acidic and alkaline conditions, and
(ii) that silicon sorption by steel corrosion products will be
maintained for a relative short period of time compared to the
time scales relevant for geological disposal (Philippini et al., 2006;
Philippini et al., 2007).

3.1.2 Precipitation of iron silicates
Sorption of silicon on corrosion products alone seems not to be

sufficient to explain the quantities of altered glass in experimental
tests since even after saturation of the sorption sites, glass alteration
rates in the presence of steel and corrosion products remained
higher than the residual rate (rr) observed in the absence of steel and
corrosion products over longer periods. Thus, other mechanisms
such as the formation of silicates may prolong the consumption of
silicon in the longer-term. Most studies performed in this context
suggest the formation of various ferrosilicates (e.g., McVay and
Buckwalter, 1983; Shade et al., 1983; Björner et al., 1987; Grambow,
1987; Grambow et al., 1987; Werme et al., 1990; Shanggeng et al.,
1995; Kim et al., 1997; Michelin et al., 2013a; Godon et al., 2013;
Dillmann et al., 2016), sometimes in nano-colloidal form. The
precipitates formed may incorporate other elements in addition
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to iron, such as magnesium, aluminium, sodium and calcium,
depending on solution chemistry (e.g., Burger et al., 2013). The
silicates formed in this context may include trioctahedral
serpentines (e.g., greenalite, berthierine, cronstedite), trioctahedral
smectites (e.g., hectorite, saponite) or dioctahedral smectites (e.g.,
nontronite). The (Fe + Mg)/Si ratio of the silicates formed can vary,
especially depending on the distance from the iron source.
Moreover, the nature of the precipitated silicates highly depends
(i) on temperature (e.g., favouring the formation of serpentines at
higher temperature), and (ii) on local pH, since iron/magnesium
silicates can only be precipitated above a certain pH, which is a
function of the silicon activity imposed by glass alteration.

Experimental observations indicate that the formation of
ferrosilicates is limited in the presence of steel corrosion
products alone (e.g., Björner et al., 1987) but significantly
higher in the presence of metallic iron in which iron silicates
may form from the start of alteration. Therefore, the formation
of corrosion products in situ at the same time as glass alteration
seems to modify the predominant mechanisms and causes more
precipitation of secondary silicate phases. This may be
explained by a more or less significant iron flux induced by
iron corrosion or the solubility of the corrosion products
(Dillmann et al., 2016). The formation of iron silicates
correlates to more extensive glass alteration; these
ferrosilicates thus have the same effect on glass alteration as
other secondary phases, such as zeolites, which consume silicon
and inhibit the effects of solution saturation, except that in this
case their formation is conditioned by the flux of iron released
by the corroding steel. Thus, the formation of ferrosilicates and
their impact on glass alteration depends on the quantity of
metallic iron remaining, its corrosion rate, and on the solubility
of iron in solution.

3.1.3 The influence of iron on the morphology and
structure of the gel layer

The interactions between silicon and steel corrosion products,
playing the role of “silicon sink”, could be detrimental to the
protective properties of the gel layer on the glass surface. During
glass alteration in the presence of corroding iron or iron corrosion
products, a large quantity of iron is dissolved, from the first stage of
hydrolysis at r0 (Figure 6). In this case, the gel layer on the glass
becomes depleted in silicon (relative to pristine glass) and enriched
in iron (Reiser et al., 2005; Rebiscoul et al., 2015; De Echave et al.,
2019), though, according to Reiser et al. (2017), this enrichment may
only affect parts of the gel layer. de Combarieu et al. (2011) suggested
that the increased alteration of glass in the presence of iron is due to
a higher porosity of the (iron-enriched) gel layer, depleted in cross-
linking elements (e.g., silicon, aluminium, etc.), thus reducing its
protective nature. Dillmann et al. (2016) related the iron enrichment
of the gel formed during glass alteration in the presence of iron or
corrosion products to the presence of structural nano-crystals
similar to greenalite (Fe2-3Si2O5(OH)4), possibly precipitated due
to the highly porous structure of the amorphous gel layer (cf. Burger
et al., 2013). The impact that these nano-crystalline phases may have
on the properties of the gel has not yet been clearly assessed. The
presence of iron changes the equilibrium between the glass and the
solution and alters the stoichiometry of the gel. Furthermore, the
iron precipitating in the form of ferrosilicates may influence the
depolymerisation of the silicate network. Burger et al. (2013) suggest
a possible clogging of porosity and, as a result, a decrease in the
diffusion coefficient of the reactive species.

3.1.4 Impact of iron corrosion on pH
In addition to the consumption of silicon, iron corrosion also

affects the pH of the solution. The corrosion of metallic iron and the

FIGURE 6
Stages of nuclear glass corrosion and related potential rate-limiting mechanisms (Gin et al., 2013).
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formation of corrosion products occurring at the same time as glass
alteration, tends to raise the pH (Bildstein et al., 2007), thereby
favouring glass alteration (e.g., Utton et al., 2012; Corkhill et al.,
2013; Utton et al., 2013) and the formation of magnesium silicates,
which, concomitantly affects glass alteration due to consumption of
silicon. The pH values during glass alteration in aqueous media in
the absence of corroding iron (i.e., governed by the presence of the
glass) are generally neutral to slightly alkaline (e.g., between 7.5 and
8.7 in clay water) and have been found to increase up to 9.7 in the
presence of metallic iron (cf. Martin, 2021). This increase in the
pH is due to the formation of hydroxyl ions (OH−) during anoxic
corrosion of iron in an aqueous medium according to Equation 1:

Fe + 2H2O → Fe2+ + 2OH− +H2 (1)
which may be followed by precipitation of Fe(II)-hydroxide.
Moreover, also in the presence of corrosion products like
magnetite the solution pH during glass alteration was found to
be higher than in leaching tests on glass alone (Rebiscoul et al.,
2015). Here, the increase in pH is the result of a larger quantity of
altered glass, i.e., of a higher quantity of alkaline species (e.g., Ca, Na)
being released into solution.

3.1.5 Concluding perspective
The physico-chemical interactions at or close to the interface

glass/steel lead generally to an increase in glass alteration rates
compared to the absence of metallic iron and/or corrosion products.
The main phenomenon related to this is the consumption of silicon
delaying the formation of a passivating gel. This impact on glass
alteration is conditioned by the geometry of the system and the
transport and fluxes of dissolved iron and silicon in solution and
seems to be significantly weaker when the glass is far from the iron
source (e.g., corrosion products or metallic iron). Assessing the

processes at the interface on glass alteration requires an
understanding of the nature of the corrosion products, their
position in relation to the glass, and the transport conditions
within the system investigated, bearing in mind the influence of
physical and chemical conditions (properties of the host rock,
composition of the porewater, redox conditions, pH) and
hydrodynamics on glass alteration processes. Glass/iron
interactions occur as a result of very localised conditions which
depend on the dissolution rates of iron and glass, and on the
transport of different elements in solution. In spite of the
importance of understanding the coupling of transport processes
and geochemical reactions in the evaluation of interactions
occurring at the glass/steel interface with respect to nuclear waste
disposal, coupled reactive transport simulations addressing this
glass/steel/(clay) interactions are scarce to date (cf. Bildstein
et al., 2007; Bildstein et al., 2012; Claret et al., 2018; Bildstein
et al., 2019).

3.2 Interface “steel—Concrete”

An interface between steel and cement-based materials is
present in many disposal concepts for geological disposal of
radioactive wastes in Europe (see section 2.1; Neeft et al. (2020)).
The interface between steel and cementitious materials may occur at
different locations and with different functions/roles. In some
disposal systems, reinforced concrete is used with carbon steel,
for example, for the container of ILW waste packages. In this
case, the carbon steel/concrete interface is typically located at a
few centimetres from the boundary of the concrete component. In
some HLW disposal concepts, carbon steel is used as overpack of the
vitrified waste package. In some countries like Belgium and the

FIGURE 7
Concrete pore water in terms of pH (black line), dissolved calcium (orange line) and silicon (green line) at room temperature together with
controlling cement phases. Kind of surface potential of C-S-Hmineral is indicated. Stages in pH by Atkinson et al. (1985) with added calcium and silicon by
Berner (1992) at a pH < 12.65, dissolved calcium at a pH > 12.65 from van Eijk and Brouwers (2000) and nature of the surface potential of C-S-H mineral
from Pointeau et al. (2006).
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Netherlands, a cement-based buffer is placed around the carbon
steel overpack to ensure high pH conditions and thus lower
corrosion rates for a long period of time (supercontainer concept,
see Figure 4C). Here, the concrete cover is typically several
decimetres thick. In the management of ILW, waste packages
may contain also stainless steel or waste canisters are made of
stainless steel (e.g., CSD-C canisters). The latter are often
immobilized inside a concrete or steel container with cement-
based materials such as mortar or grouts. In the following
sections, the focus is on the interface between carbon steel and
cementitious materials, since these interfaces are more relevant for
the long-term performance and safety of the disposal cells. There
exists a significant amount of literature of processes at the steel-
concrete interface under aerobic conditions, which is relevant for
many civil structures. However, most of the discussion here is
limited to anoxic conditions, as the oxic period in a geological
disposal facility, even if it lasts several hundreds of years, will most
probably occur under conditions of high pH (buffered by the
cementitious material) with low passive steel corrosion rates.

3.2.1 Steel corrosion in anoxic cementitious
environments

In a deep geological repository in saturated conditions, oxygen is
assumed to be depleted relatively quickly, so that anoxic conditions
will be established soon after repository backfilling and closure. Oxic
conditions then mainly prevail during the operational phase and
when the disposal cell is not completely saturated. However, many
different processes in an ILW or HLW disposal cell compete for

oxygen (corrosion, oxidation of minerals, microbial respiration). In
addition, the steel interface is embedded in mortar or concrete
materials (reinforced concrete in HLW and ILW disposal cells,
overpack in some HLW disposal cells, waste containers and
waste in ILW disposal cells) which pose diffusion-limited oxygen
availability at the interface and induce a passivating protective layer
at the steel-concrete interface (e.g., Smart et al., 2019). In addition,
also the cement used to produce the mortar or concrete can
contribute to an anoxic environment. Concrete made from pure
ordinary Portland cement (OPC) cement or OPC cement blended
with micro silica are slightly oxidizing since they lack redox sensitive
species. Blended cements can contain fly ash, which is a by-product
from coal-firing power plants or blast furnace slag, which is a by-
product from steel production, besides OPC. In the first case, the
concrete also lacks redox sensitive species and is therefore slightly
oxidising. However, the second case, the concrete contains pyrite
and is therefore reducing after fabrication.

Several studies show that the formation of a passivating film on
the steel occurs relatively fast (L’Hostis et al., 2011; Chomat et al.,
2017). For a HLW disposal cell, a transition phase is sometimes
thought to exist due radiolysis of water producing, inter alia,
hydrogen, oxygen, hydrogen peroxide and reactive radicals,
which might temporarily sustain relatively constant, mildly
oxidising conditions (Kursten et al., 2011) although some
experiments indicated a decrease in redox potential under
gamma irradiation (Smart et al., 2019).

Oxic corrosion of iron is described by the following global
reaction (Equation 2):

FIGURE 8
Radiation dose rate as a function of the time after CSD-V fabrication calculatedwith Microshield. Activity 137Cs at 0 years is assumed to be 6,600 TBq.
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4Fe + 6H2O + 3O2 → 4Fe3+ + 12OH− (2)
Corrosion products under oxic conditions are for example,

goethite (alpha-FeOOH), ferrihydrite (Fe(OH)3) and lepidocrocite
(gamma-FeOOH) (L’Hostis et al., 2011). Anaerobic corrosion of
iron is associated with the generation of hydrogen through the
following global reaction:

Fe + 2H2O → Fe OH( )2 +H2 (3)
or, if the Schikorr reaction occurs, by the reaction:

3 Fe + 4H2O → Fe3O4 + 4H2 (4)
The rate of hydrogen generation can be monitored and is often

used in experimental programmes to estimate corrosion rate
assuming either iron (II)hydroxide (1 mol hydrogen generated
per mol iron corroded, Equation 3) or magnetite (1.33 mol
hydrogen per mol iron, Equation 4) as main corrosion product.
Under anoxic conditions, corrosion products as magnetite (Fe3O4)
and hematite (Fe2O3) are formed (L’Hostis et al., 2011).

Corrosion processes may be subdivided into a uniform passive
corrosion mechanism and localised corrosion mechanisms (e.g.,
pitting corrosion, crevice corrosion, and stress corrosion cracking,
see e.g., (Jacques et al., 2021b),). In a concrete-based geological
disposal concept, the followed strategy is usually to demonstrate
that localised corrosion phenomena cannot occur in highly
alkaline disposal conditions. Therefore, the focus of the
experimental studies with respect to this interface is on rate
measurements of uniform passive corrosion through different
methods and techniques (for details see Kursten et al. (2021)).
Thus, for the interface between carbon steel and cementitious
materials, mainly uniform corrosion processes and coupled
processes are relevant, so that in geological disposal conditions, the
main corrosion process would be passive corrosion of steel/iron in
anoxic, alkaline conditions. Due to the formation of a passivating
oxide film on the steel surface in these environments, the measured
initial corrosion rates (up to some tens of μm yr-1) decrease over time
towards constant (steady state) and very low values. Long-term
corrosion rates (exposure times >365 days) in the range of
0.1 μm yr-1 or lower have been reported for temperatures up to
80°C in chloride-free solutions with a pH between 11.8 and 13.5 (cf.
compilation in Kursten et al. (2021)).

However, depending on the steel type and the evolution of the
environment, the corrosion processes can be influenced by several
factors such as temperature, degree of water saturation, radiation
gradients, the composition of the near-field water with respect to
pH and the content of potentially aggressive species (e.g., chloride,
sulphate, thiosulphate), and the presence of microbial activity. The
steel corrosion products may take a volume that is larger than the
bare material, leading in turn to stress and (local) alteration of the
pore structure at the interface and consequently to changes in
transport properties. Spallation of concrete has so far only been
observed for oxic corrosion of steel. The volume of bare material is
reduced if the corrosion rate equals the iron dissolution rate from the
corrosion product as measured for anoxic corrosion of (stainless)
steel in the FP7 CAST project (Mibus et al., 2018). The thickness of
the layer of corrosion products does not increase in such a case by
which the induced stress in concrete is too limited to cause fractures.
The corrosion process is bounded to equilibrium between diffusion

of water through the oxide layer and dissolution at the solid-
liquid interface.

3.2.2 Factors influencing corrosion rates
Temperature can play an important role in the corrosion of steel

in concrete in many different ways because all processes and many
parameters involved can be influenced by changes in temperature,
such as:

• kinetic parameters of the corrosion reaction;
• rate of diffusion of O2 and aggressive ions into the concrete;
• solubility of oxygen;
• pore solution chemistry of concrete.

The corrosion of steel reinforcement is an electrochemical
reaction; its rate can be greatly affected by temperature.
Generally, the (initial) corrosion rate increases significantly as
temperature increases (e.g., Smart et al., 2004; Fujisawa et al.,
1999; Fujisawa et al., 1996, for details see also Kursten et al.,
2021). On the other hand, the solubility of oxygen in water is
known to decrease with increasing temperature, which results in
a significant decrease of the concentration of dissolved oxygen as
reactant for the process of steel corrosion, thereby lowering the
corrosion rate (Davis, 2000; Živica, 2002). However, this effect might
be more relevant under oxic conditions, i.e., during the operational
phase of a repository. Other physicochemical properties affected by
temperature are the viscosity and the conductivity of the concrete
pore solution. The viscosity will decrease with increasing
temperature, which will aid oxygen diffusion. Ionic mobility will
also increase with temperature, increasing the overall conductivity of
the electrolyte. Moreover, the chloride binding capacity of
cementitious materials can be reduced at elevated temperatures,
leading to an increase in chloride concentrations of the pore water of
the cementitious material (Hussain and Rasheeduzzafar, 1993;
Maslehuddin, 1994; Hussain et al., 1996; Maslehuddin et al.,
1996), which has been attributed to the decomposition of
Friedel’s salt (i.e., a chloride containing AFm phase) at elevated
temperatures. However, data on long term (i.e., >365 days)
corrosion rates for carbon steel in anoxic alkaline environments
for different temperatures reported in the literature show that at the
later stages of the corrosion process (i.e., when steady state
conditions prevail), temperature no longer has an effect on the
uniform corrosion rate (Kursten et al., 2021).

Corrosion of steel in concrete strongly depends on the moisture
condition of the concrete. This is due to the fact that moisture affects
both the resistivity of the concrete and the diffusion rate of oxygen.
In dry concrete, which is characterized by a high resistivity, oxygen
diffusion can take place unhindered. The resistivity in water
saturated concrete is low but, on the other hand, the diffusion
rate of oxygen is slow compared to the diffusion rate in dry concrete.
This means that the corrosion rate is slow and that the corrosion is
under diffusion control (Bertolini et al., 2004). According to Tuutti
(1982) steel corrosion rates in concrete reach a maximum for a
moisture content equivalent to the equilibrium with a relative
atmospheric humidity of about 95%; moving away from these
values of humidity in either direction, the corrosion rate
decreases (Bertolini et al., 2004). On the other hand, ionic
mobility will increase with increasing saturation degree, thereby
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facilitating transport of aggressive species (e.g., chlorides) towards
the overpack surface. However, Michelin et al. (2013a,b) showed
that when steel in concrete is in a passive state, the corrosion rate is
not affected by the moisture conditions of the concrete.

The pH of the pore solution in cementitious material has a
distinct effect on the corrosion of steel at the interface, since the
protective oxide film is believed to remain stable only as long as
the pH stays higher than a threshold value (~9 < pH < ~11.5). If
the pH should drop below this threshold value (e.g., due to
leaching of alkalis and complete removal of portlandite from
the cementitious material in the long-term, cf. Section 4.1),
depassivation of the steel surface can take place and the
protection is lost, leading in turn to an increase in the rates
of uniform corrosion. Moreover, a decrease in pH can also
increase the susceptibility to localized corrosion, though this
effect is coupled to the exceedance of a threshold concentration
of chloride ions in the pore water. Although this assumption
has been generally accepted, there is little agreement
concerning the quantitative function relating the two (cf.
Kursten et al., 2021).

The corrosion rates of (carbon) steel can be distinctively
enhanced due to the presence of aggressive species, in particular
chloride ions, in the contacting solution. A huge amount of
information is available in the literature on the effect of
chloride on the corrosion rates of carbon steel in concrete
under aerobic conditions (e.g., Goñi and Andrade, 1990;
Deshpande et al., 2000; Zhang et al., 2009), where a general
trend of increasing corrosion rates with increasing chloride
concentration could be observed. Studies on the effect of the
chloride concentration on carbon steel corrosion under anoxic
and highly alkaline conditions have been performed in particular
within the context of various national nuclear waste management
programmes (e.g., L’Hostis et al., 2011; Smart et al., 2004; Smart,
2009; Ashikawa et al., 2001; Mihara et al., 2002). Corrosion rate
data reported in the literature for mild steel in anoxic and alkaline
solutions containing elevated chloride concentrations indicate that
the measured (initial) corrosion rates decrease with increasing
exposure time even in the presence of chloride ions. From
comparison with data obtained in chloride-free solutions, it can
be concluded that the presence of chloride (up to 20,000 mg L-1)
has no discernible effect on the long-term corrosion rate of carbon
steel in anaerobic high pHmedia (Kursten et al., 2021). However, it
is important to note that high chloride concentrations, combined
with the potential risk of the passive film being destroyed locally,
may result in a significant increased susceptibility to localized
corrosion phenomena such as pitting corrosion, crevice corrosion,
and/or stress corrosion cracking.

3.2.3 Consequences of steel corrosion on concrete
properties

During the corrosion of steel embedded in a concrete structure, a
layer of corrosion products is formed on the surface of the steel. The
volume of these corrosion products can be much larger than that of
the initial bare metal (e.g., Broomfield, 2007; Caré et al., 2008;
McCafferty, 2010). The corrosion products will first fill the available
pore space near the interface, which depends on the chemical state of
the concrete and the process that initiated the faster corrosion. With
the ingress of aggressive species, initiation of active corrosion may

occur without significantly changing the microstructural properties
of the concrete and thus the available pore space is close to the initial
porosity of the concrete. However, when active corrosion occurs as a
consequence of a pH decrease due to chemical degradation of
concrete, the available pore space might be smaller or larger
depending whether carbonation (resulting typically in a porosity
decrease) or decalcification, i.e., dissolution of portlandite and
incongruent dissolution of C-S-H (resulting typically in a
porosity increase) is the dominant degradation process (e.g.,
Glasser et al. (2008) for a description of these processes). After
filling of the available pore space, the corrosion products will
gradually increase the mechanical stress in the concrete. Fracture
formation is initiated when the mechanical stress exceeds the tensile
strength (Höglund, 2014) but the time for the first appearance of
fractures depends on different factors such as thickness of concrete
cover, quality and strength of the concrete, and corrosion rate
(Andrade et al., 2011). Note that creep of concrete can
accommodate partly the effects caused by the corrosion products
retarding to a given extent the initiation of fracture formation. Also,
the anoxic corrosion rate can become equal to the iron dissolution
rate from corrosion products. At that stage, there is no longer a
volume increase.

The aerobic corrosion rate can be so fast that there is a volume
increase. The fractures initiated by the corrosion products may
influence the geochemical evolution of the concrete near the
interface, especially when they are penetrating from the steel/
concrete interface to the outside boundary of the concrete (e.g.,
an interface with host rock)). From these fractures, alteration fronts
may develop within the concrete matrix and potentially creating
larger regions of degraded concrete. Degradation fronts in fracture-
matrix concrete systems can be described with approximated
analytical models (e.g., (Höglund, 2014)), or with coupled
reactive transport models (e.g., Perko et al., 2010; Perko et al., 2015).

Studies performed by L’Hostis et al. (2011) and Chomat et al.
(2014, 2017) revealed the formation of an Fe-enriched layer in the
cementitious material close to the interface. In this region Fe
interacts with the cement hydration phases and may form Fe-
containing hydration phases. In addition, the cementitious
material may also alter the composition of the corrosion product
layer with an enrichment of calcium closer to the interface of the
corrosion product layer and the cement/concrete (cf. L’Hostis
et al., 2011).

3.2.4 Concluding perspective
Under the anoxic conditions prevailing in a geological disposal

facility in the long-term, the corrosion of steel in a highly alkaline,
cementitious environment is governed by passive uniform corrosion
due to the formation of a passivating oxide film, leading to very low
corrosion rates. Thus, in a concrete-based geological disposal
concept, one focus is on the demonstration that localised
corrosion phenomena cannot occur in the highly alkaline
disposal conditions. Corrosion products, that have a higher molar
volume (per metal ion) than that of the metal, may reduce porosity,
leading to clogging and gradually increase the mechanical stress in
the concrete and may lead to fracture formation. However, the
thickness of the corrosion layer is not increased over time when the
corrosion rate is equal to the dissolution rate of iron from corrosion
products. Furthermore, there are indications that a Fe-enriched
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layer will form in the cementitious material close to the interface,
leading eventually to the formation of Fe-containing cement
hydration phases.

Existing thermodynamic modelling studies of the solution
chemistry in the context of iron/steel corrosion (e.g., calculating
saturation indices of ferrous and ferric minerals), focus so far mainly
either on steel corrosion in alkaline conditions (with a substantial
knowledge base on reinforcement corrosion in concrete structures)
or on corrosion in anoxic environments. However, only few
examples have been found for thermodynamic modelling related
to iron/steel corrosion in both anoxic and alkaline conditions,
i.e., relevant for the disposal environment (e.g., Ma et al., 2018;
Furcas et al., 2022).

Although a number of experimental studies on iron corrosion in
concrete have been performed in the context of nuclear waste
disposal, no reactive transport modelling studies addressing the
interface steel/concrete in the context of a deep geological repository
are available so far (cf. Bildstein et al., 2019). However, similar tools
as for other interfaces, in particular the steel/clay interface might be
used. Since electrochemical models for corrosion (e.g., Bataillon
et al., 2010; Macdonald et al., 2011) are a pivotal issue of this
problematic, the coupling of such models to reactive transport
models could result in significant advances in modelling the
steel/concrete interface (cf. Bildstein et al., 2019).

3.3 Interface “steel—Clay”

Carbon steel canisters have been proposed for the storage and
disposal of high-level radioactive wastes (HLRW) in deep geological
repositories (DGR) in countries like Switzerland, France, Belgium,
Germany, United Kingdom, Czech Republic, and Spain (cf. Neeft
et al., 2020). The host rock and the design of the repository differ in
each country but in many cases the canister will be in contact with
compacted bentonite blocks or pellets. The main perturbations at
the steel–clay/bentonite interface are canister failure due to
corrosion and the interaction of corrosion products with the
bentonite/clay, which could potentially result in the formation of
new iron-rich minerals that alter some of its basic properties, such as
hydraulic conductivity, diffusion coefficient and capacity to swell or
retain radionuclides.

Canisters are estimated to provide containment for at least
1,000 years, although results from experiments, analogues and
models indicate that failure is unlikely in less than 10,000 years.
It depends, among others, of its thickness and chemical reliability.
This section has to do with what it is known so far on the evolution
of the DGR environment (thermal, hydraulic and/or chemical
gradients - redox, pH and dissolved species - from the initial
post-closure stage until the system reaches equilibrium) and its
impact on the chemical evolution of the steel/iron-
bentonite interface.

There are a number of papers about the corrosion of metals
that provide results coming from laboratory experiments under a
variety of conditions (e.g., Marsh et al. (1989); Marsh et al. 1986;
Gdowski and Bullen, (1988); Blackwood et al. (2002); Azcárate
et al. (2004); Kursten et al. (2004a; b); King (2008; 2014); Necib
et al. (2016; 2017a; b)). Padovani et al. (2017) made an analysis of
the expected corrosion behaviour of candidate container materials

and future R&D work. Results of corrosion rates and products
obtained from the study of archaeological objects can be found in
Qin et al. (2004), Smart and Adams (2006), Neff et al. (2010), Neff
et al. (2006), Yoshikawa et al. (2008) and Michelin et al. (2013b),
amongst others.

The interaction of corrosion products with bentonite has
been reviewed in Marcos (2003), Landolt et al. (2009), Bradbury
et al. (2014), Wilson et al. (2015) and Wilson (2017), among
others. There are also various papers and reports from European
projects NF-PRO, PEBS, TBT, and activities in underground
research laboratories (e.g., FEBEX experiments at Mt. Terri)
presenting the results from both laboratory and in situ
experiments in URLs designed to advance in the
understanding of iron-bentonite (and clay rock) interaction
(e.g., Guillaume et al., 2004; Charpentiera et al., 2006; Wilson
et al., 2006b; Wilson et al., 2006a; Carlson et al., 2007; Hunter
et al., 2007; Smart et al., 2008a; Milodowski et al., 2009; Fukushi
et al., 2010; Osacký et al. (2010; 2013; Torres 2011; Lanson et al.,
2012; Schlegel et al. (2014; 2016; Torres et al., 2014; Cuevas et al.,
2016; Wersin and Kober, 2017; Hadi et al., 2019). Some authors
focused on the study of natural analogues from which obtaining
information about influence of iron on the transformation of
bentonite to iron-rich clays (e.g., Smart and Adams, 2006; Pelayo
et al., 2011).

The changing environmental conditions during the life of the
repository influence the corrosion processes and products, the
interaction of corrosion products with bentonite and finally, the
integrity of both, the steel/iron and the bentonite. In the following,
two phases are distinguished: i) a first phase with initially aerobic
conditions at elevated temperatures (>90°C) before repository
closure, including a transient phase with progressively anaerobic
conditions, encompassing a time scale of in total about 100 years,
and ii) a second (long-term) phase with anaerobic conditions at
temperatures <90°C, which will decrease to ambient host rock
temperatures with time.

At the initial stages (≈emplacement to 20 (50) years) water vapor
and dissolved oxygen act as the oxidizing agents. Low steel corrosion
rates and general corrosion occur and no changes are expected in the
bentonite properties (cf. Turrero et al., 2021).

• Oxidizing conditions will prevail before closure of the
repository or parts of it (e.g., during stepwise sealing of
disposal drifts after waste emplacement) and in the early
post-closure stage. Oxygen trapped in the buffer and
backfill materials will be consumed in several ways:
corrosion of metallic elements, oxidation of pyrite (both in
certain bentonites (e.g., FEBEX) and in host rock (e.g.,
Opalinus Clay and Callovo-Oxfordian formation). The high
initial thermal load imposed by the vitrified HLW will
probably impede biofilm formation on the surface of
the canisters.

• Following the emplacement, the canister surface will be
subjected to temperatures >90°C and thermally-induced
drying at the canister surface/bentonite interface occurs
(dry-out stage). Water activity will be low and under those
conditions, low corrosion rates and general corrosion
processes occur, which do not endanger the performance of
the metallic canister (Turrero et al., 2021).
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• Aerobic corrosion under oxidizing/unsaturated conditions
can produce multi-layered corrosion products, which in
order of proximity to the metal surface can be magnetite/
maghemite, hematite, goethite and lepidocrocite. Green rust
may form as an intermediate product transforming later into
hematite or magnetite (cf. Majzlan et al., 2003; Torres et al.,
2009; Torres, 2011; Torres et al., 2014).

• At this phase, changes in the bentonite properties due to iron/
clay interaction are not expected since there is no water to
mobilize iron (Torres et al., 2014; Turrero et al., 2021), though
some bentonite properties may intrinsically change due to the
elevated temperatures.

During a transient phase to anaerobic conditions (≈20 (50) to
100 years), temperature and hydration gradients induce an
increase in the corrosion rate and localized corrosion. The
mineralogy of the bentonite can be altered to non-swelling Fe-
rich phyllosilicates.

• In this stage corrosion will occur mainly under unsaturated
condition, but as system hydrates relative humidity will
increase and a moisture film will form on the metal
surface. The temperature at the canister/bentonite interface
will be around 90°C or higher, depending on the disposal
concept, which have to be taken into account, as corrosion rate
increase with that higher humidity and high temperature. The
time leading from aerobic to anaerobic conditions will depend
primarily on the (advective-)diffusive transport of oxygen,
either in the gas or liquid phase, in the unsaturated compacted
bentonite, and on the corrosion rate of iron and accessory
minerals (e.g., pyrite) as well, as corrosion progressively
consumes the oxygen of the system.

• The aqueous chemistry at the interface will depend on the
interaction between the groundwater (fresh or saline) and the
bentonite, which may lead to precipitation of salts (e.g., NaCl
and CaSO4). At this stage temperature is still high; the
saturation of the system progresses and the bentonite at the
interface remains unsaturated although relative humidity
increases. Under these conditions, geochemical evolution of
the bentonite barrier can result in the formation of saline
fronts in the vicinity of the canister (e.g., Cuevas et al., 2002),
which can affect the corrosion rate and promote localised
corrosion (e.g., Druyts et al., 2001; Bradbury et al., 2014). The
existence of hygroscopic salts can decrease the value of critical
relative humidity (CRH) and significantly enhance corrosion
processes at relative humidity quite lower than 100%.
Hygroscopic salts sorb moisture and form concentrated
brines that promote the electrochemical corrosion of steel
and the nucleation of pits on the metal surface leading to
localized corrosion. The nucleation time for pits depends on
factors such as the oxidizing character of the environment, the
concentration of aggressive ions such as chlorides, pH and the
alloy composition of the metal. Sulphates could also be
relevant in the presence of microorganisms because
sulphate reducing bacteria are primarily responsible for
microbial induced corrosion.

• As saturation advances, the chemical composition of bentonite
porewater will homogenize along the clay barrier due to

diffusion and the generated saline fronts will disappear.
When the residual oxygen is consumed other mechanism
could be responsible for localized corrosion, for example,
the reductive dissolution of Fe(III) corrosion products
coupled to Fe dissolution of the inner layers
(electrochemical corrosion). Once oxygen has been depleted
and anaerobic conditions are reached, corrosion will turn
general and uniform. Green Rust (GR), a group of mixed
Fe(II)/Fe(III) hydroxides will be the prevailing corrosion
product in moderately reducing environments and
circumneutral pH as those expected in this phase (e.g.,
Torres et al., 2007; Turrero et al., 2021).

• As canister corrosion progresses and relative humidity
increases alteration in the bentonite mineralogy can occur,
in terms of precipitation of iron corrosion products in the
surroundings of the interface, destabilization of
montmorillonite and replacement by Fe-rich smectites or
by non-swelling Fe-rich phyllosilicates (e.g., chlorite,
berthierite, cronstedite, serpentine) and cementation due to
precipitation of iron corrosion products or of SiO2 resulting
from montmorillonite transformation (e.g., Guillaume et al.
(2003; 2004); Wilson et al. (2006a); Charpentiera et al. (2006);
Mosser-Ruck et al. (2010); Torres (2011); Jodin-Caumon
et al. (2012)).

The radiation fields in the vicinity of the steel/bentonite interface
may cause water to decompose into a range of redox-active species
which can significantly influence corrosion kinetics. Then, an
increase of the corrosion rate of the steel may occur (Kursten
et al., 2004b; Padovani et al., 2017). Over a certain dose of γ-
radiation (>10–20 Gy h-1) the bentonite properties might be affected
as well, mainly decreasing cation sorption capacity, what indeed
affect the swelling potential of clay, and inducing changes in the
redox reactivity of the material (through changes in the Fe(II)/
Fe(III) ratio) (Allard et al., 2012; Holmboe et al., 2012; Lainé et al.,
2017). During first stages of the repository life, radiation could also
have an impact on the decreasing of microbial activity at the steel-
bentonite interface.

After the transient stage (i.e., after about 100 years),
conditions are expected to be anaerobic and with decreasing
temperatures long-term conditions will be approached. At this
stage the chemical environment at the interface between steel and
bentonite/clay is anoxic and the pH is close to neutral. The
saturation of the clay, decreasing of temperature and reducing
conditions will favour uniform corrosion. Anaerobic corrosion of
steel will lead to the generation of H2 gas at this stage.
Microbially-mediated corrosion might also occur. However, in
compacted bentonite there may be too limited space for
microbial activity.

• As time advances, average temperature in the steel surface will
decrease to 50 or 60°C, enhancing saturation and swelling of
the bentonite at the contact. As relative humidity increases,
canister surface will become uniformly wetted. In this phase, it
is foreseen that residual oxygen has totally been depleted and
reducing conditions are achieved. Then, anaerobic corrosion
of the steel canister will occur and corrosion will become
uniform (Turrero et al., 2021).
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• Anaerobic corrosion of steel consumes water and involves the
generation of gas (H2) (see section 3.2). Hydrogen produced
could alter physical properties of the bentonite (e.g., formation
of microfractures or preferential pathways). However, the
expected corrosion rates will be extremely low. Therefore,
gas generation is expected to be low as well. Hydrogen
pressure is unlikely to exceed the breakthrough pressure of
compacted bentonite (Levasseur et al., 2023; Mollaali et al.,
2023). In the case of exceeding it, microfractures can be
formed. However, bentonite is expected to be able to self-
seal these fractures under saturated conditions.

• Microbial activity, in particular sulphate reducing bacteria
may be important during this period by modulating redox
conditions and transformation of iron phases (e.g., Smart
et al., 2017c); However, temperature, low porosity and
swelling pressure of saturated bentonite is expected to act
as a protective film against microbially-influenced corrosion
(MIC) (e.g., Stroes-Gascoyne et al. (2007, 2010)).

• Corrosion rates will be below 10 μm yr-1 and corrosion products
will be largely tied to site-specific conditions (e.g., Kursten et al.,
2004a; Smart et al., 2017b). Magnetite, siderite and iron sulphides
will be mainly formed, depending on the clay and the chemistry
of solution (e.g., carbonate, chloride and sulphide concentration),
pH and redox potential (Wersin et al., 2003; Smart et al., 2004;
Torres et al., 2007; Necib et al., 2019). Green rust may occur as a
metastable intermediate phase. Iron corrosion products formed
in situ in the presence of claystone are typically iron silicates and
carbonates and, more rarely, iron sulphides (De Combarieu et al.,
2007; Schlegel et al., 2014; 2016).

• Sorption sites on the clay can be filled by ferrous ions (e.g.,
Charlet and Tournassat, 2005; Gehin et al., 2007), which may
compete with radionuclides or may act as a precursor of new
Fe-Si phases. Also, reduction of structural Fe(III) can occur
increasing the cation exchange capacity. Bentonite can be
transformed into Fe-rich non-swelling silicates such as
berthierine, cronstedtite or chlorite (e.g., Lantenois et al.,
2005; Montes-H et al., 2005; Wilson et al., 2006a; Bildstein
et al., 2006; Schlegel et al., 2008; Lanson et al., 2012). This
could jeopardize the long-term performance of the clay barrier
by decreasing the swelling capacity, enhancing the hydraulic
conductivity and increasing brittle failure.

• The formation of secondary minerals at the interface steel-
bentonite/clay can affect physical properties such as porosity
and microstructure of the bentonite, which in turn would have
an impact on the transport properties for solutes or gases at
the interface.

3.3.1 Concluding perspective
The evolution of the repository environment (thermal, hydraulic

and/or chemical gradients) from the initial post-closure stage until the
system reaches long-term conditions will impact on the chemical
evolution of the steel/iron-bentonite interface. Laboratory and in situ
experiments, as well as investigations on analogues, evidence that many
of the processes and mechanisms occurring at the steel canister/
bentonite interface are reproducible under similar conditions and are
well understood under a broad range of temperature and physico-
chemical conditions. Results show that corrosion rates and products are
well established and can be predicted by reactive transport models, if a

number of variables such as humidity, pH, concentrations of dissolved
salts, organic carbon and oxygen concentration are known in each stage
of the repository evolution. However, to do that, it is necessary to
establish clearly the evolution of the system from the dry-out stage up to
system get equilibrium conditions, which is a difficult issue since is
highly dependent not only on in situ conditions at each stage, but also
on variables still not well known, such as the role of gamma-radiation in
the corrosion rate during first stages of the repository and also the role
of microbial activity along the lifetime of the repository. The results of
laboratory and in situ experiments, as well as from archaeological or
natural analogues (see Deissmann et al., 2024) highlight the ability of the
clay to absorb or react with Fe(II) when anaerobic corrosion occurs.
Swelling capacity of the smectite may decrease as a consequence of the
formation of Fe-rich non-swelling clays (e.g., berthierine, cronstedtite
and chlorite). Also, sorption sites on the clay can be filled by ferrous ions
that can compete with radionuclides. The understanding of the
interactions at the interface between steel and bentonite/clay is
continuously increasing on the basis of laboratory experiments, field
experiments in underground research laboratories and modelling
studies. Extensive numerical reactive transport modelling studies of
the interactions occurring at the steel-bentonite/clay interface under
typical repository conditions and the effects of corrosion products on
the bentonite have been performed in the last two decades (cf. Bildstein
and Claret (2015); Claret et al. (2018); Bildstein et al. (2019) and
references therein). Although the numerical studies often differ on the
precise nature of the main secondary minerals, the extent of the
perturbation is always predicted to be limited to a few centimetres
(<20 cm) into the clay barrier in the long term. Further improvements
of reactive transport simulations of steel-clay interfaces are expected by
the coupling of electrochemical corrosionmodels that calculate the steel
corrosion rates as function of geochemical conditions (e.g., Bataillon
et al., 2010; King, 2014) to reactive transport modelling codes (Bildstein
et al., 2019).

3.4 Interface “steel—Crystalline rocks”

In general, a direct interface between steel and crystalline host
rocks does not exist in repository concepts since there is always
cementitious backfill or bentonite between the steel containers and
the crystalline bedrock (Neeft et al., 2020). For example, in Finland
at the Olkiluoto site, parts of the low and intermediate level waste
(containing both, carbon steel and stainless steels) are packed into
carbon steel containers that are buried into concrete layered silos
located 60–100 m under the sea level in crystalline bedrocks
(Somervuori and Carpen, 2021). Thus, the main interaction
between steel (e.g., in waste containers) and granite can occur via
granitic ground water. In case of a cementitious backfill, the
evolution at the surface of the steel would be similar to those
described in section 3.2, until the cementitious material is nearly
completely degraded, and the pH and composition of the pore water
approaches the one of the bedrock groundwater.

In the following paragraphs, only the interactions of steel with
bedrock groundwater in a crystalline repository environment are
considered, since the host rock is deemed not to be affected by the
presence or corrosion of steel (Somervuori and Carpen, 2021). In
contact with (granitic) groundwater, corrosion of steel is affected by
pH, temperature, oxygen content (redox), ground water
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composition, radiation, and the presence of microbial activity.
Generally, groundwaters in crystalline rocks can exhibit a wide
range of hydrogeochemical characteristics, ranging from lowly
mineralised waters (representing, e.g., also glacial meltwater) to
higher saline brackish or marine waters, or basement brines,
depending on repository site and depth.

The pH conditions in bedrock groundwater in crystalline rocks
are usually close to neutral (about 8). In anoxic conditions, corrosion
rates of carbon steels are very low unless the groundwater is highly
acidic or microbial activity is high. In neutral anoxic and abiotic
environments, corrosion rates of carbon steel were found to be about
1 μm yr-1 or below (e.g., Smart et al. (2001). Under these conditions,
formation of a magnetite (Fe3O4) film on carbon steel retards the
rate of corrosion in groundwater environments (Smart et al., 2001).

Temperature is an important factor in corrosion of steel because
a higher temperature usually means accelerated corrosion rates. In
the bedrock, the temperature depends on the depth from the surface
and the geothermal gradient and therefore on repository site and
concept. Moreover, disposal of high-level waste can lead to elevated
temperatures in the repository near field for several hundreds of
years, depending on the heat output of the waste and the repository
lay-out. Smart et al. (2001) found a large increase in the initial
corrosion rates of carbon steel (1–2 orders of magnitude compared
to ambient conditions) at elevated temperatures (up to 85 °C) in
anaerobic granitic groundwater. The initial corrosion rates were at
the level of 10–30 μm yr-1 but dropped to less than 0.1 μm yr-1 after
an oxide film had formed on the steel surface. This suggests that the
diffusion of various (aggressive) species through the film becomes
more determinative for the corrosion process and the corrosion
becomes less sensitive to temperature over time (cf. section 3.2).

The redox environment is very important in metal corrosion
since many corrosion reactions need oxygen. In oxygen containing
aqueous environments, the corrosion rates of iron and carbon steel
are typically in the range from 0.05 to 0.15 mm yr-1, i.e., several
orders of magnitude higher than under anoxic conditions (Tunturi,
1988). In oxygen free (anoxic) water, the corrosion of carbon steel is
very low unless the water is acidic or there is microbiological activity
on the surfaces (e.g., due to the presence of biofilms), due to the
formation of a passivating magnetite film on carbon steel surface. In
the anoxic abiotic Finnish bedrock groundwaters the average
corrosion rate of carbon steel was between 1.1 μm yr-1 and
0.4 μm yr-1, which was higher than the recorded values for
corrosion rates of stainless steels (Carpén et al., 2018).

The groundwater composition in crystalline bedrocks can
exhibit a wide range of compositions and salinities, depending,
inter alia, on the source of the groundwaters (e.g., fossil seawater,
glacial meltwaters, near-surface groundwater, basement brines),
ground water age and the extent of water-rock interaction. From
the viewpoint of steel corrosion, in particular the concentration of
chlorides and sulphates are of interest, since they are known to
increase the steel corrosion rates at elevated concentrations and
promote pitting corrosion (cf. section 3.2).

The effect of the radiation fields in a nuclear waste repository on the
corrosion of steel is not clear and experimental results have been found
to be inconclusive.Whereas some authors found no significant effects of
gamma irradiation on the uniform corrosion of low-carbon steel aside
from some pitting corrosion and an increase in hydrogen generation
(e.g., Ahn and Soo, 1995), Liu et al. (2017) reported an increase in the

corrosion rate of a carbon steel intended as canister material for high-
level waste by 33% due to gamma irradiation with a rate of 2.98 kGy per
hour. This radiation rate is not expected for vitrified HLWdisposal cells
(see Figure 8).

The corrosion of carbon steel in anoxic groundwater is strongly
affected by microbial biofilms and their metabolic activity, since
microbiological activity on the steel surface accelerates the corrosion
rate in oxygen free water (i.e., under anoxic conditions), e.g., due to
decrease in the local pH (Small et al., 2008). Corrosion induced by
microorganisms is mainly localized corrosion (Rajala, 2017). In the
presence of carbon steel, the microbial community in anaerobic
groundwater was found to be more diverse and abundant than in the
same environment without carbon steel (Rajala et al., 2015).
Černoušek et al. (2019) found that in natural granitic water in
anaerobic conditions, the corrosion rate of carbon steel was
accelerated due to biofilm formation. However, the formation of
a biofilm, which was dominated by sulphate-reducing bacteria
inhibited the corrosion rate at slightly elevated temperatures.

3.4.1 Concluding perspective
A direct interface between steel and crystalline bedrocks does

not exist in geological repository concepts for nuclear wastes (except,
e.g., for the use of rock bolts), since there is always cementitious
backfill or bentonite between the steel containers and the crystalline
bedrock (cf. sections 2.2.2 and 2.2.3). Thus, only an indirect
interaction via groundwater occurs, which, however, is modified
by the presence and nature of the backfill material. Corrosion of
steel/iron in contact with ground water is affected by many factors
including pH, redox and composition of water. High pH tends to
decrease corrosion rates of steel whereas high chloride and sulphide
contents in groundwater induce localized corrosion. During
glaciation events, glacial meltwaters with low salinity and
enriched in oxygen intruding on fractures may enhance the steel
corrosion. However, Fe(II)-minerals in the host rocks may act as
redox buffer and may counterbalance advective oxygen fluxes (e.g.,
Trinchero et al., 2017; 2018). The role of microbes on the corrosion
of steel in anaerobic conditions is important and has to be taken into
account in crystalline bedrock environments. The effect of radiation
on the corrosion of steel is not resolved yet. The effect of steel
corrosion on the crystalline bedrocks is deemed to be negligible.

3.5 Interface “concrete—Clay”

In many disposal concepts for radioactive wastes, significant use
is made of cementitious materials, for example, as structural support
material for access galleries and disposal drifts or cells (e.g., concrete/
shotcrete), as well as grouts/mortars used as containment material
for intermediate level wastes (cf. section 2; Neeft et al. (2020)). Thus,
these cementitious materials can be in contact with both, the host
rock clay formation and bentonite barriers (cf. NEA, 2012; Sellin and
Leupin, 2013; Neeft et al., 2020). Due to the contrasting chemical
and mineralogical properties of cementitious materials and clays,
interactions will occur at the cement-clay interface as a result of the
chemical gradients. For example, the pH of pore waters in either clay
formations (e.g., Opalinus clay, Callovo Oxfordian clay, or Boom
clay) and bentonite is typically in the range of pH 7 to 8.5. In
contrast, the progressive degradation of cementitious materials after
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resaturation of the repository leads to a pH in the cement pore fluids
ranging over time from 13.5 (for systems based on Ordinary
Portland Cement, OPC) to 10 (for details see section 2.2.6),
slowly approaching the pH of the surrounding ground water in
the long-term (Berner, 1992; Glasser, 2011; Beattie and Williams,
2012; Hoch et al., 2012; Drace and Ojovan, 2013). Even in so-called
low-pH cementitious materials the initial pH of the young pore
water can often be above pH 12 (e.g., Vehmas et al., 2020). The term
low-pH cementitious material is used here for cementitious
materials/concrete where significant amounts of OPC in the
binder is replaced by siliceous supplementary cementing
materials, in particular silica fume, ground granulated blast
furnace slag, or fly ashes.

Within the context of deep geological disposal of nuclear waste
disposal, cement/clay interactions have been investigated for more
than three decades by means of laboratory and in situ experiments,
studies on natural and industrial analogues, and reactive transport
modelling. Comprehensive reviews on various aspects of cement/
clay interactions have already been published in the past decades
(e.g., Metcalfe and Walker 2004; Michau 2005; Gaucher and Blanc
2006; Savage et al. (2007; 2009; 2011; Sidborn et al., 2014; Bildstein
and Claret, 2015; Dauzeres, 2016; Claret et al., 2018; Savage and
Cloet, 2018; Bildstein et al., 2019).

Short term laboratory (e.g., Adler, 2001; Adler et al., 1999;
Dauzères et al. (2010; 2014; Fernández et al., 2016; Balmer et al.,
2017) and longer-term in situ experiments (up to about 20 years) at
different underground research laboratories like HADES, Mol,
Belgium (Read et al., 2001), Mont Terri, Switzerland (e.g., Jenni
et al., 2014; Dauzeres et al., 2016; Lerouge et al., 2017; Mäder et al.,
2017), Bure, Department Meuse/Haute Marne, France (e.g.,
Gaboreau et al. (2011; 2012); Dauzeres et al. (2016)), or at the
Tournemire site in France (e.g., Tinseau et al. 2006; Techer et al.
(2012a; b); Lalan et al. (2016); Bartier et al. (2013)), as well as the
FEBEX experiment in the Grimsel test site in Switzerland (e.g.,
Alonso et al., 2017; Fernández et al., 2017; Turrero and Cloet, 2017)
have demonstrated that at the cement/clay interface, alteration of
both cement paste and clay material take place, leading to
mineralogical changes that modify the microstructure of the
altered region, which may influence transport relevant properties
such as porosity and permeability, or the radionuclide retention
behaviour of the materials.

3.5.1 Processes at the interface
Due to the contrasting chemical and mineralogical properties of

cementitious materials and clay rocks or bentonite, reaction zones
will develop, with diffusive transport of aqueous species across the
material interface in response to chemical gradients. These gradients
develop typically from the higher concentrations (activities) of
species such as OH−, K+, and Ca2+ in the cementitious materials,
thus tending to diffuse towards the clay materials3. In contrast, the
concentrations of species such as Mg2+, SiO2(aq) and HCO3

−, are
often higher in the pore water of the clay formation/bentonite, thus

tending to diffuse into the cementitious materials. Based on the
existing literature the following key processes have to be considered
at cement/clay interfaces, as observed in laboratory and in situ
experiments, and/or as inferred from natural analogue studies,
performed in Maqarin (Jordan), Cyprus or the Philippines (e.g.,
Alexander et al. (1992; 2008); Alexander and Smellie (1998);
Crossland (2006); Alexander and Milodowski (2011); Reijonen
and Alexander (2015)), Milodowski et al. (2015,2016), Savage
(1998)) and various modelling studies:

• Diffusion of hydroxyl anions from the cement into the clay will
destabilize silicate/aluminosilicate minerals, leading to slow
hydrolysis of montmorillonite and other aluminosilicate
minerals present (e.g., Cuevas et al., 2006; Yamaguchi et al.,
2007), consumingOH- ions and neutralising the high pH fluids,
but leading to a decrease in swelling pressure of smectitic clays.

• Replacement of clay minerals by calcium silicate hydrates
(C-S-H), sheet silicates, and/or zeolites, with the secondary
minerals forming in a zonal fashion (e.g., Cuevas et al., 2006;
Gaucher and Blanc, 2006; Savage and Benbow, 2007; Savage
et al., 2007; Bamforth et al., 2012), potentially leading to an
overall decrease in porosity (due to differences in molar
volumes) and changes in the rheological properties of the
clay (e.g., Jefferies et al., 1988).

• Decalcification due to dissolution of portlandite (Ca(OH)2)
and C-S-H, thus reducing its Ca/Si-ratio, in the cementitious
material accompanied by rapid precipitation of Ca-
carbonates, such as aragonite and calcite, directly at the
interface, due to steep gradients in hydroxyl ion
concentrations (higher on the cementitious material) and
the partial pressure of carbon dioxide (pCO2(g), higher in
the clay rock formation) across the cement/clay-interface;
these reactions lead to an increase in porosity in the
cementitious material and a porosity decrease in the clay in
the longer term. In low-pH cementitious materials, where
portlandite may be lacking, the decalcification of the C-(A)-S-
H can proceed directly, leading to an earlier formation of
amorphous silica as residue. However, low-pH cementitious
formulations with slag and micro silica have a more refined
pore structure leading to lower diffusivity and thus lower rates
of mineral alteration.

• Formation of calcium aluminium silicate hydrates (C-A-S-H)
and (amorphous) magnesium silicate hydrates (M-S-H) at the
interface, affecting porosity and transport properties at the
interface (e.g., Dauzeres et al., 2016), and replacement of
portlandite, C-S-H gel and monosulphoaluminate by
ettringite (e.g., Savage, 2014). Note that in low
pH formulations, C-A-S-H can be present already as initial
hydration phase.

• Redistribution of sulphate towards the unaltered cementitious
matrix due to the decrease in pH close to the interface,
destabilizing earlier formed Ca-Al-sulphates (ettringite,
monosulphate (AFm)) that re-precipitate in the higher
pH regions (e.g., (Mäder et al., 2017)).

• Fast exchange of cations in interlayer sites in montmorillonite,
due to diffusion of K+, Na+ and Ca2+ from the cementitious
material into the clay, leading to a decrease of
swelling pressure.

3 In more saline clay host rocks, i.e., in France, Switzerland and the

Netherlands, the dissolved Ca2+ concentration can be higher than this

concentration in concrete pore water (see Supplementary Information).
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• Fast protonation-deprotonation reactions at clay edge sites,
retarding the diffusive migration of hydroxyl ions due to
reversible sorption processes.

• Slow hydrolysis of montmorillonite and other minerals
present, either as additives (e.g., quartz sand), or as
accessory minerals reactions consuming hydroxyl ions, thus
chemically neutralizing the advancing cementitious
porewater, leading to an increase in porosity and a decrease
in clay swelling properties.

The studies performed have shown that there is a strong
coupling between fluid and solute transport, dissolution of solids
and precipitation of secondary phases, ion exchange and edge site
sorption on clays, and the consequential changes in physical
properties of the materials (i.e., porosity, permeability, swelling
pressure of clay) (cf. Savage and Cloet, 2018). Depending on the
extent of porosity/permeability changes (e.g., pore clogging),
changes in hydraulic conductivity, diffusivity, and gas
permeability may occur. Moreover, the potential dissolution and
replacement of clay minerals may alter the safety-relevant swelling
properties and sorption capacity of the clay materials. However, the
extent of alkaline disturbance in the clay host rocks is limited to a few
meters in the long term. The processes occurring at the cement/clay
interface as well as their kinetics will depend to a large extent on the
initial properties of the materials, such as the nature of the
cementitious binder (OPC or low pH binder), the mineralogy
and pore water composition of the clay material, and their initial
transport properties (e.g., porosity, diffusivity, incl. water saturation)
and thus on repository concept and site. Thus, the extent and
significance of these processes will need to be assessed on a site-
specific basis (cf. NDA, 2016). Due to this complexity and diversity,
it is difficult to establish a general sequence of secondary minerals
forming in the cement domain due to the impact of the clay pore
water. Details on experimental observations with respect to
secondary phases formed at the interfaces between various
cementitious materials and clays, clay rocks or bentonite have
been compiled e.g., by Dauzeres (2016) and Deissmann and Ait
Mouheb (2021).

The (long-term) interaction of cementitious materials with
clays, clay rocks and bentonites have been subject to a large
number of reactive transport modelling studies (cf. reviews in
Bildstein and Claret (2015); Claret et al. (2018); Bildstein et al.
(2019); Deissmann and Ait Mouheb (2021)). In these simulations,
cement-clay interactions have been mainly modelled as coupled
Thermal-Hydraulical-Mechanical-Chemical (THMC) processes
in continuum scale reactive transport simulations, based on
thermodynamic equilibria sometimes with the inclusion of
kinetic data and diffusive transport, with various degrees of
complexity. Most simulations addressed the interactions
between cementitious materials and natural clay rocks,
whereas relatively fewer studies investigated the interaction
with bentonites. In the majority of the cases, OPC-based high-
pH cementitious materials were addressed (CEM I); only
recently, interface processes between low pH cementitious
materials have been addressed in reactive transport modelling
studies at different time and length scales (e.g., Berner et al., 2013;
Dauzeres et al., 2016; Idiart et al., 2020). With respect to the
simulation of laboratory and in situ experiments, it can generally

be concluded that reactive transport modelling shows a great
capability for reproducing the experiments, e.g., regarding
mineralogical transformation pathways and net porosity
evolution (cf. Bildstein et al., 2019). Despite the differences in
the approaches of long-term simulations of cement-clay
interactions, there are general similarities in terms of the
predicted thickness of the altered zones in the clay and cement
domain, the types of secondary solid products and changes in
porosity. Simulations of the long-term evolution of the interface
revealed a narrow zone (mainly in the order of cm to dm) of
perturbed mineral and fluid chemistry located close to the
interface, for timescales up to and beyond 100,000 years (cf.
Savage and Cloet, 2018; Bildstein et al., 2019). Regarding the
predicted mineral transformations there are recurring results,
such as decalcification of cementitious materials (i.e., portlandite
dissolution, decrease of the Ca/Si ratio in C-S-H), precipitation of
ettringite in the presence of sulphates, and/or carbonation and
smectite dissolution, dedolomitisation, as well as formation of C-
(A)-S-H solids, clay minerals (illite, saponite), zeolites and
carbonates in the clay domain. Critical parameters identified
in the various studies comprise dissolution/precipitation
kinetics and the description of evolving reactive surface areas
that can play an important role in sequential minerals’
appearance or disappearance, the localization of porosity
reduction and increase, the kinetics and the laws controlling
the porosity/permeability and porosity/diffusivity feedback,
and the inclusion of certain secondary phases (e.g., zeolites)
and their thermodynamic/kinetic parameters.

3.5.2 Concluding perspective
The evolution of the interface between cementitious materials

and clays (incl. poorly indurated clays, clay rocks, or bentonites)
within the context of nuclear waste disposal has received
widespread attention in the last decades. Substantial progress
has been made in the characterization of the mineralogical and
microstructural changes over relatively long time periods in the
frame of experimental studies and by investigation of natural
analogues. Additionally, reactive transport modelling appears to
predict well the chemical evolution occurring at the interface
between cementitious and clay materials. The inclusion of new
thermodynamic data on relevant phases (e.g., M-S-H, C-A-S-H,
zeolites) that were made available recently (e.g., Roosz et al. 2018;
Ma and Lothenbach (2020a, b, 2021); Lothenbach et al. 2019) will
probably lead to a further improvement of long-term predictions
and the understanding of the interactions of cementitious
materials with clays in the context of the evaluation of
repository safety.

3.6 Interface “concrete—Granite”

Cementitious materials are employed for various purposes also
in waste repositories in crystalline (granitic) rocks (cf. Neeft et al.,
2020). For example, the disposal tunnels are sealed with concrete
end plugs to ensure mechanical and hydrological isolation of
different compartments. In the Finnish final repository for HLW
(i.e., spent nuclear fuel), several thousand tons of Ordinary Portland
Cement (OPC)–based grouts, shotcrete and rock bolt mortars will be
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present in structural applications and for sealing of fractures. Also,
in the LLW repository in Finland, isolation is achieved by a
combination of cementitious barriers and the granitic host rock
(cf. Leivo, 2021). Processes occurring at the interface of cement/
mortar/concrete and granite can change both the properties of the
cementitious material and the granite properties at the interface.

3.6.1 Processes in concrete
In general, cement-based materials used in the groundwater

environment are fundamentally unstable in a long-term perspective,
due to thermodynamic disequilibrium with their environment.
Thus, concretes and cementitious materials/barriers used in
geological disposal facilities in crystalline rocks (or clay rocks)
will inevitably change their mineralogical, chemical and physical
properties in the long-term, both as a consequence of
recrystallisation and chemical interactions with their
environment. With respect to the long-term evolution of
cementitious materials at the interface to granitic/crystalline rock,
interactions are mainly related to the contact with the groundwater
present in the bedrock. Generally, groundwaters in crystalline rocks
can exhibit a wide range of chemical characteristics ranging from
lowly mineralised waters (representing, e.g., also glacial meltwater)
to higher saline brackish or marine waters, or basement brines,
depending on repository site and depth. The processes occurring in
the cementitious materials in a repository due to the contact with
granitic groundwaters depend on the local environmental
conditions (in particular the groundwater composition) and
comprise the typical processes described in detail in the
respective literature in the context of the performance and
degradation of cementitious construction materials in the
subsurface (e.g., Taylor, 1997; Hewlett, 1998). These processes
include in particular.

• removal of alkalis and decalcification,
• carbonation,
• attack by aggressive species (e.g., magnesium, sulphate,
chloride), and

• alkali-aggregate reactions.

Leaching of alkalis and decalcification causes changes of many
physical and mechanical properties of cement-based materials such
as porosity, elastic modulus, compressive strength, internal friction
angle and creep. Leaching of concrete by percolating or flowing
water can cause severe damage, e.g., in dams, pipes or conduits, and
is potentially important for the long-term evolution of repository
systems for nuclear wastes. These processes are expected to remove
alkali hydroxides, dissolve portlandite (Ca(OH)2) and decompose
the hydrated silicate (i.e., calcium silicate hydrates, C-S-H) and
aluminate phases (AFm/AFt), leading to a concomitant decrease of
the pH of the pore solution in the cementitious materials. Initially,
dissolution of KOH and NaOH within the cement will form a pore
water with pH ~13. The pore water pH will then decrease to
~12.5 where it will be buffered by equilibration with portlandite.
This pH will remain until all portlandite has dissolved, after which,
pH will be controlled by equilibrium with the incongruent
dissolution of the C-S-H gel and will decrease to ~10.5. The
ultimate residue will consist essentially of hydrous forms of silica,
alumina and iron oxide, while all CaO will be lost. By this stage, the

cement paste will be disintegrated. The schematic evolution of pore
solution pH during degradation of OPC based cementitious
materials by pure, demineralised water is shown in Figure 7.
Removal of alkalis and decalcification generally lead to an
increase in porosity/permeability and diffusivity in
cementitious materials.

Carbonation occurs when carbon dioxide dissolves in the pore
solution of cement paste, producing CO3

2−ions, which will react with
Ca2+ and produce CaCO3 (calcite) on the expense of portlandite.
Later, when portlandite is consumed, C-S-H is first decalcified and
later decomposed. The AFm and AFt phases react with the carbonate
anions and can form special carbonate phases (e.g., thaumasite,
Ca3Si(OH)6SO4CO3·12H2O and has been observed for buried
concrete (Tsivilis et al., 2007)). If pH is lowered further by
addition of more carbon dioxide, these initially formed carbonate
species will decompose. The residues from complete carbonation of
cementitious materials are calcite, amorphous silica,
hydrocarboaluminates and different Al- and Fe-hydroxides. The
pH value of the carbonated cement paste first drops to around
10 when all portlandite is consumed and later to a pH around 8,
when the other phases are decomposed. These carbonation reactions
are mostly happening at a slow rate and are especially pronounced
during the operational phase of the repository, when the cementitious
materials are in contact with gaseous CO2 from the ventilated tunnels,
and, in later stages, due to CO2 production from degrading organic
wastes, or due to interaction with carbonate-rich groundwaters. Due
to microstructural changes, carbonation is often accompanied by a
reduction of permeability and diffusivity of cementitious materials.

Sulphate attack in concrete originates mainly from interaction
with sulphate rich groundwaters. The damage to concrete structures
resulting from external sulphate attack is related to the chemical
reactions between sulphate ions and the solid cement hydration
products, leading in particular to the formation of ettringite
(Ca6(Al,Fe)2(OH)12(SO4)3·26H2O) and gypsum (CaSO4·2H2O),
which occupy a larger volume than their educts. This can lead to
the generation of stress in the interior of the concrete as a result of
the formation of the expansive products, which in consequence
results in a mechanical response of the bulk material, such as
cracking. However, the potential effects of sulphate attack in
cementitious repository materials can be minimized by the
utilisation of sulphate resistant cements.

The attack by magnesium ions present in groundwaters can be
particularly deteriorating for concrete structures, as it can cause a
complete disintegration of the C-S-H phases in the long term. In
contact with magnesium rich groundwaters, the magnesium
replaces the calcium in the hydration phases leading to the
formation of amorphous Mg(OH)2, magnesium silicate hydrates
(M-S-H) as well as Mg-containing SiO2 gel, accompanied with a
drop in pH to approx. 10.5 (e.g., Taylor, 1997; Eglinton, 1998).

Deterioration of materials properties due to chloride ingress is
one of the main causes of concrete degradation worldwide. Concrete
itself is generally not adversely affected by chloride ingress, though
the formation of some new chloride-bearing phases such as Friedel’s
salt (Ca4(Al,Fe)2(OH)12Cl2·nH2O) at the expense of other AFm/AFt
phases is possible. However, the steel reinforcement and other steel
materials inside concrete can be corroded at elevated chloride
concentrations, which may lead to the formation of (expansive)
corrosion products accompanied by crack formation due to
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mechanical stress. However, this is deemed to be more relevant
under oxic conditions that may occur in concrete-granite systems
when an insufficient concrete cover has been used or in the presence
of glacial meltwaters. The transport and distribution of chlorides in a
concrete structure are very much a function of the environmental
exposure, i.e., chloride concentration and duration of exposure to
solutions in contact with the concrete surface.

Alkali-aggregate reactions (AAR), also termed alkali-silica-
reactions (ASR), are chemical reactions occurring between
minerals present in certain types of aggregate, and alkali (Na+

and K+) and hydroxyl (OH−) ions present in the pore solution of
the cement paste in concrete. These dissolution reactions occur due
to the high solubility of certain amorphous, disordered or poorly
crystalline forms of silica (SiO2) in highly alkaline solutions leading
to formation of a hygroscopic alkaline gel. In general, these reactions
are expansive in nature, resulting in internal stresses in concrete and
consequently cracking. It is often accompanied by the appearance of
efflorescence and exudations on the surface of the concrete. They
can significantly decrease the durability of concrete as a result of
cracking favouring other processes of deterioration, particularly in
the cases of carbonation or chloride penetration resulting in
reinforcement corrosion. However, ASR can be prevented in
cementitious materials in the repository environment by using
either non-siliceous aggregates, e.g., carbonates or using cements
with a low alkali content (e.g., blended low-pH cements). The
absence of ASR with the use of quartz aggregates and low-alkali
binders has such extensive demonstrated experience that this
combination has turned into a best practice for civil engineering.
Different time frames are active for geological disposal of waste and
ASR can thermodynamically not be excluded. Kinetically, ASR can
beminimised through the reaction rims (see Deissmann et al., 2024).
The extent of this minimization determines whether ASR has an
impact on the chemical evolution of disposal cells.

3.6.2 Processes in crystalline host rocks
The production of alkaline leachates (high-pH plume with

evolving pH analogues) developing at the concrete/granite
interfaces from alteration of concrete may cause degradation of
silicate minerals (e.g., feldspars) in the crystalline bedrock around
the repository and precipitation of secondary phases further along
fractures, where more neutral pH conditions prevail (Baker et al.,
2002). These interactions between the cement leachate and the rock
are a potentially important factor for altering flow in the near-field
rock, due to clogging of fractures by formation of secondary
minerals (e.g., Mäder et al., 2006; Alexander, 2012). However,
there are still a number of uncertainties associated with this
sealing of fractures due to the formation of secondary minerals
(Savage and Cloet, 2018). It has been stated that the beneficial effect
of fracture sealing due to cement-host rock interaction cannot be
taken into account in the safety case because they cannot be
quantified (e.g., Pastina et al., 2012; Koskinen, 2014).

In the last two decades, a number of laboratory studies and
experiments in underground research laboratories (e.g., at the
Grimsel Test Site in Switzerland) have been performed
addressing the interaction of cement leachates with crystalline
granitic rocks (e.g., Bateman et al., 1999; Mäder et al., 2006;
Pfingsten et al., 2006; Moyce et al., 2014; Lanyon, 2015; Watson
et al., 2017), complemented by respective reactive transport

simulations (e.g., Soler et al. (2006; 2011); Soler and Mäder
(2010); Watson et al. (2017); Chaparro et al. (2017)). There is a
general agreement that the dissolution of the primary silicate
minerals in granitic rocks by cementitious leachates is followed
by the precipitation of secondary phases such as C-S-H, Ca-Al-Si-
hydrates (C-A-S-H), magnesium-silicate-hydrates (M-S-H), calcite,
clays and zeolites, mainly on fractures. Subsequent transformation
of C–S–H to feldspars and zeolites can occur in the longer-term. In
general, these reactions are very slow and highly dependent on pH,
temperature and groundwater composition.

Recently, Szabó-Krausz et al. (2021) evaluated the geochemical
interactions occurring at the granite-concrete interface in the
operating LLW/ILW repository at Bátaapáti, Hungary. The main
secondary phases observed at the interface after 1–15 months of
reaction were the Ca-carbonates calcite and vaterite. Calcite veins
occurred along the granite-concrete contact while vaterite
precipitated in the pores of the concrete near the interface. This
carbonation was explained by Szabó-Krausz et al. (2021) by reaction
of Ca released by the dissolution of the cementitious material and
HCO3

− from the local granitic pore water. The carbonation process
was found to reduce the porosity and permeability in the contact
zone, avoiding or slowing down further interaction of the materials.
Moreover, a frequent occurrence of titanite along or near the
granite-concrete interface, but always on the side of the granite
was observed. It was concluded by Szabó-Krausz et al. (2021) that
titanite formed where i) the Ca concentration was not high enough
to form carbonates, and ii) sufficient dissolved SiO2 was in the
solution, with the granite serving as a source of TiO2. The
observation of neighbouring calcite and titanite precipitation was
seen as indicator for distinctively changing geochemical conditions
within short distance of the interface.

3.6.3 Concluding perspective
The physico-chemical processes occurring at the interface between

cementitious materials and crystalline, granitic rocks in a deep
geological repository can change the mineralogical, geochemical and
solute transport properties of bothmaterials. However, compared to the
interface between cementitious materials and clays or clay rocks, the
interface with granitic/crystalline rocks has received less attention so far.
Changes on the concrete side are related to the contact with the
groundwater present in the crystalline bedrock and comprise typical
alteration phenomena observed in subsurface construction materials,
which depend in particular on the composition and pH of the
contacting water. The alkaline plume caused by the leaching of
concrete due to interaction with the bedrock groundwater will have
an influence on the granite by dissolving primary silicate minerals and
the precipitation of secondary phases at the interface and on fractures,
which may result in changes in the flow regime in the repository near
field. In general, the chemical alteration processes at the concrete/
granite interface in underground repositories are expected to be
rather slow.

4 Narrative time-space evolution at
disposal cell scale

An important step in the quantitative assessment of the chemical
evolution at the disposal cell scale is the integration of individual studies

Frontiers in Nuclear Engineering frontiersin.org28

Neeft et al. 10.3389/fnuen.2024.1433247

https://www.frontiersin.org/journals/nuclear-engineering
https://www.frontiersin.org
https://doi.org/10.3389/fnuen.2024.1433247


in an integrated phenomenological description of the time-space
evolution at the disposal cell scale. This section presents narrative
evolutions for disposal cells defined using themain characteristics of the
HLW and ILW disposal cells in European programmes, based on the
information from the individual interfaces (Deissmann et al., 2021) and
from the current handling of chemical evolution in European
programmes (Neeft et al., 2020). The handling of the chemical
evolution can be a compromise between “what occurs”, for example,
what are the most relevant processes, and “what can be modelled”.
“What occurs” is an understanding of the processes taking place in the
chemical evolution and those processes are included in this section. The
‘what occurs’ includes assumptions that need to be substantiated. In this
section, the chemical evolution is described for evolutions that typically
falls under the conditions of an expected or a normal evolution scenario
that includes the most likely processes.

4.1 HLW disposal cells

This review contains no overview of experimentally investigated
radiological and microbiological processes but it needs to be assessed
whether their consequences need to be included in the chemical
evolution. The carbon steel overpack (see Sections 2.1.2 and 2.1.3) is
considered as an example in order to show how such an assessment can
look like. Radiation enhanced corrosion depends on the radiation rate
and access to water. Radiolysis of water can generate O2 by which a
more oxidising environment becomes present in the vicinity of the
metal overpack. Aerobic steel corrosion rates are larger than anaerobic
corrosion rates of steel. The radiation rate can be determined by the
activity of the radionuclides in the vitrified waste form and the
penetrating power of gamma rays that are released upon decay of
these radionuclides. Figure 2 shows that the radiotoxicity of the waste is
initially dominated by 90Sr and 137Cs but only 137Cs and its daughter
release upon decay a sufficient high gamma energy to contribute to the
radiation dose rate at the surface of the carbon steel overpack. The
vitrified waste form has guaranteed maxima in activity content of these
two radionuclides of 6,600 TBq for 137Cs and 4,625 TBq for 90Sr
(AREVA, 2007). The maxima are assumed to be the activity of
these radionuclide at time 0 years in Figure 8. The vitrified waste
form is not immediately emplaced in a disposal facility but is cooled for
a couple of decades; for example, the French programme uses an age of
85 years and 70 years depending on the thermal power of the waste
form, in their disposal concept (Cochepin et al., 2020). The half-lives of
the radionuclides that initially dominate the radiotoxicity are 29 years
for 90Sr and 30 years for 137Cs. Consequently, the radiation dose rate has
been significantly reduced upon emplacement of vitrified HLW. The
metal overpack has a high density of about 8,000 kg/m3 and can
therefore provide shielding that also limits the radiation dose rate at the
outside of the metal overpack. Two examples of thickness of carbon
steel overpack have been calculated in Figure 8:

• A thickness of 3 cm, which is characteristic for a disposal
package with a concrete buffer as used in the concepts in the
Belgian and Dutch disposal programmes (Neeft
et al., 2020);

• A thickness of 14 cm, which is the thickness considered in the
Swiss programme (Leupin et al., 2016; Levasseur et al., 2021).

Based on the research by Smart et al. (2017b), Figure 8 shows
that the thinner carbon steel overpack of 3 cm has a high enough
radiation dose rate for radiation enhanced corrosion for a disposal
package with a concrete buffer for vitrified HLW with an age of
60 years. If specified, all programmes consider older waste packages
(Neeft et al., 2020). Consequently, radiation enhanced corrosion
does not need to be included in the chemical evolution in this HLW
disposal cell.

Relevant literature about the impact of radiation on steel
interfacing bentonite has not been found but the values found
for steel exposed to groundwater (Smart et al., 2008b) are
considered as a minimum, since the process is attributed to the
radiolysis of water and accessible amount of water. Figure 8 shows
that the radiation dose rates for a thicker carbon steel overpack
interfacing bentonite is too low for radiation enhanced corrosion at
any age of vitrified HLW. Also, the dose rates of 10–20 Gy per hour
listed in section 3.3 to affect the properties of bentonite do
not occur.

It can be deduced from the available literature that radiation
enhanced corrosion and microbial induced corrosion can never
occur at the same time, i.e., microbial activity is only possible at
lower radiation doses rates than required for radiation induced
corrosion. Radiation has been known to kill microbes and this
information is also used for health reasons such as sterilization of
food. The decrease in the number of viable (i.e., culturable on a
chosen medium) bacteria as a function of increasing total dose is
determined and expressed as the D10 value, the total dose
required to reduce the viable population by one order of
magnitude or 90% (Abrahamsen et al., 2015). D10 values are
additive; for a reduction of three orders in magnitude, a total dose
equal to 3 times the D10 value is required. The D10 values for
relevant bacteria range between 0.5 and 1.57 kGy (Stroes-
Gascoyne and West, 1997). Consequently, sterilization can be
achieved for any considered age of vitrified HLW since these
doses between 0.5 kGy and 1.57 Gy are received multiple times
during storage. In research, usually sterilisation levels are
achieved with high radiation dose rates, higher than
representative for geological disposal. What lacks in the
radiation sensitivity of microbes is the equilibrium between
the reduction in viable population by radiation and increase in
viable population by growth of this population by consumption
of nutrients and electron acceptors and donors. Nevertheless,
there are several other arguments by which microbial induced
corrosion is highly unlikely, i.e., the high temperature load at the
start of the post-closure phase, too small connecting pore throats
that limit transport of food and energy sources, the drying of the
buffers at the start of the post-closure phase by the heat emitted
by the waste, and for the concrete buffer also the high pH of the
concrete pore water. Microbial induced corrosion is therefore
excluded in the narrative for HLW disposal cells, the only
microbial activity considered possible is at the interface
between bentonite and granitic rock and localised at the
fractures in the rock. These microbial processes
have negligible effects on the chemical evolution at disposal
cell scale.

The chemical alterations of the engineered materials in HLW
disposal cells in the post-closure phase are thus determined by:
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1) the formation of an alteration layer between two interfacing
materials. This alteration layer may have been formed already
before or in the operational phase;

2) the diffusional exchange of species through this alteration layer
and/or the thickness of the diffusional layer of dissolved
species near the alteration layer. The maximum dissolved
concentration in this diffusion layer is in equilibrium with
the alteration layer. The thickness of this diffusion layer in the
interfacing material depends on the speed of migration of the
dissolved species in this material and sorption of dissolved
species by minerals in this material.

4.1.1 From closure till about 1,000 years
The heat generated by decay of the radionuclides in the

vitrified HLW has initially an important effect on the chemical
evolution of the engineered barriers. The temperature increase
results into a decrease in saturation degree in the buffers by
which the access to water needed to continue chemical corrosion
is minimized. This effect has been modelled in the Spanish
programme for the bentonite buffer in which saturation of the
bentonite buffer was achieved within 20 years for HLW disposal
cells in granite (Neeft et al., 2020). The input for these modelling
studies came from experiemental work performed in the
previous century e.g., FEBEX experiment at Mt Terri (see
section 3.3). This short period is specific for granitic host
rocks since there is sufficient access of water to saturate the
buffer. There is less water available to saturate the bentonite
buffer in indurated clay. A period between 100 and 1,000 years is
foreseen for saturation of HLW disposal cells with bentonite
buffers in indurated clay (Leupin et al., 2016). The impact of this
difference in access of water is visualized in Figure 9 (first row)
with a smaller corroded part of the steel overpack for disposal
cells in indurated clay compared to disposal cells in granitic
rocks. Such modelling results for the saturation degree in the
concrete buffers are available for poorly indurated clay (Poyet,
2006; Weetjens et al., 2006) and are foreseen to have a negligible
effect on the chemical corrosion rate, since a temperature of
80°C is achieved within a few decades (Neeft et al., 2020) and the
same corrosion rate was measured at 25°C and 80°C (Smart et al.,
2017a). After about 1,000 years, a temperature below 50°C is
achieved at the steel overpack, and in disposal concepts in which
the overpack is enclosed in a bentonite or concrete buffer, the
host rock is almost no more heated by the waste (Neeft et al.,
2020). Figure 9 (first row) shows that the chemical evolution at
disposal cell scale after about 1,000 years is envisaged to
be small.

There can be aerobic and anaerobic corrosion processes in this
period from closure till about 1,000 years. An alteration layer is
formed during this corrosion process. There is thermodynamic data
and software available to calculate the stability of alteration layers as
a function of the pore water chemistry. Figure 10 shows the Pourbaix
diagrams with the available phases of calcium, iron-oxides with and
without calcium and bicarbonate in the pore solution. Please note
that supersaturated iron solutions have been used in the calculated
Pourbaix diagrams; for example, the actual range in pH of the
thermodynamically stable magnetite is smaller. The minimum in
solubility has been calculated to be 10–9 M at 100°C and 10–10 M at
25°C (Hermansson, 2004).

4.1.1.1 Aerobic corrosion
Bentonite and concrete buffers contain entrapped oxygen as a

result of the fabrication process. This oxygen is consumed by
corrosion of steel or by reaction with traces of pyrite; these traces
can be present in bentonite and in concrete that has been made with
cement that is blended with blast furnace slag (BFS). The alteration
layer formed during aerobic corrosion would be hematite as shown
in Figure 10. The period in time for aerobic corrosion of the carbon
steel overpack by this entrapped oxygen is expected to be smaller
than a few years, but section 3.3 considers a transient phase to
anaerobic conditions lasting till 100 years. Nevertheless, the
available oxygen can be quantified for aerobic corrosion and
conservative estimates predict a corroded thickness of 0.7 mm
(Alexander and McKinley, 1999).

A period with aerobic corrosion can also be absent for example,
in the case of carbon steel interfacing a cementitious material that
was a blend of Ordinary Portland Cement (OPC) and BFS (Naish
et al., 1991) in which the rest potential is immediately achieved.
Magnetite could only be measured on the carbon steel interfacing
this cementitious material with BFS that was run for almost 2 years.
This magnetite measurement using Raman spectroscopy and the
electrochemical measurement provided the evidence that steel had
become passivated. Other blends of OPC with fly ash and OPC
showed no corrosion product on carbon steel, i.e., steels embedded
in these cements still experienced active corrosion after 2 years. But
like for clays, also for cementitious materials the available oxygen for
aerobic corrosion can be quantified and a maximum in aerobic
corroded thickness can be set. A maximum in air content in
fabricated concrete is quality controlled through EN 12350–7
(CEN, 2019).

4.1.1.2 Anaerobic corrosion
The anaerobic corrosion of steel uses water as an oxidant and

magnetite is predicted in Figure 10. Passive corrosion of steel is
achieved when the corrosion rate has become equal to the
dissolution rate of the passive film (Grauer, 1988); the magnetite
layer constitutes a barrier against transport of water towards steel
and of dissolved iron species into solution. This passivation is
expected to extend beyond the thermal phase for concrete buffers
due to its high pH. However, the presence of magnetite is also
assumed and measured for steel exposed to pore water with a lower
pH. Precipitation of magnetite as a corrosion product in bentonite
has been modelled at 25°C in the Czech and Spanish disposal
programmes due to an increase of pH till 10 by iron corrosion at
the vicinity of the bentonite-iron interface (Neeft et al., 2020). This
rise in pH near the steel surface, which makes precipitation of
magnetite thermodynamically possible, can be caused by insufficient
dissipation of the generated hydroxyl ions in bentonite. This
insufficient dissipation is also present in bentonite pore water by
which the formation of magnetite was measured due to a local
increase in pH of 10 (Kreis, 1991). The presence of bicarbonate in
the pore water has an effect on the formation of the chemistry of the
alteration layer. The ingress of bicarbonate into the bentonite buffers
may result into a change of the alteration layer from magnetite to
siderite as predicted in Figure 10.

The thickness of the steel overpack is at least three times smaller
for countries considering a concrete buffer compared to countries
that have chosen a bentonite buffer. The found long term corrosion
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rates, i.e., after an alteration layer has been formed, are also different
by orders of magnitude. The long-term corrosion rates of carbon
steel from section 3 are:

• below 10 µm per year, if this steel interfaces bentonite
(see section 3.3);

• in the range of 0.1 µm per year or lower, if this steel interfaces
concrete (see section 3.2);

• below 0.1 µm, if this steel interfaces granitic pore water
(see section 3.6).

The higher corrosion rates for steel interfacing bentonite may be
understood from the surface charge of minerals in the buffers. The
zeta-potential of clay minerals in bentonite buffers is negative by
which there is preferably sorption of cations. The speciation of
dissolved iron is Fe(OH)+ for pH < 11 and Fe(OH)3

- for pH > 11 as
shown for the Pourbaix diagrams in Figure 10, as long as the
bicarbonate content of the pore water is limited. The selective
sorption of Fe(OH)+ onto the clay minerals reduces the thickness
in the diffusion double layer for the dissolved concentration of iron
species. This reduction in thickness enhances the dissolution of the
alteration layer and thereby corrosion. It is known that the tendency
of the sorption of dissolved iron may increase the corrosion rate in
clay (Johnson and King, 2008; Savage, 2014).

The zeta potential of cement minerals in concrete is positive at a
pH > 11.8 (Pointeau et al., 2008)4 (see Figure 7). There could also be
sorption of dissolved iron species such as Fe(OH)3

-.
Archaeological analogues (e.g., Dillmann et al., 2014) indicate

that the chemical interaction between the buffers (clay and concrete)
and steel remain in the vicinity of the interfaces. Cross section
analysis from the metal or iron towards the porous materials - soils
(e.g., argillaceous sediments) or cementitious materials - show
similar patterns: steel, a Dense Product Layer (DPL) with
corrosion products, a zone in which the porous medium (soil or
concrete) has chemically altered (Transformed Medium, TM) and
the porous medium (soil or concrete).

4.1.1.3 Dense Product Layer/inner layer
The porosity of DPL has been measured to be 10 vol% (Chitty

et al., 2005). Archaeological analogues of steel with a porousmedium
(soil or concrete) are obtained at lower temperatures than envisaged
at the steel overpack. The chemical interaction at the clay-iron
interface at 90°C shows however a similar result, except that the DPL
is further subdivided in an internal and external DPL (Figure 5-25 in

Deissmann et al. (2021)). Other definitions of DPL and TM are a
fairly dense Inner layer and an Outer layer (Atkins et al., 1991). The
DPL is more or less the alteration layer magnetite or siderite as
calculated in Figure 10. I.e., these minerals are expected to be formed
in the vicinity of steel interfacing bentonite or concrete. The impact
of calcium on the formation of the alteration layer has not been
included in the corrosion process in section 3.2 but dissolved
calcium in clay and concrete seems to have a crucial role in the
formation rate of the spinel-type passivation film (Kreis, 1991). At
both the clay-steel interface (Neff et al., 2004) and the concrete-steel
interfaces (Chitty et al., 2005), the formed spinel corrosion product
magnetite contains traces of calcium. Magnetite (Fe3O4) and
CaFe2O4 are both spinels that cannot be distinguished by Raman
spectroscopy; this technique is used to provide evidence that the
steel has become passivated (e.g., Naish et al., 1991).
Thermodynamically, it is possible to have a calcium-iron
containing passivating film as calculated in Figure 10, especially
at a pH > 12.5, but so far it has not been identified as a passivating
film6. The impact of calcium may therefore be important for
understanding the corrosion process of the overpack enclosed in
the concrete buffer. The chemical analysis of the surface films and
difference in corroded thickness measured by weight loss and
hydrogen generation monitoring also showed that another
corrosion product than magnetite (Fe3O4) would have been
formed on the surface of steel (Kaneko et al., 2004).

4.1.1.4 Transformed medium/outer layer/alteration zone
The transformed medium is a result of an interaction between

the dissolved species from iron corrosion and clay or cement
minerals. The quartz grains in concrete and sediment (soil) seem
to remain unaffected in analogues of steel interfacing
concrete or soil.

4.1.1.4.1 Zone in bentonite. The transformed medium can be
the alteration zone of bentonite with a reduced porosity due to
cementation of clay by precipitation of magnetite. The diffusion
values in this zone may be smaller than in unaffected bentonite due
to this decrease in porosity. There can however also be an increase of
diffusion values in this zone due to the reaction between dissolved
iron and the swelling clay mineral montmorillonite into a non-
swelling sheet silicate. The chemical characteristics of the
transformed medium is quite well known for bentonite which is
Fe-rich non-swelling silicates (see section 3.3). The work done by
Savage (2014) includes some quantification of the processes at

4 The surface charge as a function of the Ca/Si ratio of CSH-gel has been

explored in Cebama (Grivé and Olmeda, 2015) since this Ca/Si ratio

depends on pH (Berner, 1992). Indeed, CSH gels with a Ca/Si ratio of

1.4 show anionic exchange that has been proven with the MoO42- uptake

and CSH-gels with a Ca/Si ratio of 1.2 and 0.8 have lost this uptake

(Grambow et al., 2020).

5 Hematite instead of magnetite can be measured using Raman

spectroscopy if the laser power heated the specimen beyond 400°C

(Neff et al., 2004). Only magnetite would be measured in deaerated

soils (Dillmann et al., 2014).

6 However, some experimental results support the hypothesis of a

calcium-iron containing passivating film. Removal of dissolved calcium

has been confirmed from batch sorption experiments with a fine powder

of iron and cementitious pore water with a pH of 13.5. On the reacted iron

particles - despite the calcium concentration being undersaturated -

precipitation of Ca(OH)2 had taken place as deduced from pair

distribution function analysis. Interspersed Ca(OH)2 within the iron-

oxide layer is formed during the corrosion process, but co-precipitation

into a solid solution between calcium and iron might also occur (Ma

et al., 2018).
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FIGURE 9
(First row) Chemically evolved disposal cells after about 1,000 years containing vitrified HLW for the host rocks: granite, poorly indurated clay and
indurated clay. Blue = vitrified HLW, black = left metallic substrate of steel overpack, green = corroded part of steel overpack, bentonite (purple),
carbonated concrete (white), unaffected concrete (grey), grout (light grey). Ingress of ions are indicated, e.g., Mg2+ and HCO3

− from granitic/clay host
rock into bentonite buffer/concrete segment (Second row for section 4.1.2). Chemically evolved disposal cells after about 10,000 s years till
100,000 s of years containing vitrified HLW for the host rocks: granite, poorly indurated clay and indurated clay. Blue = vitrified HLW, black = left metallic
substrate of steel overpack, green = corroded part of steel overpack, unaffected bentonite (purple), affected bentonite (blueish purple), carbonated
concrete (white), unaffected concrete (grey), affected grout (lila) (Third row for section 4.1.3). Chemically evolved disposal cells after about 10,000 s years

(Continued )
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disposal cell scale by which the dominating processes can be
elucidated.

As earlier explained, although the pH of the bentonite pore
water is too low for magnetite, magnetite is formed by insufficient
dissipation of hydroxyl ions. This local increase in pH due to steel
corrosion determines the clay dissolution. This dissolution promotes
the transformation of montmorillonite into non-swelling silicates
e.g., berthierine and chlorite. The slow dissolution rate of
montmorillonite is considered the rate limiting step for the
transformation of bentonite. The maximum in calculated
thickness of the alteration zone in bentonite in simulations with
the clay dissolution as the rate-limiting step was 0.1 m after
5,000 years (Savage, 2014).

4.1.1.4.2 Zone in concrete. The transformed medium between
DPL and binders also contains precipitated iron-hydroxides with a
III + valence that have resulted in a reduction in porosity of concrete
near the DPL (Atkins et al., 1991; Chitty et al., 2005). For non-
carbonated concrete with a concrete-steel interface lasting for
23 years, portlandite crystallites are also present in the outer
layer. These crystallites had a distinctly different morphology
than portlandite in the cementitious matrix and the transformed
medium contained loosely bound material (Atkins et al., 1991). The
observed loosely bound may indicate that the strength locally has
diminished and that the hydraulic conductivity has increased.

Negatively charged dissolved iron species are expected at the
pH of the concrete pore water. Sorption of these species by positively
charged cement minerals is envisaged. An iron-enriched layer has
been measured (L’Hostis et al., 2011; Chomat et al., 2017) and it is
assumed that iron (dissolved species) may form iron-containing
cement hydration phases (see section 3.2.3). Recent work started the
coupling of processes of reactions between steel and uptake of iron
by cement minerals leading to other mineral phases (Wittebroodt
et al., 2023; 2024) Modelling the fate of dissolved iron species in the
cementitious phase would help to provide some quantification of the
expected thickness of the alteration zones as a function of time, as
has been performed for the interface clay-steel.

4.1.1.5 Engineered barriers and materials interfacing
host rocks

Chemical interaction that leads to an alteration zone in the
bentonite buffer is not expected for bentonite buffer interfacing
granitic rock. No alteration layers and zones have therefore been
drawn in Figure 9 (first row). The exchange of dissolved species
between the bentonite buffer and the pore water within fractures in
granitic rocks depends on the trace amounts of soluble salts that were
present in bentonite and the pore water chemistry of the granitic pore
water. Czech and Spanish granitic pore waters are not as saline as
Swedish and Finnish granitic pore waters at suitable disposal depth,
and the amounts of soluble salts present in bentonite buffers can be
chosen for particular site characteristics. For example, the bentonite

buffer in the Czech programme also contains sodium bicarbonate as a
soluble salt while this salt is not present in the Swedish bentonite.

Alteration zones are expected in both the bentonite buffer and the
clay host rocks interfacing concrete support materials. The coupling of
processes to determine the alteration of clay by concrete is reasonably
well understood. The overall impact of the transformation of swelling
clay minerals into non swelling sheet silicates is a decrease in porosity,
hydraulic conductivity and swelling pressure (Savage, 2014).
Consequently, the primary safety function of clay to limit transport
of radionuclides by the physical properties of claymay not have changed
by this alteration. However, the mechanism for the closure of fractures
changed from seal-healing of fractures into self-sealing of fractures. If
fractures would have been induced, more time for their closure and the
associated reduction in hydraulic conductivity would be required. Also,
most of the formed secondary non-swelling minerals, e.g., CSH phases,
illite and zeolites, also have sorption properties but their sorption
capacities can be smaller than that of montmorillonite. The
knowledge on the interaction of bentonite with cementitious pore
fluids is sufficient to quantify the thickness of the alteration zone in
clay. Inmany simulations, the overall reduction in porosity can achieve a
porosity of 0% (Savage, 2014), by which the alteration is stopped. These
calculations are performed with a uniform porosity and the distribution
in size of pores may be needed in order to be able to predict natural
systems as well as the multibarrier system used to dispose of waste. But
the calculationswith a uniformporosity are good enough tomake design
choices such as the thickness and cement content of a barrier made with
concrete. This thickness of the alteration zone has been predicted to be
0.02 m after 100,000 years. There will however always be some
continuation since the distribution in size of pores in the
sedimentary clay rock and bentonite buffer allows existing diffusional
pathways. A ten times large thickness is calculated after this period, i.e.
0.2 m, if no porosity reduction is assumed (Savage, 2014). Smaller
alteration thickness is expected for clay interfacing concrete since:

• the egress of ions from concrete pore water takes place by
limited diffusion due to the pore structure of concrete, and

• the transport of hydroxyl ions from concrete into clay is
further decreased by the reduction in pH in concrete due
to ingress of dissolved bicarbonate from the clay pore water.

Concrete may also have been gas carbonated in the operational
phase by which no further alteration of the clay in the post-closure
phase is expected, since the difference in pH between the pore waters
of carbonated concrete and clay is negligible.

The initial porosity of bentonite and poorly indurated clay is
about 40% (see Supplementary Material Section 3.1) which is larger
than the so-called engineered impermeable concrete segments with
an initial porosity between 10% and 15% (see section 2.3.2). The
ingress of dissolved species from the clay host rock into these
concrete segments is rather along the joints than within the
concrete, as drawn in Figure 9. The shotcrete interfacing

FIGURE 9 (Continued)

till 100,000 s of years or more containing vitrified HLW for the host rocks: granite, poorly indurated clay and indurated clay. Blue = vitrified HLW,
black = left metallic substrate of steel overpack, green = corroded part of steel overpack, unaffected bentonite (purple), Fe-affected bentonite (blueish
purple), carbonated grout (white), Fe-affected concrete (blue), unaffected concrete (grey), Mg-affected concrete and grout (pink).
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FIGURE 10
Pourbaix diagrams for the system Fe-H2Owith an activity of dissolved species of 10–7 M; 0.002MCa is a reasonable concentration for tap water and
0.02 M Ca is the maximum dissolved calcium concentration without alkalis (Berner, 1992; Vehmas and Itälä, 2019) and 3 × 10−3 M HCO3

− is the
concentration found in Spanish andCzech granitic rocks and French indurated clay (see Supplementary Material Section 2.1) Magnetite (green) is Fe3O4(s)
and Hematite (orange) is Fe2O3(s) and Siderite (yellow) FeCO3 (s) (made with PhreePlot (Kinniburgh and Cooper, 2009) using ThermoChimie v7b).
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indurated clay may have been carbonated in the operational phase as
explained in section 2.3.3. Consequently, the chemical and
mineralogical alteration in the post-closure phase may be
negligible for the carbonated shotcrete. The shotcrete is therefore
envisaged to act as a permeable medium for the transfer of dissolved
species from the clay host rock into the bentonite buffer.

4.1.2 From about 1,000 years until fracture of the
carbon steel overpack

The decay of radionuclides in vitrified waste has occurred till
such an extent that temperature in all disposal cells has achieved the
virgin temperature of the host rock.

4.1.2.1 Alteration layers and zones in bentonite
Anaerobic corrosion of the carbon steel overpack has continued

and although the thickness of the DPL (alteration layer) may have
slightly increased, the extent of corroded steel can be estimated from
the affected bentonite, i.e., the alteration zone with non-swelling
sheet silicates. The consumption of bicarbonate to form siderite
results into an influx of bicarbonate from the granitic pore water into
the bentonite. This influx of bicarbonate and water is smaller from
disposal cells constructed in indurated clay due to the smaller
diffusion value of bicarbonate in indurated clay compared to
granitic host rocks. The envisaged alteration zone in bentonite is
therefore drawn smaller in disposal cells in indurated clay compared
to granitic host rocks in Figure 9 (second row). The size of the
alteration zone is bounded by the thickness of carbon steel overpack
and stainless steel container (Savage, 2014). With the geometry used
in Figure 4, a thickness of iron-unaffected bentonite of at least 10 cm
can be calculated by mass balance calculations.

In NF-PRO, a project in the 6th Framework programme,
experimental work has been performed to investigate the interaction
between bentonite and carbon steel canisters (NF-PRO, 2008). Pieces of
bentonite in contact with iron were no longer plastic but became brittle,
only crumbled pieces of bentonite could be removed (Carlson et al.,
2008). For the narrative, it is therefore assumed that the buffer has
become more brittle with much less possibilities for creep and more
vulnerable to form cracks, due to the compressive load of granitic rock.
The alteration zones in bentonite have a higher hydraulic conductivity
than virgin bentonite, which may enhance the dissipation of hydrogen
further into the bentonite buffer. The radial dissipation quadratically
reduces the hydrogen concentration in the bentonite buffer, which
reduces the probability for gas perturbation. Anaerobic corrosion of
the steel overpack also occurs in the disposal cell with the concrete buffer.
An alteration zone in concrete may not be yet visible, due to the smaller
corrosion rates in concrete compared to bentonite. First alteration zones
within concrete by ingress of dissolved species from clay pore water are
envisaged to be visible at disposal cell scale.

4.1.2.2 Alteration zones in concrete
Figure 7 in section 3.6.1 shows the schematic evolution of pH of

concrete pore water during the four different stages of cement leaching
(pH controlled by dissolved alkalis, portlandite and two C-S-H phases),
since the stability of cement minerals is pH-dependent. The reduction in
pH by leaching is however not expected for all stages since the calcium
concentration in the host rock pore water is larger than the calcium
concentration in concrete pore water in equilibrium with these cement
minerals except for Boom Clay in Mol (Belgium) but rather by the

reactions with ingress of gaseous CO2 in the operational phase from the
ventilation air and bicarbonate ions from the clay pore water. The
concrete buffer and concrete segments have a high mechanical
strength, which prevents the lithostatic load of the underground host
rock being transferred to the waste package. Ingress of bicarbonate
reduces the pH of the concrete pore water but the calcite
precipitation in this alteration zone may result into an increase in
strength of the concrete buffer and segments. The carbon steel
overpack cannot be cracked as long as the concrete buffer has not
reduced inmechanical strength. The ingress of dissolvedmagnesium and
the transformation from calcium containing cement phases into
magnesium containing minerals are considered to decrease the
strength of concrete (Atkinson et al., 1985). There is almost always
magnesium enrichment in concrete since all clay pore waters have a
larger magnesium concentration than the concrete pore water, except for
the Belgian clay pore water (see SupplementaryMaterial Section 2.1). It is
assumed that the progressive increase of a magnesium front accelerates
the degradation. Apart from changes in pH, also other processes take
place (Atkinson et al., 1985; Atkins et al., 1991; Berner, 1992; Pointeau
et al., 2008; Grivé and Olmeda, 2015; Dauzeres, 2016). The progression
front of brucite (can be formed in Al and Si poor locations) has been
calculated to be less than 20 cm after 100,000 years for concrete
interfacing indurated Callovo-Oxfordian clay (Idiart et al., 2020). A
quantification of reacted zones is essential for disposal of waste since
vitrified HLW has become less radiotoxic than uranium ore after
100.000 years (see Figure 2). Ultimately, there will be contact between
pore water and the vitrified waste form by fracture of the carbon steel
overpack but the health related risks may have become negligible.

4.1.3 Fracture of the carbon steel overpack
The bentonite buffers for HLW disposal cells in granitic and

indurated clay host rocks are continuously compressed by the
lithostatic pressure. An ice age can increase the load on these
buffers as a function of the thickness of an ice sheet above the
geological disposal facility. Further deformation of the bentonite
buffers is restricted by the mechanical strength of the carbon steel
overpack. This strength decreases by reduction in thickness of non-
corroded carbon steel by chemical corrosion. The left carbon steel
preferentially cracks in areas where there is empty volume. The
5 mm thickness of the stainless steel canister is too small to
accommodate the lithostatic load and will fracture just below the
mushroom that was used to lift the canister (see Figure 9, third row).
Finally at fracture, bentonite in Figure 9 (third row) has one type of
alteration size, i.e., the zone affected by iron corrosion.

Shotcrete interfacing indurated clay slowly lost its strength by
ingress of magnesium from the clay host rock. Gaseous carbonation
can increase the strength of concrete, but the carbonated thickness of
shotcrete in the operational phase is considered here to be too thin to
prevent fracturing in the post-closure phase. The concrete buffer has
two alteration zones: an iron corrosion affected zone, and a zone that
has lost its strength by the ingress of magnesium from the clay pore
water. Like the bentonite buffer, also the concrete buffer is
continuously compressed by the lithostatic pressure of the host
rock, but this buffer has its own mechanical strength to prevent
deformation. The outer parts of the concrete buffer have lost their
strength due to the ingress of dissolved species from the clay pore
water. The inner parts of the concrete buffer may still have a high
pH, but the iron affected part is assumed to have lost its strength.
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Only the chemically unaffected concrete part has strength but may
be too thin to accommodate the lithostatic load. Consequently,
fracture of the carbon steel overpack will be a combination of the
reduction in thickness of the carbon steel overpack by chemical
corrosion as well as reduction in thickness of the concrete buffer that
still has compressive strength. Also, similarly as the carbon steel
overpack that was encapsulated in the bentonite buffer, fracture is
envisaged at the empty volume between the mushroom and
vitrified waste form.

4.1.3.1 Corrosion and fracturing stainless steel overpack
stainless steel

Corrosion of the stainless steel (see Section 2.1.1) only starts after
fracturing of the carbon steel overpack. Stainless steel is a high alloy steel
that can form different corrosion products than low alloy steel, e.g.,
carbon steel. Contact between pore water and the stainless steel canister is
thermodynamically predicted to generate another spinel corrosion
product than magnetite, i.e., chromite (FeCr2O4). At a similarly low
concentration of dissolved iron species as in Figure 10, the pH stability
region of chromite is larger than that of magnetite, i.e., this spinel phase is
thermodynamically stable at neutral pH and the environment needs to be
less reducing conditions (Figure 11). Of course, solid solutions between
magnetite and chromite are probably present as corrosion products but
thermodynamic data were not available in the used database.

Chlorine is present in clay and granitic pore water7

(Supplementary Material Section 2.2). Chlorine is frequently
associated with an increase in the corrosion rate. Chromium-
chlorine complexes are already formed at very small dissolved
chlorine concentrations but the concentrations for iron need to
be much larger than chlorine concentrations for tap water in order
to be visible in the Pourbaix diagrams. These chlorine complexes
may however not influence the chemical evolution since their
presence is in the more acidic regime, even in environments as
saline as seawater. Consequently, the small corrosion rates for
stainless steel measured in CAST with a maximum of 0.01 µm
per year (Mibus et al., 2018) are also assumed at fracture.

4.1.3.2 Vitrified waste form
The general picture of the formation on an alteration layer

induced by the interaction between glass and water is described in
section 3.1. Silicon is used in the formation of clay minerals and
zeolites and also contains the precipitated products for the elements
that form insoluble hydroxides, e.g., iron, aluminium, zinc, titanium
or magnesium. A diffusion and gel layer is present between virgin
glass and these minerals and acts as diffusing, passivating barrier.
Other elements initially contained in vitrified waste such as boron
and with some reservations lithium, sodium and molybdenum are
highly soluble and most of these elements will be dissipated towards
the evolved pore water in the buffer.

Section 2.1.1 explained the presence of cracks in the bulk of the glass
after fabrication of the vitrified waste form due to the stress induced by
the cooling rate. Closure of these fractures takes place by precipitation of
phases. Also, the formed clay minerals further diminish the ingress of
reactive species into the diffusion and gel layers.

There is also a lot of dissolved iron present from the corroding
stainless steel canister. The dissolved iron species is positively charged
(see Figure 10) and can be preferentially sorbed on negatively charged
clay minerals, similarly as explained in previous paragraphs for the
chemical interaction between bentonite and carbon steel. Figure 11
shows that dissolved chromium is present as a negatively charged
dissolved complex and is therefore expected to have a less detrimental
effect on the alteration layer than dissolved iron complexes, if this
alteration layer is mainly made from smectite. Also, the potential high
alteration rate is only relevant for the vitrified waste form in the
vicinity of steel and not for the bulk.

The dominant Si bearing species in a solution is usually H2SiO3

but changes at a pH higher than 10 into HSiO3
− (Conradt et al.,

1986), and the solubility of SiO2 is then increased. The 4
th framework

programme indicated that this silicic acid dissociation starts at a
pH > 9 (Vernaz et al., 1996). In the 5th framework programme, it has
been elucidated that the dissolved silica concentration at saturation
exponentially increases from a pH beyond 9, but that the measured
dissolved silica concentrations at saturation are smaller than the
calculated ones (Ribet et al., 2007). In section 4.1.1, it was explained
that the iron corrosion process of carbon steel can locally increase
the pH up to 10, due to insufficient dissipation of the formed
hydroxyl-ions. The vitrified waste form is interfacing stainless
steel. The long-term corrosion rate of stainless steel can be ten
times smaller than the corrosion rate of carbon steel and is therefore
envisaged to induce a smaller increase in the local pH.

There may also be contact between pore water with a pH higher
than 10 and the vitrified waste form for the disposal cells containing
initially cementitious materials, provided that the chemically
evolved concrete has sufficiently lost its mechanical strength. An
alteration layer that limits further dissolution of the vitrified waste
form is always generated whatever pH the vitrified waste form is
exposed to. However, these layers are more effective at neutral
pH than at high pH. Chemisorption of iron occurs by the
generated clay minerals in the vicinity of corrosion products8.

7 Dissolved chlorine does not react with portlandite and C-S-H-phases but

the phases containing aluminium such as hydrogarnet. These cement

minerals are replaced by Friedel’s salt. Friedel salt precipitation is

accompanied by a reduction in porosity (Höglund, 2014). This reaction

process is not considered harmful for concrete and therefore not

discussed in section 3.7.2.

8 Recently, a Nature paper has been published in which a self-accelerating

corrosion process of stainless steel canister with vitrified waste is

described (Guo, et al., 2020). The oxidizing conditions and 90°C are not

considered representative for the geological disposal conditions

considered in Europe in which reducing conditions in host rocks are

frequently used as a siting criterion in order to have a small solubility of

released radionuclides and the waste has cooled down till the disposal

depth temperatures upon fracture of the stainless steel canister.

Mechanical fracture in section 3.7.3 instead of pitting corrosion in this

Nature paper is therefore considered as a mechanism for fracture of the

stainless steel canister with which contact between pore water and

vitrified waste form has been established. For ACED, the potential

entrapped oxygen between the stainless steel canister and carbon steel

overpack due to the fabrication of these containments is assumed to have

a negligible role on the chemical evolution.
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Ion exchange reactions are proposed as the rate controlling
processes. The presence of solid clay in the leachant is therefore
known to enhance the dissolution rate since the sorption of the less
soluble elements aluminium, iron and zirconium takes place.
Corrosion products have the same influence (Van Iseghem et al.,
1992; Vernaz et al., 1996). Corrosion products such as chromite
(Souza et al., 2012) and magnetite (Kim et al., 2001 in Eisele et al.,
2005) are also negatively charged at pH conditions representative for
disposal and therefore also preferentially sorb these less
soluble elements.

The glass alteration process requires water; the influx of water
into the fractured stainless steel is restricted by diffusion for the
disposal cells in clay host rocks. The influx of water in these canisters
for disposal cells in granitic host rocks depends on the properties of
the altered bentonite buffer; e.g., cracks are expected to be present
due to chemical interaction with dissolved iron.

4.1.3.2.1 Impact of alteration of glass on the mechanism for
radionuclide release. The radionuclide release from the vitrified
waste form was not reviewed in this paper, but some basic rules can
be suggested. For the radionuclides that are still left, the altered glass
contains clays and zeolites that can also sorb dissolved cationic
complexes. These cationic complexes are expected to be sorbed and
very limitedly leave the fractured corroding evolving stainless steel
canister. The glass alteration has therefore a very small impact on the
potential radionuclide release, if the radionuclides are dissolved as
cationic complexes. The released amount of plutonium, americium
and radioactive caesium in solutions is only a fraction of the initially
contained amount as has been measured in the 3rd framework
programme (Van Iseghem et al., 1992).

Dissolved anionic complexes are not expected to be contained by
the reaction layer. An example of a radionuclide that can be present
in the vitrified waste form and becomes present as a dissolved
anionic complex is 79Se. The amount of 79Se left at fracture of the
stainless steel canister may also be limited due to the required period
for fracture and a half-life of 327,000 years. The pore water in the
bentonite buffer as well as the evolved concrete buffer are saturated
with silica. Alteration rates of basaltic glass, the natural analogue for
a borosilicate waste form, have estimated to be 0.1 µm per
1,000 years in these saturated environments (Lutze et al., 1987).
Consequently, most of the left 79Se is expected to decay within the
vitrified waste form and not released to the surroundings.

4.2 ILW disposal cells

The radiological content in ILW packages is orders in magnitude
smaller than in HLW packages. For example, the radionuclides
contributing most to the radioactivity for CSD-C are, like CSD-V,
also 137Cs and 90Sr. The guaranteed maxima are 65 TBq for 137Cs and
115 for 90Sr (COGEMA, 2001), i.e., about two orders in magnitude
smaller than CSD-V that had 6,600 TBq for 137Cs (see section 4.1).
For vitrified HLW, radiation enhanced corrosion in water can be
excluded after a cooling period of 90 years, i.e., an 137Cs activity of
about 800 TBq. Consequently, radiation enhanced corrosion of
metallic ILW is excluded to have an impact on the chemical
evolution of an ILW disposal cell since the required radiation
dose rate for radiation enhanced corrosion are lowest for steel
exposed to water. The radiological content of organic ILW such
as spent ion exchange resins is smaller than CSD-C, for example, two

FIGURE 11
Pourbaix diagrams for the system Cr-Fe-H2O with an activity of dissolved species of 10–7 M; 0.002 M NaCl is a reasonable concentration for tap
water, 0.6 M NaCl is suitable chlorine concentration for seawater. Chromite (green) is FeCr2O4(s) (made with PhreePlot (Kinniburgh and Cooper, 2009)
using ThermoChimie v7b).
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orders in magnitude (Verhoef et al., 2016). The most common form
of resins, polystyrene divinylbenzene, is radiation resistant.
Radiation enhanced degradation of these resins is therefore also
excluded to have an impact on the chemical evolution of
disposal cells.

Cementitious processing of metallic and organic ILW reduces
the likelihood of microbial activity due to its high pH as explained in
section 2. Limiting microbial activity by space restriction within the
cementitious matrices depends initially on the fabricated porosity.
The waste package mortar can be manufactured with a similar
cement content, additives and similar grading in aggregates as the
concrete buffer. In those cases, microbial activity is also limited in
waste package mortar. The fabricated porosity is larger in
cementitious materials without aggregates or a lower content of
aggregates with more limited grading in aggregates. The connecting
pore throats in these cementitious materials may be too large to limit
microbial activity. This activity can also be positive for example, for
the precipitation of biogenic calcite, which can make concrete
stronger. For now, it is assumed that ingress of bicarbonate and
magnesium into the liner made of shotcrete in granitic rocks (see
Figures 4D,E), which started in the operational phase, continues in
the post-closure phase. The liner is expected to fracture after the
start of the post-closure phase, due to continued replacement of
calcium-binding phases by magnesium phases, by which the zones
in which the strength of concrete is lost have progressively grown as
explained in section 4.1.2.

The EDZ generated in granitic rock in the construction phase
had generated sufficient fractured material to eliminate the initial
gap between shotcrete and crushed rock by creep. The crushed rock
is soon saturated with granitic pore water through fractures in
granitic rock and shotcrete. The advective water flow of granitic
pore water within crushed rock generates a continued refreshing of
granitic pore water at the caissons. This preferential flow path of
granitic pore water also makes that cement leachates are removed
from the disposal facility. These leachates can react with the siliceous
phases and secondary mineral precipitation in the fractures of the
rock takes place that might even lead to clogging within fractures
(see section 3.6). Figure 12 shows the chemically evolved
disposal cells.

For the reinforcement in caissons, it depends on the depth of the
disposal facility how much oxygen is present in the granitic pore
water. In case of anaerobic granitic pore water, anaerobic corrosion
of the reinforcement bars is assumed. The initial pathway of granitic
pore water within the caissons is assumed to be at the lid. The ingress
of magnesium and bicarbonate in the caisson replaces the
cementitious minerals by calcite, brucite and M-S-H phases. This
continued replacement of calcium-binding phases by magnesium
phases by which the zones in which the strength of concrete is lost
has progressively grown as explained in Section 2.3.1.2. The loss in
strength is accompanied by a permeability increase that also favour
the ingress of dissolved species from host rock pore water
into concrete.

Chemical corrosion of the metallic materials in metallic ILW
results into an alteration layer of corrosion products. The thickness
of this layer hardly changes in case of anaerobic corrosion, since the
corrosion process is controlled by the dissolution of the alteration
layer. The dissolved metallic compounds are sorbed by cement
minerals, by which an alteration zone within the grout is formed.

Similarly, as explained earlier for HLW disposal cells, this Fe-
affected zone is assumed to have a smaller strength than
fabricated concrete.

The left image in Figure 12 shows the evolved ILW disposal cell
containing spent ion exchange resins. Diffusional flow of water into
the waste containers is envisaged along interfaces. The oxygen
trapped during fabrication is consumed by chemical corrosion of
the stirrer or traces of pyrite present in the cementitious matrix;
microbial activity is limited due to the high pH. The porosity of the
cementitious matrix is considered to be too high to obtain a local
reduction of oxygen at the corroding stirrer. After oxygen
consumption, anaerobic corrosion may have started in the
operational phase since the saturation degree of water in the
cementitious matrix after processing of 90% is sufficiently high
for corrosion of steel. The corrosion process can stop during the
operational phase, if the consumption of water by the corrosion of
the stirrer is not sufficiently supplemented by inflow of water into
the container. Anaerobic corrosion of the steel container and
sacrificial stirrer for the spent ion exchange resins processed with
a cementitious matrix continues in the post-closure phase. The
cementitious matrix is considered to be sufficiently porous in order
to have the evolved hydrogen gas to be dissipated by diffusion. The
same processes as described in Sections 3.2 and 2.3.1.1 for the
concrete-steel interface will take place.

4.2.1 Organic ILW
Organic materials in organic waste can act as food for the growth

of microbes. These organic materials are altered into another form
when used as food. This alteration can have an impact on the
potential radionuclide release. The MIND project classified the
organic waste into two groups (Abrahamsen et al., 2015):

1) addition polymers that are resistant to biodegradation for
example, polystyrene, polyethylene and polyvinylchloride;

2) condensation polymers that are susceptible to biodegradation
for example, cellulose.

Resins are polystyrene polymers as explained in section 2.2.1.
There is no energy for microbes to be obtained upon their
degradation of these resins (Abrahamsen et al., 2015).
Consequently, microbial degradation of resins is excluded.
Organic ILW was mainly specified as spent ion exchange resins.
(Neeft et al., 2020).

Cemented resins have been investigated in CAST (Norris and
Capouet, 2018) and were to be studied in the EURAD WP Cement
Organic Radionuclide Interaction (CORI) (Altmaier et al., 2021).
Chemical degradation of polymers is initiated by a nucleophilic
attack of OH− ions on a carbon atom with a positive partial charge.
Such carbon atoms are generally not present in addition polymers
(Van Loon and Hummel, 1995). The chemical resistance of resins is
high. A degradation rate of resins representative for the disposal
conditions is therefore not yet available. Chemical degradation of
resins can therefore be excluded as a factor for release of
radionuclides such as carbon-14 (Capouet et al., 2018). Resins
are like clays exchangers and any radionuclide release is expected
to require sufficient ingress of anions and cations that have a
stronger affinity than the sorbed anionic or cationic radionuclides
(Neeft, 2018). For example, sulphate has a very strong affinity
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(IAEA, 2002) and sufficient ingress of sulphate at these resins will
cause an exchange of sorbed anionic radionuclides.

4.2.2 Metallic ILW
4.2.2.1 Steel

The middle image in Figure 12 shows the stacking of containers
with metallic waste made of steel. The entrapped oxygen is expected
to be consumed at a very fast rate. There is insufficient inflow of
water into the container for anaerobic corrosion of all steel surfaces
in the operational phase, and therefore microbial as well as chemical
corrosion is expected to be stopped. In the post-closure phase, there
can be sufficient inflow of water in ILW disposal cells in granitic host
rocks for anaerobic corrosion of this waste. The interaction between
neutron irradiated Zircaloy and neutron irradiated steel and
cementitious pore water have been investigated in the CAST
project from the FP7 programme (Williams and Scourse, 2015;
Norris and Capouet, 2018). The speciation of radionuclides released
from these waste forms can be studied in cementitious pore water
while it is more complicated to study this speciation for metallic
material interfacing concrete. Special care has been taken to simulate
cementitious pore water, i.e., calcium saturated solutions have been
used (e.g., (Cvetković et al., 2018; Necib et al., 2018)). The calcium-
iron spinel type was thermodynamically more stable than magnetite
in pore solutions containing calcium as shown in Figure 10 with
which it is assumed that the dissolved calcium is crucial for the
corrosion process of carbon steel. The spinel-type chromite
calculated in Figure 11 is, however, also in calcium-saturated
solutions of 0.02 M Ca2+ thermodynamically more stable than
CaFe2O4. It is therefore expected that, unlike carbon steel, the
dissolved amount of calcium in the pore solution has a negligible
influence on the corrosion process of stainless steel. Another benefit
of the performance of corrosion experiments with cementitious pore
water is that the measurement of the hydrogen release from steel can
be used to determine the anaerobic corrosion rate. In CAST, these
corrosion rates measured in cementitious pore water had a
maximum of 0.01 µm per year (Mibus et al., 2018). The
hydrogen generation rate depends on the surface area of metallic
waste that can be in direct contact with the pore water and corrosion

rate. However, the long-term hydrogen generation rate cannot be
larger than the consumption rate of water. Transport of water in the
ILW disposal cells is therefore essential to determine long-term
hydrogen generation rates.

4.2.2.1.1 Impact of alteration of steel on the mechanism for
radionuclide release. There can be radionuclides present in
steel waste as a result of contamination as well as neutron activated
radionuclides. Most short-lived radionuclides have disappeared due
to decay. The remaining radionuclides as a result of contamination
diffuse through the concrete from the moment corrosion has started.
The remaining neutron activated radionuclides have a similar
release pattern as described for the vitrified waste form (see
section 4.1.3.1); the radionuclides that become present in a
cationic dissolved form in the corrosion process will be sorbed
by corrosion products in the altered or reaction layer. The
radionuclides that become present in anionic dissolved form in
the corrosion process can be sorbed by cement minerals, if the pH of
the concrete pore water is higher than 11.8, since the zeta potential is
positive at these pH values (see section 4.1.2). These dissolved
anionic complexes, however, compete with sorption of the
metallic-dissolved complexes in equilibrium with the
corrosion products.

4.2.2.2 Zircaloy
For the disposal cell in poorly indurated clay, e.g., the right

image in Figure 12, the preferential flow of clay pore water into the
cell is through the joints between concrete segments. The ingress of
magnesium and bicarbonate into the cementitious materials in the
disposal cell is expected to take place at a very small speed, but
initially faster than in the HLW disposal cells, since there is no heat
source desaturating these materials. The consumption of entrapped
oxygen by chemical corrosion of the canister or traces of pyrite
present in the mortar may have been completed in the operational
phase and the porosity of the mortar may be too large to generate a
local reduction of oxygen at the corroding canister surfaces. If the
mortar has a too large porosity to render microbial activity through
space restriction, microbial activity within the mortar is still limited

FIGURE 12
Chemically evolved disposal cells after about 10 s of years till 1,000 s of years containing cemented ILW considered in Europe for the host rocks:
crystalline rock (left and middle) and poorly indurated clay (right). Blue = ILW or cemented ILW, black = steel, green and pink = crushed rock with granitic
pore water, pink = Mg-affected grout, green = Fe-affected grout and corrosion products, unaffected concrete (grey).
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due to the high pH. Anaerobic corrosion may have started in the
operational phase if the saturation degree of water in the mortar
after processing is sufficiently high for the corrosion of any metal.
The corrosion process can stop during the operational phase, if the
consumption of water by metal corrosion is not sufficiently
supplemented by inflow of water into the container. This
anaerobic metal corrosion continues in the post-closure phase
due to diffusional flow of water from the grout backfill into the
concrete container. The preferential pathway is at the top of
container, e.g., at interfaces with a lid. There are two possibilities
to have contact with pore water and the metallic waste inside the
stainless steel canister:

• Uniform corrosion of the canister walls has been completed
i,e. all stainless steel has reacted into metal-oxides and metal-
hydroxides. Mechanical support against lithostatic load is
provided by a sufficient thickness of the concrete container
that has ample strength;

• Non-completed uniform corrosion combined with mechanical
failure of the stainless steel canisters since the thickness of
concrete with sufficient strength became too small to provide
sufficient mechanical support against the lithostatic load.

With a maximum of 0.01 µm per year as measured in CAST
(Mibus et al., 2018), it would take thousands of years for a complete
uniform corrosion of the 5 mm stainless steel wall. The second
possibility requires a zonal progression of reaction fronts and the
knowledge about themechanical strength of concrete in each zone. The
Cebamamodelling results showed a progression front of brucite of less
than 20 cm after 100,000 years for concrete interfacing indurated
Callovo-Oxfordian clay (Idiart et al., 2020). Assuming loss in strength
of concrete with this progression front, the second possibility is more
likely, i.e., non-complete uniform corrosion combined with
mechanical failure of stainless steel for clay pore waters with a high
magnesium content such as in France, Switzerland and Netherlands
(see Supplementary Material Section 2). The reference clay water
composition in the Belgium programme has however, a far smaller
magnesium content; then the first possibility would be more probable,
i.e., complete uniform corrosion of the canister walls.

Contact between pore water and compacted hulls will cause
anaerobic corrosion of Zircaloy. The surface charge of the resulting
corrosion product is unknown and therefore a credit to sorption of
the radionuclides contained by Zircaloy cannot be provided. The
corrosion rates are however very small, i.e., below 1 nm per year
(Necib et al., 2018). These very small corrosion rates can also be
understood from thermodynamic data. Figure 13 shows that the
solution is supersaturated already at Zr concentrations as low as
10–7 M. At these concentrations of 10–7 M, a pH dependent stability
field for magnetite for carbon steel (see Figure 10) or chromite for
stainless steel (see Figure 11) could be seen. The dissolved Zr
complexes are not visible despite a larger range in pH from 1 to
13 for the Zr speciation instead of 3–13 used for the Fe and Cr
speciation. Calculation of a pH dependent stability field for the
alteration layer of Zircaloy requires far smaller concentration than
carbon steel and stainless steel i.e., the solubility if Zr-corrosion
products are much smaller than the corrosion products with steel
leading to even smaller corrosion rates for Zircaloy than steel
corrosion rates in water.

The ingress of bicarbonate from the clay pore water has an
impact on the stability of the alteration layer and active corrosion
can be present but only at very low Zr concentrations of 10–10 M at a
pH < 10 (see Figure 13, right image). The predominant dissolved
carbonate species changes from HCO3

− to CO2 at a pH of about 6.4.
Dissolved zirconium-carbonate complexes cannot be made with
CO2. Consequently, the impact of bicarbonate on the zircaloy
corrosion rate becomes negligible at a pH < 6.4 at the calculated
concentrations.

Like steel as calculated in Figure 10, calcium has also been noted
to have an effect. However, in this case it is a negative effect since the
presence of dissolved calcium reduces the stability of the passivation
layer of zircaloy (Gras, 2014), by which the corrosion rate increases.
The required calcium concentrations of at least 0.05 M to have an
effect on this stability may, however, not occur. Cementitious pore
waters usually have a smaller calcium concentration than host rock
pore water and the host rock pore waters do not exceed this required
concentration of 0.05 M (see Supplementary Material Section 2).

4.2.2.2.1 Impact of alteration of Zircaloy on the mechanism for
radionuclide release. The small corrosion rates below 1 nm per
year as found in CAST for cementitious pore water (Necib et al.,
2018) would make that most radionuclides generated by neutron
activation will decay within the cladding and are not released to the
surroundings. These corrosion rates would initially be representative
for disposal in a clay host rock with a minor concentration of
magnesium such as the Belgian case, since the concrete surrounding
the canister can limit the ingress of bicarbonate from the clay pore
water towards Zircaloy claddings. Higher corrosion rates are to be
expected when the bicarbonate concentration at the Zircaloy
claddings become larger. The radionuclides, however, may also
be absent at that time.

Unlike steel, the generated hydrogen has no impact on the
radionuclide release since most of the generated hydrogen is not
released but picked-up. The Japanese studies (reported in Sakuragi
(2017)) measured a hydrogen pick-up of at least 90% at 30 °C, when
Zircaloy is exposed to alkaline water as well as pure water. The
hydrogen pick-up decreases with increasing temperature (Sakuragi,
2017). Unlike steel, a hydrogen measurement from an experiment of
Zircaloy in (cementitious) pore water will underestimate the
corrosion rate since uptake of hydrogen takes place. The
possibility of hydride formation in any type of metal has been
known for many decades (Lacher, 1937). For iron, hydride
formation is not expected. It has been found that tritium diffuses
through stainless steel in a reactor environment at a high rate, the
rate being significantly higher than tritium diffusion through
zirconium alloys (IAEA, 2004). High diffusion rates can be
attributed to an insignificant hydride formation.

5 Concluding remarks

Deep geological disposal is the foreseen end point in the long-term
management of intermediate and high level radioactive waste inmany
(European) national programs. Given the time-scales over which
safety and performance assessments have to be done (several tens-
of-thousands to hundreds-of-thousands of years), geochemical
alterations will occur at the interface between two materials but
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also at larger distances. These geochemical changes are induced by the
strong and abrupt geochemical gradients that typically exist between
the materials in the engineered barriers but also with the
host formation.

This overview discussed following aspects (i) a comprehensive
overview of the existing scientific knowledge base on geochemical
processes at interfaces and (ii) a description of the characteristics of
ILW and HLW disposal cells representative for Europe. Finally, this
information has led to a narrative description of the geochemical
evolution at the disposal cell scale.

There is a lot of literature available about the alteration processes
of engineered barriers and host rocks when interfacing solutions and
porous media with or without γ-radiation and microbial activity.
Quantification of the radiological, chemical and physical properties of
the engineered barriers and host rocks is necessary in order to deduce
whether the described factors for the alteration processes are relevant
for geological disposal of radioactive waste. From the quantification of
the properties of the waste and engineered barriers, radiation
enhanced alteration of engineered materials can be excluded to
have an impact on the chemical evolution of HLW disposal cells.
Radiation enhanced corrosion of metals in ILW disposal cells is also
negligible compared to chemical corrosion. Natural and
archaeological analogues can therefore be used to identify the
relevant processes. Natural and archaeological analogues are
discussed in detail in Part II of this overview (Deissmann et al.,
2024) and led to the conclusion that this identification of processes has
been performed for the following interfaces: steel-concrete, steel-clay,
concrete-clay and concrete-granite.

The sorbed iron species can alter the clay mineralogy in
bentonite and the incorporated iron species are assumed to
alter the cementitious minerals in concrete. The Fe-affected
zone in bentonite and the Fe-affected zone in concrete are
alteration zones. These zones can also be called ‘transformed
media’ in literature. The available information for the Fe-
affected zone in bentonite and its impact is abundant
i.e., transformation from swelling clay minerals into non-

swelling minerals. Its low permeability may be maintained in
this transformation. For concrete, this information on the Fe-
affected zone is limited to some chemical characterizations and a
published observation of more than 30 years ago of concrete in the
vicinity of steel being identified as ‘loosely bound material’. In
ACED, a start has been made in studying the fate of iron in
concrete (Jacques et al., 2024).

The engineered materials in the HLWdisposal cells are the waste
form glass, steel, concrete and/or bentonite. Microbial induced
corrosion is prevented on the short term by the thermal load and
can also be excluded on the long term by design and quality
assurance. In any disposal concept for vitrified HLW, a carbon
steel overpack is used to prevent contact between the vitrified waste
form and pore water until the heat emission of the waste has
sufficiently been diminished. The period in time for a sufficient
decay in heat depends on the disposal concept and can be 500 years
or more than 1,000 years.

The carbon steel overpack can be covered by a buffer made from
bentonite or concrete. The long-term corrosion (alteration) rate of
steel interfacing bentonite is about 100 times larger than this rate of
steel interfacing concrete, i.e., below 10 µm per year and 0.1 µm per
year, respectively. By design, the carbon steel overpack is therefore
thicker in bentonite buffers than concrete buffers.

Mineralogical changes due to bentonite interfacing the host
rocks are not envisaged i.e., the beneficial properties of bentonite
remain on the long-term. The vitrified waste form comes into
contact with pore water when the carbon steel thickness
interfacing the bentonite buffer has become too small to support
the mechanical load of the host rock. This is different for concrete
since concrete has its own strength.

The pore water chemistry of the host rock pore water determines
the chemical evolution of concrete. In well-engineered concrete,
sulphate attack can be prevented and the ingress of magnesium from
the host rock results into Mg-affected concrete with limited
mechanical strength compared to fabricated concrete strength.
The vitrified waste form comes into contact with pore water

FIGURE 13
Pourbaix diagrams for the system Zr-H2Owith an activity of dissolved species of 10–7 M; 10–10 M, 0.002MNaCl is a reasonable concentration for tap
water and 0.1 MNaHCO3 is an assumption for clay pore water (see Supplementary Appendix). Zr(OH)4 (light purple) is ZrO2·H2O in Gras (2014) (madewith
PhreePlot (Kinniburgh and Cooper, 2009) using ThermoChimie v7b).
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when the carbon steel thickness has become too small and the Fe-
affected zones and Mg-affected zones in the concrete buffer have
become too large. The mechanical load of the host rock is transferred
to the carbon steel overpack by the bentonite but the concrete buffer
has its own fabricated strength. In this paper, it is assumed that the
strength of the Fe-affected zone in concrete is negligible compared to
its fabricated strength.

The bentonite, concrete and clay host rocks are materials with a
low permeability. The chemical evolution of the disposal cells is
determined by the exchange in dissolved species. The rate in
exchange of dissolved species is small due to the low permeability.
The excavation and drying of the indurated clay host rock further
minimizes this rate in exchange. Quantification in transport
properties and saturation degree in these low permeable materials
are crucial in the determination when the carbon steel overpack has
become too thin and the thickness of affected zones in concrete has
become too large. The calculated periods to have material sufficiently
altered in order to have contact between pore water and vitrified waste
form can supersede the period in which vitrified HLW is more
radiotoxic than uranium ore.

The vitrified waste form for HLW is well understood and
characterised. Metallic ILW has been identified from the
contributions provided by the information available from
national programmes. The metals in cemented metallic ILW are
steel (carbon steel and stainless steel) and Zircaloy. Like for carbon
steel, also for stainless steel and Zircaloy, an alteration layer is
formed with a mineral in equilibrium with a dissolved metal-
complex concentration. The stability of these alteration layers
depends on the pH and the concentration of dissolved species.
The stability is largest at high pH for carbon steel (low alloy steel)
and stainless steel (high alloy steel). Thermodynamic modelling and
experimental studies show that dissolved calcium at representative
disposal concentrations enhances the formation of this alteration
layer for carbon steel. This calcium effect has not yet been included
in the modelling of the chemical evolution at the interface between
concrete and steel. Dissolved calcium can hinder the formation of
the alteration layer for Zircaloy, but the required dissolved calcium
concentrations are too high to be representative for disposal. Also
for stainless steel, no effect is envisaged with the dissolved calcium
concentrations in the engineered materials or host rocks.

Stainless steel and Zircaloy are used in nuclear power reactors due
to their high corrosion resistance. The envisaged radionuclide release
mechanism is the alteration/corrosion rate. The envisaged corrosion
rates are so small that many radionuclides decay within these neutron
irradiated metals. The transport of water through the cementitious
material from the host rocks can also limit the corrosion process since
the envisaged anaerobic corrosion process consumes water.

Organic ILW has also been identified from the contributions
provided by the information available from national programmes.
Organic waste can be considered as a potential food source for
microbes if the useable energy to breakdown the organic molecules
provide sufficient energy. Microbial degradation of organic waste can
therefore be a primary process for the potential release of
radionuclides. Spent ion exchange resins are ILW that are
processed with cementitious materials. These resins do not provide
sufficient energy to be broken down and microbial enhanced
degradation can therefore be neglected. These resins are used to
clean nuclear reactor contaminated waters due to their high radiation

and chemical resistance. The mechanism for radionuclide release may
not be relevant with an alteration of the resins. Resins are like clays,
exchangers. Any radionuclide release can therefore also be envisaged
to require sufficient ingress of anions and cations that have a stronger
affinity than the sorbed anionic or cationic radionuclide. Cellulosic
waste such as paper and clothing are in exceptional cases also
characterised as ILW. Microbial degradation of this waste can be a
primary process for the potential release of radionuclides, provided
that the high pH of cementitious materials does not minimize this
activity. The chemical degradation can be stimulated by the high
pH and reduced by the lack of fluid flow and anaerobic conditions in
geologically disposed of cemented waste packages. The dominant
processes for the chemical evolution of disposal cells with cellulosic
waste are to be identified.

In part II (Deissmann et al., 2024), we further describe how
information on the geochemical evolution can be
obtained–experimental, analogues and through modelling–and
what the consequences are for performance of materials in view
of physical (transport and mechanical) and chemical properties.
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